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• Integrated buffer zones (IBZs) are novel
techniques for water quality improve-
ments.

• Annual nitrogen and greenhouse gas
fluxes were comprehensively moni-
tored at two IBZs.

• The IBZs reduced the nitrogen loss from
drainage systems by 29–71%.

• The IBZs acted as both sources and sinks
of nitrous oxide, but as methane
sources.

• Important to monitor both atmospheric
and waterborne fluxes
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Integrated buffer zones (IBZ) are novel mitigation measures designed to decrease the loading of nitrogen
(N) transported by subsurface drainage systems from agricultural fields to streams. In IBZ, drainage water
flows into a pond with free water surface followed by an inundated, vegetated filterbed. This design provides
an environment favorable for denitrification and thus a decrease in nitrate concentration is expected as water
flow through the IBZ. However, due to the establishment of anaerobic conditions, there is a risk for increasing
emissions of the greenhouse gases nitrous oxide (N2O) andmethane (CH4). In this year-long study, we evaluated
theN removal efficiency alongwith the risk of N2O and CH4 emissions from two pilot-scale IBZs (IBZ1 and 2). The
two IBZs had very different yearly removal efficiencies, amounting to 29% and 71% of the total N load at IBZ1 and
2, respectively. This was probably due to differences in infiltration rates to the filterbed, which was 22% and 81%
of the incoming water at IBZ1 and 2, respectively. The site (IBZ2) with the highest removal efficiency was a net
N2O sink, while 0.9% of the removed nitrate was emitted as N2O at IBZ1. Both IBZs were net sources of CH4 but
with different pathways of emission. In IBZ1 CH4 was mainly lost directly to the atmosphere, while waterborne
losses dominated in IBZ2. In conclusion, the IBZs were effective in removing N three years after establishment,
and although the IBZs acted as greenhouse gas sources, especially due to CH4, the emissions were comparable
to those of natural wetlands and other drainage transport mitigation measures.
© 2021 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license (http://

creativecommons.org/licenses/by-nc-nd/4.0/).
. This is an open access article under
1. Introduction

Nutrient losses from agricultural fields to surfacewater can effectively
be reduced bymitigationmeasures targeting drainage water (Carstensen
et al., 2020). A novel mitigation measure called integrated buffer zones
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(IBZs) has been developed in North Western Europe to intercept drain
flow and its associated nutrient losses, which is otherwise flowing be-
neath the riparian zone and directly to surface water (Zak et al., 2018).
In an IBZ, the drainage water is flowing into a pond with an open water
surface, allowing particles to settle, and then infiltrates through afilterbed
consisting of a shallow inundated vegetated zone before entering a
stream. The first pilot-scale field study on IBZs showed that they removed
32% to 33% of the incoming nitrogen (N) per year (Zak et al., 2018).

The dominant N form is often nitrate (NO3
−) in subsurface drainage

water (Madramootoo et al., 1997) thus themain aimwas to enhance de-
nitrification in the IBZs, as complete denitrification can transformNO3

− to
the harmless gas dinitrogen (N2) (Knowles, 1982). However, denitrifica-
tion is a multiple stepwise reduction with intermediate oxidation states
such as nitrous oxide (N2O) and nitric oxide (NO). Thus, incomplete de-
nitrification can result in the production of N2O. Nitrous oxide is both a
strong greenhouse gas (GHG) with a global warming potential 298
times (100 year lifetime adjustment) that of carbon dioxide (CO2)
(IPCC, 2013), and a major contributor to ozone depletion
(Ravishankara et al., 2009). The rate of denitrification is controlled by
multiple environmental factors, including oxygen levels, carbon
(C) andNO3

− availability, temperature, pH, and abundance of denitrifying
bacteria (Knowles, 1982). Many of the factors hindering complete deni-
trification are known to increase theN2O:N2 ratio such as the presence of
oxygen (O2) and lowpH, however highNO3

−:C ratio can also increase the
N2O:N2 ratio (Tiedje, 1988; Keeney et al., 1979). Net N2O emission often
showshigh spatiotemporal variation due to the dynamic interactions be-
tween the factors influencing the N2O:N2 ratio. Especially natural transi-
tion zones, such as wetlands and riparian areas, where these factors
fluctuate, tend to be hot spots of N2O emission (Butterbach-Bahl et al.,
2013), but also of methane (CH4) (Thiere et al., 2011).

Methane is another strong GHG that can be produced under anoxic
conditions and has a global warming potential 34 times higher than
CO2 (100 year lifetime adjustment) (IPCC, 2013). The CH4 produced
by methanogens can be consumed by methanotrophs (Wen et al.,
2018). Thus, the net flux of CH4 across the soil-atmosphere is deter-
mined by production, consumption and transportation method. Meth-
ane can be transported as diffusive flux, plant-mediated flux and/or
ebullition (Bubier and Moore, 1994). Studies on other nutrient mitiga-
tion measures than IBZs such as bioreactors and constructed wetlands
have shown that it might be possible to lower the CH4 production by
avoiding long hydraulic retention times (HRT) (Elgood et al., 2010;
Carstensen et al., 2019; Rivas et al., 2020). The HRT controls the loading
of terminal electron acceptors (TEA) such as O2, NO3

− and sulphate
(SO4

2−) which can suppress methanogenesis and, consequently, CH4

production (Klüber and Conrad, 1998). The HRT also affect the contact
time between substrate and microorganism.

To investigate the N cycling within IBZs, we quantified the annual N
budget for two IBZs bymonitoring inlets and outlets aswell as plant up-
take. We hypothesised that the main process responsible for NO3

− re-
moval would be denitrification and that the rate of NO3

− removal
would be highest in the filterbed due to more favorable anoxic condi-
tions for denitrification here. To assess the risk of elevated N2O and
CH4 emissions, we quantified both the atmospheric and waterborne
losses every month for a year. We hypothesised that high TEA load
and low temperatures would increase atmospheric N2O emission,
while it would decrease atmospheric CH4 emission. Thus, with respect
to waterborne fluxes, we hypothesised that the filterbed rather than
the pond would act as a sink for waterborne N2O and a source of CH4,
due to low NO3

− availability in the filterbed.

2. Methods

2.1. Study site

In 2014, twoexperimental IBZs (IBZ1 and IBZ2)were established at the
edge of a field and close to Odder stream (55°57′18.0″N, 10°05′29.4″E)
2

in Denmark. Each IBZ consisted of a pond (25 × 5 × 1 m) with free
water surface and an inundated filterbed (25 × 5 × 0.5 m) planted with
Alnus glutinosa (L.) (Fig. 1). The IBZ resembles an elongated surface flow
constructed wetland. The area covered by the IBZs was app. 0.1% of the
30 ha catchment, which mainly consisted of systematically drained agri-
cultural fields with crops and spruce (1–2 m high). In IBZ1, the sediment
of the pondwasprimarily claywhile in thefilterbed itwas sand andgravel
with clay lenses in the top layer and at 1m depth (recorded during instal-
lation of the piezometer pipes). In IBZ2, the sediment of the pond and
filterbed was primarily sand and gravel, and the bottom of the pond was
sealed with an impermeable membrane to increase the HRT (for details
see Zak et al. (2018)).

2.2. Flow monitoring and water sampling

The monitoring of flow, GHG and nutrient fluxes was initiated in
November 2017 and ended in December 2018. The incoming drainage
water entered a joint inlet well before it was distributed to the two IBZs
via inlet pipes monitored by electromagnetic flow meters every 10 min
(KROHNE,UK). Anoverflowpipewas levelled about 80 cmabove the bot-
tom of the pond in each IBZ to avoid excessively high water levels, thus
water levels on the filterbed fluctuated from 0 to 30 cm. The outlets of
the overflow pipes were monitored by flow meters as well, also every
10 min (KROHNE, UK). The water table of the pond was measured
every 10min using pressured transducers (MADGETECH, USA). Soil tem-
peratures at 5, 10 and 30 cm depthwere recordedmanually at each tran-
sect after the GHG flux measurements using a high precision
thermometer (GMH3710, Omega Newport, Deckenpfronn, Germany).

During themonitoring period grab samples ofwater for total N (TN),
NO3

−, ammonium (NH4
+), SO4

2− and total organic carbon (TOC) analysis
were collected every third week from the joint inlet, overflow pipes,
ponds and the piezometer pipes located at the edge of the filterbed ex-
cept when the IBZs were ice-covered or dry (Fig. 1). A centrifugal pump
was used to take water samples from the piezometer pipes, whichwere
otherwise capped. Due to severe water depletion, it was not possible to
obtain samples from the pond and filterbed of IBZ1 and IBZ2 on 18 June
2018, and from the IBZ2 filterbed on 21 august 2018 and 22 October
2018. The samples for analysis of NO3

− and NH4
+ were filtered on the

day of sampling in the laboratory using Whatman GF/C filters (pore
size 0.45 μm). During the monitoring period, grab samples of water for
N2O and CH4 analysis were collected monthly except when the pond
was covered with thick layer of ice (March) or was dry (July). Water
samples for analysis of dissolvedN2O and CH4were collected using a sy-
ringe (20mL) at about 10 cmdepth in the pond or using gas tight tubing
(TygonTM) to sample the piezometers. The samples were then trans-
ferred into a glass vial (12 mL exetainer; Labco, High Wycombe, UK),
allowing overflow. The samples were preserved by adding bactericide
(400 μL, 50%, w/v, zinc chloride (ZnCl2)) to each vial, which contained
a glass ball for better mixing. All samples were stored dark and cold
(3–5 °C) until analysis within three weeks.

2.3. Analytical methods

The samples for NO3
− and SO4

2− determination were analysed ac-
cording to Danish standard DS/EN ISO 10304 (2009) by ion chromatog-
raphy (Dionex ICS-1500 IC-system) with an anion Micro Membrane
Suppressor (AMMS III 4 mm) as basic eluent. The systemwas equipped
with a guard column (IonPac AG22) and a separator column (IonPac
AS22). The eluent was a mixture of 4.5 mM Na2CO3 and 1.4 mM
NaHCO3. All samples for ion chromatography were filtered through a
double-layered 0.22 μm glass fibre filter (SNY2225, Frisenette ApS,
Knebel, Denmark). Ammonium was measured colorimetrically on a
spectrophotometer (Shimadzu 1700, Shimadzu Corp., Kyoto, Japan) fol-
lowingDS/EN ISO 11732 (2005). Total organic carbon and TNwere both
measured on a TOC-L analyser equipped with a TNM-L module
(Shimadzu, Kyoto, Japan) at a temperature of 720 °C using DS/EN ISO



Fig. 1. Overview of the two integrated buffer zones (IBZ) consisting of a pond and an inundated filterbed planted with alder trees, including seven transects (T1-T7) and locations of
sampling.
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1484 (1997) and DS/EN 12260 (2003), respectively. Dissolved N2O and
CH4 samples were analysed by creating 3 mL of headspace in each vial
with gaseous helium. The vials were shaken to allow the gases to equil-
ibrate between headspace and liquid phases and then analysed on a gas
chromatograph (GC 7890A, Agilent Technologies ApS, Santa Clara, US)
calibrated with standard gases as described in detail by Petersen et al.
(2012).

2.4. Atmospheric nitrous oxide and methane fluxes

Nitrous oxide and CH4 fluxes weremeasured using the closed cham-
ber technique (Livingston and Hutchinson, 1995). Fluxes from the
filterbed were measured using a two-part static chamber technique
encompassing a removable chamber and a pre-installed collar, while
fluxes from the pond of IBZ1 were determined using floating chambers.
The chamber (60 × 60 × 40 cm opaque, white PVC) used on the
filterbedswas equippedwith an internal fan, internal and external ther-
mometers and a pressure vent following the design of Petersen et al.
(2012). During sampling, the chambers were positioned on the top of
pre-installed PVC frames in each transect where a rubber closure be-
tween the chamber and frame minimised the gas exchange between
the headspace in the chamber and the atmosphere. The floating cham-
bers (cylindrical, headspace volume of 5 L opaque, white PVC) used to
measure fluxes from the pond of IBZ1 had a septa on top and a piece
of foam around the chamber for buoyancy. For both chamber types,
gas samples were extracted with a 20 mL syringe and carefully injected
into 12 mL pre-evacuated glass vials (Exetainer, Labco, HighWycombe,
UK) every 0, 15, 30, 45 and 60 min after the chamber was sealed. The
fluxes from the pond of IBZ2 were not measured due to the membrane
sealing off the sediment, instead, the diffusive fluxwas estimated based
on the concentration of N2O and CH4 (see Section 2.5). All sampleswere
taken from wooden bridges to minimise sediment disturbance during
sampling (Fig. 1).

2.5. Quantification of atmospheric fluxes

The atmospheric fluxes of N2O and CH4 were calculated using the
HMR package (Pedersen et al., 2010) in the R software (version
3

2.15.1) (R Development Core Team, 2019). Each of the measured
concentration-time series was evaluated individually to assess if the se-
ries was best described as linear, no flux or non-linear flux. Non-linear
changes in concentrations occur when the gas concentration ap-
proaches the equilibrium concentration, and analysing these fluxes as
linear fluxes may underestimate the flux (Pedersen et al., 2010). The
time series were described as non-linear flux in 60% and 52% of the
data sets for N2O and CH4, and no flux (6% and 9% of the data for N2O
and CH4, respectively) was only used if the data did not show any
clear trend. According to the significance test provided by the HMR pro-
cedure, many of the fluxes (53% and 59% for N2O and CH4, respectively)
were not statistically significant (p > 0.05). Special attention was given
to the non-significant data, especially cases yielding a high flux, to judge
if it was best described as a linear or non-linearflux. In order to estimate
the diffusive flux from this pond, we calculated the gas transfer velocity
coefficient (Kg) value based on the flux and concentration measure-
ments in the IBZ1 pond using Fick's first law of diffusion (Fick, 1995;
Wanninkhof and Knox, 1996):

Kg ¼ Fg
Cg−Ceq

ð1Þ

where Kg (mh−1) is the gas transfer velocity coefficient, Fg (gm−2 h−1)
is the N2O flux from IBZ1 pond measured using closed chambers, Cg

(g m−3) is the concentration of N2O measured in IBZ1 pond
standardised to a water temperature of 20°, and Ceq (g m−3) is the
N2O concentration in equilibriumwith the atmosphere assuming atmo-
spheric concentrations of 0.330 ppm N2O.

The N2O fluxes from the IBZ2 pond were estimated using Kg:

Fg ¼ Kg⁎ Cg−Ceq
� � ð2Þ

where Fg is the estimated N2O flux from IBZ2 pond, and Cg is the N2O
concentration in IBZ2 pond standardised to a water temperature of
20 °C.

This approach was regarded as reasonable, as the N2O concentra-
tions of the two ponds were more or less similar and the estimated Kg
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values were relatively constant at each sampling occasion for the four
transects in the pond of IBZ1.

The emission of CH4 from the IBZ2 pondwas calculated using Eq. (2)
although Kg was based on literature values; thus, only the diffusive CH4

losses were quantified. The Kg was calculated as:

Kg ¼ k600
Scg
600

� �x

ð3Þ

where Scg is the Schmidt number (Wanninkhof, 1992), x=−2/3which
is used for smooth liquid surface (Deacon, 1981), and a gas transfer ve-
locity k600 of 0.36 m d−1 was used following Holgerson and Raymond
(2016); Ceq (gm−3) is the CH4 concentration in equilibriumwith the at-
mosphere assuming atmospheric concentrations of 1.8 ppm CH4.

2.6. In-situ denitrification

In-situ denitrification rates were measured on 22 October 2018
using the 15N isotope pairing technique (Nielsen, 1992; Dalsgaard
et al., 2000). Four cylindrical chambers (height 1 m, diameter 29 cm)
were placed in the pond of IBZ1 and four cylindrical chambers in the
filterbed of IBZ1. The chambers consisted of a plexiglass cylinder (height
1 m, diameter 29 cm) that could be inserted into the sediment, and a
plexiglass lid that could be fixed in the upper part of the cylinder at ad-
justable height. Every chamber had a screw cap opening with a septa, a
stirrer and a probe measuring oxygen and temperature at about 5 cm
below thewater surface. The chamberswere placed over bare sediment
or plant habitats. In bare sediment, the chambers were carefully
inserted about 5 to 10 cm into the sediment depending on the proper-
ties of the sediment to make sure that the chamber was stable. In the
presence of submerged or emergent plants, the chambers were placed
directly over the plants enclosing the whole plant. Plants were present
in all chambers located at thefilterbed. To avoid entangling of the plants
and the stirrer, a net was placed to keep the plants in the bottom half of
the chamber. The lid was placed horizontally about 1 cm below the
water surface. The positioning and handling of the chambers were car-
ried out with minimal disturbance of sediment and plants. To start the
denitrification measurements, 0.35 M 15N[NaNO3] was added through
the septum. The volume of added 15N differed according to the volume
of the chambers as the aim was to increase the NO3

− background con-
centration by aminimumof 25%. After injection of the 15N[NaNO3] solu-
tion, water samples (12 mL) were taken using a syringe and a needle
through the septa after 15, 30, 60, 90, 120, 150 and 180 min. Samples
were injected into a pre-evacuated exetainer with ZnCl2. Dinitrogen
concentrations and isotope ratios of 29N2 and 30N2 over 28N2 were
analysed on a Sercon 20–22 Stable Isotope Ratio Mass Spectrometer.
Denitrification rates were calculated from the change in N2 isotope ra-
tios over time following Nielsen (1992).

2.7. Plant uptake

The uptake of N by plants was quantified by harvesting six randomly
chosen plots in both the pond and thefilterbed of both IBZs at the end of
the growing season in mid-September 2017 (Zak et al., 2019). Plastic
cylinders with an inner area of 1 m2 were used for the sampling of
plants in the pond and filterbed. Six alder trees were also harvested
from each IBZ by cutting the tree just above the sediment of the
filterbed. The below-ground biomass of plants and trees was not sam-
pled. The plants were dried at 60 °C for two days until mass constancy
was obtained for the determination of dry mass. The dried material
was homogenised using a fine grain mill before determining the N con-
tent by standardmethods (Hansen andKoroleff, 2007). The N uptake by
abovegroundplant biomass per IBZ areawas calculated usingN concen-
trations and biomass data (Zak et al., 2014). For further information see
Zak et al. (2019).
4

2.8. Calculations

2.8.1. Water balance
Daily data on precipitation and potential evapotranspiration were

obtained from a weather data grid of 10 × 10 km and 20 × 20 km, re-
spectively, from the Danish Meteorological Institute. The infiltration to
the filterbed of IBZ2 was calculated based on the following equation:

Qinfil ¼ Qin−Qout−Eþ P−ΔS ð4Þ

where Qinfil is the infiltration to the filterbed, Qin is the inlet flow, Qout is
the outlet overflow, P is precipitation, E is evapotranspiration, and ΔS is
the daily change in the water volume stored in the pond.

In spring 2017, a substantial preferential surface flow path occurred
through the dyke behind the filterbed of IBZ1 and part of thewater now
left the IBZ through this unmonitored route. To estimate the amount of
thewater leaving via the preferential path, the relationship between the
water level of the pond and the infiltration prior to the leak in 2017was
used to predict the daily infiltration rate to the filterbed and then calcu-
late the water leaving via the preferential path as:

Qpref ¼ Qin−Qout−Eþ P−ΔS−Qinfil ð5Þ

where Qpref is the flow via the preferential flow path.
The nominal HRT was calculated as:

HRT ¼ V=Qin ð6Þ

where V is the daily volume (m3) calculated using geographical infor-
mation system (GIS) and water level measurements.

2.8.2. Nitrogen balance
Daily concentrations of all parameterswere obtained using linear in-

terpolation between two subsequent sampling occasions (Kronvang
and Bruhn, 1996). Removal rates in the pond (Rp) and filterbed (RF

IBZ1

and RF
IBZ2) were calculated as:

Rp ¼ Qin � Cin−Qout � Coverflow−Qinfil � Cpond−ΔS� Cpond ð7Þ

RF
IBZ1 ¼ Qinfil � Cpond−Qinfil � Cfilterbed−Qpref � Cpond ð8Þ

RF
IBZ2 ¼ Qinfil � Cpond−Qinfil � Cfilterbed ð9Þ

where Qx is the flow (L d−1) and Cx (g L−1) is the concentration mea-
sured at location x.

The N removalwas divided by the total area of the IBZ (m2) to calcu-
late the area-specific N removal (g m−2 IBZ d−1) and annual balances
were calculated by summing the daily fluxes for the period 1 December
2017 to 30 November 2018. The production of N2O within the IBZs
(EIBZ) was calculated as:

EIBZ ¼ Wloss þ Ameasuredð Þ−Wload ð10Þ

where Ameasured is the atmospheric N2O flux measured by chambers,
Wload is the waterborne loading of N2O, and Wloss is the net loss of wa-
terborne N2O.

2.9. Statistics

To test the differences in N removal rates between pond and
filterbed as well as differences in N2O and CH4 concentrations and
loads between inlet, pond and filterbed, a non-parametric Wilcoxon
signed rank test was used (Wilcoxon, 1945). The paired difference test
was chosen as the data were not normally distributed or independent.
Levels of significance are notated as p*** if p < 0.001, p** if
0.001 < p < 0.01 and p* if 0.01 < p < 0.05 in the Results section. In
order to investigate the factors influencing the atmospheric and water-
borne fluxes of N2O and CH4, multiple linear regression analysis was
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applied using R version 3.6.2 (R Core Team, 2019). Each IBZ, as well as
the pond and filterbed, was analysed separately, and for each analysis
a set of relevant factors was selected. For analysis of N2O and CH4 fluxes
from the pond, the following factors were included: inflow, HRT, air
temperature, water temperature, inlet concentrations (N2O), pond con-
centrations (NO3

−, SO4
2−, TOC, NH4

+, N2O), absolute loading (N2O, NO3
−)

and absolute and relative NO3
− removal in the pond. For analysis of N2O

and CH4 fluxes in the filterbed the following parameters were included:
infiltration, preferential flow (only IBZ1), HRT, air temperature, water
temperature, pond concentrations (TOC, N2O, NO3

−), filterbed concen-
trations (NO3

−, SO4
2−, NH4

+, N2O), absolute loading to the filterbed
(N2O, NO3

−) and absolute and relative NO3
− removal in the filterbed. Be-

fore the analysis, all included variables were inspected following the
protocol proposed by Zuur et al. (2010). To detect collinearity, pairwise
scatterplots comparing covariates and Pearson correlation coefficients
were applied on all covariates (Zuur et al., 2010). A correlation of 0.6 be-
tween two variables was regarded as critical, and the choice of which
covariate to include in the further analysis was based on biological
knowledge. For selection of which variables to include in the model,
stepwisemodel selectionwasused (Zuur et al., 2010) and only indepen-
dent variables with p< 0.05 were used in themodels predicting N2O or
CH4 fluxes.
3. Results

3.1. Water balance

The annual precipitation in the catchment was 778 mm during the
monitoring year, while the annual discharge of drainage water to the
IBZs was 53 and 65 mm for IBZ1 and IBZ2, respectively. The daily
mean air temperature ranged from −6.8 to 23.7 °C with an average of
8.5 °C, while the daily mean water temperature varied from 1.3 °C
(March) to 21.9 °C (August). The hydraulic loading was highest during
winter (41% of totalflow), although therewere several peaks in autumn
2018 (Fig. 2). During the summer of 2018, whichwas exceptionally dry,
Fig. 2.Drainwater discharge to thepond via the inlet (Inflow), the volumeof storedwater (Volu
buffer zones. Arrows mark the sampling occasions.

5

the inflow of water nearly ceased for two months (June and July), leav-
ing the pondof IBZ2 almost empty. During these twomonths, the sparse
amount of incomingwaterwas distributed to IBZ1, whichwas therefore
only empty for two weeks in July. The average HRT was 2.7 ± 3.2 and
2.4± 3.8 days for IBZ1 and IBZ2 during themonitoring period. The frac-
tions of incoming water infiltrating the filterbed were 22% and 81% for
IBZ1 and 2 per year, respectively (Table A1). In IBZ1, a preferential sur-
face flow path started to be active in the dyke behind the filterbed dur-
ing spring 2017, and the loss of water via this preferential surface flow
path was estimated to amount to 33% of the incoming water. The pref-
erential flow path occurred just behind transect 3, thus water flowwas
faster here compared to the other transects.

3.2. Seasonal nitrogen concentrations

The mean NO3
− concentration of the incoming water was 3.4 ±

1.2 mg N L−1, ranging from 2.0 to 6.2 mg N L−1, and was below
3mgN L−1 fromApril to July. The loading of NO3

− to the IBZswasmainly
controlled by the hydraulic loading rate, whichwas highest duringwin-
ter and decreased from late April to early summer. The autumn of 2018
was characterised by two peaks with high loads of NO3

−. The absolute
NO3

− removal was highest during the winter months and the two
peaks in autumn, while the relative NO3

− removal was highest during
spring and summer. Both absolute and relative NO3

− removal were
higher in IBZ2 than in IBZ1. In IBZ1, the NO3

− removal rate in the pond
and filterbed were not significantly different (n = 10, S = 11.5, p =
0.27), while in IBZ2 the NO3

− removal was significantly higher in the
filterbed than in the pond (n=9, S=27.5, p**). TheNO3

− concentration
was significantly lower in the filterbed compared to the pond for both
IBZ1 (n = 9, S = 27.5, p**) and IBZ2 (n = 9, S = 22.5, p**).

3.3. Nitrogen balance

The overall TN removalwas 77 and 237 gNm−2 IBZ yr−1 in IBZ1 and
IBZ2, corresponding to a removal efficiency of 29% and 71%, respectively
me), infiltration to thefilterbed (Infiltr.) and preferential flow(Pref.flow) in the integrated



Fig. 3. Loading of total nitrogen (TN) via inlet, loss of TN via overflow pipe and preferential path, TN removal in pond and filterbed, sedimentation, plant uptake (submerged, emergent and
floating) of the integrated buffer zones. Unit: g m−2 IBZ yr−1.

Table 1
The annualwaterborneflux (water) and atmosphericflux (atm) ofN2O andCH4measured
in static and floating chambers and calculated for the pond of IBZ2.

N2O N2O CH4 CH4

(water) (atm) (water) (atm)

g N m−2 yr−1 g N m−2 yr−1 g C m−2 yr−1 g C m−2 yr−1

IBZ1 Pond 0.01 0.28 0.4 43.3
Filter −0.03 0.47 14.3 29.1
Total −0.02 0.38 14.7 36.6

IBZ2 Pond −0.11 0.25a 0.1 13.4b

Filter −0.20 0.35 63.3 3.0
Total −0.31 0.30 63.4 8.2

a Based on gas transfer coefficient from IBZ1 pond.
b Based on gas transfer coefficient from Eq. (3).
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(Fig. 3). A small fraction of the TNwas particulate organic N (3%), which
was assumedly deposited in the pond, implying that the ponds of IBZ1
and IBZ2 trapped around 5 and 7 g Nm−2 IBZ yr−1 of the particulate or-
ganic N, respectively (Table A2). The N uptake by plants constituted 26%
and 7% of the annual TN removal in IBZ1 and 2, respectively. The N up-
take by emergent and submerged plants was much higher than the N
uptake by trees, and the total N uptake by plants was slightly higher
in IBZ1 than in IBZ2 (Fig. 3). In IBZ1, the floating and submerged plants
in the pond had the highest N uptake (51% of total plant N uptake),
while in IBZ2 the N uptake was highest for the emergent vegetation in
the filterbed (63% of total N uptake). In the filterbed of both IBZs, the
loss of NH4

+washigher than the load throughout themonitoring period,
except during autumn in IBZ2 (Table A2).

Themajority of the TN loadwas in the form of NO3
− (about 85%). The

total NO3
− removal was 56 and 212 g N m−2 IBZ yr−1 in IBZ1 and IBZ2,

which in relative terms corresponded to 26% and 74% of the NO3
− load,

respectively (Fig. 3). The filterbed was responsible for 70% and 93% of
the total removal in IBZ1 and IBZ2, respectively. In IBZ1, 43% of the in-
coming NO3

−was lost via the overflow pipe and 31% via the preferential
surface flow path. In IBZ2 21%was lost via the overflow pipe. The in-situ
denitrificationmeasured in October 2018 in IBZ1 showed that themea-
sured denitrification in the pond was 24 mg Nm−2 d−1 and thus lower
than the mass balance-estimated NO3

− removal of 70 mg Nm−2 d−1. In
the filterbed, the measured in-situ denitrification was 39 mg m−2 d−1

and the mass balance estimated NO3
− removal was 48 mg N m−2 d−1.

3.4. Nitrous oxide fluxes

3.4.1. Waterborne nitrous oxide flux
The waterborne load of N2O to the IBZs was reduced by 0.02 and

0.31 g Nm−2 IBZ yr−1 for IBZ1 and 2, respectively, which corresponded
to a reduction of 4% and 52% of the incoming N2O. Thus, overall the IBZs
acted as a net sink of waterborne N2O (Table 1). The amount of N2O
leaving IBZ1 was not significantly lower than the loading (n = 10,
6

S = 0.5, p = 1), which might be due to that the pond often acted as a
source. In IBZ2, the N2O loss was significantly lower than the loading
(n=9, S=26.5, p**) according to the signed rank test. TheN2O concen-
trations in the pond andfilterbedwere not significantly different in IBZ1
(n = 10, S =−17.5, p= 0.08), whereas in IBZ2 the filterbed N2O con-
centrations were significantly lower than in the pond (n = 9, S =
−18.5, p*).

The average inlet N2O concentration was 7.6 ± 3.2 μg N L−1 and
highly correlated with the inlet NO3

−-N concentration (n = 10, r =
0.80, p**) (Fig. 4). Similar to the NO3

− loading, the N2O loading was
mainly controlled by the hydraulic loading rate. The annual loading of
waterborne N2O was in average 0.21 ± 0.06% relative to the NO3

−

from the field to the IBZs, while the waterborne N2O leaving the IBZs
was 0.19% and 0. 10% for IBZ1 and IBZ2, respectively relative to the in-
coming NO3

−.

3.4.2. Atmospheric nitrous oxide flux
The annual atmospheric N2O fluxes from the IBZ surface area were

0.38 and 0.30 g N m−2 IBZ yr−1 for IBZ1 and IBZ2, respectively.



Fig. 4. Nitrate (NO3
−) versus nitrous oxide (N2O) concentrations of the incoming drainage

water.
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However, when taking thewaterborne loadings and losses into account,
the total flux of N2O corresponded to 0.36 g N m−2 IBZ yr−1 for IBZ1,
which was 0.9% of the removed NO3

−. In contrast to this, IBZ2 was a
net sink of N2O, reducing theN2O load by 0.01 g Nm−2 IBZ yr−1. The an-
nual atmospheric flux of N2O from the pond in IBZ1 was lower than the
flux from the filterbed (Table 1). This was also the case for IBZ2 how-
ever, the pond flux here was estimated using the Kg for N2O from
IBZ1. The atmospheric flux of N2O from the pond showed no seasonal
trends (Fig. 5), and none of the measured factors could predict the at-
mospheric N2O fluxes from the pond of IBZ1. Yet, the atmospheric
N2O flux from the filterbed of both IBZ1 and IBZ2 displayed seasonality
with higher fluxes during autumn and winter (Fig. 5). This seasonality
could be partly explained by the loading of N2O to the filterbed,
explaining 63% of the variance in IBZ1 and 85% of the variance in IBZ2
according to the performed regression analysis (Table 2). The atmo-
spheric N2O emission per N2O load to the filterbed was, though, app.
four times higher for IBZ1 compared to IBZ2.
Fig. 5. Atmospheric fluxes of nitrous oxide (N2O) from pond and filterbed. Red symbols ar
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3.5. Methane fluxes

3.5.1. Waterborne methane flux
The amount of waterborne CH4 leaving the IBZs was significantly

higher than the incoming amount of CH4 for both IBZ1 (n = 10, S =
−27.5, p**) and IBZ2 (n = 9, S = −22.5, p**) (Table 1), which was
mainly due to high fluxes from the filterbeds. The CH4 concentration
of the filterbed was significantly higher than the pond concentration
for IBZ1 (n= 10, S= 19.5, p*) and IBZ2 (n= 9, S= 19.5, p*). Although
the concentration of CH4 was significantly higher in the pond compared
to the inlet for both IBZ1 (n= 10, S=−26.5, p**) and IBZ2 (n= 9, S=
−21.5, p*), the average difference between inlet and pond was much
lower than the difference between pond and filterbed (Table A3). The
CH4 concentration was significantly higher in the pond of IBZ1 com-
pared to IBZ2 (n= 9, S= 22.5, p**). There was no significant difference
between the CH4 concentration of the two filterbeds (n = 9, S = 12.5,
p = 0.23), although the average concentration was higher in IBZ1
than in IBZ2 (Table A3). The annual waterborne CH4 flux was higher
from the filterbed of IBZ2 compared to IBZ1 because the infiltration of
water to the filterbed of IBZ2 was higher. The waterborne flux of CH4

was highest during winter since both concentrations and infiltration
rates were highest during winter (Fig. A1). The multiple regression
analysis showed that none of the variables were significant predictors
of the waterborne CH4 flux in the pond of IBZ1, and no significant pre-
dictors of the waterborne CH4 flux were found in the filterbed of IBZ1
and IBZ2.

3.5.2. Atmospheric methane flux
The atmospheric CH4 fluxes were 49 g C m−2 year−1 and 11 g C

m−2 year−1 for IBZ1 and IBZ2, respectively (Table 1). This corresponded
to 71% and 11% of the total CH4 fluxes (atmospheric+ waterborne),
which were 69 g C m−2 year−1 and 96 g C m−2 year−1 for IBZ1 and
IBZ2. The atmospheric CH4 flux from the IBZ1 pond was more or less
at the same level on all sampling occasions, except for very low fluxes
in November and December 2017 (Fig. 6). The CH4 flux from the pond
of IBZ1 tended to be higher than the filterbed flux, although not signif-
icantly (n = 10, S = −7.5, p = 0.49). The CH4 flux from the filterbed
e measurements from the pond, black symbols are measurements from the filterbed.



Table 2
Results from the regression analysis ofwaterborne and atmospheric N2Oflux from thefilterbeds and of atmospheric CH4 flux from thefilterbeds. Df=degrees of freedom, b is the estimate
of the slope, std = standard deviation.

Depend parameter Independ parameter F df r2 b std p

IBZ1 N2O flux N2O load to filterbed 15.7 8 0.62 2.6 ± 0.6 0.004
IBZ2 N2O flux N2O load to filterbed 35.7 5 0.85 0.7 ± 0.1 0.002
IBZ1 CH4 flux SO4

2− concentration pond 8.7 8 0.46 −0.016 ± 0.005 0.019
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of IBZ1 exhibited two peaks in December and May, while from autumn
2018 and onwards there was almost no flux. The atmospheric flux from
the filterbed of IBZ2 was much lower compared to the flux from the
filterbed of IBZ1. None of the variables were significant predictors of
the atmospheric flux from the pond of IBZ1 or the filterbed of IBZ2.
The only significant predictor of the atmospheric CH4 flux from the
filterbed of IBZ1 was the SO4

2− concentration in the IBZ1 pond
(Table 2) where the low SO4

2− concentration was associated with high
CH4 flux.
4. Discussion

Integrated buffer zones are currently investigated as a new official
mitigation measure in Denmark being part of a new targeted agricul-
tural regulation. This new agricultural regulation is spatially differenti-
ated taking into consideration hydrogeological difference between
catchments (Hansen et al., 2017). This spatially differentiated approach
require a broad selection of mitigation measures suitable for different
landscape types. Newmitigationmeasures have to undergo a procedure
involving several steps before they can be adopted and implemented in
Denmark (Hoffmann et al., 2020). Integrated buffer zones have been
through the first round of scientific testing and are now to be imple-
mented at small scale with continued monitoring to ensure knowledge
on their long-term functioning and side effects. In the following, wewill
discuss the removal efficiency and the first results on GHG fluxes of two
3-year old IBZs.
Fig. 6. Atmospheric fluxes of methane (CH4) from pond and filterbed. Red symbols are

8

4.1. N balance

The NO3
− removal efficiency estimated for the two IBZs were consis-

tent with the broad range of annual NO3
− removal efficiencies reported

for denitrifying bioreactors (6 to 79%), saturated buffer zones (8 to 84%)
and constructedwetlandswith freewater surface (17 to 63%) according
to a recent review of mitigation measures targeting drainage water in
oceanic and continental climates (Carstensen et al., 2020). Our study
sitewas the first sitewith IBZ in Denmark, and one of themain learnings
obtained by Zak et al. (2018) was that the IBZ should have been larger
relative to the catchment to handle all of the incoming water and
achieve higher N removal efficiencies. Later studies on full-scale IBZs
in Denmark have shown removal efficiencies around 53–55% (van't
Veen et al., 2019). Compared to thefirst year after establishment, the re-
moval efficiency both increased and decreased. At the most clayey site
(IBZ1) the removal efficiency decreased from 32% to 29% (Zak et al.,
2018), due to the relatively low infiltration of water to the filterbed,
which decreased further when the preferential flow path occurred. At
the sandier site (IBZ2), the removal efficiency increased from 33% to
71% mainly due to lower NO3

− concentrations in the filterbed (0.5 ±
0.7 mg N L−1) compared to the first year after establishment (2.8 ±
1.3 mg N L−1). The N removal efficiency of the two IBZs differed sub-
stantially even though they were located side by side, reflecting the
high spatial variability of local soil characteristics and their influence
on the hydrological conditions controlling the N removal processes
(Christianson et al., 2012b; Vymazal, 2017). Non-ideal flow conditions
due to, for instance, preferential flow can reduce the N removal
measurements from the pond, black symbols are measurements from the filterbed.
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efficiency substantially. In a study by Christianson et al. (2012a) the an-
nual N removal efficiency was found to be much lower in one bioreac-
tors (13%) compared to three others (42 to 75%), which was ascribed
to preferentialflow through thematrix of the bioreactor. Previous tracer
experiments using bromide underpin that, in our study, preferential
flow paths occurred at the clayey site while the sandier site was more
homogenously infiltrated by water (Zak et al., 2018). Consequently,
the potential for preferential flow paths should be carefully considered
when planning the establishment of full-scale IBZs. In addition the
sizing should be related to the infiltration capacity of the filterbed as
the removal efficiency is higher here compared to the pond.

The measured in-situ denitrification rate was lower than the esti-
mated NO3

− removal using mass balance calculations, which can be
partly explained by the difficulty of characterising hotspots and hotmo-
ments of denitrification by pointmeasurements (Groffman et al., 2009).
Other NO3

− removal processes such dissimilatory nitrate reduction to
ammonium (DNRA) or plant uptake may also have contributed to N re-
moval (Zak et al. 2019), although plant uptake might have been of
minor importance as the measurements were conducted in October.
In addition there is the uncertainty related to themass balance estimate.
Our denitrification ratesmeasured in the pondwere in linewith denitri-
fication rates (app. 25 to 28 mg N m−2 day−1) measured in November
in riparian buffer zones established along headwater streams in the
Netherlands (Hefting et al., 2003), while the denitrification rates in
the filterbed were slightly higher.

Plant uptake of N was lower in the IBZs (155–180 kg N ha−1)
compared to a semi-constructed wetland in Czech Republic, where
plant uptake was 398 kg N ha−1 representing 36% of the total removed
N (Vymazal and Brezinova, 2018). A constructed wetland receiving
stream water in the Netherlands also demonstrated higher N
uptake by the aboveground biomass (Phragmites australis) which
was 193 mg N m−2 d−1 (54% of total N removal) compared to 88
to110 mg N m−2 d−1 for IBZs (de Klein and van der Werf, 2014).
Thus, it might be possible to intensify biomass production by planting
high productive species. However this might conflict with biodiversity,
although the floristics quality of the vegetation in Danish riparian buffer
zones has been found to be rather low (Hille et al., 2018). Unless vege-
tation is harvested and removed, plant uptake cannot be regarded as aN
removal process (O'Geen et al., 2010). Harvesting the floating plants in
the pond could potentially provide multifunctional benefit as that
plants (duckweed and thread algae) can be reused as livestock fodder,
slow-release organic fertilisers or soil conditioners (Sutherland and
Craggs, 2017). Harvesting the algae might also lower the CH4 emission
from the pond as dead above-ground biomass deliver a favorable sub-
strate for CH4 production at the sediment surface (Zak et al., 2015). It
should be considered, though, that harvest might conflict with some
of the other important functions of plants such as providing C formicro-
bial processes and increasing the infiltration capacity (O'Geen et al.,
2010).

The IBZs were a net source of NH4
+ due to a net flux of NH4

+ from the
filterbeds, which could be a result of anaerobic conditions inhibiting ni-
trification. However, no seasonal variation in the NH4

+concentrations
was observed, which would be expected if mineralisation was the
main controller of the positive NH4

+ flux. Another possibility is DNRA,
as DNRA has been found to be more competitive than denitrification
under TEA limited conditions (Tiedje et al., 1982). The release of NH4

+

demonstrates the importance of evaluating all N forms and not only
NO3

−, which have also been emphasized by Petersen et al. (2020), as
the transformation to other N forms can counterbalance the overall N
removal efficiency.

4.2. Nitrous oxide fluxes

Drainage water can transport N2O produced in the root zone when
once N has been transformed by processes such as nitrification and de-
nitrification. Once the water is in contact with the atmosphere N2O
9

tends to degas rapidly (Reay et al., 2003). The N2O transported to the
IBZ via drainage water per NO3

− leached from the field was comparable
to values reported worldwide (Tian et al., 2019). Thus, the N2O emitted
from the pond and filterbeds was a mixture of N2O degassing from the
incoming drainage water and N2O produced within the IBZ. The mea-
sured atmospheric N2O flux from the pond showed no distinct seasonal
variation and none of the measured parameters were identified as sig-
nificant controllers of N2O fluxes. This was not surprising, as N2O fluxes
can be inherently difficult to predict due to the complexity of the
interacting processes, the factors influencing them and the various
sources (Cavigelli and Robertson, 2001). It should be emphasized that
emission of N2O via the stems of alder were not considered in this
study. The presence of trees might facilitate fast transport of N2O from
the sediment to the atmosphere. According to Wen et al. (2017) the
N2O emission via alder stems (39 yr old) was 1.1% of the atmospheric
fluxes in forest stands. Since the N2O concentration in the filterbed
was very low, we suspect that this transport path was insignificant at
our study site. The atmospheric N2O flux measured at the filterbeds
originated most likely from the water covering the filterbed, as the sta-
tistical analysis showed that the flux from the filterbedwasmainly con-
trolled by the N2O loading rate.

The filterbed acted as sink of waterborne N2O, possibly due to that
the filterbed promoted complete denitrification due to the low NO3

−

concentrations. Under NO3
− limited conditions, N2O is more likely to

be reduced (Groffman et al., 2000). Low waterborne N2O fluxes have
also been reported from denitrifying bioreactors in situations where
HRT was long (>5 days) and NO3

− removal efficiency high (>59%)
(Rivas et al., 2020). In IBZs the water is flowing through the soil matrix
and N2O was measured in piezometer pipes, thus dilution or enrich-
ment can occur if preferential water flow or incoming groundwater in-
terferes. However groundwater discharge could be excluded in our
study, as only the “active pipes” were considered following the results
of a bromide tracer experiment in a dense nest of piezometers (spatial
distance <2 m).

The atmospheric N2O fluxes from the IBZ sites were in the range of
atmospheric fluxes from Danish riparian wetlands ranging from
−0.01 to 0.16 g N m−2 year−1 (Audet et al., 2014). Higher fluxes were
recorded in riparian buffer zones with grass and forest located
along first-order streams in the Netherlands, amounting to 0.40 and
2 g N m−2 yr−1, respectively (Hefting et al., 2003), which had high N
loading rates. Compared to constructed wetlands with free water sur-
face (1.18 to 2.61 g N m−2 year−1) (Groh et al., 2015), the flux from
the IBZs was lower. The atmospheric flux from the IBZs were at the
same level as atmospheric fluxes from two saturated buffer zones in
Iowa (0.30 to 0.40 g N m−2 year−1) (Davis et al., 2019).

The ratio between the N2O emitted per NO3
− reduced (N2O:NO3

−) is
commonly used to compare the overall effect on N2O fluxes of different
mitigation measures, even though the removal efficiency might intro-
duce additional uncertainty. In our study, there was a substantial differ-
ence between the two IBZs, one of the IBZs acting as a net sink of N2O
with high NO3

− removal efficiency and the other as a net source of
N2O with a lower NO3

− removal efficiency. Compared to other mitiga-
tion measures treating drainage water, the N2O:NO3

− of the IBZs was
in the lower end (Table A4). The ratio was within the range reported
from streams (Table A4). Not all studies included both atmospheric
and waterborne N2O losses, and our study demonstrates that very dif-
ferent conclusions would have been drawn if only one of the transport
paths had been included in our analysis. This was also demonstrated
by Bruun et al. (2017) and Warneke et al. (2011) where most of the
N2O was lost as waterborne fluxes.

4.3. Methane fluxes

The two IBZs acted as net sources of CH4. At the clayey site (IBZ1)
with less infiltration of water through the filterbed, the main transport
mechanism was direct emission to the atmosphere, while waterborne
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losses from the filterbed dominated at the sandier site (IBZ2) with high
water infiltration rates. At the sitewith less infiltration, the atmospheric
fluxes from the pondwere likely driven by ebullition of CH4 produced in
the sediment as indicated by that CH4 concentrations in the water were
relatively low and emergent vegetation was very sparse. The ponds
were dominated by phytoplankton, which for shallow lake mesocosms
have been shown to promote ebullition (Davidson et al., 2018). On the
contrary, the pond was often dominated by dense mats of free floating
species, which might decrease the diffusive CH4 flux and entrap part
of the ebullitive CH4 thereby increasing the possibility of CH4 oxidation
(Kosten et al., 2016). However, the flux in our studywas only quantified
for open water surfaces without floating plants. The filterbeds had sig-
nificantly higher CH4 concentrations compared to the inlets. This
might be ascribed to the low NO3

− concentrations prevailing in the
filterbed, as in NO3

− rich systems methanogens can be either
outcompeted by denitrifiers or intoxicated by the intermediate prod-
ucts linked to denitrification (Klüber and Conrad, 1998). The presence
of other TEAs such as SO4

2− did not seem to completely outcompete
the methanogens in the filterbed. This co-occurrence of processes has
earlier been suggested to be caused by the existence of micro-sites
with different redox status (Ghane et al., 2015; Rivas et al., 2020;
Carstensen et al., 2019).

The atmospheric flux from the filterbedwas relatively low consider-
ing the high CH4 concentrations measured in the filterbed. This could
imply that part of CH4 was oxidized by methanotrophs in aerobic
zones such as the rhizosphere and upper layers of soil in the alder-
planted filterbed (Huth et al., 2018), and also other emergent plants
might facilitate this oxidation (Bridgham et al., 2013; Thiere et al.,
2011). Opposing this, studies have found that plants and trees can in-
crease the passive flux of CH4 to the atmosphere (Whiting and
Chanton, 1993; Garnett et al., 2020; Gauci et al., 2010). The emission
of CH4 via the stems of alder was not considered in our study and not
all plant communities were represented in the sampling frames. In ma-
ture alder trees Gauci et al. (2010) found that CH4 emission via stems
was 20% of the measured CH4 flux from the surface of spring fed peat
soil. Köhn et al. (2020) found that the contribution of stem emission
was somewhat lower and never exceeded 0.26% of the total CH4 flux
to the atmosphere. It cannot be excluded that potential hotspots or
hot moments of CH4 emission were not captured in our study,
which is also the case for N2O. We expected that the flux would be
highest during summer due to higher temperatures, low TEA loading
and long HRT, but despite the particular warm summer and low in-
flow in 2018, the flux showed no distinct seasonal variation. How-
ever given the many interrelated processes and the few sampling
occasions, this result was not unexpected. The fate of the CH4 leaving
the filterbed and infiltrating the riparian zone needs to be investi-
gated, althoughwe expect that there is a higher possibility of CH4 ox-
idation compared to constructed wetlands where water is leaving
through a pipe. Another less studied aspect is that the establishment
of IBZ saturates the riparian zone which could potentially create fa-
vorable conditions for methanogenesis, although the aerobic zone
above is expected to mitigate the CH4 emission (Audet et al.,
2013b; Couwenberg et al., 2011).

Compared to othermeasures aimed tomitigate the N loss from agri-
culture such as subsurface constructed wetlands, the atmospheric and
waterborne CH4 flux from the IBZs (8 to 37 g C m−2 year−1 and 14 to
64 g C m−2 year−1, respectively) was considerably lower than both at-
mospheric and waterborne fluxes from denitrifying bioreactors (48 to
1121 g C m−2 year−1 and 261 to 516 g C m−2 year−1, respectively)
(Bruun et al., 2017). This was also the case for waterborne fluxes from
a streambed denitrifying bioreactor (108 g C m−2 year−1) (Elgood
et al., 2010). The annual atmospheric flux from the IBZs was in the
same range as the annual fluxes of CH4 from Danish riparian wetlands
(−0.2 to 38.3 g Cm−2 year−1) (Audet et al., 2013b) and newly restored
wetlands in Denmark (−0.12 to 32.1 g C m−2 year−1) (Audet et al.,
2013a). The IBZ flux was, however, higher compared to the estimate
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of 2 g C m−2 year−1 from five European rivers (0.001 to 10 g C
m−2 year−1) (Saarnio et al., 2009).

5. Conclusion

In this study, we present results from two 3-year old pilot-scale IBZ
facilities that have earlier been investigated by Zak et al. (2018) during
the first year after their establishment. This study confirms that IBZs can
reduce N losses in areas with systematically drained fields by
reconnecting water and the riparian zone. The results show that to
achieve a high N removal efficiency the flow through the filterbed
should be as homogenous as possible and the fraction of incoming
water infiltrating the filterbed should be high. The establishment of
preferential flow paths within the IBZ can impair the N removal effi-
ciency. Furthermore, it was shown that N can be removedwithout hav-
ing high N2O fluxes and that IBZs might even act as a sink of N2O.
However NO3

− limited conditions in the filterbed can lead to adverse ef-
fects, and in our case CH4 was produced in the filterbed. The atmo-
spheric CH4 flux indicated that part of the produced CH4 was oxidized,
which might be due to that the emergent plants and trees in the
filterbed facilitated favorable conditions for methanotrophic bacteria
or reduced ebullition. The fate of the waterborne loss of CH4 leaving
via the riparian zone warrants further research. The study showed
that when evaluating GHG emission from such systems both atmo-
spheric and waterborne fluxes should be quantified. The importance
of the emission paths differed considerable between the two sites and
was mainly controlled by the flow. It might not be possible to
completely avoid these adverse effects, but it is possible to reduce
them through design and planning. In the future it is important to in-
clude GHG along with other central aspects such as phosphorus bal-
ances when comparing and selecting mitigation measures.
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