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ENVIRONMENTAL EFFECTS OF A GREEN BIO-ECONOMY

Efficiency of mitigation measures targeting nutrient losses
from agricultural drainage systems: A review

Mette Vodder Carstensen , Fatemeh Hashemi , Carl Christian Hoffmann,

Dominik Zak, Joachim Audet, Brian Kronvang

Received: 18 December 2019 / Revised: 5 April 2020 / Accepted: 5 May 2020

Abstract Diffusive losses of nitrogen and phosphorus

from agricultural areas have detrimental effects on

freshwater and marine ecosystems. Mitigation measures

treating drainage water before it enters streams hold a high

potential for reducing nitrogen and phosphorus losses from

agricultural areas. To achieve a better understanding of the

opportunities and challenges characterising current and

new drainage mitigation measures in oceanic and

continental climates, we reviewed the nitrate and total

phosphorus removal efficiency of: (i) free water surface

constructed wetlands, (ii) denitrifying bioreactors, (iii)

controlled drainage, (iv) saturated buffer zones and

(v) integrated buffer zones. Our data analysis showed that

the load of nitrate was substantially reduced by all five

drainage mitigation measures, while they mainly acted as

sinks of total phosphorus, but occasionally, also as sources.

The various factors influencing performance, such as

design, runoff characteristics and hydrology, differed in

the studies, resulting in large variation in the reported

removal efficiencies.

Keywords Agricultural drainage systems �
Catchment management � Meta-analysis �
Mitigation measures � Nutrient reduction � Water quality

INTRODUCTION

The high intensive agricultural production dominating

parts of the world, such as Western Europe and North

America, is one of the main causes of eutrophication

resulting in water quality problems and ecosystem degra-

dation worldwide (Kronvang et al. 2005; Diaz and

Rosenberg 2008; Steffen et al. 2015). The intensification

and expansion of agriculture during the past decades have

led to a drastic increase in nutrient loss from agricultural

areas, as well as changes in land use. Wet landscapes have

been systematically drained to enable anthropogenic

activities such as food production (Skaggs and van Schil-

fgaarde 1999). However, in addition to water, drainage

systems also transport nutrients rapidly to surface waters,

thereby lowering the natural retention capacity of catch-

ments. Thus, engineered ecotechnologies designed to

intercept and reduce nitrogen (N) and phosphorus

(P) losses from agricultural drainage systems have emerged

over the last decades with the aim to improve water quality

(Mitsch and Jørgensen 1989). Substantial changes in land

use can also be expected in the future when addressing

energy and food security such as transformation of the

society to a bio-economy (Marttila unpublished results;

Rakovic and Collentine unpublished results). Water quality

and quantity are key elements in such a transformation,

thus the development and implementation of drainage

mitigation provide valuable opportunities for innovation in

future bio-economies. Besides reducing nutrient losses to

surface water, these measures can be designed to provide

multiple ecosystem services, such as water storage and

biomass production, as well as recycling of nutrients.

Drainage mitigation measures reduce the transport of N

from drainage systems primarily by enhancing denitrifica-

tion (O’Geen et al. 2010), i.e. the process by which nitrate

dissolved in water is converted to atmospheric nitrogen

(Knowles 1982). Denitrification requires anoxic conditions,

electron donors and availability of organic carbon. If these

requirements are met, the rate of the denitrification is

mainly controlled by temperature and the hydraulic

Electronic supplementary material The online version of this
article (https://doi.org/10.1007/s13280-020-01345-5) contains sup-
plementary material, which is available to authorized users.

� The Author(s) 2020

www.kva.se/en 123
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retention time (HRT), which is inversely proportional to

the water flow rate (Kadlec and Knight 1996; Hoffmann

et al. 2019). The water flow from subsurface drainage

systems is driven by precipitation and snowmelt and, thus,

varies greatly on a temporal as well as a spatial scale

(Skaggs and van Schilfgaarde 1999). This challenges the

performance of drainage mitigation measures in some parts

of the world, for instance the Nordic countries, where high

loading rates of nitrate often occur during autumn to early

spring when the water temperature and denitrification rates

are low. Therefore, we were particularly interested in

investigating the nitrate removal efficiency of drainage

mitigation measures treating drainage water in climate

zones, where high loading rates of nitrate often occur when

conditions for denitrification is suboptimal. In addition to

nitrate removal, drainage mitigation measures have shown

potential for retention of P as increased HRT allows set-

tling of suspended material such as sediment and particu-

late P (PP). Yet, the anoxic conditions established by these

mitigation measures might lead to net P release, depending

on local hydrological and geochemical conditions (O’Geen

et al. 2010).

In this review, we focused on five types of mitigation

measures treating drainage water before it enters streams.

These were the commonly applied free water surface flow

constructed wetlands (FWS), denitrifying bioreactors

(DBR) and controlled drainage (CD) and the two emergent

technologies saturated buffer zones (SBZ) and integrated

buffer zones (IBZ) (Fig. 1). To obtain a better under-

standing of the opportunities and challenges of current and

new drainage mitigation measures targeting the transport of

nutrients from agricultural areas in oceanic and continental

climates, we examined nitrate and total P (TP) removal

efficiencies at 82 drainage sites established between 1991

and 2018 in eleven countries. Thus, this review compiles

the available evidence on nitrate and TP removal efficien-

cies from both pilot and full-scale field studies on drainage

mitigation measures to provide a synthesis of the existing

body of peer-reviewed literature.

MATERIALS AND METHODS

Overview of the included types of drainage

mitigation measures

Free water surface constructed wetlands (FWS)

In FWS, drainage water typically passes one or more deep

basins or channels and shallow vegetated zones (berms)

before reaching the outlet and eventually the stream (Ko-

vacic et al. 2000) (Fig. 1). The deep zones reduce the water

flow and thus increase HRT and promote denitrification

and sedimentation, while the shallow vegetation berms

supply organic carbon. Furthermore, FWS can capture

surface runoff if located downhill. Free water surface

constructed wetlands are mostly established in areas with

low permeable soils, and if not, they are often sealed with

non-permeable layers such as clay membranes to prevent

seepage to the groundwater. Construction of wetlands for

diffusive pollution control began in the late 1980s with the

aim to create simple systems mimicking the processes

occurring in natural wetlands (Mitsch and Jørgensen 1989;

Fleischer et al. 1994). Multiple types of FWS exist (Mitsch

et al. 2001), although in this review, we focused only on

the subset of FWS designed to treat drainage water before

it reaches streams.

Denitrifying bioreactors (DBR)

In DBR, the drainage water is routed horizontally or ver-

tically through a basin filled with carbon-rich filter sub-

strate (e.g. different types of wood chips mixed with gravel,

soil or other materials) before it reaches the outlet (Blowes

et al. 1994) (Fig. 1). The substrate of the DBR can either be

in direct contact with air (David et al. 2016; Carstensen

et al. 2019b) or sealed off by a layer of soil on top of the

reactor (de Haan et al. 2010). Similar to FWS, the base of

the DBR are sealed with non-permeable membranes to

avoid seepage if establish on water-permeable soils. Den-

itrifying bioreactors are also known as subsurface flow

constructed wetlands, denitrifying beds or bio-filters. The

first pilot study with DBR, established in Canada in 1994,

was inspired by wastewater treatment plants (Blowes et al.

1994). However, in contrast to wastewater treatment plants,

DBR was solely designed to promote anoxic conditions,

and carbon-rich filter material was added to fuse

denitrification.

Controlled drainage (CD)

Controlled drainage is a groundwater management tech-

nique, where the in-field groundwater level is elevated

using a water control structure to restrict the water flow

from the drain outlet (Gilliam et al. 1979) (Fig. 1). Thus,

CD alters the hydrological cycle of the field, which,

depending on location and season, increases some or all of

the following flow components: root zone water storage,

seepage (shallow, deep), surface runoff, plant uptake and

evaporation (Skaggs et al. 2012). Experiments with CD

were initiated in the late 1970s in the USA to investigate

the potential for enhancing in-field denitrification (Wil-

lardson et al. 1970), and CD were also practiced in the

former German Democratic Republic to cope with summer

droughts, though the technique disappeared with the fall of

the wall (Heinrich 2012).
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Saturated buffer zones (SBZ)

In a SBZ, drainage water and riparian soil are recon-

nected by a buried, lateral perforated distribution pipe

running parallel to the stream, which redirect the drai-

nage water into the riparian zone (Jaynes and Isenhart

2019) (Fig. 1). The infiltrating water saturates the ripar-

ian soil and creates anoxic conditions, though in order

for denitrification to occur, the soil carbon content must

be sufficient. This novel technique was recently

developed and tested in the USA (Jaynes and Isenhart

2014).

Fig. 1 Conceptual scheme of the five drainage mitigation measures
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Integrated buffer zones (IBZ)

In IBZ, the drainage water is first retained in a pond

designed to capture particles and increase the HRT and to

buffer surface runoff (Zak et al. 2018) (Fig. 1). After the

pond, the water infiltrates a vegetated shallow zone where

the top soil has been removed. In this infiltration zone,

anoxic conditions develop and carbon is added from the

vegetation via root exudates or leached plant litter. Inte-

grated buffer zones were recently developed and tested in

Northwestern Europe with the aim to improve the nutrient

reduction capacity of traditional riparian buffer zones

bypassed by drainage pipes, while promoting multi-func-

tionality, such as biodiversity and biomass production (Zak

et al. 2019).

Literature search and inclusion criteria

To find relevant studies for our review, a search of pub-

lished studies was conducted via ISI Web of Science for

1900–2019 employing four different search strings, which

are described in the Supplementary Material (Table S1).

The relevant studies was selected considering the following

criteria:

– The inlet water had to originate from drainage systems

transporting water from agricultural fields, and must

not be mixed with water from other sources such as

streams.

– Based on the Köppen-Geiger climate classification

system, the sites had to be located in oceanic (Cfb, Cfc)

or continental (Dfa, Dfb, Dfc, Dfd, Dsc) climates

(Fig. 2), where the conditions for denitrification are

often suboptimal. Thus, climate zones with dry winters

(letter w) were excluded.

– The study had to be a field study with sites exposed to

ambient temperature and with a surface area larger than

10 m2.

– The study had to include a mass balance for either

nitrate—N, total phosphorus (TP) or total suspended

solids (TSS) for at least one drainage season, whose

length depended on the climate region.

If two studies were conducted at the same study site

within overlapping monitoring periods, the study with the

longest time series was selected. Not all extracted data

could be separated into years or seasons, implying that

standard deviation (r) for nitrate removal was not available

for nine sites and for TP removal for one site; still, these

sites were included in the calculation of the arithmetic

mean (Table S2). Absolute removal was reported in various

units (e.g. g m-2, kg ha-1, g m-3), and we therefore

identified and used the most commonly reported unit,

which meant that recalculation of removal efficiencies

were necessary in some studies.

Meta-analysis

The average nitrate and TP removal efficiencies of miti-

gation measures treating agricultural drainage water were

quantified using meta-analysis. Prior to the analysis, the

assumption of normality was tested visually (Q–Q plot,

histogram) and by the Shapiro–Wilk test, and where the

assumptions were not fulfilled this is mentioned in the

result section. Meta-analysis was only conducted for a

mitigation measure if sufficient data were available, i.e.

data from more than two sites originating from different

studies. The meta-analysis was performed in R software

3.6.1 (R Core Team 2019) using the R package ‘meta’

(Schwarzer 2019). The effect size of each study was

expressed as the raw removal efficiency and was calculated

as follows:

Removal efficiency %ð Þ ¼ Loadin � Loadout

Loadin

� �
� 100

where Loadin is the loading to the system in kg year-1 and

Loadout the loss from the system in kg year-1; for CD sites

the unit is kg ha-1 year-1.

Each effect size was weighted, and a higher weight was

given to studies with small standard error (SE) and large

sample size, as these were regarded as more precise. The

summary effect was calculated based on the effect sizes

and their weight, using a random effect model, which allow

the true mean to vary between studies, as the selected

studies differed in design, materials and methods. To

account for this variability, the weighting factor assigned to

each effect size incorporated both the within-study vari-

ance (r2) and the between-study variance (T2). The

DerSimonian and Laird (DL) method was applied to esti-

mate T2, and the Hartung-Knapp method was used to adjust

the confidence intervals (CI), producing more conservative

results, as recommended by Borenstein (2009), when

dealing with a low number of studies (K\ 20). To evalu-

ate whether the use of the overall summary effect was

appropriate, the degree of consistency of the effect sizes

was assessed using forest plot, funnel plot and multiple

statistical measures. The observed variation (Q) was tested

to investigate if the true effect varied between studies and

if application of the random effect model was appropriate

(Borenstein 2009). The excess variation over the observed

variation (I2) gave an indication of what proportion of the

variation was real, and reflected the extent of overlapping

CIs. However, care must be taken, as in the case of an I2

close to zero, it can either be ascribed to that all variance is

due to sampling error within the studies, though it can also

be caused by very imprecise studies with substantial
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difference between effect sizes. Thus, large I2 values can

either indicate the possible existence of different subgroups

or that the analysis contain highly precise studies with very

small differences between the effect sizes. The estimate of

the absolute variance, T2, was used as an indication of

dispersion, and it was compared with r2. The standard

deviation of the effect size (T) was also reported. In the

funnel plot, the removal efficiencies were plotted against

the SE, thus asymmetry or other shapes in the funnel plot

might indicate bias related to publication bias, hetero-

geneity or sampling error. Funnel plots were only inspected

if the analysis contained more than ten studies, as recom-

mend by Borenstein (2009). For each effect size and

summary effect, a 95% CI was reported. Additionally, a

95% prediction interval (PI) was calculated for each sum-

mary effect, yielding the interval where 95% of future

studies will fall (Borenstein 2009). To further explore

heterogeneity and the robustness of the summary effect, a

meta-analysis was performed on two subsets of data for

each drainage mitigation measure if data sufficed. The first

subset of data contained only sites from the low risk of bias

category (‘‘Risk of bias assessment’’), while the other data

set only contained sites where the within-study sample size

(N) was larger than two.

Risk of bias assessment

It is important to consider the extent of systematic errors

resulting from different factors such as a poor study design

or issues related to the collection, analysis and reporting of

data when conducting a review. In this study, the risk of

bias tool developed by Higgins et al. (2011) was used as a

guideline, although it was originally developed based on

evidence from randomised trials within the field of meta-

epidemiology. However, it has earlier been modified and

used for environmental studies (Bilotta et al. 2014), such as

wetlands (Land et al. 2016). In our study, the risk of bias

assessment included two steps (Fig. 3), where the first step

was an evaluation of the water balance monitoring strat-

egy (1.A in Fig. 3). The water balance is especially of

importance when quantifying the removal efficiency, as

any errors here will propagate into the nutrient balance. To

assess the monitoring strategy of the water balance, the

most important flow paths were given a percentage, and

aggregated into an overall score. Thus, monitoring of

inflow and outflow accounted for 30%, groundwater for

20%, surface runoff for 10% and precipitation and evapo-

ration for 5% each. A percentage of 100% implied that all

important flow paths were monitored or otherwise

accounted for. In the second step, the monitoring frequency

of flow (2.B in Fig. 3) and the spatial and temporal fre-

quency of nutrient sampling (2.C, 2.D) were assessed.

Finally, the selection of control and impact sites was

evaluated (2.E in Fig. 3); however, this was only relevant

for studies on CD, as these were the only studies with true

spatial replication. In the remaining studies, the inlet served

as control and the outlet as impact. If all five attributes

were fulfilled, the site was considered as having low risk of

bias; otherwise, it was considered having moderate to high

risk of bias.

Dfa Dfb Dfc DscDfd CfcCfb
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Fig. 2 World map showing the climate regions included in the review and the number of study sites per country
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RESULTS

Descriptive characteristics

The initial search yielded 8126 studies in total, and after

evaluating the inclusion criteria, we had a master bibliog-

raphy of 42 articles containing 84 sites distributed across

eleven countries (Table 1 and Table S2). According to our

risk of bias assessment, the risk of bias was low in 35% of

the studies. Insufficient monitoring of the water balance

was the main reason that many studies were categorised as

having ‘moderate to high’ risk of bias (Table 1). The ratio

of the drainage mitigation measure surface area to the

contributing catchment area (DMMCAR) was largest for

SBZ (7%) and FWS (2%), while DBR (0.1%) and IBZ

(0.2%) had the lowest ratios (Table 2). For CD, the

DMMCAR was technically 100% if assuming that the

groundwater level was elevated within the entire con-

tributing catchment area, however, this can be a misleading

term, as the control system only occupied very little of the

field (app. one m2 per regulation well). The hydraulic

loading rate (HLR) to the systems differed substantially, as

A  Flow path Weight 
 Inflow 30
 Outflow 30
 Groundwater 20
 Surface run off 10
 Precipitation 5
 Evaporation 5

B Inflow/outflow was monitored continuously 
(at least hourly).

C Nutrients were assessed at the most important flow 
paths (inflow, outflow, if influencial: surface run off 
or groundwater).

D The sampling of nutrients was evenly distributed 
during the entire run off season (at least two 
samples per month) or was flow proportional.

E The control and impact sites were more or less 
similar.

Score ≥ 90

Score < 90

STEP 1 STEP 2

Yes to all

No to one or more

Low risk of bias

Moderate to high
risk of bias

Fig. 3 Overview of the method for risk of bias assessment

Table 1 Results from the process of finding and selecting relevant studies for free water surface constructed wetlands (FWS), denitrifying

bioreactor (DBR), controlled drainage (CD) and saturated (SBZ) and integrated buffer zones (IBZ). WB: water balance

Drainage

mitigation measure

Result of search After screening

title and abstract

Passing inclusion

criteria

Study sites Study years *

replicates

WB score Studies with low

risk of bias of total

sites (%)

FWS 7550 173 17 33 109 85 55

DBR 7550 173 9 19 54 83 21

CD 213 100 14 25 93 80 20

SBZ 187 24 1 6 19 83 17

IBZ 176 13 1 1 2 100 100

Table 2 Size of each type of drainage mitigation measure, catchment area, DMMCAR (ratio of facility area and catchment area), age and HLR

(hydraulic loading rate to the facility area) for free water surface constructed wetlands (FWS), denitrifying bioreactors (DBR), controlled

drainage (CD) and saturated (SBZ) and integrated buffer zones (IBZ). SD: standard deviation. For CD, age refers to study length

Size Catchment area DMMCAR Age HLR

mean ± SD

(m)Mean ± SD

(m2)

Range (m2) Mean ± SD

(ha)

Range

(m2)

Mean ± SD

(%)

Range (%) Mean ± SD

(year)

Range

(year)

FWS 5486 ± 9377 20–51 000 65.1 ± 220.2 0.8–971.0 1.8 ± 2.1 0.03–7.06 5 ± 5 1–20 20 ± 22

DBR 71 ± 46 15–128 10.9 ± 6.7 0.8–20.2 0.1 ± 0.1 0.04–0.38 4 ± 2 2–10 685 ± 647

CD 10 572 ± 29 590 1005–149 000 2.1 ± 4.3 0.1–14.9 100 4 ± 1 1–5 0.2 ± 0.1

SBZ 4229 ± 2802 460–7392 14.1 ± 14.5 3.4–40.5 7 ± 7.2 0.65–15.73 4 ± 1 2–6 6 ± 6

IBZ 250 250 15.0 0.2 1 1 99
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expected, being highest for DBR and lowest for CD due to

the difference in size. Treatment of drainage water is a

relatively new concept, as illustrated by that the oldest

facilities were two 20-year-old FWS and the second oldest

a 10-year-old DBR. The youngest and least studied mea-

sure was IBZ.

Free water surface constructed wetlands (FWS)

The weighted average obtained by meta-analysis showed

that FWS significantly reduced nitrate loading by 41%

within a range from - 8 to 63% (Fig. 4). The CI varied

from 29 to 51%, while the PI was rather broad, varying

from 5 to 76%. The funnel plot did not indicate major

biases, as the studies were more or less evenly scattered

(Fig. 5). However, the heterogeneity of the selected sites

was rather high (I2 = 96%), and T2 (260%) was higher than

r2 (70%). The subset analysis of data with either low risk

of bias or sampling periods longer than two years/drainage

seasons showed the average removal ranged between 40

and 44%, and CI and PI were slightly more narrow than for

the full dataset (Table 4). Studies with N[ 2 had lower T2,

whereas r2 was slightly higher, which lowered the

heterogeneity. According to the arithmetic mean, the

removal efficiency was 41% (CI: 29 to 51%) (Table 3). The

absolute nitrate removal per FWS area amounted to 60 g N

m-2 year-1 (CI: 29 to 91 g N m-2 year-1).

According to the meta-analysis the average TP removal

efficiency of FWS was 33%, ranging from - 103 to 68%

(CI: 19 to 47%, PI: - 2 to 69%) (Fig. 6). The removal

efficiencies did not follow a normal distribution; the data

were skewed to the left due to net release of TP from

multiple sites. The funnel plot showed an asymmetrical

scatter of sites, as sites with TP release had much higher SE

(Fig. 5). As expected, the heterogeneity was rather high,

and T2 (226%) was much lower than r2 (838%). The

subset data analysis for TP removal reported a slightly

higher removal (35%) than the initial data; however, r2

was still very high as the included studies reported both

removal and release of TP (Table 4). The data were further

investigated by separating sinks and sources, showing that

four sites exhibited a net release of TP (- 49%, CI: - 18 to

- 83%) and eleven sites acted as sinks (38%, CI: 27 to

49%). The arithmetic mean TP removal efficiency was

18% (CI: - 4 to 46%) with an average absolute removal

of 0.68 g P m-2 year-1 (- 1.16 to 2.52 g P m-2 year-1)

(Table 3). The removal efficiency of TSS was 41% (CI: 28

to 54%) when calculated as the arithmetic mean.

Denitrifying bioreactors (DBR)

The weighted average calculated by meta-analysis showed

a significant reduction of the annual nitrate loading by

DBR of 40% within a range from 6 to 79% (CI: 24 to 55%,

PI: - 9 to 89%) (Fig. 4). The funnel plot revealed asym-

metry of data, where studies with low efficiency tended to

have lower SE (Fig. 5). The heterogeneity analysis showed

that the I2 was high (99%), as some of the studies were very

precise, but showed different removal efficiency. Average

T2 (436%) was much higher than r2 (169%). The subset

analysis of data with either low risk of bias or sampling

periods longer than two years/drainage seasons reported

lower removal efficiency (35%), and CI and PI were

slightly narrower for studies with N[ 2 (Table 4). Similar

to FWS, studies with N[ 2 had lower T2 and higher r2.

The arithmetic mean efficiency was 44% (CI: 35 to 53%),

while the absolute nitrate removal per DBR volume

amounted, on average, to 715 g N m-3 year-1 (CI: 292 to

760 g N m-3 year-1), ranging from 66 to 2033 g N m-3

year-1 (Table 4). This corresponded to an area-based

nitrate reduction of 594 g N m-2 year-1 (CI: 333 to

855 g N m-2 year-1).

Only two studies included TP balances for the full

drainage season, preventing meta-analysis. These two

studies were somewhat contradictory in that one found

release of TP (- 208% or - 30 g P m-2 year-1) and the

other net removal (28% or 6 g P m-2 year-1) (Table 4).

Controlled drainage (CD)

The meta-analysis showed that CD significantly reduced

the annual nitrate loading by, on average, 50% within a

range from 19 to 82% (Fig. 4) (CI: 41 to 59%, PI: 19 to

81%). However, both CI and PI should be interpreted with

care as the effect sizes did not follow a normal distribution.

The funnel plot displayed a more or less even scatter of

sites (Fig. 5). Heterogeneity was high (I2 = 79%), yet T2

was only slightly higher than r2. The removal efficiency of

studies including sampling periods longer than two years/

drainage seasons was more or less similar to the result of

the full data analysis (Table 4). However, the subset anal-

ysis pointed to the possible occurrence of two groups; one

with a removal efficiency\ 44% and one with a removal

efficiency[ 61%. The mean (arithmetic) nitrate removal

efficiency was 48% (CI: 40 to 56%). The absolute nitrate

removal amounted to 1.20 g N m-2 year-1 (1.16 to

1.24 g N m-2 year-1), corresponding to 12 kg N ha-1

year-1 (CI: 8 to 16 kg N ha-1 year-1). The relative nitrate

reduction correlated well with the relative reduction of

drainage flow (R = 0.80 (Pearson), p \ 0.0001, K = 19),

and exclusion of studies with sub-irrigation, a practice

implying an additional water supply, improved this corre-

lation (R = 0.88, p\ 0.0001, K = 10) (Fig. 7).

The average loss of TP via drainage water was reduced

by 34% (CI: 10 to 58%, PI: - 23 to 92%) according to the

meta-analysis (Fig. 6). The removal efficiencies did not
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thgieW N DI SWF

Haan et al. (2010) FWS20 2 6%
Groh et al. (2015) FWS13 2 9%
Groh et al. (2015) FWS14 2 9%
Tanner and Sukias (2011) FWS10 2 8%
Tournebize et al. (2014) FWS22 8 4%
Tanner and Sukias (2011) FWS12 4 5%
Kovacic et al. (2000) FWS14 3 9%
Fink and Mitsch (2004) FWS05 2 7%
Kovacic et al. (2000) FWS13 3 7%
Kovacic et al. (2006) FWS17 2 8%
Kovacic et al. (2000) FWS15 3 9%
Kovacic et al. (2006) FWS16 2 6%
Tanner and Sukias (2011) FWS11 5 4%
Koskiaho et al. (2003) FWS19 2 9%

Summary effect (t 8, p<0.0001)
Prediction interval
Heterogeneity: I2 = 96%, 2 = 260, p < 0.01

thgieW N DI RBD

Haan et al. (2010) SSF04 2 9%
Christianson et al. (2012) SSF22 2 10%
Christianson et al. (2012) SSF21 3 8%
Haan et al. (2010) SSF03 2 4%
Carstensen et al. (2019) SSF08 5 9%
Carstensen et al. (2019) SSF07 5 9%
Christianson et al. (2012) SSF19 7 9%
David et al. (2016) SSF02 3 3%
Søvik et al. (2008) SSF18 3 7%
Søvik et al. (2008) SSF16 3 10%
Christianson et al. (2012) SSF20 2 10%
Søvik et al. (2008) SSF15 2 10%

Summary effect (t 6, p<0.0001)
Prediction interval
Heterogeneity: I2 = 99%, 2 = 436, p < 0

thgieW N DI DC
Lalonde et al. (1996) CDS8D 2 4%
Wesström and Messing (2007) CD20 8 7%
Lalonde et al. (1996) CDS7D 2 6%
Woli et al. (2010) CD16 3 5%
Drury et al. (2009) CD06B 4 6%
Drury et al. (2009) CD08B 4 4%
Schott et al. (2017) CD19 5 6%
Drury et al. (1996) CD02A 2 8%
Drury et al. (2009) CD05B 4 6%
Drury et al. (1996) CD04A 2 4%
Drury et al. (1996) CD01A 2 7%
Drury et al. (2014) CD11B 5 6%
Drury et al. (1996) CD03A 2 5%
Drury et al. (2014) CD10B 5 5%
Wesström et al. (2014) CD21 8 3%
Drury et al. (2009) CD07B 4 5%
Jaynes et al. (2012) CD18 4 7%
Carstensen et al. (2018) CD22 4 4%
Wiliams et al. (2015) CD17 4 4%

Summary effect (t 12, p<0.0001)
Prediction interval
Heterogeneity: I2 = 79%, 2 = 201, p < 0.01

Fig. 4 Forest plots showing effect sizes (RRE) and 95% confidence intervals (CI) of relative nitrate–N removal and summary effect with CI and

prediction interval and heterogeneity analysis for free water surface constructed wetlands (FWS), denitrifying bioreactors (DBR) and controlled

drainage (CD). N within-study sample size. ID represents FWS and DBR study sites; for CD the letter is unique for the research facilities
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follow a normal distribution as the data were slightly

skewed towards the right. According to the statistical

analysis, heterogeneity was moderate (I2 = 65%), while T2

(406%) and r2 (403%) were more or less identical, sug-

gesting that the studies were similar enough to justify

combination. The arithmetic mean was 29% (CI 10 to

48%) (Table 4). The average absolute TP retention

amounted to 0.03 g P m-2 year-1 (0.01 to 0.05 g P m-2

year-1) or 0.30 kg P ha-1 year-1 (0.10 to 0.49 kg P ha-1

year-1) (Table 4). The relative reduction of TP loading

correlated well with the reduction of drainage flow

(R = 0.87 (Pearson), p\ 0.01, K = 6) (Fig. 7).

Saturated and integrated buffer zones (SBZ

and IBZ)

Removal efficiencies could not be aggregated using meta-

analysis for the emergent technologies, SBZ and IBZ, as,

until now, only one study containing multiple sites has

been published for each practice (Table 4). The annual

arithmetic mean removal efficiency was 75% (CI: 35 to

53%) of the nitrate loaded into the SBZ. However, between

6 and 77% of the water bypassed the SBZ; thus, taking all

nitrate leaving the field into account, the average nitrate

removal efficiency was 37% (CI: 17 to 57%) and varied

from 8 to 84%. The absolute nitrate removal per SBZ area

was 23 g N m-2 year-1 (CI: 9 to 37 g N m-2 year-1).

There were no available data on TP balances for SBZ in the

articles selected for this review. For IBZ, the annual nitrate

removal efficiency, calculated as the arithmetic mean, was

26% (CI: 20 to 32%) (Table 4). The absolute nitrate

removal per IBZ area was 140 g N m-2 year-1 (71 to

209 g N m-2 year-1). The removal efficiency of TP was

48% (CI: 40 to 56%), while the absolute TP removal per

IBZ area was 2.4 g P m-2 year-1 (CI: 1.4 to 3.5 g P m-2

year-1).
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Fig. 5 Funnel plots of free water surface constructed wetlands (FWS), denitrifying bioreactors (DBR), controlled drainage (CD) and saturated
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DISCUSSION

Removal efficiency and uncertainty of drainage

mitigation measures

Removal efficiency was quantified in both absolute and

relative values in our review. However, care should be

taken when comparing values from different sites, as the

absolute removal efficiency depended heavily on the

nutrient loading to the system (Fig. S1). The loading rate of

nutrients are highly site specific, as it is determined by the

concentration of nutrients in the water and by HLR, which

is highly variable from site to site. For example, for DBR,

the specific loading rate of nitrate per DBR area differed

substantially between sites (221 to 11,533 g N m-2 DBR

year-1). Furthermore, the HLR varies from year to year,

although this variation can be accounted for to some extent

by monitoring over multiple years. In this review, it was

demonstrated by that study sites monitored for multiple

years (N[ 2) had higher r2, and thus incorporated more

variation. Absolute removal was reported relative to miti-

gation measures surface area in our review, however,

another possibility would be to report absolute removal per

catchment area, however, the estimate of catchment areas

are often very uncertain, adding more uncertainty to the

removal estimate. The HLR also influence relative

removal, where the removal efficiency tends to increase

with decreasing HLR (Vymazal 2017; Hoffmann et al.

2019) (Fig. S2), though temperature is at least as important.

The design of mitigation measures is commonly guided by

DMMCAR, as a rough estimate of HLR and temperature;

for instance, in New Zealand a guideline predicts that a

DMMCAR of 5% will yield an approximate nitrate

reduction of 50 ± 15% (Tanner et al. 2010), while in

Denmark a ratio around 1–1.5% is recommended for FWS

to ensure a HRT of minimum 24 h during winter (Land-

brugsstyrelsen 2019). However, the optimal DMMCAR is

site-specific and depends on hydrological and geochemical

conditions, e.g. similar DMMCARs can have very different

temperatures and HLRs (Fig. S3).

The quantification of nutrient loading and removal is

somewhat uncertain as it relies on a black-box approach

(i.e. input–output). This implies that the estimates depend

especially on the frequency of nutrient sampling and the

water flow monitoring strategy. Estimates of TP retention

might be more uncertain than those of nitrate as TP con-

centrations in tile drainage water tend to change quickly

over time, especially at high flow, which can be difficult to

capture (Johannesson et al. 2017), whereas nitrate con-

centrations tend to change more gradually. Johannesson

et al. (2017) tested the importance of flow monitoring

strategy and found that TP retention was underestimated

when based solely on outlet flow measurements rather than

on both inlet and outlet flow measurements.

Table 3 Relative and absolute removal of nitrate–N, total phosphorus (TP) and total suspended solids (TSS) based on raw data and the meta-

analysis for free water surface constructed wetlands (FWS), denitrifying bioreactors (DBR), controlled drainage (CD) and saturated (SBZ) and

integrated buffer zones (IBZ). Kam is the number of study sites included when calculating the arithmetic mean, and Kmeta is the number of study

sites included in the meta-analysis

Drainage mitigation

measure

Kam% Kmeta Removal Mean ± SD

(%)

Removal Meanmeta ± SD

(%)

Kam Removal Mean ± SD

(g m-2 year-1)

Nitrate–N

FWS 18 14 40 ± 17 41 ± 21 21 60 ± 69

DBR 19 12 44 ± 21 40 ± 27 2 594 ± 481

CD 20 19 48 ± 18 50 ± 20 6 1 ± 1

SBZ 6 68 ± 39 13 23 ± 18

SBZa 6 37 ± 25

IBZ 2 26 ± 4 19 140 ± 50

TP

FWS 16 15 18 ± 46 33 ± 28 8 0.68 ± 4.19

CD 7 7 29 ± 26 34 ± 32 2 0.03 ± 0.03

DBR 3 -50 ± 136 3 - 5.79 ± 20.96

IBZ 2 48 ± 6 20 2.44 ± 0.76

SS

FWS 6 41 ± 16 6 1555 ± 936

aIncludes the water and nitrate–N bypassing the SBZ
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Free water surface flow constructed wetlands (FWS)

The results showed that FWS significantly reduced the

nitrate loss from drainage systems. However, as expected,

the efficiency varied considerably since the included

studies differed in design (e.g. HLR, aspect ratio, size,

carbon availability), age monitoring schemes and run off

characteristics, factors that all affected the removal effi-

ciency. At one site, nitrate release was reported, which was

most likely due to the lack of monitoring of one of the

inlets (Koskiaho et al. 2003), which emphasises the

importance of the monitoring scheme. The removal effi-

ciency found in this review was slightly higher than that of

an earlier review, which reported a removal of 37% (CI: 29

to 44%) (Land et al. 2016). Compared with Land et al.

(2016), the average absolute removal was much lower in

our review (181 ± 251 g N m-2 year-1), which was not

surprising, as their review included a broad range of cre-

ated and restored wetlands treating both agricultural runoff,

riverine water, secondary and tertiary domestic wastewater

and urban stormwater. Our review of FWS showed that

they did not always remove TP, as four out of 15 FWS sites

acted as a source of P. This net release of P might be due to

mobilisation of dissolved reactive P (DRP) from the sedi-

ment or the size of the FWS being too small to adequately

decelerate the flow (Kovacic et al. 2000; Tanner and Sukias

2011). The studies reporting a net release of TP had a very

high within-study variance and they were therefore given

less weight in the meta-analysis, with the consequence that

the removal efficiency was higher than the arithmetic

mean. Both the relative and the absolute removal efficiency

were lower compared with Land et al. (2016), probably

because the average TP loading was much higher in the

studies included in their review, where also FWS estab-

lished in streams were represented. In our review, most

studies on FWS had low risk of bias, although, often only

the inlet or the outlet was monitored, which were com-

pensated for in the studies by adjusting the unmonitored

flow component with precipitation, evaporation or

−100 −50 0 50 100

RRE (%) & 95%−CI

RRE (%) & 95%−CI

thgieWNDISWF

Kovacic et al. (2006) FWS16 2 8.6%
Fink and Mitsch (2004) FWS05 2 3.7%
Mendes et al. (2018) FWS03 3 10.6%
Mendes et al. (2018) FWS02 3 7.9%
Kovacic et al. (2006) FWS17 2 12.3%
Mendes et al. (2018) FWS04 3 8.4%
Kynkäänniemi et al. (2013) FWS21 2 10.5%
Kovacic et al. (2000) FWS14 3 2.5%
Reinhart et al. (2005) FWS06 2 13.2%
Kovacic et al. (2000) FWS13 3 10.0%
Koskiaho et al. (2003) FWS19 2 5.4%
Kovacic et al. (2000) FWS15 3 4.0%
Tanner and Sukias (2011) FWS10 2 0.8%
Tanner and Sukias (2011) FWS12 4 1.3%
Tanner and Sukias (2011) FWS11 5 0.7%
Summary effect (t 3.51, p<0.05)
Prediction interval
Heterogeneity: I2 = 82%, 2 = 226, p < 0.01

thgieWNDIDC

Wesström and Messing (2007) CD20 8 20%
Wesström et al. (2014) CD21 8 12%
Tan and Zhang (2011) CD09C 5 22%
Zhang et al. (2015) CD12B 4 16%
Carstensen et al. (2018) CD22 4 8%
Zhang et al. (2015) CD13B 4 9%
Zhang et al. (2015) CD14B 4 13%

Summary effect (t 5.10, p<0.001)
Prediction interval
Heterogeneity: I2 = 65%, 2 = 406, p < 0.01

Fig. 6 Forest plots showing effect sizes (RRE) and 95% confidence intervals (CI) of relative total phosphorus (TP) removal and summary effect

with CI and prediction interval and heterogeneity analysis for free water surface constructed wetlands (FWS) and controlled drainage (CD).

N within-study sample size. ID represents unique sites for FWS and DBR; for CD the letter is unique for the research facilities
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groundwater (if not lined with a non-permeable

membrane).

Denitrifying bioreactors (DBR)

Our meta-analysis showed that DBR significantly reduced

the nitrate loss from drainage systems to surface water. The

removal efficiencies generally displayed high variations,

which reflected the differences (e.g. design, age) between

the studied sites, not least regarding nitrate loading rates.

Many of the study sites were experimental facilities or pilot

studies, implying that they were established to investigate

and identify factors influencing performance. For example,

among the studies included in our review, the low removal

efficiency could be ascribed to short-circuiting within the

system (Christianson et al. 2012a), inadequate sizing, i.e.

too short HRT (David et al. 2016), and scarce monitoring

(Søvik and Mørkved 2008). Accordingly, the average

removal efficiency derived from the meta-analysis was

most likely a conservative estimate since many of the sites

with suboptimal design were given a relatively high weight

due to low SE. Many of the DBR sites were assessed to

have a moderate to high risk of bias, as flow was often only

measured at either the inlet or the outlet, however, due to

their small size, the uncertainty caused by this might be

lower for DBR than for e.g. FWS.

Controlled drainage (CD)

According to our results, CD significantly reduced the

loading of nitrate at the drain outlet. However, hetero-

geneity was relatively high and the efficiencies displayed

high dispersion around the mean. This was expected,

though, as the efficiency of CD is especially influenced by

drain spacing and management, which differed between

sites (Ross et al. 2016). For example, the target elevation of

the water table differed considerably between sites, from

15 to 76 cm below the soil surface. The removal efficiency

Table 4 Results from meta-analysis of all data and data from sites with more than two years or drainage seasons (N[ 2) and data from sites

with low risk of bias (ROB) for free water surface constructed wetland (FWS), denitrifying bioreactors (DBR) and controlled drainage (CD). k:

within-study sites, SE: standard error, CI: confidence interval, PI: prediction interval, T2: between-study variance, r2: within-study variance,

I2: proportion of unexplained variance

Data analysed k SE t p\ Range CI PI T2 r2 I2 Q test (p\)

FWS Nitrate–N All 14 41 8 0.0001 - 8 to 63 29–51 5 to 76 260 70 96 0.0001

FWS Nitrate–N N[ 2 6 40 11 0.0001 22 to 54 31–49 19 to 60 41 79 61 0.02

FWS Nitrate–N Low ROB 12 44 14 0.0001 22 to 58 37–51 14 to 74 175 66 96 0.0001

FWS TP All 15 33 5 0.0002 - 103 to 68 19–47 - 2 to 69 226 838 82 0.0001

FWS TP N[ 2 8 35 2 0.06 - 102 to 49 20–49 - 29 to 81 373 1024 67 0.037

FWS TP Low ROB 14 35 5 0.0002 - 102 to 68 20–50 - 1 to 71 231 874 83 0.0001

DBR Nitrate–N All 12 40 6 0.0001 6 to 79 24–55 - 9 to 89 436 169 99 0.001

DBR Nitrate–N N[ 2 6 35 7 0.0007 18 to 45 23–47 12 to 82 267 209 88 0.0001

DBR Nitrate–N Low ROB 4 35 5 0.02 13 to 45 10–59 - 58 to 127 408 41 94 0.0001

CD Nitrate–N All 19 50 12 0.0001 19 to 82 41–59 19 to 81 201 119 79 0.0001

CD Nitrate–N N[ 2 13 49 9 0.0001 19 to 81 36–59 3 to 92 383 128 82 0.01
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found in our review aligned very well with that from an

earlier review of 48 ± 12% by Ross et al. (2016). The

nitrate reduction was mainly regulated by the reduction of

the flow at the drain outlet, which has also been stressed in

earlier studies (Skaggs et al. 2012; Ross et al. 2016).

Although many studies stated that CD was implemented to

increase denitrification, higher denitrification rates or lower

nitrate concentrations in drain water were seldom reported

despite denitrification measurements (Woli et al. 2010;

Carstensen et al. 2019a). This lack of denitrification was

probably due to insufficient amounts of soil organic carbon,

temperature limitation or absence of anoxic zones in the

soil. Higher efficiencies could potentially be obtained if the

water level was elevated even closer to the surface where

the organic C content is higher, but this could increase the

surface runoff (Rozemeijer et al. 2015) and/or harm the

crop yield. The redirected water is either stored in the root

zone or directed to alternative flow paths. If the excess

water moves towards the stream without passing conditions

suitable for denitrification, there will be no removal of

nitrate and thus no effect of CD. In contrast, if the water

passes deeper zones with reduced conditions or conditions

favourable for denitrification, the nitrate will most likely be

removed. Higher removal efficiency of CD could be gained

if CD was combined with, for example DBR, treating the

part of the water still leaving via the drainage system (Woli

et al. 2010). A concern regarding the implementation of

CD has been that the saturation of the root zone might

cause desorption of redox-sensitive P, but none of the

studies on CD reported TP or DRP release. However, in

three studies the CI crossed the zero line, indicating that TP

removal was not significant, which was supported by the

PI. The retention efficiency determined in our study was

considerably lower compared with Ross et al. (2016), who

reported a TP retention of 55 ± 15%. Almost all sites with

CD were categorised as having moderate to high risk of

bias, as the majority of the studies only quantified the

reduction in flow and nutrients at the drainage outlet. Only

few attempted to quantify nitrate or P budgets for all flow

paths leading nutrients to the surface water (Sunohara et al.

2014).

Saturated and integrated buffer zones (SBZ and IBZ)

Two novel technologies, SBZ and IBZ, were included in

our review to demonstrate the recent development in this

research area. Until now, SBZ have mainly been investi-

gated in USA and with variable results (Jaynes and Isenhart

2019). Low performance of SBZ has been linked to

selection of unideal sites containing permeable soil layers

or sites where a low fraction of water was diverted to the

SBZ, which is controlled by the length of the distribution

pipe. Vegetation has also been argued to influence the

efficiency of SBZ (Jaynes and Isenhart 2019) as higher

removal efficiency has been found at sites with established

perennial vegetation. This might be due to addition of more

labile carbon to the soil to support denitrification or to

enhanced immobilisation of microbial N by the more

developed rhizospheres (Jaynes and Isenhart 2019). The

removal efficiency of SBZ is difficult to quantify as the

outlet of the SBZ is the riparian soil where N and P con-

centrations can only be measured with piezometers, and

dilution by groundwater through flow can occur. Another

concern is whether or not the piezometer measurements

can be considered representative for the whole area. In our

review, IBZ had the lowest average removal efficiency of

the mitigation measures, which probably can be ascribed to

that the two IBZs were experimental test facilities with too

low DMMCAR and the vegetation was not fully developed

(Zak et al. 2018). A recent technical report on IBZ showed

that the removal efficiency of two full-scale facilities

established in Denmark was 53–55%, which was even a

conservative estimate (van’t Veen et al. 2019). The overall

reduction of nitrate to the receiving water might be even

higher than reported, as after passing the IBZ, the water

infiltrates the riparian zone between the IBZ and the stream

where nitrate can be further removed by denitrification or

vegetation. Thus, more studies on SBZ and IBZ are needed

to critically assess their nutrient removal efficiency and the

uncertainty related to the monitoring of the outlet.

Applicability in the farmed landscape

The five drainage mitigation measures can seamlessly be

integrated into landscapes with existing drainage systems,

but to optimise performance and cost efficiency their

individual applicability to the landscape must be evaluated

carefully. Each measure varies in size and capacity to

intercept water, where the size relative to the catchment

area decreases in the order of FWS[ SBZ[ IBZ[DBR.

Especially the size of the contributing catchment, slope and

soil type determine how and where the measures can be

implemented (Fig. 8). Flat landscapes (slope\ 1%) are

suitable for implementation of CD as a single control

structure will affect a large area; however, as the technol-

ogy advances it might soon be possible also to implement

CD in sloping landscapes. In gently sloping terrains, FWS,

DBR and SBZ fit as a hydraulic gradient is needed to move

the water through the systems. The hydraulic gradient

should preferably be minimum 2–3% for FWS and DBR,

while for SBZ the slope of the landscape should be around

2–8% (Tomer et al. 2017). In addition, in sloping land-

scapes, IBZ are suitable as a hydraulic gradient of mini-

mum 4% is required to move water through the pond and

the infiltration zone (Fig. 8). In sloping areas, surface
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runoff is also more likely to occur, which can be inter-

cepted by the IBZ (Zak et al. 2019).

Besides suitability to the landscape, implementation

strategies are often guided by cost efficiency. Cost effi-

ciency, including capital and operational cost of the drai-

nage systems, has been calculated earlier (Christianson

et al. 2012b; Jaynes and Isenhart 2019). However, the cost

of preliminary examinations such as geological and soil

investigations has often not been included despite that it

can constitute a substantial part of the budget, and is

therefore important to consider when selecting mitigation

measure. Cost efficiency is inherently country specific

since, as besides local costs, such as land acquisition, it

depends on national regulation and implementation

strategies. For example, in Denmark, FWS can only be

implemented at a certain location if the catchment area is

larger than 20 ha and if it removes more than 300 kg N ha

wetland-1 year-1, and other requirements such as to soil

clay content ([ 12%) also prevail.

Current advances in ecosystem service provisioning

The selection, implementation and design of drainage

mitigation measures should ideally maximise the supply of

ecosystem services and minimise undesirable by-products.

Thus, the management and design of mitigation measures

should not solely focus on nutrient reduction, but also take

into consideration potential negative by-products, as some

of these can be minimised by location or design

(Carstensen et al. 2019b). For instance, DRP release and

methane emission have been reported from facilities

experiencing nitrate limitation (Robertson and Merkley

2009; Shih et al. 2011), while other processes need further

investigation (e.g. nitrous oxide emission, loss of dissolved

organic carbon). Permanent removal and recycling of P

require plant harvesting or sediment removal; another

course of action may be to combine mitigation measures

with a P filter (Canga et al. 2016; Christianson et al. 2017).

The possibilities of optimising ecosystem services and

synergies with the surrounding landscapes where drainage

mitigation measures are applied are manifold (Goeller et al.

2016) e.g. biodiversity, water storage, phytoremediation

(Williams 2002) or provision of biomass (Zak et al. 2019).

Current examples of multiple ecosystem service provi-

sioning are, the combination of CD, sub-irrigation and

reservoirs, which according to Satchithanantham et al.

(2014), can reduce the peak flow in spring and delay short-

term water-related stress on crops in periods with less

precipitation. In addition, sub-irrigation can increase crop

yields (Wesström and Messing 2007; Jaynes 2012).

According to our review, CD was combined with sub-ir-

rigation at 14 out of 25 sites, while FWS were combined

with a sedimentation pond at 6 of the 33 sites. A sedi-

mentation pond is a simple supplement, which can

increased the water storage capacity and give access to

irrigation water and nutrients for recycling. Yet, the

potential of mitigation measures for increasing the climate

resilience of agricultural areas by retaining and storing

Fig. 8 Conceptual diagram of potential locations of free water surface constructed wetlands (FWS), denitrifying bioreactors (DBR), controlled

drainage (CD) and saturated (SBZ) and integrated buffer zones (IBZ) on mineral soils in a small catchment
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more water in the landscape, thereby buffering hydrologi-

cal peak events, needs to be investigated at catchment

scale. Due to the potentials for adaptation and synergies

with the surrounding landscape, these systems are inno-

vative opportunities in future bio-economies, as the mea-

sures can reduce nutrient losses, while providing multiple

ecosystem services e.g. nutrient reuse, biomass production,

biodiversity, etc, if designed accordingly.

PERSPECTIVE: OPPORTUNITIES

AND CHALLENGES FOR IMPLEMENTATION

OF MITIGATION MEASURES AT CATCHMENT

SCALE

Effective implementation of drainage mitigation measures

requires a holistic approach encompassing both ecosystem

services and potential negative by-products, while simul-

taneously maintaining a catchment scale perspective

(Hewett et al. 2020). This require a catchment scale

understanding of flow paths, taking into consideration all

important transport paths influencing the quality of ground-

and surface water (Goeller et al. 2016). Consequently,

detailed information on local nutrient flow pathways and

drainage systems is highly needed. It should also be

emphasised that the mitigation measures discussed in this

review only target drainage water, while other mitigation

measures, such as cover crops, target the water before it

leaves the root zone (Beckwith et al. 1998) or restored

wetlands that target water further downstream (Audet et al.

2014). Consequently, it is essential that the drainage miti-

gation measures should complement and not compensate

for farm management practices producing high pesticide, N

or P leaching that influences other flow paths such as

groundwater or surface runoff. Choosing the most appro-

priate and avoiding incompatible mitigation measures

require collaboration between the different actors in the

catchment to align the interests of all stakeholders

(Hashemi and Kronvang unpublished results). To guide

this decision process, we propose a further development of

the sustainability index developed by Fenton et al. (2014),

where weighting factors are assigned to relevant parame-

ters. This index, serving as a tool for stakeholder

involvement, could be expanded with more ecosystem

services and cost effectiveness adapted to local conditions.

Furthermore, application of a combination of mitigation

measures may be more cost efficient than introducing only

one option. In correspondence with this, a study by

Hashemi and Kronvang (unpublished results) found that it

may be more cost effective to use a combination of tar-

geted mitigation measures rather than a single option for

reduction of the nitrate loading to aquatic ecosystems.

In addition to considering the local geographical and

climatic conditions for selection and application of drai-

nage mitigation measures, integration with future changes

in climate and land use must be considered. Climate

change is predicted to cause more intense and frequent

precipitation events and prolonged summer droughts in the

investigated climate regions (Christensen et al. 2013). The

envisaged increase in temperature might improve the per-

formance of the drainage mitigation measures, even though

the intense precipitation events will challenge their

hydraulic capacities and, thereby, their performance,

potentially changing the need for mitigation measures at

catchment scale. Human modifications of land use, land

and water management induced by, for instance, a green

shift to a new bio-economy (Marttila unpublished results)

might entail further expansion and intensification of land

uses such as agriculture and forestry, which will increase

the demand for drainage and thereby the need for imple-

mentation of drainage mitigation measures to reduce the

nutrient losses.
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matrice.

Mendes, L.R.D., K. Tonderski, B.V. Iversen, and C. Kjaergaard.

2018. Phosphorus retention in surface-flow constructed wetlands

targeting agricultural drainage water. Ecological Engineering

120: 94–103.

Miller, P.S., J.K. Mitchell, R.A. Cooke, and B.A. Engel. 2002. A

wetland to improve agricultural subsurface drainage water

quality. Transactions of the Asae 45: 1305–1317.

Mitsch, W., and S.E. Jørgensen. 1989. Ecological engineering: An

introduction to ecotechnology. New York: Springer.

Mitsch, W.J., J.W. Day, J.W. Gilliam, P.M. Groffman, D.L. Hey,

G.W. Randall, and N. Wang. 2001. Reducing nitrogen loading to

the Gulf of Mexico from the Mississippi River Basin: Strategies

to counter a persistent ecological problem: Ecotechnology—the

use of natural ecosystems to solve environmental problems—

should be a part of efforts to shrink the zone of hypoxia in the

Gulf of Mexico. BioScience 51: 373–388.

Ng, H.Y.F., C.S. Tan, C.F. Drury, and J.D. Gaynor. 2002. Controlled

drainage and subirrigation influences tile nitrate loss and corn

yields in a sandy loam soil in Southwestern Ontario. Agriculture,

Ecosystems & Environment 90: 81–88.

O’Geen, A.T., R. Budd, J. Gan, J.J. Maynard, S.J. Parikh, and R.A.

Dahlgren. 2010. Mitigating nonpoint source pollution in agri-

culture with constructed and restored wetlands. Advances in

Agronomy 108: 1.

Ockenden, M.C., C. Deasy, J.N. Quinton, A.P. Bailey, B. Surridge,

and C. Stoate. 2012. Evaluation of field wetlands for mitigation

of diffuse pollution from agriculture: Sediment retention, cost

and effectiveness. Environmental Science & Policy 24: 110–119.

Poe, A.C., M.F. Piehler, S.P. Thompson, and H.W. Paerl. 2003.

Denitrification in a constructed wetland receiving agricultural

runoff. Wetlands 23: 817–826.

R Core Team. 2019. R: A language and environment for statistical

computing. Vienna: R Core Team.

Reinhardt, M., R. Gachter, B. Wehrli, and B. Muller. 2005.

Phosphorus retention in small constructed wetlands treating

agricultural drainage water. Journal of Environmental Quality

34: 1251–1259.

Reinhardt, M., B. Muller, R. Gachter, and B. Wehrli. 2006. Nitrogen

removal in a small constructed wetland: An isotope mass balance

approach. Environmental Science and Technology 40:

3313–3319.

Robertson, W.D., and L.C. Merkley. 2009. In-stream bioreactor for

agricultural nitrate treatment. Journal of Environmental Quality

38: 230–237.

Ross, J.A., M.E. Herbert, S.P. Sowa, J.R. Frankenberger, K.W. King,

S.F. Christopher, J.L. Tank, J.G. Arnold, et al. 2016. A synthesis

and comparative evaluation of factors influencing the effective-

ness of drainage water management. Agricultural Water Man-

agement 178: 366–376.

Rozemeijer, J.C., A. Visser, W. Borren, M. Winegram, Y. Van Der

Velde, J. Klein, and H.P. Broers. 2015. High frequency

monitoring of water fluxes and nutrient loads to assess the

effects of controlled drainage on water storage and nutrient

transport. Hydrology and Earth System Sciences 20: 347–358.

Satchithanantham, S., R.S. Ranjan, and P. Bullock. 2014. Protecting

water quality using controlled drainage as an agricultural BMP

for potato production. Transactions of the Asabe 57: 815–826.

Schott, L., A. Lagzdins, A. Daigh, K. Craft, C. Pederson, G.

Brenneman, and M. Helmers. 2017. Drainage water management

effects over five years on water tables, drainage, and yields in

southeast Iowa. Journal of Soil and Water Conservation 72: 251.

Schwarzer, G. 2019. General package for meta-analysis.

Shih, R., W.D. Robertson, S.L. Schiff, and D.L. Rudolph. 2011.

Nitrate controls methyl mercury production in a streambed

bioreactor. Journal of Environmental Quality 40: 1586.

Skaggs, R. W., N. R. Fausey, and R. O. Evans. 2012. Drainage water

management. Journal of Soil and Water Conservation 67.
Skaggs, R.W., and J. Van Schilfgaarde. 1999. Agricultural drainage.

Madison, WI: American Society of Agronomy, Crop Science

Society of America, Soil Science Society of America.

Søvik, A.K., and P.T. Mørkved. 2008. Use of stable nitrogen isotope

fractionation to estimate denitrification in small constructed

wetlands treating agricultural runoff. Science of the Total

Environment 392: 157–165.

Steffen, W., K. Richardson, J. Rockström, S.E. Cornell, I. Fetzer,

E.M. Bennett, R. Biggs, S.R. Carpenter, et al. 2015. Planetary

boundaries: guiding human development on a changing planet.

Science 347: 1259855.

Sunohara, M.D., E. Craiovan, E. Topp, N. Gottschall, C.F. Drury, and

D.R. Lapen. 2014. Comprehensive nitrogen budgets for con-

trolled tile drainage fields in Eastern Ontario, Canada. Journal of

Environmental Quality 43: 617.

Tan, C.S., and T.Q. Zhang. 2011. Surface runoff and sub-surface

drainage phosphorus losses under regular free drainage and

controlled drainage with sub-irrigation systems in southern

Ontario. Canadian Journal of Soil Science 91: 349–359.

Tanner, C.C., and J.P.S. Sukias. 2011. Multiyear nutrient removal

performance of three constructed wetlands intercepting tile drain

flows from grazed pastures. Journal of Environmental Quality

40: 620–633.

Tanner, C. C., J. P. S. Sukias, and C. R. Yates. 2010. New Zealand

guidelines for constructed wetland treatment of tile drainage.

Tomer, M.D., D.B. Jaynes, S.A. Porter, D.E. James, and T.M.

Isenhart. 2017. Identifying riparian zones best suited to instal-

lation of saturated buffers: A preliminary multi-watershed

assessment. In Precision conservation: geospatial techniques

for agricultural and natural resources conservation, ed. J. Del-

gado, G. Sassenrath, and T. Mueller, 83–93. Madison, WI:

American Society of Agronomy and Crop Science Society of

America Inc.

Tonderski, K.S., B. Arheimer, and C.B. Pers. 2005. Modeling the

impact of potential wetlands on phosphorus retention in a

Swedish catchment. Ambio 34: 544–551.

Tournebize, J., C. Chaumont, C. Fesneau, A. Guenne, B. Vincent, J.

Garnier, and U. Mander. 2015. Long-term nitrate removal in a

buffering pond-reservoir system receiving water from an agri-

cultural drained catchment. Ecological Engineering 80: 32–45.

Van’t Veen, S. G. W., B. Kronvang, D. Zak, N. Ovesen, and H.

Jensen. 2019. Intelligente bufferzoner - Notat fra DCE. Nationalt

Center for Miljø og Energi.

Vymazal, J. 2017. The use of constructed wetlands for nitrogen

removal from agricultural drainage: A review. Scientia Agricul-

turae Bohemica 48: 82–91.

Wesström, I., A. Joel, and I. Messing. 2014. Controlled drainage and

subirrigation: A water management option to reduce non-point

source pollution from agricultural land. Agriculture, Ecosystems

& Environment 198: 74–82.

Wesström, I., and I. Messing. 2007. Effects of controlled drainage on

N and P losses and N dynamics in a loamy sand with spring

crops. Agricultural Water Management 87: 229–240.

� The Author(s) 2020

www.kva.se/en 123

Ambio



PhD thesis by Mette Vodder Carstensen

Willardson, L.S., B. Grass, G.L. Dickey, and J.W. Bailey. 1970. Drain

installation for nitrate reduction. Environment Science Technol-

ogy 31: 2229–2236.

Williams, J.B. 2002. Phytoremediation in wetland ecosystems:

progress, problems, and potential. Critical Reviews in Plant

Sciences 21: 607–635.

Williams, M.R., K.W. King, and N.R. Fausey. 2015. Drainage water

management effects on tile discharge and water quality.

Agricultural Water Management 148: 43–51.

Woli, K.P., M.B. David, R.A. Cooke, G.F. Mcisaac, and C.A.

Mitchell. 2010. Nitrogen balance in and export from agricultural

fields associated with controlled drainage systems and denitri-

fying bioreactors. Ecological Engineering 36: 1558–1566.

Zak, D., B. Kronvang, M.V. Carstensen, C.C. Hoffmann, A.

Kjeldgaard, S.E. Larsen, J. Audet, S. Egemose, et al. 2018.

Nitrogen and phosphorus removal from agricultural runoff in

integrated buffer zones. Environmental Science and Technology

52: 6508–6517.

Zak, D., M. Stutter, H.S. Jensen, S. Egemose, M.V. Carstensen, J.

Audet, J.A. Strand, P. Feuerbach, C.C. Hoffmann, et al. 2019. An

assessment of the multifunctionality of integrated buffer zones in

Northwestern Europe. Journal of Environmental Quality 48:

362–375.

Zhang, T.Q., C.S. Tan, Z.M. Zheng, T.W. Welacky, and W.D.

Reynolds. 2015. Impacts of soil conditioners and water

table management on phosphorus loss in tile drainage from a

clay loam soil. Journal of Environmental Quality 44: 572–584.

Publisher’s Note Springer Nature remains neutral with regard to

jurisdictional claims in published maps and institutional affiliations.

AUTHOR BIOGRAPHIES

Mette Vodder Carstensen (&) is PhD fellow at the Department of

Bioscience of Aarhus University. Her research activities focus on

mitigation of nutrient loss from agricultural drainage systems using

engineered systems.

Address: Department of Bioscience, Aarhus University, Vejlsøvej 25,

8600 Silkeborg, Denmark.

e-mail: mvc@bios.au.dk

Fatemeh Hashemi is Post Doc at the Department of Bioscience of

Aarhus University. Her research activities focus on both land use and

climate change effects on water and Nitrate transport at catchment

scale using numerical modelling.

Address: Department of Bioscience, Aarhus University, Vejlsøvej 25,

8600 Silkeborg, Denmark.

e-mail: fh@bios.au.dk

Carl Christian Hoffmann is a senior researcher at the Department of

Bioscience of Aarhus University and his research interest is mitiga-

tion of nutrient losses from agriculture with focus on restored and

constructed wetlands.

Address: Department of Bioscience, Aarhus University, Vejlsøvej 25,

8600 Silkeborg, Denmark.

e-mail: cch@bios.au.dk

Dominik Zak is a senior researcher at the Department of Bioscience

of Aarhus University and his research interest is wetland biogeo-

chemistry with focus on peatland restoration.

Address: Department of Bioscience, Aarhus University, Vejlsøvej 25,

8600 Silkeborg, Denmark.

e-mail: doz@bios.au.dk

Joachim Audet is a researcher at the Department of Bioscience of

Aarhus University and his research interests are nutrient cycling and

greenhouse gas emissions from freshwater ecosystems.

Address: Department of Bioscience, Aarhus University, Vejlsøvej 25,

8600 Silkeborg, Denmark.

e-mail: joau@bios.au.dk

Brian Kronvang is professor at the Department of Bioscience of

Aarhus University. His research activities focus on catchment science

and management – mainly focusing on fluxes and sinks of matter

(sediment, organic matter, nutrients, pesticides, heavy metals) from

land to coastal areas.

Address: Department of Bioscience, Aarhus University, Vejlsøvej 25,

8600 Silkeborg, Denmark.

e-mail: bkr@bios.au.dk

123
� The Author(s) 2020

www.kva.se/en

Ambio





Mette Vodder Carstensena, a b a

a Aarhus University, Department of Bioscience, Vejlsøvej 25, 8600, Silkeborg, Denmark
b SEGES, Agro Food Park 15, Skejby, 8200, Aarhus N, Denmark

* Corresponding author. E-mail address: mvc@bios.au.dk (M.V. Carstensen)

STUDY II
REDUCING ADVERSE SIDE EFFECTS BY SEASONALLY 
LOWERING NITRATE REMOVAL IN SUBSURFACE FLOW 
CONSTRUCTED WETLANDS



PhD thesis by Mette Vodder Carstensen

Contents lists available at ScienceDirect

Journal of Environmental Management

journal homepage: www.elsevier.com/locate/jenvman

Research article

Reducing adverse side effects by seasonally lowering nitrate removal in
subsurface flow constructed wetlands

Mette Vodder Carstensena,∗, Søren Erik Larsena, Charlotte Kjærgaardb, Carl Christian Hoffmanna

a Aarhus University, Department of Bioscience, Vejlsøvej 25, 8600, Silkeborg, Denmark
b SEGES, Agro Food Park 15, Skejby, 8200, Aarhus N, Denmark

A R T I C L E I N F O

Keywords:
Mitigation measure
Sulphate reduction
Indirect methane emission
Phosphorus
Hydraulic retention time

A B S T R A C T

Subsurface flow constructed wetlands with wood chips (SSF-CWs) have proven to effectively reduce the loss of
nitrogen (N) from agricultural fields to surface water, however in some cases production of negative side effects
such as methane and phosphate occur. We examined if these side effects can be avoided by decreasing the
hydraulic retention time (HRT) from on average 82 h to 11 h during summer to autumn in two pilot SSF-CWs.
Furthermore, we investigated the potential of the SSF-CWs to reduce phosphorus (P) loss from agricultural
drainage systems. The influent and effluent concentration of total N (TN), nitrate-N, total P, phosphate-P, sus-
pended sediment, and sulphate were monitored for five years (2013–2017). Methane concentrations were
measured during two periods in 2014 and 2017. Flow was measured continuously by electromagnetic flow-
meters. The nitrate-N removal was reduced from 98-100% to 27–32% and the sulphate reduction from 32-53%
to 1–2% when decreasing HRT. Concurrently this resulted in a considerable decrease in the difference between
the effluent and influent concentration of phosphate-P and methane concentration compared to similar periods
in the preceding years. The SSF-CWs retained 67–85% of the annual loading of particulate P, but acted as both a
sink and source of phosphate-P, thus further initiatives are therefore required to prevent phosphate-P release
from SSF-CWs. Although during the entire monitoring period the SSF-CWs retained 29–33% of the total P
loading. In summary, this study stresses how important a holistic approach is when implementing and designing
new N mitigation measures.

1. Introduction

Subsurface flow constructed wetlands (SSF-CWs) are systems de-
signed to mitigate the high loading of nitrogen (N) from agricultural
land via drainage systems to receiving water bodies, however SSF-CWs
may create deleterious side effects (Shih et al., 2011; Bruun et al., 2017;
Fenton et al., 2016). N and phosphorus (P) loading from agricultural
land is one of the pressures of eutrophication of waterbodies in Den-
mark as well as elsewhere (Kronvang et al., 2009; Rabalais et al., 2001).
Since that the 1980s several actions plans have been implemented to
decrease the N loading to Danish waterbodies, however further reduc-
tion is still required to fulfil the requirements of the EU Water Frame-
work Directive. Therefore a new agricultural regulation has been im-
plemented as of 1 January 2019. This differentiated regulation is based
on implementation of more targeted rather than general mitigation
measures (NLK, 2013). Accordingly, targeted mitigation measures such
as SSF-CWs treating agricultural drainage water are in high demand.

SSF-CWs collect water from subsurface drainage systems draining

agricultural fields into an excavation with filter material such as wood
chips. The SSF-CWs are designed to enhance denitrification by ensuring
anaerobic conditions, increasing the hydraulic retention time (HRT)
and providing carbon (Blowes et al., 1994). A review by Christianson
et al. (2012b) showed that SSF-CWs effectively removed NO3

−-N with
removal rates of around 0.38 to 7.76 g N m −3 d−1 and a relative re-
moval of 12 to 98%. However a limitation in the supply of terminal
electron acceptors (TEAs) such as O2 and NO3

− may generate a range of
negative side effects (Bruun et al., 2017; Bell et al., 2015; Christianson
et al., 2012a; Shih et al., 2011).

Generally, microbes use TEAs in a sequential order
(O2 > NO3

− > Mn (IV) > Fe (III) > SO4
2− > CO2) with pre-

ferential use of TEAs yielding the highest energy (Reddy and Delaune,
2008). Thus, when NO3

− is depleted, phosphate (PO4
−3) can be re-

leased if iron (Fe) oxides are reduced (equation (1)), e.g. if Fe oxides are
used as TEAs by iron-reducing bacteria (equation (2)) (Reddy and
Delaune, 2008).

FePO4 → Fe2+ + PO4
3− (1)
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C6H12O6 + 24Fe(OH)3 + 48H+→ 6CO2
− + 24Fe2+ + 66H2O (2)

The process of sulphate reduction (equation (3)) can indirectly
mediate PO4

−3 release as sulphide (H2S) produced by sulphate-redu-
cing bacteria (equation (4)) and Fe hydroxides can participate in sev-
eral reactions releasing PO4

3−(Reddy and Delaune, 2008):

C6H12O6 + 3SO4
2− +6H+ → 6CO2 + 3H2S + 6H2O (3)

2FeOOH + H2S + 4H+ → 2Fe2+ + S0 + 4H2O (4)

Furthermore, upon depletion of SO4
2− methanogens can take over

and produce methane (CH4) by either acetate fermentation (equation
(5a)) or hydrogen fermentation coupled with CO2 reduction (equation
(5b)) (Bubier et al., 1993; Bruun et al., 2017; Reddy and Delaune,
2008). CH4 is a greenhouse gas with a global warming potential (GWP)
25 times higher than CO2 (IPCC, 2007).

CH3COOH → CH4 + CO2 (5a)

CO2 + 4H2 → CH4 + 2H2O (5b)

Although various management strategies to solve these occasional
problems of SSF-CWs have been proposed, only few studies have in-
vestigated how to avoid these adverse side effects in practice
(Christianson et al., 2017; Shih et al., 2011). One strategy would be to
ensure, that conditions for complete NO3

−-N reduction does not occur.
Thus, the TEA supply must always exceed the TEA consumption. The
hydraulic loading rate (HLR) mainly controls the TEA supply, while
TEA consumption is strongly affected by temperature and HRT
(Hoffmann et al., 2018). The present study aimed at investigating
whether it was possible to reduce the adverse side effects by increasing
HLR and thereby decreasing HRT. Specifically the objective was to
assess if the side effects following TEA exhaustion in SSF-CWs can be
minimised by decreasing HRT during the low drainage discharge
season. We hypothesised that the decrease of HRT would lead to lower
NO3

− and SO4
2− reduction rates, ensuring the presence of more en-

ergetically favourable TEAs and thereby lowering the PO4-P release and
CH4 production. In order to investigate the P retention potential of SSF-
CWs designed for N mitigation, we monitored the annual water and P
balance.

2. Material and methods

2.1. Study site and design

The study site was located in the River Gjern catchment (114 km2)
situated in central Jutland, Denmark (UTM, ZONE 32, ETRS 89, x, y:
546104, 623014). The study was conducted in two pilot SSF-CWs (CW1
and CW2) with horisontal flow that are part of an experimental plant
with six independent SSF-CWs, each measuring 10m×10m x 1m
(only the data from CW1 and CW2 was relevant for this study). The
joint inlet pond of the experimental plant received water from a tile
drainage system covering an agricultural catchment of 78 ha, thus the

wetland:catchment (W:C) ratio was 0.07%. The drainage water was
distributed equally among the six SSF-CWs by individual inlet wells
(Fig. 1). Each SSF-CW was lined with a 1mm thick watertight mem-
brane (Junifold PE HD GEO MEMBRANE; Millag APS, Denmark). The
matrix of the filter beds consisted of willow wood chips (size 8–60mm;
Ny Vraa bioenergy I/S, Denmark) mixed with crushed mussel shells
(size 2–4mm; Danshells ApS, Denmark) in volume ratios of 50:50 in
CW1 and 75:25 in CW2, as recommend by Bruun et al. (2016a). The
total porosity of CW1 and CW2 was 0.64m3m−3. In the inlet and outlet
zones of the filter bed, a distribution layer consisting of coarse seashells
(Danshells ApS, Denmark) ensured homogeneous infiltration. Upon
establishment in 2012, Phragmites australis was planted in CW1, while
CW2 was unvegetated. However, shortly after establishment, both CWs
were dominated by Phragmites australis, Typha latiformis, Bidens tri-
partite, Epilobium hirsutum and Salix sp. A PVC pipe (Ø 150) connected
the filter bed of each SSF-CW with an outlet well, which was connected
with another outlet well to reoxidise the water (Fig. 1). More details on
the study site and the design of the SSF-CWs are given by Hoffmann and
Kjaergaard (2015) and Hoffmann et al. (2018), and additional details
about the physical parameters of the filter matrix can be found in Bruun
et al. (2016b).

2.2. Instrumentation and sampling

Instrumentation and sampling have been described in previous pa-
pers (Bruun et al., 2016b; Hoffmann et al., 2018) and summarised here.
Each outlet well was equipped with an electromagnetic flow-meter (Ø
100mm; Waterflux 3070, Krohne, Germany) connected with a data
logger (Campbell CR10X, Logan, USA) that recorded the flow velocity
as a mean every 10min (first outlet well from the left in Fig. 1). From
03/04/2015 to 05/31/2015, the CWs were used for bromide tracer
experiments and this period was therefore excluded from the study. As
the inflow was not monitored it was assumed to equal the outflow, and
given the small size of the SSF-CWs the contribution of precipitation
and evaporation was minor; around 0–1% according to Hoffmann et al.
(2018). The water level and temperature of each CW were measured
from October 2013 using a pressure transducer ( Level 2000, Madge-
tech, Warner, New Hampshire, USA) placed in a piezometer in the
center of the filter bed. The water level of the filter bed was fixed,
despite varying HLR, and the water level meter was only installed to
investigate if ponding occurred during precipitation events. However in
2015 the water level was decreased by 20 cm. There was no bypass flow
throughout the monitoring period.

Water samples were taken from the joint inlet pond and the sepa-
rated individual outlet wells every third hour by a time proportional
sampler (ISCO 6700 FR Samplers ISCO, Lincoln, Nebraska, USA)
(Fig. 1). In the period 01/01/2013 to 06/30/2015 and 05/30/2017 to
12/31/2017 samples were subsequently collected according to flow,
and the composite samples represented periods of 1 to 22 days. In the
period 06/30/2015 to 05/30/2017, the composite samples represented
2 to 6 weeks.

Water samples for analysis of dissolved CH4 were taken as grab

Fig. 1. Conceptual sketch of subsurface
flow constructed wetlands (SSF-CWs)
with horisontal flow, including inlet
well, distributions pipes, distribution
layer (seashells), filter matrix (willow
woodchips and seashells), membrane,
outlet well with flow-meter and outlet
well with effluent sampling and aera-
tion of the effluent water. The blue ar-
rows indicate the direction of the water
flow. (For interpretation of the refer-
ences to color in this figure legend, the
reader is referred to the Web version of
this article.)
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samples in the inlet pond and outlet well every third week at two
sampling events: 12/11/2013 to 04/15/2015 and 06/22/2017 to 31/
12/2017. The water samples were transferred with a gas-tight syringe
(20ml) and tubing (TygonTM) into a glass vial (12ml exetainer; Labco,
High Wycombe, UK), allowing overflow. The samples were preserved
by adding bactericide (400 μl, 50%, w/v, ZnCl2) to each vial, which
contained a glass ball.

In the field O2, temperature, conductivity and pH were measured
every third to sixth week using a multimeter (YSI Professional Plus,
Xylem Analytics, Ohio, USA) in the piezometer pipe located in the
center of the filter bed.

Redox potentials were measured at the same sampling events and
with the same frequency as for dissolved CH4 by connecting a portable
microprocessor pH meter (WTW, PH 96) with a double junction ca-
lomel reference electrode (E21M001, Radiometer Analytical, Vaulx-en-
Velin, France), which was installed permanently 2.5, 5.0 and 7.5m
from the inlet side in each CW at 50 cm depth. The measured values
were converted to standard hydrogen electrode potentials (Eh) by
adding 245mV. The Pt electrodes were tested for accuracy prior to
installation using a hexacyanoferrate II/III pH 7 redox buffer (BS870,
Radiometer, Denmark).

2.3. Analytical methods

Immediately after sampling, the samples were transported to the
laboratory where they were filtered through a 0.45 μm mixed cellulose
ester membrane filter (ADVANTEC, Frisenette ApS, Knebel, Denmark)
and stored dark and cold (3–5 °C) until analysis the following day.
Ammonium (NH4

+-N), total P (TP) and PO4-P were measured color-
imetrically on a spectrophotometer (Shimadzu 1700, Shimadzu Corp.,
Kyoto, Japan) according to the Danish/European standard methods
(DS/EN 11732, 2005) for NH4

+ and DS/EN ISO 6878 (2004) for TP and
PO4

3--P. NO3
−-N, nitrite (NO2

−-N) and SO4
2− were analysed according

to DS/EN ISO 10304 (2009) by ion chromatography (Dionex ICS-1500
IC-system) with an anion Micro Membrane Supressor (AMMS III 4 mm)
as basic eluent. The system was equipped with a guard column (IonPac
AG22) and a separator column (IonPac AS22). The eluent was a mixture
of 4.5mM Na2CO3 and 1.4mM NaHCO3. All samples for ion chroma-
tography were filtered through a double-layered 0.22 μm glass fibre
filter (SNY2225, Frisenette ApS, Knebel, Denmark). Total organic
carbon (TOC) and TN were both measured on a TOC-L analyser
equipped with a TNM-L module (Shimadzu, Kyoto, Japan) at a tem-
perature of 720 °C using DS/EN ISO 1484 (1997) and DS/EN 12260
(2003), respectively. Dissolved CH4 was analysed by creating 3ml of
headspace in each vial with gaseous helium (He). Vials were shaken to
allow the gases to equilibrate between headspace and liquid phases and
then analysed on a gaschromatograph (GC 7890A, Agilent Technologies
ApS, Santa Clara, US).

2.4. Hydraulic retention time

In 2013 and 2014, the hydraulic loading from the drainage system
was distributed almost equally among the six parallel pilot SSF-CWs.
During three periods in 2015–2017, the incoming drainage water was
only distributed to CW1 and CW2, while the remaining four SSF-CWs
received no influent water. This corresponded to a decrease of the W:C
ratio to app. 0.02% from app. 0.07% and a reduction of HRT. The three
periods with decreased HRT were from 07/01/15 to 10/20/15, from
09/24/16 to 10/25/16 and from 07/01/2017 to 09/13/2017.

2.5. Calculations and statistics

The theoretical daily HRT was calculated by the following equation:

=HRT (volume*porosity)/inflow (6)

where the unit of HRT is hour, the volume of CW is m3, porosity is m3

m−3 and inflow m3 hour−1.
During dry periods, inflow/outflow rates close to 0 resulted in very

long HRTs (> 300 h) and since there is no detection limit or uncertainty
provided for the flow meter when flow rates are close to 0, we de-
termined the lower limit by calculating the maximum curve of inflow
rates (m3 hour−1) plotted against HRT for each CW. The maximum
curvature occurred at an HRT of 192 h, thus an HRT greater than 192
was assumed to be 192 h.

The percentage removal of NO3
−-N and SO4

2− (in section 3.3) was
calculated by the following equation:

= − ∗% reduction ((Ci Ce)/Ci) 100 (7)

where Ci and Ce are the in mg L−1 in influent and effluent water.
The annual percentage removal of the measured parameters (TN, TP

ect.) (in section 3.6) was calculated by:

= − ∗%removal ((load loss)/load) 100 (8)

where load and loss are g m−3 CW yr−1.
For mass balance calculations we used composite samples, however

grab samples were included if composite samples were not available,
and linear interpolation was applied for the few periods where com-
posite measurements or grab samples did not exist. Mass balances were
generated using SAS® software 9.4 (SAS Institute Inc., 2013). For sta-
tistical analysis, data was only used if a sample of both influent and
effluent water covering the same sampling period was available. On
four occasions, composite samples of influent and effluent water of
uneven length were compared. If composite samples were not taken,
grab samples of influent and effluent water were used instead.

The influence of decreased HRT was evaluated by comparing per-
iods with decreased HRT in 2015 and 2017 (07/01–09/13) with cor-
responding periods in 2013 and 2014 without decreased HRT. The data
from 2016 was omitted as HRT was only decreased for one month
(September to October). The difference between the periods was tested
using a Wald test (Harrell, 2001) and included an autoregressive pro-
cess of first order to adjust for auto correlation (Diggle, 1990). Statis-
tical analysis was performed using SAS 9.4 (SAS Institute Inc., 2013).

3. Results

3.1. Hydrological and chemical characteristics of influent and effluent
water

The SSF-CWs received drainage discharge during all seasons, al-
though it was characterised by strong seasonal variations with high
HLR in winter. The HLR during winter, spring, summer and autumn
corresponded to 50, 21, 14 and 16% of the annual HLR in 2013 and
2014. The annual average temperature of the influent water was
9.2 ± 2.9 °C (Table 1), fluctuating seasonally with peak temperatures
in August to September (12.8 to 14.7 °C) and minimum temperatures in
January to February (1.1 to 1.3 °C) (Fig. 2 a). The pH of the influent
water was on average slightly acid to neutral (6.5 to 7.2), while the pH
of the effluent water was generally higher (7.4 to 7.5) (Table 1). The
water leaving the CWs was oxygen depleted (on average 0.5 to
0.8 mg L−1), while the oxygen content of the water entering the CWs
ranged from 4.8 to 13.3mg L−1, with an average of 9.5 mg L−1. The
flow-weighted TN concentration of the influent was on average 11mgN
L−1, while the effluent concentration was 6.5 mg N L−1. The flow-
weighted TP concentration of the influent water amounted to 0.12mg P
L−1, while the effluent concentration was 0.09 Pmg L−1.

3.2. Nitrate and sulphate reduction

The daily percentage removal of influent NO3
−-N covaried with

HRT and temperature (Fig. 2 a, c), being almost complete (> 98%)
from early spring to autumn during the first two years of the monitoring
period where HRT ranged from 25 to 192 h and effluent water

M.V. Carstensen, et al.



PhD thesis by Mette Vodder Carstensen

Table 1
Hydraulic retention time (HRT), temperature (Temp), oxygen content (O2), flow-weighted total nitrogen (TN) concentration and flow-weighted total phosphorus
(TP) concentration of inlet and outlet of CW1 and CW2.

HRT Temp O2 pH TN TP

hour 0C Mg L−1 mg L−1 mg L−1

Inlet – 9.2 ± 2.9 9.5 ± 2.9 6.9 ± 0.4 11.0 ± 0.8 0.12 ± 0.02
Outlet CW1 49 ± 35 9.3 ± 3.8 0.8 ± 1.2 7.4± 0-3 6.5 ± 1.5 0.09 ± 0.02
Outlet CW2 47 ± 32 9.4 ± 3.9 0.5 ± 0.6 7.5 ± 0.3 6.5 ± 1.4 0.09 ± 0.03

Fig. 2. Time series of hydraulic retention time (HRT) and water temperature measured in the filter beds of CW1 and CW2 (a), redox potential measured 5.0 and 7.5 m
from the inlet well (b), nitrate-N (NO3

−-N) and sulphate (SO4
2−) reduction (c), methane CH4 (d), concentration of phosphate-phosphorus (PO4

3--P) (e), particulate P
(PP) (f) in influent and effluent water of CW1 and CW2. Grey areas indicate the periods with decreased HRT.
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temperature varied from 10.0 to 16.7 °C (Fig. 2 a, c). These periods
were associated with low redox potentials (−184 to −324 mV) (Fig. 2
b) and reduction of SO4

2−, which peaked in July (Fig. 2 c). In the
winter months, when temperatures (1.6 to 9.6 °C) and HRT (5 to 91 h)
were lower, the daily NO3

−-N reduction rate ranged from 0 to 76%, and
SO4

2− reduction rarely occurred. The redox potentials (−67 to
639mV) were mainly positive during winter. In 2015–2017, when the
HRT was decreased by increasing HLR periodically, the percentage
NO3

−-N reduction ranged from 12 to 52% even though temperatures
were 11 to 14 °C (grey areas in Fig. 2). The NO3

−-N concentration of
effluent water varied from 3.9 to 7.7mg L−1. In 2017 the redox po-
tential was positive in CW2 (40 to 253mV), but low in CW1 (−85 to
−277 mV).

3.3. Methane in influent and effluent water

The effluent concentration of CH4 was profoundly higher than the
influent concentration from May to October 2014 and peaked in August
where effluent concentration was 6.0 to 7.2 mg L−1 higher than influent
(Fig. 2 d). In December, the effluent CH4 concentration was only
slightly higher than the influent. The effect of decreasing the HRT is
clearly seen from Fig. 2d, by the higher CH4 concentration in the ef-
fluent water just before and immediately after the HRT was decreased
(grey areas in Fig. 2d). During the period with decreased HRT the dif-
ference between influent and effluent water was very small (0.1 to
0.5 mg L−1), although the effluent CH4 concentration was still slightly
higher than the influent.

3.4. Phosphate in influent and effluent water

The difference between the influent and effluent concentration of
PO4-P was greater and more variable in 2013 and 2014 than throughout
the rest of the monitoring period. The effluent concentration of PO4-P
was higher than the influent concentration during spring to autumn in
both 2013 and 2014, the most notable difference was recorded in
August 2013 (0.21mg L−1) (Fig. 2e). The influent concentration of PO4-
P exceeded the efffluent from October to February/March in 2014 and
2015, however only shortly in 2016 (November to January). In the
periods with decreased HRT, the effluent PO4-P concentration was only
0 to 0.05mg L−1 higher than the influent concentration, and on a few
occasion the influent concentration was higher than the effluent. The
concentration of PP was considerable higher in the influent water than
in the effluent water during the major part of the study period. However
on a few occasions in warm periods with long HRT (mid-June to August
2013 and September to October 2017) effluent PP concentration ex-
ceeded the influent (Fig. 2f).

3.5. Effects of decreasing hydraulic retention time

In order to evaluate the effects of decreasing the HRT, periods from
2015 to 2017 of equal length (07/01 to 09/13) were compared with
similar periods in 2013 and 2014. The NO3

−-N reduction was sig-
nificantly lower in the periods with decreased HRT, however the tem-
perature was also lower (in average 1.0 °C) (Table 2). According to the
models developed in (Hoffmann et al., 2018) predicting the NO3

−-N
removal from HRT and temperature, this temperature difference would
only affect NO3

−-N removal by a few percentage (3 to 5%). Both the
percentage SO4

2− reduction and the difference in PO4-P concentration
between the influent and effluent water were significantly lower in the
periods with decreased HRT compared to the periods with long HRT
(Table 2). The low sampling frequency of CH4 measurements prevented
statistical analysis; however, the difference between the influent and
effluent concentrations of CH4 was 13–21 times lower in the periods
with decreased HRT compared with the periods in 2013 and 2014.

3.6. Annual efficiency and mass balances for nitrogen

The annual loading rates of TN to the CWs varied between 1454 to
2510 g N m−3 CW−1 yr−1. In general, the annual TN loading rate was
slightly higher to CW2 compared to CW1 due to generally higher HLR
to CW2, except in 2016 (Table 3). The annual removal rates were
around 689 to 938 g N m−3 CW−1 yr−1. The TN loading during winter,
spring, summer and autumn corresponded to 47, 24, 13 and 15% of the
annual TN loading in 2013 and 2014. The percentage removal of N
showed that the CWs were most efficient in 2013 and 2014 (53 to 54%)
declining to 29 to 40% in years with decreased HRT (2015 and 2017).
Of the total TN load to the CWs, 81 to 91% occurred as NO3

−-N and
only 0.5 to 2.9% as NH4

+. The NO3
−-N removal rate varied between

611 to 804 g N m−3 CW−1 yr−1 (Table 3). The average daily NO3
−-N

removal rate was around 1.6 ± 1.1 to 2.4 ± 1.6 g N m−3 CW−1 d−1

and was slightly lower in 2017. The relative NO3
−-N removal efficiency

showed the same pattern as TN.

3.7. Annual efficiency and mass balances for phosphorus

The loading of TP to the CWs was around 14.9 to 34.4 gm−3 CW−1

yr−1, peaking in 2017 (32.6 to 34.4 g P m−3 CW−1 yr−1) (Table 3). The
annual removal rate of TP ranged from 1.0 to 15.9 g P m−3 CW−1 yr−1

(0.003 to 0.044 g P m−3 CW−1 day−1), except in CW1 in 2013 where a
net TP release of −1.9 g P m−3 CW−1 yr−1 (0.005 g P m−3 CW−1

day−1) was observed. The TP loading during winter, spring, summer
and autumn corresponded to 61, 20, 8 and 11% of the annual TP
loading in 2013 and 2014. The relative annual removal was highest in
2017 (46 to 48%) and lowest in 2013 (−10 to 5%). PP constituted 37 to
67% of the incoming annual load of TP. The absolute PP retention
varied between 4.0 and 19.8 g P m−3 CW−1 yr−1 and was considerably
higher in 2017 than in earlier years (Table 3). The annual PP removal
varied from 67 to 85%, with no pronounced difference between years
with and without decreased HRT. Of the incoming TP, 30 to 60% was in
the form of PO4-P. In contrast to PP, there was a net annual release of
PO4-P in 2013, 2016 and 2017 from both CW1 and CW2 (Table 3),
however in 2014, 2015 net retention ranged from 0.5 to 1.5 g P m−3

CW−1 yr−1.

4. Discussion

4.1. Effects on nitrate, sulphate and methane by decreased hydraulic
retention time

During the first two years of the study, the SSF-CWs generated ad-
verse side effects such as CH4 during warm periods with low flow
(Bruun et al., 2017). These periods were associated with complete
NO3

−-N removal and SO4
2− reduction. To avoid the generation of such

side effects, HRT was decreased (July to September) in 2015 and 2017.
As expected, this led to a significant reduction of percentage NO3

−-N
removal, and concomitantly a significant reduction of the percentage
SO4

2− reduction (equation (3)) and CH4 production (equation (5a) and
(5b)). This is in agreement with a study on a SSF-CW receiving glass-
house waste water, revealing negligible production of dissolved CH4

due to high concentrations of NO3
− (Warneke et al., 2011). Studies of

other systems e.g. rice fields have also shown that the presence of NO3
−

suppresses CH4 production (Klüber and Conrad, 1998). It should also be
emphasised, though, that we only investigated dissolved CH4 exported
via effluent water, which according to Bruun et al. (2017) comprised 37
to 45% of the total annual CH4 emission (direct+indirect) at our ex-
perimental site. Although this aspect was not investigated in our study,
we expect direct emission to be lower considering the presence of NO3

−

and SO4
−2, as Bruun et al. (2017) found a negative correlation of CH4

emission with HLR and SO4
2− concentration in effluent water. Ad-

ditionally, the water level of the filter bed was lowered, to promote
oxidation of CH4. Thus, our study demonstrated that indirect
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production of CH4 via effluent water can be suppressed considerably by
ensuring that more energetically favourable TEAs, such as NO3

− or
SO4

2− are not completely removed.
Despite that the NO3

−-N effluent concentrations was above
3.4 mg N L−1 in these periods, SO4

2− reduction and CH4 production
still occurred, although at a somewhat low rate. The concurrent NO3

−-
N and SO4

2− reduction and CH4 production in our study might be fa-
cilitated by non-equilibrium solute transport, which takes place in these
SSF-CWs as documented by Bruun et al. (2016b). The consequence of
non-equilibrium solute transport is a spatial distribution in solute re-
sidence time, as the solute transport between woodchips is

characterised by dispersion-convection, while diffusion controls the
solute exchange between the woodchips and the voids within the
woodchips (Van Genuchten and Wierenga, 1977; Van Genuchten and
Wierenga, 1976). In other studies of SSF-CWs SO4

2− reduction only
occurred when the reactors were NO3

−-N depleted (Robertson and
Merkley, 2009; Christianson et al., 2012a). More specifically, Robertson
and Merkley (2009) found that SO4

2− reduction was inhibited when
the NO3

−-N concentrations of the filter material of in-stream reactors
exceeded 0.5 mg N L−1. A possibly explanation of these divergent ob-
servations, might be the degree of non-equilibrium solute transport in
the SSF-CWs, as hydraulic design differed. Other studies of SSF-CWs

Table 2
Temperature (Temp) and hydraulic retention time (HRT), and statistical analysis of the percentage reduction of the load of nitrate-N (NO3

− -N) and sulphate
(SO4

2−), difference between influent and effluent concentration of phosphate-P (PO4
3—P) and methane (CH4) in periods with decreased HRT (IH) (07/01 to 09/13 in

2015 and 2017) and without decreased HRT (CH) (07/01 to 09/13 in 2013–2014) for CW1 and CW2. * indicate if the difference was significant.

CW1 CW2

n (CH, IH) Mean (CH) Mean (IH) χ2 p n (CH, IH) Mean (CH) Mean (IH) χ2 p

Temp Inlet oC 75, 149 13.5 ± 0.9 12.5 ± 0.4 75, 149 13.5 ± 0.9 12.5 ± 0.4
Temp Outlet oC 75, 149 14.5 ± 1.4 13.7 ± 0.9 75, 149 14.3 ± 1.4 13.6 ± 0.8
HRT hour 150, 150 82 ± 25 11 ± 4 150, 150 78 ± 19 11 ± 6
NO3

−-N % 25, 26 99.0 ± 1.2 25.2 ± 7.6 1749 * 26, 26 98.8 ± 2.0 30.9 ± 7.6 281 *
SO4

2- % 25, 26 32.3 ± 24.8 0.9 ± 3.9 35 * 26, 26 52.5 ± 25.8 1.50 ± 3.9 86 *
PO4

3--P μg L−1 25, 26 −94 ± 36 −1±30 65 * 26, 26 −91 ± 41 −21 ± 3 27 *
CH4 mg L−1 3, 3 −4.27 ± 1.54 −0.20 ± 0.05 3, 3 −4.86 ± 2.07 −0.36 ± 0.10

Table 3
Average annual temperature (Temp), hydraulic retention time (HRT) and outflow of water and annual loading, loss, absolute and percentage removal (of load) of
total nitrogen (TN), nitrate-N (NO3

−-N), ammonium-N (NH4
+-N), total phosphorus (TP), particulate P (PP), suspended sediment (SS) and phosphate-P (PO4

3--P)
during 2013–2017 in CW1 and CW2.

CW1 CW2

2013 2014 2015a 2016 2017 2013 2014 2015a 2016 2017

Temp Outlet 0C – 9.6 ± 4.1 9.0 ± 3.5 9.2 ± 4.3 9.5 ± 3.3 – 9.7 ± 4.0 9.2 ± 3.5 9.2 ± 4.4 9.6 ± 3.7
HRT Outlet hour 60 ± 30 56 ± 25 45 ± 52 38 ± 19 48 ± 47 59 ± 31 53 ± 24 40 ± 47 41 ± 21 42 ± 36
Water Outlet m3 m−3 CW−1yr−1 1391 1422 1776 2071 2043 1446 1518 1905 1928 2093
TN Inlet g m−3 CW−1 y-−1 1454 1462 1884 2510 2360 1513 1558 2005 2341 2415

Outlet g m−3 CW−1 y-−1 686 686 1196 1572 1684 694 715 1223 1403 1631
Removal g m−3 CW−1 y-−1 768 776 689 938 676 819 843 781 938 784
Removal % 53 53 37 37 29 54 54 39 40 32

NO3
−-N Inlet g m−3 CW−1 yr−1 1377 1325 1633 2047 2128 1431 1413 1742 1910 2179

Outlet g m−3 CW−1 yr−1 621 592 1021 1271 1530 626 616 1069 1146 1475
Removal g m−3 CW−1 d−1 2.1 ± 0.9 2.0 ± 0.8 2.2 ± 1.7 2.1 ± 1.6 1.6 ± 1.1 2.2 ± 0.9 2.2 ± 0.9 2.4 ± 1.6 2.1 ± 1.5 1.9 ± 1.3
Removal g m−3 CW−1 yr−1 756 733 611 776 598 804 797 673 764 704
Removal % 55 55 37 38 28 56 56 39 40 32

NH4+-N Inlet g m−3 CW−1 yr−1 11 9 32 18 8 11 10 35 17 8
Outlet g m−3 CW−1 yr−1 8 10 18 13 6 8 13 9 5 5
Removal g m−3 CW−1 yr−1 3 −1 15 5 1 3 −3 26 11 3
Removal % 25 −10 45 27 18 29 −32 75 68 42

TP Inlet g m−3 CW−1 yr−1 18.2 14.9 20.0 22.1 32.6 19.2 16.0 21.9 20.4 34.4
Outlet g m−3 CW−1 yr−1 20.1 10.3 12.2 16.6 17.0 18.2 10.4 13.0 15.4 18.5
Removal g m−3 CW−1 yr−1 −1.9 4.6 7.8 5.5 15.6 1.0 5.6 8.9 5.0 15.9
Removal % −10 31 39 25 48 5 35 41 24 46

PO4
3--P Inlet g m−3 CW−1 yr−1 8.1 9.0 10.5 11.7 9.9 8.5 9.6 11.3 10.8 10.1

Outlet g m−3 CW−1 yr−1 15.8 8.2 10.0 13.5 10.0 14.4 8.1 10.7 12.9 14.2
Removal g m−3 CW−1 yr−1 −7.7 0.8 0.5 −1.8 −0.2 −5.9 1.5 0.6 −2.1 −4.1
Removal % −95 9 5 −16 −2 −70 16 5 −20 −40

PP Inlet g m−3 CW−1 yr−1 8.9 5.5 8.4 9.6 21.7 9.4 5.9 9.3 8.8 23.2
Outlet g m−3 CW−1 yr−1 2.9 1.5 1.3 2.3 6.1 1.9 1.5 1.4 1.5 3.4
Removal g m−3 CW−1 yr−1 6.0 4.0 7.2 7.3 15.6 7.5 4.4 8.0 7.3 19.8
Removal % 67 73 85 76 72 80 75 85 83 85

SS Inlet g m−3 CW−1 yr−1 1512 958 1400 1994 5492 1597 1037 1499 1843 5967
Outlet g m−3 CW−1 yr−1 202 133 130 237 710 173 136 133 508 521
Removal g m−3 CW−1 yr−1 1310 825 1270 1758 4782 1424 902 1365 1335 5446
Removal % 87 86 91 88 87 89 87 91 72 91

SO4
2- Inlet g m−3 CW−1 yr−1 3530 3630 4345 4846 5153 3664 3869 4637 4516 5285

Outlet g m−3 CW−1 yr−1 3269 3444 4267 4721 5072 3141 3541 4715 4475 5216
Removal g m−3 CW−1 yr−1 262 187 78 125 80 523 328 −78 42 69
Removal % 7 5 2 3 2 14 8 −2 1 1

a Measurements from spring 2015 was omitted, due to a tracer experiment conducted by Bruun et al. (2016b).
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have found that models taking non-equilibrium flow into account de-
scribe the NO3

−-N transportation well (Jaynes et al., 2016; Herbert,
2011). More research is needed on the non-equilibrium flow in SSF-CWs
as it seems that non-equilibrium flow has considerable impact on the N
transportation and the potential side effects.

4.2. Effects on phosphate by decreased hydraulic retention time

The difference between effluent and influent PO4-P concentrations
was significantly lower in periods with decreased HRT than in similar
periods with longer HRT. However, the effluent PO4-P concentration
was still slightly higher than the influent concentration. In wetlands, P
can be retained by immobilization, plant uptake, adsorption, pre-
cipitation and sedimentation, and released by decomposition/miner-
alisation, desorption and dissolution. Since the various transformation
processes inside the filter bed are unknown in this study, it is difficult to
assess the underlying reason for the lower difference between effluent
and influent concentrations. In addition, the interactions between the
different processes acting in the filter bed may change over time, ren-
dering between-year comparisons uncertain when using a black box
approach.

Thus, the smaller difference between effluent and influent PO4-P
concentration is either a result of lower release of P (e.g. mineralisation
rates decreasing over time) or a higher retention of P (e.g. incoming
sorption sites, plant uptake), or a mixture.

Theoretically, the decrease of HRT should lower the release of redox
sensitive PO4-P, either by supression of Fe reduction (equation (1) and
(2)) due to the presence of TEAs or lowering of the SO4

2− reduction
leading to a reduced production of H2S, which can mediate the Fe-
bound P release (equation (4)) (Lamers et al., 1998; Roden and
Edmonds, 1997). Another potential consequence of low redox condi-
tions is release of PP, which we observed at a few occasions. Even
though sedimentation is considered one of the long-term retention
processes in wetlands (Reddy et al., 1999; Howard-Williams, 1985), the
deposited PP can be transformed to soluble forms, for instance under
low redox conditions. However, when HRT was decreased, PP release
was not observed.

4.3. Annual N removal rates and efficiencies

The daily N removal rates of 1.6 to 2.4 g N m−3 CW−1 day−1 re-
corded in this study are within the lower range of removal rates (0.4 to
7.8 g N m−3 CW day−1) reported in a review of SSF-CWs receiving
water from drainage systems (Christianson et al., 2012b). Comparisons
of absolute N removal rates across studies are rather be ambigious as
they often differ in hydralic design, hydrological regime, microbial
community composition, climate, filter material etc. although, the re-
moval N rate is primarily depended temperature and HRT (Christianson
et al., 2012b). Thus, the seasonal variation in HLR and temperature
might explain why our removal efficiency is in the lower end of the
range, as approximately half of the annual N loading occurred in the
winter months (December–February). During winter the conditions for
denitrification were not optimal due to low temperature and short HRT.
In order to deal with both peak flow and short HRT during winter,
storage basins have be added to the newly established SSF-CWs
(Hoffmann and Kjærgaard, 2017). The active decrease of HRT during
summer to autumn in 2015 and 2017 led to an annually lower relative
TN removal efficiency, which was expected since periods with 100 %TN
removal did not occur in these years. The absolute removal rate was
lower by in average 126 g N m−3 CW−1 yr−1, which we consider a low
“price” for reduction of negative side effects. However, the cost in terms
of removal efficiency might be higher as the periods should preferably
have been slightly longer in order to avoid CH4 emission in spring and
autumn.

4.4. Annual phosphorus removal efficiencies

The pilot SSF-CWs were primarily designed to optimise N removal,
but as P loss from agriculture may cause eutrophication in P-limited
systems, such as lakes, streams and estuaries (in spring), P will most
likely be an object of intensified management concern in the coming
years. The potential of P removal in SSF-CWs with woodchips is less
studied than the removal of N. In our study, the P balance might be
more uncertain in the periods (mid-2015 to mid-2017) where time
proportional sampling was applied, as the influent P concentration is
depended on the prevailing flow. However, we reckon that the high
temporal sampling frequency ensured a representative concentration.
The two SSF-CWs used in this study acted as efficient PP traps, if per-
iods with very long HRT (> 192 h) was avoided. Annually, they re-
tained 57 to 88% of the incoming PP. However with respect to PO4-P,
the SSF-CWs acted as both sink and source. The net release of PO4-P was
especially high during the first year, which might be due to PO4-P
leaching from the woodchips, as the SSF-CWs were not in contact with
soil. It therefore seems that the current design is not an optimal solution
for PO4-P removal. Thus, to mitigate PO4-P leaching from agricultural
drainage water, SSF-CWs should be used in combination with an
amendment added directly to the woodchips or a separate P filter, as
suggested in other studies (Christianson et al., 2017; Ballantine and
Tanner, 2010). Although during the entire monitoring period, the SSF-
CWs retained 29–33% of the total TP loading.

4.5. Concluding remarks

The seasonal decrease of HRT to 11 h on average during summer to
autumn in 2015 and 2017 led to a considerable lower NO3

−-N and
SO4

2− percentage reduction than in preceding years where HRT was
82 h on average. Concurrently this resulted in a considerable decrease
in the difference between the effluent and influent concentration of
PO4-P and CH4 concentrations compared to preceding years. For CH4

this was most likely due to suppression of methanogens, but with re-
spect to PO4-P the underlying reason cannot be assessed. Even though
more energetically favourable TEAs such as NO3

−-N were present
SO4

2− reduction and CH4 production still occurred, which could po-
tentially be ascribed to non-equilibrium transport in the filter beds. Our
study emphasises the importance of the design of SSF-CWs treating
agricultural drainage water in order to diminish the deleterious side
effects during warm periods with low flow. Thus, the treatment capa-
city of the SSF-CWs should be adjustable according to specific needs, for
instance by using inlet and outlet control structures or designing in-
dividual SSF-CWs in series or in parallel. The specific needs and the
actions required will be depended on the site and the seasonal variation
in run off.

The N removal rate and efficiency observed in our study were
comparable with results reported from other SSF-CWs. Our SSF-CWs
showed a relatively high potential for PP retention in the absence of
periods with long HRT (> 192 h). However, with respect to PO4-P, both
net annual release and retention appeared. Therefore, to obtain a higher
PO4-P removal efficiency and avoid SSF-CWs acting as P sources, the
SSF-CWs should be combined with a separate P filter. Over five years
the SSF-CWs retained 29–33% of total TP loading. Our study clearly
demonstrated that complete NO3

−-N removal in SSF-CWs should be
avoided in order to minimise the generation of adverse side effects.
Accordingly, the management and design of SSF-CWs require a holistic
approach to take into consideration the various negative side effects
associated with SSF-CWs.
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Abstract 

Integrated buffer zones (IBZ) are novel mitigation measures designed to decrease the loading of nitrogen (N) 

transported by subsurface drainage systems from agricultural fields to streams.  In IBZ, drainage water flows 

into a pond with free water surface followed by an inundated, vegetated filterbed. This design provide an 

environment favourable for denitrification and thus a decrease in nitrate concentration is expected as water 

flow through the IBZ. However, due to the establishment of anaerobic conditions, there is a risk for 

increasing emissions of the greenhouse gases nitrous oxide (N2O) and methane (CH4). In this year-long 

study, we evaluated the N removal efficiency along with the risk of N2O and CH4 emissions from two pilot-

scale IBZs (IBZ1 and 2). The two IBZs had very different yearly removal efficiencies, amounting to 29% 

and 71% of the total N load at IBZ1 and 2, respectively. This was probably due to differences in infiltration 

rates to the filterbed, which was 22% and 81% of the incoming water at IBZ1 and 2, respectively. The site 

(IBZ2) with the lowest removal efficiency was a net N2O sink, while 0.9% of the removed nitrate was 

emitted as N2O at IBZ1. Both IBZs were net sources of CH4 but with different pathways of emission. In 

IBZ1 CH4 was mainly lost directly to the atmosphere, while waterborne losses dominated in IBZ2. In 

conclusion, the IBZs were effective in removing N three years after establishment, and although the IBZs 

acted as greenhouse gas sources, especially due to CH4, the emissions were comparable to those of natural 

wetlands and other drainage transport mitigation measures. 

 

Keywords: denitrification; nitrate removal; nitrous oxide; methane; plant uptake. 
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Highlights 

 Integrated buffer zones (IBZs) are novel techniques for water quality improvements 

 Annual nitrogen and greenhouse gas fluxes were comprehensively monitored at two IBZs  

 The IBZs reduced the nitrogen loss from drainage systems by 29-71%   

 The IBZs acted as both sources and sinks of nitrous oxide, but as methane sources  

 Important to monitor both atmospheric and waterborne fluxes  

 

1 Introduction 

Nutrient losses from agricultural fields to surface water can effectively be reduced by mitigation measures 

targeting drainage water (Carstensen et al., 2020). A novel mitigation measure called integrated buffer zones 

(IBZs) has been developed in North Western Europe to intercept drain flow and its associated nutrient losses, 

which is otherwise flowing beneath the riparian zone and directly to surface water (Zak et al., 2018). In an 

IBZ, the drainage water is flowing into a pond with an open water surface, allowing particles to settle, and 

then infiltrates through a filterbed consisting of a shallow inundated vegetated zone before entering a stream 

(Zak et al., 2018). The first pilot-scale field study on IBZs showed that they removed 32% to 33% of the 

incoming nitrogen (N) per year (Zak et al., 2018).  

The dominant N form is often nitrate (NO3
-) in subsurface drainage water (Madramootoo et al., 1997) 

thus the main aim was to enhance denitrification in the IBZs, as complete denitrification can transform NO3
- 

to the harmless gas dinitrogen (N2) (Knowles, 1982). However, denitrification is a multiple stepwise 

reduction with intermediate oxidation states such as nitrous oxide (N2O) and nitric oxide (NO). Thus, 

incomplete denitrification can result in the production of N2O. Nitrous oxide is both a strong greenhouse gas 

(GHG) with a global warming potential 298 times (100 year lifetime adjustment) that of carbon dioxide 

(CO2) (IPCC, 2013), and a major contributor to ozone depletion (Ravishankara et al., 2009). The rate of 

denitrification is controlled by multiple environmental factors, including oxygen levels, carbon (C) and NO3
- 

availability, temperature, pH, and abundance of denitrifying bacteria (Knowles, 1982). Many of the factors 
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hindering complete denitrification are known to increase the N2O:N2 ratio such as the presence of oxygen 

(O2) and low pH, however high NO3
-:C ratio can also increase the N2O:N2 ratio (Tiedje, 1988, Keeney et al., 

1979). Net N2O emission often shows high spatiotemporal variation due to the dynamic interactions between 

the factors influencing the N2O:N2 ratio. Especially natural transition zones, such as wetlands and riparian 

areas, where these factors fluctuate, tend to be hot spots of N2O emission (Butterbach-Bahl et al., 2013), but 

also of methane (CH4) (Thiere et al., 2011).  

Methane is another strong GHG that can be produced under anoxic conditions and has a global warming 

potential 34 times higher than CO2 (100 year lifetime adjustment) (IPCC, 2013). The CH4
 produced by 

methanogens can be consumed by methanotrophs (Wen et al., 2018). Thus, the net flux of CH4 across the 

soil-atmosphere is determined by production, consumption and transportation method. Methane can be 

transported as diffusive flux, plant-mediated flux and/or ebullition (Bubier and Moore, 1994). Studies on 

other nutrient mitigation measures than IBZs such as bioreactors and constructed wetlands have shown that it 

might be possible to lower the CH4 production by avoiding long hydraulic retention times (HRT) (Elgood et 

al., 2010, Carstensen et al., 2019, Rivas et al., 2020). The HRT controls the loading of terminal electron 

acceptors (TEA) such as O2, NO3
- and sulphate (SO4

2-) which can suppress methanogenesis and, 

consequently, CH4
 production (Klüber and Conrad, 1998). The HRT also affect the contact time between 

substrate and microorganism. 

To investigate the N cycling within IBZs, we quantified the annual N budget for two IBZs by 

monitoring inlets and outlets as well as plant uptake. We hypothesised that the main process responsible for 

NO3
- removal would be denitrification and that the rate of NO3

- removal would be highest in the filterbed due 

to more favourable anoxic conditions for denitrification here. To assess the risk of elevated N2O and CH4 

emissions, we quantified both the atmospheric and waterborne losses every month for a year. We 

hypothesised that high TEA load and low temperatures will increase atmospheric N2O emission, while it will 

decrease atmospheric CH4
 emission. Thus, with respect to waterborne fluxes, we hypothesised that the 

filterbed rather than the pond would act as a sink for waterborne N2O and a source of CH4, due to low NO3
- 

availability in the filterbed. 
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2 Methods 

2.1 Study site 

In 2014, two experimental IBZs (IBZ1 and IBZ2) were established at the edge of a field and close to Odder 

stream (55°57'18.0"N, 10°05'29.4"E) in Denmark. Each IBZ consisted of a pond (25x5x1m) with free water 

surface and an inundated filterbed (25x5x0.5 m) planted with Alnus glutinosa (L.) (Figure 1). The IBZ 

resembles an elongated surface flow constructed wetland. The area covered by the IBZs was app. 0.1% of 

the 30 ha catchment, which mainly consisted of systematically drained agricultural fields with crops and 

spruce (1-2 m high). In IBZ1, the sediment of the pond was primarily clay while in the filterbed it was sand 

and gravel with clay lenses in the top layer and at 1 m depth (recorded during installation of the piezometer 

pipes). In IBZ2, the sediment of the pond and filterbed was primarily sand and gravel, and the bottom of the 

pond was sealed with an impermeable membrane to increase the HRT (for details see Zak et al. (2018)). 

 

2.2 Flow monitoring and water sampling  

The monitoring of flow, GHG and nutrient fluxes was initiated in November 2017 and ended in December 

2018. The incoming drainage water entered a joint inlet well before it was distributed to the two IBZs via 

inlet pipes monitored by electromagnetic flow meters every 10 minutes (KROHNE, UK). An overflow pipe 

was levelled about 80 cm above the bottom of the pond in each IBZ to avoid excessively high water levels, 

thus water levels on the filterbed fluctuated from 0 to 30 cm. The outlets of the overflow pipes were 

monitored by flow meters as well, also every 10 minutes (KROHNE, UK). The water table of the pond was 

measured every 10 minutes using pressured transducers (MADGETECH, USA). Soil temperatures at 5, 10 

and 30 cm depth were recorded manually at each transect after the GHG flux measurements using a high 

precision thermometer (GMH3710, Omega Newport, Deckenpfronn, Germany). 

During the monitoring period grab samples of water for total N (TN), NO3
-, ammonium (NH4

+), 

SO4
2- and total organic carbon (TOC) analysis were collected every third week from the joint inlet, overflow 

pipes, ponds and the piezometer pipes located at the edge of the filterbed except when the IBZs were ice-

covered or dry (Figure 1). A centrifugal pump was used to take water samples from the piezometer pipes, 

which were otherwise capped. Due to severe water depletion, it was not possible to obtain samples from the 
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pond and filterbed of IBZ1 and IBZ2 on 18 June 2018, and from the IBZ2 filterbed on 21 august 2018 and 

22 October 2018. The samples for analysis of NO3
- and NH4

+ were filtered on the day of sampling in the 

laboratory using Whatman GF/C filters (pore size 0.45 μm). During the monitoring period, grab samples of 

water for N2O and CH4 analysis were collected monthly except when the pond was covered with thick layer 

of ice (March) or was dry (July). Water samples for analysis of dissolved N2O and CH4 were collected using 

a syringe (20 mL) at about 10 cm depth in the pond or using gas tight tubing (TygonTM) to sample the 

piezometers. The samples were then transferred into a glass vial (12 ml exetainer; Labco, High Wycombe, 

UK), allowing overflow. The samples were preserved by adding bactericide (400 μl, 50 %, w/v, zinc 

chloride (ZnCl2)) to each vial, which contained a glass ball for better mixing. All samples were stored dark 

and cold (3-5 0C) until analysis within three weeks. 

 

2.3 Analytical methods 

The samples for NO3
- and SO4

2- determination were analysed according to Danish standart DS/EN ISO 

10304 (2009) by ion chromatography (Dionex ICS-1500 IC-system) with an anion Micro Membrane 

Supressor (AMMS III 4 mm) as basic eluent. The system was equipped with a guard column (IonPac AG22) 

and a separator column (IonPac AS22). The eluent was a mixture of 4.5 mM Na2CO3 and 1.4 mM NaHCO3. 

All samples for ion chromatography were filtered through a double-layered 0.22 μm glass fibre filter 

(SNY2225, Frisenette ApS, Knebel, Denmark). Ammonium was measured colorimetrically on a 

spectrophotometer (Shimadzu 1700, Shimadzu Corp., Kyoto, Japan) following DS/EN ISO 11732 (2005). 

Total organic carbon and TN were both measured on a TOC-L analyser equipped with a TNM-L module 

(Shimadzu, Kyoto, Japan) at a temperature of 720 °C using DS/EN ISO 1484 (1997) and DS/EN 12260 

(2003), respectively. Dissolved N2O and CH4 samples were analysed by creating 3 ml of headspace in each 

vial with gaseous helium. The vials were shaken to allow the gases to equilibrate between headspace and 

liquid phases and then analysed on a gas chromatograph (GC 7890A, Agilent Technologies ApS, Santa 

Clara, US) calibrated with standard gases as described in detail by Petersen et al. (2012). 
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2.4 Atmospheric nitrous oxide and methane fluxes  

Nitrous oxide and CH4 fluxes were measured using the closed chamber technique (Livingston and 

Hutchinson, 1995). Fluxes from the filterbed were measured using a two-part static chamber technique 

encompassing a removable chamber and a pre-installed collar, while fluxes from the pond of IBZ1 were 

determined using floating chambers. The chamber (60x60x40 cm opaque, white PVC) used on the filterbeds 

was equipped with an internal fan, internal and external thermometers and a pressure vent following the 

design of Petersen et al. (2012). During sampling, the chambers were positioned on the top of pre-installed 

PVC frames in each transect where a rubber closure between the chamber and frame minimised the gas 

exchange between the headspace in the chamber and the atmosphere. The floating chambers (cylindrical, 

headspace volume of 5 L opaque, white PVC) used to measure fluxes from the pond of IBZ1 had a septa on 

top and a piece of foam around the chamber for buoyancy. For both chamber types, gas samples were 

extracted with a 20 ml syringe and carefully injected into 12 ml pre-evacuated glass vials (Exetainer, Labco, 

High Wycombe, UK) every 0, 15, 30, 45 and 60 min after the chamber was sealed. The fluxes from the pond 

of IBZ2 were not measured due to the membrane sealing off the sediment, instead, the diffusive flux was 

estimated based on the concentration of N2O and CH4 (see section 2.55). All samples were taken from 

wooden bridges to minimise sediment disturbance during sampling (Figure 1).  

 

2.5 Quantification of atmospheric fluxes  

The atmospheric fluxes of N2O and CH4 were calculated using the HMR package (Pedersen et al., 2010) in 

the R software (version 2.15.1) (R Development Core Team, 2012). Each of the measured concentration-

time series was evaluated individually to assess if the series was best described as linear, no flux or non-

linear flux. Non-linear changes in concentrations occur when the gas concentration approaches the 

equilibrium concentration, and analysing these fluxes as linear fluxes may underestimate the flux (Pedersen 

et al., 2010). The time series were described as non-linear flux in 60% and 52% of the data sets for N2O and 

CH4, and no flux (6% and 9% of the data for N2O and CH4, respectively) was only used if the data did not 

show any clear trend. According to the significance test provided by the HMR procedure, many of the fluxes 

(53% and 59% for N2O and CH4, respectively) were not statistically significant (p> 0.05). Special attention 
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was given to the non-significant data, especially cases yielding a high flux, to judge if it was best described 

as a linear or non-linear flux. In order to estimate the diffusive flux from this pond, we calculated the gas 

transfer velocity coefficient (Kg) value based on the flux and concentration measurements in the IBZ1 pond 

using Fick’s first law of diffusion (Fick, 1995, Wanninkhof and Knox, 1996): 

=        (1) 

where Kg (m h-1) is the gas transfer velocity coefficient, Fg (g m-2 h-1) is the N2O flux from IBZ1 pond 

measured using closed chambers, Cg (g m-3) is the concentration of N2O measured in IBZ1 pond standardised 

to a water temperature of 20°, and Ceq (g m-3) is the N2O concentration in equilibrium with the atmosphere 

assuming atmospheric concentrations of 0.330 ppm N2O.  

 

The N2O fluxes from the IBZ2 pond were estimated using Kg:  

= *      (2) 

where Fg is the estimated N2O flux from IBZ2 pond, and Cg is the N2O concentration in IBZ2 pond 

standardised to a water temperature of 20°C.  

This approach was regarded as reasonable, as the N2O concentrations of the two ponds were more or less 

similar and the estimated Kg values were relatively constant at each sampling occasion for the four transects 

in the pond of IBZ1. 

The emission of CH4 from the IBZ2 pond was calculated using equation (2) although Kg was 

based on literature values; thus, only the diffusive CH4 losses were quantified. The Kg was calculated as: 

       (3) 

where  is the Schmidt number (Wanninkhof, 1992),  =-2/3 which is used for smooth liquid surface 

(Deacon, 1981), and a gas transfer velocity  of 0.36 m d-1 was used following Holgerson and Raymond 

(2016); Ceq (g m-3) is the CH4 concentration in equilibrium with the atmosphere assuming atmospheric 

concentrations of 1.8 ppm CH4. 
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2.6 In-situ denitrification  

In-situ denitrification rates were measured on 22 October 2018 using the 15N isotope pairing technique 

(Nielsen, 1992, Dalsgaard et al., 2000). Four cylindrical chambers (height 1 m, diameter 29 cm) were placed 

in the pond  of IBZ1 and four cylindrical chambers  in the filterbed of IBZ1. The chambers consisted of a 

plexiglass cylinder (height 1 m, diameter 29 cm) that could be inserted into the sediment, and a plexiglass lid 

that could be fixed in the upper part of the cylinder at adjustable height. Every chamber had a screw cap 

opening with a septa, a stirrer and a probe measuring oxygen and temperature at about 5 cm below the water 

surface. The chambers were placed over bare sediment or plant habitats. In bare sediment, the chambers were 

carefully inserted about 5 to 10 cm into the sediment depending on the properties of the sediment to make 

sure that the chamber was stable. In the presence of submerged or emergent plants, the chambers were placed 

directly over the plants enclosing the whole plant. Plants were present in all chambers located at the filterbed. 

To avoid entangling of the plants and the stirrer, a net was placed to keep the plants in the bottom half of the 

chamber. The lid was placed horizontally about 1 cm below the water surface. The positioning and handling 

of the chambers were carried out with minimal disturbance of sediment and plants. To start the 

denitrification measurements, 0.35 M 15N[NaNO3] was added through the septum. The volume of added 15N 

differed according to the volume of the chambers as the aim was to increase the NO3
- background 

concentration by a minimum of 25%. After injection of the 15N[NaNO3] solution, water samples (12 mL) 

were taken using a syringe and a needle through the septa after 15, 30, 60, 90, 120, 150 and 180 minutes. 

Samples were injected into a pre-evacuated exetainer with ZnCl2. Dinitrogen concentrations and isotope 

ratios of 29N2 and 30N2 over 28N2 were analysed on a Sercon 20-22 Stable Isotope Ratio Mass Spectrometer. 

Denitrification rates were calculated from the change in N2 isotope ratios over time following Nielsen 

(1992). 

 

2.7 Plant uptake 

The uptake of N by plants was quantified by harvesting six randomly chosen plots in both the pond and the 

filterbed of both IBZs at the end of the growing season in mid-September 2017 (Zak et al., 2019). Plastic 

cylinders with an inner area of 1 m2 were used for the sampling of plants in the pond and filterbed. Six alder 
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trees were also harvested from each IBZ by cutting the tree just above the sediment of the filterbed. The 

below-ground biomass of plants and trees was not sampled. The plants were dried at 60°C for two days until 

mass constancy was obtained for the determination of dry mass. The dried material was homogenised using a 

fine grain mill before determining the N content by standard methods (Hansen and Koroleff, 2007). The N 

uptake by aboveground plant biomass per IBZ area was calculated using N concentrations and biomass data 

(Zak et al., 2014). For further information see Zak et al. (2019). 

 

2.8 Calculations 

2.8.1 Water balance 

Daily data on precipitation and potential evapotranspiration were obtained from a weather data grid of 10x10 

km and 20x20 km, respectively, from the Danish Meteorological Institute. The infiltration to the filterbed of 

IBZ2 was calculated based on the following equation:  

Qinfil =Qin – Qout – E + P – S                                       (4) 

where Qinfil is the infiltration to the filterbed, Qin is the inlet flow, Qout is the outlet overflow, P is 

precipitation, E is evapotranspiration, and  is the daily change in the water volume stored in the pond. 

 

In spring 2017, a substantial preferential surface flow path occurred through the dyke behind the filterbed of 

IBZ1 and part of the water now left the IBZ through this unmonitored route. To estimate the amount of the 

water leaving via the preferential path, the relationship between the water level of the pond and the 

infiltration prior to the leak in 2017 was used to predict the daily infiltration rate to the filterbed and then 

calculate the water leaving via the preferential path as: 

Qpref = Qin – Qout – E + P –  – Qinfil                                   (5) 

where Qpref is the flow via the preferential flow path. 

The nominal HRT was calculated as:   

HRT=V / Qin                          (6) 

where V is the daily volume (m3) calculated using geographical information system (GIS) and water level 

measurements. 
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2.8.2 Nitrogen balance 

Daily concentrations of all parameters were obtained using linear interpolation between two subsequent 

sampling occasions (Kronvang and Bruhn, 1996). Removal rates in the pond (Rp) and filterbed (RF
IBZ1 and 

RF
IBZ2) were calculated as: 

Rp = Qin x Cin – Qout x Coverflow – Qinfil x Cpond – S x Cpond        (7) 

RF
IBZ1 = Qinfil x Cpond – Qinfil x Cfilterbed– Qpref x Cpond      (8) 

RF
IBZ2 = Qinfil x Cpond – Qinfil x Cfilterbed       (9) 

where Qx is the flow (L d-1) andCx (g L-1) is the concentration measured at location x. 

 

The N removal was divided by the total area of the IBZ (m2) to calculate the area-specific N removal (g m-2 

IBZ d-1) and annual balances were calculated by summing the daily fluxes for the period 1 December 2017 to 

30 November 2018. The production of N2O within the IBZs (EIBZ) was calculated as: 

EIBZ= (Wloss+ Ameasured) - Wload    (10) 

where Ameasured is the atmospheric N2O flux measured by chambers, Wload is the waterborne loading of N2O, 

and Wloss is the net loss of waterborne N2O. 

 

2.9 Statistics  

To test the differences in N removal rates between pond and filterbed as well as differences in N2O and CH4 

concentrations and loads between inlet, pond and filterbed, a non-parametric Wilcoxon signed rank test was 

used (Wilcoxon, 1945). The paired difference test was chosen as the data were not normally distributed or 

independent. Levels of significance are notated as p*** if p<0.001, p** if 0.001<p<0.01 and p* if 

0.01<p<0.05 in the result section. In order to investigate the factors influencing the atmospheric and 

waterborne fluxes of N2O and CH4, multiple linear regression analysis was applied using R version 3.6.2 (R 

Core Team, 2019). Each IBZ, as well as the pond and filterbed, was analysed separately, and for each 

analysis a set of relevant factors was selected. For analysis of N2O and CH4 fluxes from the pond, the 

Jo
ur

na
l P

re
-p

ro
of

Journal Pre-proof



PhD thesis by Mette Vodder Carstensen

following factors were included: inflow, HRT, air temperature, water temperature, inlet concentrations 

(N2O), pond concentrations (NO3
-, SO4

2-, TOC, NH4
+, N2O), absolute loading (N2O, NO3

-) and absolute and 

relative NO3
- removal in the pond. For analysis of N2O and CH4 fluxes in the filterbed the following 

parameters were included: infiltration, preferential flow (only IBZ1), HRT, air temperature, water 

temperature, pond concentrations (TOC, N2O, NO3
-), filterbed concentrations (NO3

-, SO4
2-, NH4

+, N2O), 

absolute loading to the filterbed (N2O, NO3
-) and absolute and relative NO3

- removal in the filterbed. Before 

the analysis, all included variables were inspected following the protocol proposed by Zuur et al. (2010). To 

detect collinearity, pairwise scatterplots comparing covariates and Pearson correlation coefficients were 

applied on all covariates (Zuur et al., 2010). A correlation of 0.6 between two variables was regarded as 

critical, and the choice of which covariate to include in the further analysis was based on biological 

knowledge. For selection of which variables to include in the model, stepwise model selection was used 

(Zuur et al., 2010) and only independent variables with p <0.05 were used in the models predicting N2O or 

CH4 fluxes. 

 

3 Results 

3.1 Water balance 

The annual precipitation in the catchment was 778 mm during the monitoring year, while the annual 

discharge of drainage water to the IBZs was 53 and 65 mm for IBZ1 and IBZ2, respectively. The daily mean 

air temperature ranged from -6.8 to 23.7 °C with an average of 8.5 °C, while the daily mean water 

temperature varied from 1.3 °C (March) to 21.9 °C (August). The hydraulic loading was highest during 

winter (41% of total flow), although there were several peaks in autumn 2018 (Figure 2). During the summer 

of 2018, which was exceptionally dry, the inflow of water nearly ceased for two months (June and July), 

leaving the pond of IBZ2 almost empty. During these two months, the sparse amount of incoming water was 

distributed to IBZ1, which was therefore only empty for two weeks in July. The average HRT was 2.7±3.2 

and 2.4±3.8 days For IBZ1 and IBZ2 during the monitoring period. The fractions of incoming water 

infiltrating the filterbed was 22% and 81% for IBZ1 and 2 per year, respectively (Table A1). In IBZ1, a 
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preferential surface flow path started to be active in the dyke behind the filterbed during spring 2017, and the 

loss of water via this preferential surface flow path was estimated to amount to 33% of the incoming water. 

The preferential flow path occurred just behind transect 3, thus water flow was faster here compared to the 

other transects.  

 

3.2 Seasonal nitrogen concentrations 

The mean NO3
- concentration of the incoming water was 3.4±1.2 mg N L-1, ranging from 2.0 to 6.2 mg N L-

1, and was below 3 mg N L-1 from April to July. The loading of NO3
- to the IBZs was mainly controlled by 

the hydraulic loading rate, which were highest during winter and decreased from late April to early summer. 

The autumn of 2018 was characterised by two peaks with high loads of NO3
-. The absolute NO3

- removal 

was highest during the winter months and the two peaks in autumn, while the relative NO3
- removal was 

highest during spring and summer. Both absolute and relative NO3
- removal were higher in IBZ2 than in 

IBZ1. In IBZ1, the NO3
- removal rate in the pond and filterbed was not significantly different (n=10, S=11.5, 

p=0.27), while in IBZ2 the NO3
- removal was significantly higher in the filterbed than in the pond (n=9, 

S=27.5, p**). The NO3
- concentration was significantly lower in the filterbed compared to the pond for both 

IBZ1 (n=9, S=27.5, p**) and IBZ2 (n=9, S=22.5, p**). 

 

3.3 Nitrogen balance 

The overall TN removal was 77 and 237 g N m-2 IBZ yr-1 in IBZ1 and IBZ2, corresponding to a removal 

efficiency of 29% and 71%, respectively (Figure 3). A small fraction of the TN was particulate organic N 

(3%), which was assumedly deposited in the pond, implying that the ponds of IBZ1 and IBZ2 trapped around 

5 and 7 g N m-2 IBZ yr-1 of the particulate organic N, respectively (Table A2). The N uptake by plants 

constituted 26% and 7% of the annual TN removal in IBZ1 and 2, respectively. The N uptake by emergent 

and submerged plants was much higher than the N uptake by trees, and the total N uptake by plants was 

slightly higher in IBZ1 than in IBZ2 (Figure 3). In IBZ1, the floating and submerged plants in the pond had 

the highest N uptake (51% of total plant N uptake), while in IBZ2 the N uptake was highest for the emergent 
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vegetation in the filterbed (63% of total N uptake). In the filterbed of both IBZs, the loss of NH4
+ was higher 

than the load throughout the monitoring period, except during autumn in IBZ2 (Table A2). 

The majority of the TN load was in the form of NO3
- (about 85%). The total NO3

- removal was 56 and 

212 g N m-2 IBZ yr-1 in IBZ1 and IBZ2, which in relative terms corresponded to 26% and 74% of the NO3
- 

load, respectively (Figure 3). The filterbed was responsible for 70% and 93% of the total removal in IBZ1 

and IBZ2, respectively. In IBZ1, 43% of the incoming NO3
- was lost via the overflow pipe and 31% via the 

preferential surface flow path. In IBZ2 21% was lost via the overflow pipe. The in-situ denitrification 

measured in October 2018 in IBZ1 showed that the measured denitrification in the pond was 24 mg N m-2 d-1 

and thus lower than the mass balance-estimated NO3
- removal of 70 mg N m-2 d-1. In the filterbed, the 

measured in-situ denitrification was 39 mg m-2 d-1 and the mass balance estimated NO3
- removal was 48 mg 

N m-2 d-1.  

 

3.4 Nitrous oxide fluxes 

3.4.1 Waterborne nitrous oxide flux 

The waterborne load of N2O to the IBZs was reduced by 0.02 and 0.31 g N m-2 IBZ yr-1 for IBZ1 and 2, 

respectively, which corresponded to a reduction of 4% and 52% of the incoming N2O. Thus, overall the IBZs 

acted as a net sink of waterborne N2O (Table 1). The amount of N2O leaving IBZ1 was not significantly 

lower than the loading (n=10, S=0.5, p=1), which might be due to that the pond often acted as a source. In 

IBZ2, the N2O loss was significantly lower than the loading (n=9, S=26.5, p**) according to the signed rank 

test. The N2O concentrations in the pond and filterbed were not significantly different in IBZ1 (n=10, S=-

17.5, p=0.08), whereas in IBZ2 the filterbed N2O concentrations were significantly lower than in the pond 

(n=9, S=-18.5, p*). 

The average inlet N2O concentration was 7.6±3.2 μg N L-1 and highly correlated with the inlet NO3
--

N concentration (n=10, r=0.80, p**) (Figure 4). Similar to the NO3
- loading, the N2O loading was mainly 

controlled by the hydraulic loading rate. The annual loading of waterborne N2O was in average 0.21±0.06% 

relative to the NO3
- from the field to the IBZs, while the waterborne N2O leaving the IBZs was 0.19% and 0. 

10% for IBZ1 and IBZ2, respectively relative to the incoming NO3
-.  
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3.4.2 Atmospheric nitrous oxide flux  

The annual atmospheric N2O fluxes from the IBZ surface area were 0.38 and 0.30 g N m-2 IBZ yr-1 for IBZ1 

and IBZ2, respectively. However, when taking the waterborne loadings and losses into account, the total flux 

of N2O corresponded to 0.36 g N m-2 IBZ yr-1 for IBZ1, which was 0.9% of the removed NO3
-. In contrast to 

this, IBZ2 was a net sink of N2O, reducing the N2O load by 0.01 g N m-2 IBZ yr-1. The annual atmospheric 

flux of N2O from the pond in IBZ1 was lower than the flux from the filterbed (Table 1). This was also the 

case for IBZ2; however, the pond flux here was estimated using the Kg for N2O from IBZ1. The atmospheric 

flux of N2O from the pond showed no seasonal trends (Figure 5), and none of the measured factors could 

predict the atmospheric N2O fluxes from the pond of IBZ1. Yet, the atmospheric N2O flux from the filterbed 

of both IBZ1 and IBZ2 displayed seasonality with higher fluxes during autumn and winter (Figure 5). This 

seasonality could be partly explained by the loading of N2O to the filterbed, explaining 63% of the variance 

in IBZ1 and 85% of the variance in IBZ2 according to the performed regression analysis (Table 2). The 

atmospheric N2O emission per N2O load to the filterbed was, though, app. four times higher for IBZ1 

compared to IBZ2. 

 

3.5 Methane fluxes 

3.5.1 Waterborne methane flux 

The amount of waterborne CH4 leaving the IBZs was significantly higher than the incoming amount of CH4 

for both IBZ1 (n=10, S=-27.5, p**) and IBZ2 (n=9, S=-22.5, p**) (Table 1), which was mainly due to high 

fluxes from the filterbeds. The CH4 concentration of the filterbed was significantly higher than the pond 

concentration for IBZ1 (n=10, S=19.5, p*) and IBZ2 (n=9, S=19.5, p*). Although the concentration of CH4 

was significantly higher in the pond compared to the inlet for both IBZ1 (n=10, S=-26.5, p**) and IBZ2 

(n=9, S=-21.5, p*), the average difference between inlet and pond was much lower than the difference 

between pond and filterbed (Table A3). The CH4 concentration was significantly higher in the pond of IBZ1 

compared to IBZ2 (n=9, S=22.5, p**). There was no significant difference between the CH4 concentration of 
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the two filterbeds (n=9, S=12.5, p=0.23), although the average concentration was higher in IBZ1 than in 

IBZ2 (Table A3). The annual waterborne CH4 flux was higher from the filterbed of IBZ2 compared to IBZ1 

because the infiltration of water to the filterbed of IBZ2 was higher. The waterborne flux of CH4 was highest 

during winter since both concentrations and infiltration rates were highest during winter (Figure A1). The 

multiple regression analysis showed that none of the variables were significant predictors of the waterborne 

CH4 flux in the pond of IBZ1, and no significant predictors of the waterborne CH4 flux were found in the 

filterbed of IBZ1 and IBZ2. 

3.5.2 Atmospheric methane flux  

The atmospheric CH4 fluxes were 49 g C m  year  and 11 g C m  year  for IBZ1 and IBZ2, respectively 

(Table 1). This corresponded to 71% and 11% of the total CH4 fluxes (atmospheric+ waterborne), which 

were 69 g C m  year  and 96 g C m  year  for IBZ1 and IBZ2. The atmospheric CH4 flux from the IBZ1 

pond was more or less at the same level on all sampling occasions, except for November and December 2017 

where the fluxes were very low (Figure 6). The CH4 flux from the pond of IBZ1 tended to be higher than the 

filterbed flux, although not significantly so (n=10, S=-7.5, p=0.49). The CH4 flux from the filterbed of IBZ1 

exhibited two peaks in December and May, while from autumn 2018 and onwards there was almost no flux. 

The atmospheric flux from the filterbed of IBZ2 was much lower compared to the flux from the filterbed of 

IBZ1. None of the variables were significant predictors of the atmospheric flux from the pond of IBZ1 or the 

filterbed of IBZ2. The only significant predictor of the atmospheric CH4 flux from the filterbed of IBZ1 was 

the SO4
2- concentration in the IBZ1 pond (Table 2Table 2) where the low SO4

2- concentration was associated 

with high CH4 flux. 

 

4 Discussion 

Integrated buffer zones are currently investigated as a new official mitigation measure in Denmark being part 

of a new targeted agricultural regulation. This new agricultural regulationis spatially differentiated taking 

into consideration hydrogeological difference between catchments (Hansen et al., 2017). This spatially 

differentiated approach require a broad selection of mitigation measures suitable for different landscape 
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types. New mitigation measures have to undergo a procedure involving several steps before they can be 

adopted and implemented in Denmark (Hoffmann et al., 2020). Integrated buffer zones have been through 

the first round of scientific testing and are now to be implemented at small scale with continued monitoring 

to ensure knowledge on their long-term functioning and side effects. In the following, we will discuss the 

removal efficiency and the first results on GHG fluxes of two 3-year old IBZs. 

 

4.1 N balance 

The NO3
- removal efficiency estimated for the two IBZs were consistent with the broad range of annual NO3

- 

removal efficiencies reported for denitrifying bioreactors (6 to 79%), saturated buffer zones (8 to 84%) and 

constructed wetlands with free water surface (17 to 63%) according to a recent review of mitigation 

measures targeting drainage water in oceanic and continental climates (Carstensen et al., 2020). Our study 

site was the first site with IBZ in Denmark, and one of the main learnings obtained by Zak et al. (2018) was 

that the IBZ should have been larger relative to the catchment to handle all of the incoming water and 

achieve higher N removal efficiencies. Later studies on full-scale IBZs in Denmark have shown removal 

efficiencies around 53-55% (van't Veen et al., 2019). Compared to the first year after establishment, the 

removal efficiency both increased and decreased. At the most clayey site (IBZ1) the removal efficiency 

decreased from 32% to 29% (Zak et al., 2018), due to the relatively low infiltration of water to the filterbed, 

which decreased further when the preferential flow path occurred. At the sandier site (IBZ2), the removal 

efficiency increased from 33% to 71% mainly due to lower NO3
- concentrations in the filterbed (0.5±0.7 mg 

N L-1) compared to the first year after establishment (2.8±1.3 mg N L-1). The N removal efficiency of the two 

IBZs differed substantially even though they were located side by side, reflecting the high spatial variability 

of local soil characteristics and their influence on the hydrological conditions controlling the N removal 

processes (Christianson et al., 2012b, Vymazal, 2017).Non-ideal flow conditions due to, for instance, 

preferential flow can reduce the N removal efficiency substantially. In a study by Christianson et al. (2012a) 

the annual N removal efficiency was found to be much lower in one bioreactors (13%) compared to three 

others (42 to 75%), which was ascribed to preferential flow through the matrix of the bioreactor. Previous 

tracer experiments using bromide underpin that, in our study, preferential flow paths occurred at the clayey 
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site while the sandier site was more homogenously infiltrated by water (Zak et al. 2018). Consequently, the 

potential for preferential flow paths should be carefully considered when planning the establishment of full-

scale IBZs. In addition the sizing should be related to the infiltration capacity of the filterbed as the removal 

efficiency is higher here compared to the pond.  

      The measured in-situ denitrification rate was lower than the estimated NO3
- removal using mass balance 

calculations, which can be partly explained by the difficulty of characterising hotspots and hot moments of 

denitrification by point measurements (Groffman et al., 2009). Other NO3
- removal processes such 

dissimilatory nitrate reduction to ammonium (DNRA) or plant uptake may also have contributed to N 

removal (Zak et al. 2020), although plant uptake might have been of minor importance as the measurements 

were conducted in October. In addition there is the uncertainty related to the mass balance estimate. Our 

denitrification rates measured in the pond were in line with denitrification rates (app. 25 to 28 mg N m  

day ) measured in November in riparian buffer zones established along headwater streams in the 

Netherlands (Hefting et al., 2003), while the denitrification rates in the filterbed were slightly higher.  

Plant uptake of N was lower in the IBZs  (155-180 kg N ha-1) compared to a semi-constructed wetland in  

Czech Republic, where plant uptake was 398 kg N ha-1 representing 36% of the total removed N (Vymazal 

and Brezinova, 2018). A constructed wetland receiving stream water in the Netherlands also demonstrated 

higher N uptake by the aboveground biomass (Phragmites australis) which was 193 mg N m-2 d-1 (54% of 

total N removal) compared to 88 to110 mg N m-2 d-1 for IBZs (de Klein and van der Werf, 2014). Thus, it 

might be possible to intensify biomass production by planting high productive species. However this might 

conflict with biodiversity, although the floristics quality of the vegation in Danish riparian buffer zones have 

been found to be rather low (Hille et al., 2018). Unless vegetation is harvested and removed, plant uptake 

cannot be regarded as a N removal process (O'Geen et al., 2010). Harvesting the floating plants in the pond 

could potentially provide multifunctional benefit as that plants (duckweed and thread algae) can be reused as 

livestock fodder, slow-release organic fertilisers or soil conditioners (Sutherland and Craggs, 2017).  

Harvesting the algae might also lower the CH4 emission from the pond as dead above-ground biomass 

deliver a favorable substrate for CH4 production at the sediment surface (Zak et al., 2015). It should be 
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considered, though, that harvest might conflict with some of the other important functions of plants such as 

providing C for microbial processes and increasing the infiltration capacity (O'Geen et al., 2010).  

The IBZs were a net source of NH4
+ due to a net flux of NH4

+ from the filterbeds, which could be a result 

of anaerobic conditions inhibiting nitrification. However, no seasonal variation in the NH4
+concentrations 

was observed, which would be expected if mineralisation was the main controller of the positive NH4
+ flux. 

Another possibility is DNRA, as DNRA has been found to be more competitive than denitrification under 

TEA limited conditions (Tiedje et al., 1982). The release of NH4
+ demonstrates the importance of evaluating 

all N forms and not only NO3
-, which have also been emphasised by Petersen et al. (2020), as the 

transformation to other N forms can counterbalance the overall N removal efficiency.  

 

4.2 Nitrous oxide fluxes  

Besides NO3
- and other dissolved nutrients, drainage water transports N2O produced in the root zone when 

the leached N is transformed by processes such as nitrification and denitrification. Once the water is in 

contact with the atmosphere N2O tends to degas rapidly (Reay et al., 2003). The N2O transported to the IBZ 

via drainage water per NO3
- leached from the field was comparable to values reported worldwide (Tian et al., 

2019). Thus, the N2O emitted from the pond and filterbeds was a mixture of N2O degassing from the 

incoming drainage water and N2O produced within the IBZ. The measured atmospheric N2O flux from the 

pond showed no distinct seasonal variation and none of the measured parameters were identified as 

significant controllers of N2O fluxes. This was not surprising,  as N2O fluxes can be inherently difficult to 

predict due to the complexity of the interacting processes, the factors influencing them and the various 

sources (Cavigelli and Robertson, 2001). It should be emphasized that emission of N2O via the stems of alder 

were not considered in this study.  The presence of trees might facilitate fast transport of N2O from the 

sediment to the atmosphere. According to Wen et al. (2017) the N2O emission via alder stems (39 yr) was 

1.1% of the atmospheric fluxes in forest stands. Since the N2O concentration in the filterbed was very low, 

we suspect that this transport path was insignificant at our study site. We suspect that the atmospheric N2O 

flux measured at the filterbeds primarily originated from the water covering the filterbed, as the statistical 

analysis showed that the flux from the filterbed was mainly controlled by the N2O loading rate.  
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  The filterbed acted as sink of waterborne N2O, possibly due to that the filterbed promoted 

complete denitrification due to the low NO3
- concentrations. Under NO3

- limited conditions, N2O is more 

likely to be reduced (Groffman et al., 2000). Low waterborne N2O fluxes have also been reported from 

denitrifying bioreactors in situations where HRT was long (>5 days) and NO3
- removal efficiency high 

(>59%) (Rivas et al., 2020). In IBZs the water is flowing through the soil matrix and N2O was measured in 

piezometer pipes, thus dilution or enrichment can occur if preferential water flow or incoming groundwater 

interferes. However groundwater discharge could be excluded in our study, as only the “active pipes” were 

considered following the results of a bromide tracer experiment in a dense nest of piezometers (spatial 

distance < 2m). 

The atmospheric N2O fluxes from the IBZ sites were in the range of atmospheric fluxes from 

Danish riparian wetlands ranging from -0.01 to 0.16 g N m  year  (Audet et al., 2014). Higher fluxes were 

recorded in riparian buffer zones with grass and forest located along first order streams in the Netherlands, 

amounting to 0.40 and 2 g N m-2 yr-1, respectively (Hefting et al., 2003), which had high N loading rates. 

Compared to constructed wetlands with free water surface (1.18 to 2.61 g N m-2 year-1) (Groh et al., 2015), 

the flux from the IBZs was lower.  The atmospheric flux from the IBZs were at the same level as 

atmospheric fluxes from two saturated buffer zones in Iowa (0.30 to 0.40 g N m-2 year-1) (Davis et al., 2019).  

The ratio between the N2O emitted per NO3
- reduced (N2O:NO3

-) is commonly used to 

compare the overall effect on N2O fluxes of different mitigation measures, even though the removal 

efficiency might introduce additional uncertainty. In our study, there was a substantial difference between 

the two IBZs, one of the IBZs acting as a net sink of N2O with high NO3
- removal efficiency and the other as 

a net source of N2O with a lower NO3
- removal efficiency. Compared to other mitigation measures treating 

drainage water, the N2O:NO3
- of the IBZs was in the lower end (Table A4). The ratio was within the range 

reported from streams (Table A4). Not all studies included both atmospheric and waterborne N2O losses, and 

our study demonstrates that very different conclusions would have been drawn if only one of the transport 

paths had been included in our analysis. This was also demonstrated by Bruun et al. (2017) and Warneke et 

al. (2011) where most of the N2O was lost as waterborne fluxes.  
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4.3 Methane fluxes 

The two IBZs acted as net sources of CH4. At the clayey site (IBZ1) with less infiltration of water though the 

filterbed, the main transport mechanism was direct emission to the atmosphere, while waterborne losses from 

the filterbed dominated at the sandier site (IBZ2) with high water infiltration rates. At the site with less 

infiltration, the atmospheric fluxes from the pond were likely driven by ebullition of CH4 produced in the 

sediment as indicated by that CH4 concentrations in the water were relatively low and emergent vegetation 

was very sparse. The ponds were dominated by phytoplankton, which for shallow lake mesocosms have been 

shown to promote ebullition (Davidson et al., 2018). On the contrary, the pond was often dominated by 

dense mats of free floating species, which might decrease the diffusive CH4 flux and entrap part of the 

ebullitive CH4 increasing the possibility of CH4 oxidation (Kosten et al., 2016). However, the flux in our 

study was only quanitified for open water surfaces. The filterbeds had significantly higher CH4 

concentrations compared to the inlets. This might be ascribed to the low NO3
-concentrations prevailing in the 

filterbed, as in NO3
-rich systems methanogens can be either outcompeted by denitrifiers or intoxicated by the 

intermediate products linked to denitrification (Klüber and Conrad, 1998).The presence of other TEAs such 

as SO4
2- did not seem to completely outcompete the methanogens in the filterbed. This co-occurrence of 

processes has earlier been suggested to be caused by the existence of micro-sites with different redox status 

(Ghane et al., 2015, Rivas et al., 2020, Carstensen et al., 2019).  

The atmospheric flux from the filterbed was relatively low considering the high CH4 concentrations 

measured in the filterbed. This could imply that part of CH4 was oxidised by methanotrophs in aerobic zones 

such as the rhizosphere and upper layers of soil in the alder-planted filterbed (Huth et al., 2018), and also 

other emergent plants might facilitate this oxidation (Bridgham et al., 2013, Thiere et al., 2011). Opposing 

this, studies have found that plants and trees can increase the passive flux of CH4 to the atmosphere (Whiting 

and Chanton, 1993, Garnett et al., 2020, Gauci et al., 2010) . The emission of CH4 via the stems of alder 

were not considered in our study and not all plant communities were represented in the sampling frames. In 

mature alder trees Gauci et al. (2010) found that CH4 emission via stems was 20% of the measured CH4 flux 

from the surface of spring fed peat soil. Köhn et al. (2020) found that the contribution of stem emission was 

somewhat lower and never exceeded 0.26% of the total CH4 flux to the atmosphere. It cannot be excluded 
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that potential hotspots or hot moments of CH4 emission were not captured in our study, which is also the 

case for N2O. We expected that the flux would be highest during summer due to higher temperatures, low 

TEA loading and long HRT, but despite the particular warm summer and low inflow in 2018, the flux 

showed no distinct seasonal variation. However given the many interrelated processes and the few sampling 

occasions, this result was not unexpected. The fate of the CH4 leaving the filterbed and infiltrating the 

riparian zone needs to be investigated, although we expect that there is a higher possibility of CH4 oxidation 

compared to constructed wetlands where water is leaving through a pipe. Even though the establishment of 

IBZ saturates the riparian zone, potentially creating favorable conditions for methanogenesis, the aerobic 

zone above is expected to mitigate the CH4 emission (Audet et al., 2013b, Couwenberg et al., 2011). 

Compared to other measures aimed to mitigate the N loss from agriculture such as subsurface 

constructed wetlands, the atmospheric and waterborne CH4 flux from the IBZs ( 8 to 37 g C m  year  and 

14 to 64 g C m-2 year-1, respectively) was considerably lower than both atmospheric and waterborne fluxes 

from denitrifying bioreactors (48 to 1121 g C m-2 year-1 and 261 to 516 g C m-2 year-1, respectively)  (Bruun 

et al., 2017). This was also the case for waterborne fluxes from a streambed denitrifying bioreactor (108 g C 

m-2 year-1) (Elgood et al., 2010). The annual atmospheric flux from the IBZs was in the same range as the 

annual fluxes of CH4  year )  (Audet et al., 2013b) and 

newly restored wetlands in Denmark  year ) (Audet et al., 2013a). The IBZ flux was, 

however, higher compared to the estimate of 2 g C m  year  from five European rivers (0.001 to 10 g 

C m  year )  (Saarnio et al., 2009).  

 

5 Conclusion 

In this study, we present results from two 3-year old pilot-scale IBZ facilities that have earlier been 

investigated by Zak et al. (2018) during the first year after their establishment. This study confirms that IBZs 

can reduce N losses in areas with systematically drained fields by reconnecting water and the riparian zone. 

The results show that to achieve a high N removal efficiency the flow throught the filterbed should be as 

homogenous as possible and the fraction of incoming water infiltrating the filterbed should be high. The 
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establishment of preferential flow paths within the IBZ can impair the N removal efficiency. Furthermore, it 

was shown that N can be removed without having high N2O fluxes and that IBZs might even act as a sink of 

N2O. However NO3
- limited conditions in the filterbed can led to adverse effects, and in our case CH4 was 

produced in the filterbed. The atmospheric CH4 flux indicated that part of the produced CH4 was oxidized, 

which might be due to that the emergent plants and trees in the filterbed facilitated favorable conditions for 

methanotropic bacteria or reduced ebulition. The fate of the waterborne loss of CH4 leaving via the riparian 

zone warrant further research. The study showed that when evaluating GHG emission from such systems 

both atmospheric and waterborne fluxes should be quantified. The importance of the emission paths differed 

considerable between the two sites and was mainly controlled by the flow. It might not be possible to 

completely avoid these adverse effects, but it is possible to reduce them through design and planning. In the 

future it is important to include GHG along with other central aspects such as phosphorus balances when 

comparing and selecting mitigation measures.  
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Figure 1. Overview of the two integrated buffer zones (IBZ) consisting of a pond and an inundated filterbed 

planted with alder trees, including seven transects (T1-T7) and locations of sampling. 

 

 

 
Figure 2. Drain water discharge to the pond via the inlet (Inflow), the volume of stored water (Volume), 

infiltration to the filterbed (Infiltr.) and preferential flow (Pref. flow) in the integrated buffer zones. Arrows 

mark the sampling occasions.  
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Figure 3. Loading of total nitrogen (TN) via inlet, loss of TN via overflow pipe and preferential path, TN 

removal in pond and filterbed, sedimentation, plant uptake (submerged, emergent and floating) of the 

integrated buffer zones. Unit: g m-2 IBZ yr-1. 

 
Figure 4. Nitrate (NO3

-) versus nitrous oxide (N2O) concentrations of the incoming drainage water. 

Jo
ur

na
l P

re
-p

ro
of

Journal Pre-proof



PhD thesis by Mette Vodder Carstensen

 
Figure 5. Atmospheric fluxes of nitrous oxide (N2O) from pond and filterbed. Red symbols are 

measurements from the pond, black symbols are measurements from the filterbed. 
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Figure 6. Atmospheric fluxes of methane (CH4) from pond and filterbed. Red symbols are measurements 

from the pond, black symbols are measurements from the filterbed. 
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Table 1. The annual waterborne flux (water) and atmospheric flux (atm) of N2O and CH4 measured in static 

and floating chambers and calculated for the pond of IBZ2. 

*Based on gas transfer coefficient from IBZ1 pond 
**Based on gas transfer coefficient from eq. 3. 

    N2O N2O CH4 CH4 
  (water) (atm) (water) (atm) 
  g N m-2 yr-

1 
g N m-2 

yr-1 
g C m-2  

yr-1 
g C m-2  

yr-1 
IBZ1 Pond 0.01 0.28 0.4 43.3 

 Filter -0.03 0.47 14.3 29.1 

 Total -0.02 0.38 14.7 36.6 

IBZ2 Pond -0.11 0.25* 0.1 13.4** 

 Filter -0.20 0.35 63.3 3.0 

 Total -0.31 0.30 63.4 8.2 
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Table 2. Results from the regression analysis of waterborne and atmospheric N2O flux from the filterbeds 
and of atmospheric CH4 flux from the filterbeds. Df= degrees of freedom, b is the estimate of the slope, std= 
standard deviation. 

 Depend parameter Independ parameter F df r2 b  std p 

IBZ1 N2O flux N2O load to filterbed 15.7 8 0.62 2.6 ± 0.6 0.004 
IBZ2 N2O flux N2O load to filterbed 35.7 5 0.85 0.7 ± 0.1 0.002 
IBZ1 CH4 flux SO4

2- concentration pond 8.7 8 0.46 -0.016 ± 0.005 0.019 
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Abstract

Drainage systems provide a more or less direct conduit for excess 
water and nutrients from fields to surface water. High nutrient 
loads to streams and lakes are known to adversely affect water 
quality and may potentially cause algae blooms. Therefore, 
in-field as well as edge-of-field mitigation measures that can 
assist in reducing the loss of nutrients are needed. The aim of 
this study was to investigate the effectiveness and possibility of 
using controlled drainage during the drainage season to reduce 
nutrient losses while growing a winter crop in a temperate 
climate. The 3-yr-long (2012–2015) study was conducted on four 
experimental field plots on loamy soil. The impacts of controlled 
drainage on groundwater levels, drain flow, and water quality at 
regulation levels of 50 and 70 cm above the conventional drain 
pipe level were determined by using a before-after control-
impact study design. A regulation level of 70 cm was required 
to significantly elevate groundwater levels and reduce the 
drain outflow and N and P loss, which decreased by 37 to 54%, 
38 to 51%, and 43 to 46%, respectively, relative to conventional 
drainage levels. Denitrification in the root zone, as measured with 
stable isotopes, was not markedly enhanced at the plots with 
controlled drainage, except on a few occasions. Resetting the 
groundwater level to conventional levels in early spring only had 
a marginal influence on water and nutrient losses. Thus, potential 
water quality tradeoffs (e.g., increased N loss to groundwater) 
need to be more thoroughly investigated before implementing 
controlled drainage as a mitigation measure in Denmark.

Controlled Drainage as a Targeted Mitigation Measure for Nitrogen 
and Phosphorus

Mette V. Carstensen,* Christen D. Børgesen, Niels B. Ovesen, Jane R. Poulsen, Søren K. Hvid, and Brian Kronvang

Subsurface drained and intensively farmed agricultural 
land is associated with high amounts of water and nutrients, 
especially NO3

−–N, which are transported directly from the 
root zone of the fields to nearby streams. This minimizes the natural 
retention capacity of the landscape such as NO3

−–N reduction via 
denitrification. This enhanced nutrient loss further entails the risk 
of eutrophication of freshwater and coastal water bodies, which may 
lead to hypoxia (Rivett et al., 2008). Therefore, there is an urgent need 
for introduction of mitigation measures that can reduce the loss of N 
and P from agriculture (Bouraoui and Grizzetti, 2014, Schoumans 
et al., 2014). One such measure is controlled drainage (CD), which 
is a groundwater management technique where the groundwater 
is elevated either during specific seasons (e.g., winter) or the entire 
year. Controlled drainage has received much attention during the 
last decade, especially in the United States (Skaggs et al., 2012) and 
the Nordic countries (e.g., Sweden and Finland; Wesström and 
Messing, 2007). Most of the conducted studies ascribe the decreased 
NO3

−–N loss to reduced drain flow, but a few studies ascribe it to 
a combination of reduced drain flow and enhanced denitrification 
(Gilliam et al., 1979; Lalonde et al., 1996; Wesström et al., 2001). 
Denitrification, which requires anoxic conditions, can potentially be 
enhanced by CD as an elevated groundwater table in a field leaves 
a larger proportion of the soil column saturated, promoting anoxic 
conditions (Knowles, 1982). Denitrification can be detected using 
the two stable isotope ratios 15N/14N and 18O/16O of NO3

−–N as 
microbes prefer light isotopes over heavy isotopes (Kendall et al., 
2007). Thus, denitrification creates a distinct relationship between 

15N and 18O around 0.5 to 1 in the remaining pool of NO3
−–N 

(Aravena and Robertson, 1998; Mengis et al., 1999; Fukada et al., 
2003; Sigman et al., 2005; Granger et al., 2008; Li et al., 2014).

Another less intensively studied aspect of CD is the effect on 
P (Ross et al., 2016), and studies have shown promising results 
with P retention from 40 to 95% compared with conventional 
drainage levels. However, it is a concern that CD might increase 
dissolved PO4

3− loss as reduced conditions can lead to PO4
3− 

desorption from hydrous iron oxides if Fe3+ is reduced to Fe2+ 
(Kadlec and Wallac, 1996).

The aims of this study were to investigate (i) if CD can assist in 
reducing N and P losses to surface waters during the winter period 

Abbreviations: BACI, before-after control-impact; CD, controlled drainage; d.l., 
detection limit; TN, total nitrogen; TP, total P.
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when growing winter wheat (Triticum aestivum L.), (ii) the factors 
responsible for N and P reduction, and (iii) if lowering of ground-
water levels to conventional levels to enable fields operations will 
result in excess loss of N and P from the field plots with CD.

Materials and Methods
Study Area

The experimental site was located in Odder municipality, 
Denmark (55 55 01.2  N, 10 10 54.5  E), and consisted of 
four adjacent systems, which each drained ?1 ha with three to 
five lateral drainage pipes placed at ?15-m intervals at 1.1-m 
depth (Fig. 1). A description of the study can also be found in 
Carstensen et al. (2016).

A measuring well and a regulation well with a riser determin-
ing the regulation level (the targeted elevation of the groundwater 
level above the conventional drainage level) were installed on each 
plot. The study was conducted during the main drainage periods 
(September to April) in 2012 to 2015. Controlled drainage was 
not applied during the first period, 2012–2013 (Y0), which served 
as a reference (Supplemental Table S1). In 2013–2014 (Y1) and 
2014–2015 (Y2), CD was introduced at two plots (CDP1 and 
CDP2), whereas the two remaining plots served as references 
(RP1 and RP2). In Y1 on 22 Nov. 2013, the regulation levels of 
the wells at CDP1 and CDP2 were set to 50 cm above the con-
ventional drain depth; however, at CDP1, the regulation level was 
increased to 70 cm on 28 Jan. 2014 after a midway evaluation had 
revealed no significant effect by CD on the groundwater level. To 
ensure field trafficability, the groundwater levels were reset to the 
conventional level by removing the riser in the regulation well in 
spring (11 Mar. 2014). In Y2 on 27 Oct. 2014, the regulation level 
was set to 70 cm at both CDP1 and CDP2, and the regulation 
level was reset to the conventional level on 9 Mar. 2015.

The soil texture analysis showed that the root zone (1-m depth) 
of the plots was characterized by silty loam and loam (USDA 
classification) with an average clay, silt, and sand content of 14.9 

 3.7, 21.6  6.0, and 59.5  7.8%, respectively (Supplemental 
Table S2). The soil C content was 1.7 to 1.8% C in the AP horizon 
(0–27 cm) on all plots (Supplemental Table S3). At CDP2, the C 
content was low (<0.16%) in the remainder of the profile, whereas 
RP1 and RP2 had a C horizon (95–110 cm) with 2% C and a 
high chalk content (7.3 to 15.5%). At CDP1, an interglacial lake 
deposit with a high humus and C content (6% C) was found at 
approximately 120- to 130-cm depth.

Field management practices during the 3-yr study period 
involved cropping of winter wheat sown in mid-September and 
harvested the following year in late August (Supplemental Table 
S4). The yields of each plot were recorded by a combined har-
vester. Mineral fertilizer was applied twice, in March–April (103 
to 200 kg ha−1) and in April–May (100 to 215 kg ha−1), followed 
by spraying of pig slurry in the beginning of May (18 to 36 tons 
ha−1). Plots CDP1, CDP2, and RD1 were part of the same field 
and were treated similarly, whereas RD2 was part of another field 
and was treated only slightly different during the study period. In 
the year prior to the experiment (2011), winter wheat was grown 
at RP2, whereas spring barley (Hordeum vulgare L.) was grown 
at the other plots. This implied that N concentrations were con-
siderably lower at RP2 in Y0 and the N measurements from this 
plot were therefore omitted from the analysis in Y0, and the plot 
could not be used as a reference.

Sampling and Chemical Analysis
Weekly grab samples of drain water were taken from each 

measuring well and filtered through a 0.45- m filter within 
24 h. The water samples were stored in the dark at 3 C and ana-
lyzed within 2 wk. Concentrations of NO3

−–N, total N (TN), 
NH4

+–N, and SO4
2− were determined by ion chromatography 

using a Dionex ICS-1500. The NO3
−–N, SO4

2−, and NH4
+–N 

were analyzed according to ISO 10304/1 (ISO, 2009; detection 
limit [d.l.] = 0.050 mg L−1) and ISO 11732 (ISO, 2005; d.l. = 
0.010 mg L−1), respectively. Total N analysis followed ISO 12260 
(ISO, 2003) and was conducted using a total organic C analyzer, 
Shimadzu TOC-L, with a TN measuring unit. Total P (TP) and 
PO4

3− were analyzed according to ISO 6878 (d.l. = 0.0005 mg 
L−1), and the spectrophotometric analysis was conducted on a 
Shimadzu UV-1700. During the first hour after the regulation 
level was reset in Y1 (11 Mar. 2014), samples of PO4

3− and TP 
were taken every 20 to 30 min with an ISCO sampler at CDP1 
and CDP2. In the following week, daily composite samples of 
PO4

3− and NO3
−–N consisted of a sample collected hourly.

Water Monitoring
Groundwater levels were monitored continuously at one site at 

each plot by a pressure transducer, MadgeTech Level 2000 (accuracy 
of 0.3%), located in the piezometer pipes placed closest to the reg-
ulation well (Fig. 1). The piezometer pipes had no filter pack, which 
caused periodical clogging of screens, especially at CDP2, and the 

Fig. 1. Overview of the four drainage systems at the experimental site located in Odder, Denmark, with two controlled drainage plots (CDP1 and 

CDP2) and two reference plots (RP1 and RP2). The drainage systems covered ?1 ha each and had a depth of 110 cm.
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continuously measured groundwater levels at CDP2 consequently 
had to be omitted from the analysis. Groundwater levels were also 
monitored in the rest of the plot in eight to nine piezometer pipes 
(Supplemental Fig. S1). In these piezometer pipes (equipped with 
filter packs), groundwater levels were monitored manually with a 
water level meter, Solinst 101 (accuracy of 0.3 cm), one to four 
times per month. Drain flow was monitored using an electromag-
netic flow meter, Waterflux 3000 (accuracy of 0.3%), recording 
every 10 min, and a converter, IFC 100, placed in each measuring 
well. Groundwater storage change was calculated as the difference 
between the groundwater level at the beginning and at the end of 
the each drainage season multiplied by the drainable porosity of the 
soil. Weather data were obtained from the Danish Meteorological 
Institute as a 10-km  10-km grid covering the experimental site 
and were corrected following Allerup and Madsen (1980).

Statistical and Data Analysis
A before-after control-impact (BACI) design was used to 

determine if CD had a significant impact on drain flow, ground-
water levels, and water quality (Stewart-Oaten et al., 1986). The 
statistical model for the BACI analysis was fitted using a repeated 
measures generalized linear mixed model in SAS-STAT 9.4 (SAS 
Institute, 2013). Plots and date were considered random effects. 
Data were log transformed before analysis and drain flow was 
transformed by log(y + 1) due to the presence of null values (Box 
and Cox, 1964). The model to be fit was

log   Treatment Plot  Period Date  

Treatment Period Plot Date

Y R R
R  

[1]

where Period is before or after, Treatment is control or impact, 
Plot is the random (R) site effect within treatment, and Date is 
the sampling dates within each period.

For each test, the BACI effect (BE), indicating the size of the 
difference, was calculated as

BE = (XCA − XCB) − (XIA − XIB) [2]

where X is the mean of the constituent analyzed, C is controlled, 
B is before, A is after, and I is impacted.

Daily values of nutrient concentrations were obtained by linear 
interpolation of the weekly measured values. Daily loss was calcu-
lated by multiplying the daily drain flow by daily concentrations.

The percentage changes in drain outflow and nutrient con-
centrations and losses were calculated by first establishing the 
ratios between impacted (CDP1 and CDP2) and reference plots 
(RP1 and RP2) in Y0. These ratios and the measured values at 
RP1 and RP2 in Y1 and Y2 were used to predict the drain out-
flow and nutrient loss at CDP1 and CDP2 in Y1 and Y2. The 
percentage change at CDP1 and CDP2 was calculated as the dif-
ference between the predicted and the observed loss.

Isotope Analysis of 15N and 18O in Nitrate in Drain Water
Stable isotope analysis of 15N and 18O in NO3

− was conducted 
to detect denitrification. For the analysis, five and six grab samples 
of drain water from Y1 and Y2 were selected from each plot, rep-
resenting scenarios with low and high water flow. The samples were 
stored in the dark at 3 C and filtered within 24 h (0.45- m filter). 
Thereafter, the samples were stored frozen using dry ice until isotope 

analysis at the Stable Isotope Facility at the University of California, 
Davis, according to the denitrifier method (d.l. of 0.4‰ for 15N/14N 
and 0.5‰ for 18O/16O; Sigman et al., 2001; Casciotti et al., 2002; 
Stable Isotope Facility, 2015). Isotope ratios of 15N and 18O were 
measured using a ThermoFinnigan gas bench and a PreCon trace 
gas concentration system interfaced to a ThermoScientific Delta 
V Plus isotope-ratio mass spectrometer. The results were cali-
brated with the international reference standards USGS 32, 34, 
and 35 from the National Institute of Standards and Technology, 
Gaithersburg, MD. Values were reported in parts per thousand 
(‰) relative to atmospheric N2 and Vienna Standard Mean Ocean 
Water (VSMOW) for 15N and 18O:

sample standard15 18

sample
standard

N or  O ‰ 1000
R R

R  
[3]

where R is the ratio of the heavy to light isotope (e.g., 15N/14N 
or 18O/16O).

Linear regression analysis of 18O and 15N was conducted for 
each plot and year. Rayleigh fractions could not be used to differen-
tiate fractionation from mixing due to the narrow data range, and 
we therefore used additional tracers such as time series of NO3

−–N, 
NH4

+–N, and SO4
2− concentrations and the relationship between 

NO3
−–N and 15N to support the stable isotope analyses.

Results
Hydrology

The annual precipitation in Y0, Y1, and Y2 was 783, 680, and 
823 mm yr−1, which were within 12% of the 25-yr average of 733 

 8 mm yr−1 (1989–2014). The drain flow and groundwater tables 
fluctuated in response to precipitation (Fig. 2A and 2B). In Y0 and 
Y1, precipitation events occurred primarily in November and the 
beginning of December, whereas in Y2, precipitation occurred 
during the entire drainage season (Fig. 2B). Thus, the groundwater 
tables were higher and fluctuated more in Y2 than in Y0 or Y1.

The groundwater table was naturally shallow and above drain-
age depth at all plots during the major part of the study period 
(Fig. 2B). The implementation of CD significantly elevated the 
groundwater table within 25 m from the regulation well at CDP1 
in both Y1 and Y2 (Table 1). However, in Y1, the groundwater 
table rose significantly only after adjusting the regulation level 
from 50 to 70  cm on 28 Jan. 2014. The difference between the 
groundwater table at CDP1 and RP1 was more pronounced in Y2 
than in Y1 (Table 1). The greatest differences (up to 39 cm) were 
measured during dry periods, whereas during precipitation events, 
the groundwater table at RP1 reached the same level as at CDP1.

The spatial monitoring of groundwater levels within the plots 
showed that the extent of the area with significantly elevated 
levels was larger in Y2 than in Y1, now including the most north-
ern and southern parts of CDP1 and CDP2 (Supplemental 
Table S5, Supplemental Fig. S1). However, the average differ-
ences in groundwater levels at plots with and without CD were 
generally very small, and the groundwater levels showed a high 
degree of variability within the plots (Supplemental Fig. S2–S5). 
The groundwater storage change was positive during all drain-
age seasons, and no difference could be traced between CD and 
reference plots (Table 2). The harvest yield of winter wheat from 
plots with CD was more or less the same as the harvest yield from 
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plots without CD in both Y1 and Y2; thus, no influence of CD 
on yields could be documented (Supplemental Table S4).

The drain flow was similar in magnitude and duration at all 
plots in Y0, reflecting the high degree of similarity between the 
plots (Fig. 2A). Compared with the reference plots, the drain 
flow from the CD plots was significantly reduced in both Y1 

and Y2 (Table 1). The reduction was 11 and 5% (17 and 8 mm, 
respectively) at CDP1 and CDP2 in Y1 and 37 and 54% (90 and 
124 mm) at CDP1 and CDP2 in Y2 (Table 2). The implementa-
tion of CD also resulted in a delay of the drain flow of ?1 mo 
from at the plots with CD compared with the reference plots 
(Fig. 2A). The drain flow from the plots with CD also tended 

Fig. 2. (A) Drain flow, (B) continuously monitored groundwater levels, (C) NO
3

−–N, and (D) PO
4

3− concentrations in drain water at plots with controlled 

drainage (CDP1 and CDP2) and reference plots (RP1 and RP2) during Y0 (2012–2013), Y1 (2013–2014), and Y2 (2014–2015). b.s. = below surface.
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to cease during periods with low precipitation, while water still 
ran from the drains at the reference plots. During precipitation 
events, the peaks in drain flow at the CD plots were almost simi-
lar to those at the reference plots.

Drain Water Nitrogen Concentrations and Losses
The mean concentration of NO3

−–N in drainage water ranged 
from 6.8  2.7 to 8.2  1.4 mg L−1 in Y0 (Fig. 2C, Supplemental 
Table S6). There was no significant difference between NO3

−–N 
concentrations in drainage water from the CD plots compared 
with the reference plots (Table 1).

During Y1, the loss of NO3
−–N with drainage water decreased 

by 23% (3.1 kg NO3
−–N ha−1) and 1% (0.1 kg NO3

−–N ha−1) 
at CDP1 and CDP2, respectively, relative to the ratio between 
CD and reference plots during Y0 (Table 2). During Y2, the 
NO3

−–N loss via drain water declined by 38 and 51% (6.7 and 
8.5 kg NO3

−–N ha−1) at CDP1 and CDP2.
In Y1, the loss of TN via drainage water decreased by 26% 

and increased by 1% at CDP1 and CDP2, respectively, whereas 
in Y2, the reduction of TN was 34 and 45%. About 95 to 98% of 
the TN loss via drainage flow occurred in the form of NO3

−–N 

in Y0, and the proportion was 85 to 93% in Y1 to Y2 due to a 
higher fraction of organic N.

Isotope Analysis of 18O and 15N of Drain Water Nitrate
The 15N values were within the same range at the CD and the 

reference plots during Y1 and Y2, except for one enriched value of 
13.8‰ recorded at CDP1 on 4 Feb. 2014 (Fig. 3). On this date, 
also the 18O value was enriched (4.3‰). Otherwise, the 18O 
values (0.7–2.6‰) were within the same range at the CD and 
reference plots in Y1 and Y2, although they tended to be slightly 
more enriched in Y2 than in Y1. The linear relationship between 

18O and 15N ranged from 0.54 to 1.01 at CDP1–2 and RDP1, 
indicating that denitrification was the dominant fractionation pro-
cess, whereas the relationship ranged from 0.41 to 1.27 (Fig. 3) at 
RP2. However, omitting the particularly enriched values measured 
on 4 Feb. 2014 at CDP1, the 18O and 15N of NO3

−–N were not 
distinctively enriched (slope = 0.13, R2 = 0.02, p = 0.85) in Y1. 
On this date, an increase of both NH4

+–N and SO4
2− concentra-

tions in the drainage water from CDP1 was observed, while the 
NO3

−–N concentration simultaneously decreased (Supplemental 
Fig. S6 and S7). The strong negative correlation between 15N 

Table 1. Before-after control-impact (BACI) test of the treatment  period interaction for hydrological parameters and nutrients in drain water for Y1 

(2013–2014) and Y2 (2014–2015) compared with the reference period Y0 (2012–2013) monitored at plots with controlled drainage (CDP1 and CDP2) 

and reference plots (RP1 and RP2). Only dates with measurements from all plots are included.

Parameter Plots Period Unit of BE† BE n‡ df F value p
Drain flow CDP1–2, RP1–2 Y1 mm 0.14 8 536 65.3 <0.0001*

CDP1–2, RP1–2 Y2 mm 1 8 545 395.7 <0.0001*
Groundwater level§ CDP1, RP1 Y1 cm 0.6 4 140 6.4 <0.05*

CDP1, RP1 Y2 cm 8.7 4 205 49.9 <0.0001*
Total N CDP1–2, RP1 Y1 mg L−1 1 6 69 2.1 0.15

CDP1–2, RP1 Y2 mg L−1 −0.5 6 78 2.8 0.10

NO3 -N CDP1–2, RP1 Y1 mg L−1 0.6 6 69 1.7 0.20
CDP1–2, RP1 Y2 mg L−1 −0.4 6 80 0.8 0.36

NH4
+-N CDP1–2, RP1 Y1 mg L−1 −0.012 6 63 0.5 0.50

CDP1–2, RP1 Y2 mg L−1 −0.006 6 78 0.2 0.64

PO4
3 CDP1–2, RP1–2 Y1 mg L−1 b.d.l.¶ 8 101 0.1 0.82

CDP1–2, RP1–2 Y2 mg L−1 b.d.l. 8 116 1 0.33

* Significant at the 0.05 probability level.

† BE, BACI effect. BE = (XCA − XCB) − (XIA – XIB), where X is the mean of the relative constituent, B is before, A is after, C is control (reference plots), and I is 
impact (plots with controlled drainage).

‡ n, number of samples.

§ Continuously monitored groundwater levels.

¶ b.d.l., below detection level.

Table 2. Precipitation, drain flow, groundwater storage change ( GW), and total losses of nutrients via drainage water during Y0 to Y2 at plots with 

controlled drainage (CDP1 and CDP 2) and reference plots (RP1 and RP2).

Parameter Unit
Y0 (2012–2013) Y1 (2013–2014) Y2 (2014–2015)

CDP1 CDP2 RP1 RP2 CDP1 CDP2 RP1 RP2 CDP1 CDP2 RP1 RP2

Precipitation mm 263 263 263 263 226 226 226 226 307 307 307 307
Drain flow mm −166 −157 −163 −174 −135 −136 −150 −158 −151 −104 −245 −244

GW mm 34 36 30 20 5 12 26 4 27 13 18 7
Total N kg ha−1 14 13 15 11† 11 14 16 13† 13 9 22 20†

NO3 -N kg ha−1 14 13 15 11† 10 12 14 12† 11 8 19 20†
NH4

+-N g ha−1 13 27 26 28† 8 5 6 6† 8 5 16 13†
Total P g ha−1 44 13 23 46 9 4 6 6 46 13 53 61

PO4
3 g ha−1 16 9 12 19 6 5 7 8 13 6 16 27

Particulate P g ha−1 25 3 10 2 5 1 1 1 30 7 29 32

† Values were omitted from the data analysis, as RDP2 could not be used as a reference due to different field management practices in 2011–2012.
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and NO3
−–N (R2 = 0.57–0.98) at CD plots and RP1 in both Y1 

and Y2 supported the suggestion that the NO3
−–N reduction 

was caused by denitrification, although the signal was somewhat 
weaker in Y2 (R2 = 0.39) at RP2.

Drain Water Phosphorus Concentrations and Losses
The mean concentration of PO4

3− in the drain water was gen-
erally very low, ranging from 0.005  0.002 to 0.008  0.003 mg 
L−1 during Y0 (Fig. 2D, Supplemental Table S6). The PO4

3− con-
centrations were not significantly affected by CD in either Y1 or 
Y2 (Table 1).

During Y1, the total loss of PO4
3− via drainage water 

decreased by 26% (1.7 g P ha−1) at CDP1 and increased by 
9% (0.6 g P ha−1) at CDP2 relative to the ratio between CD 
and reference plots during Y0 (Table 2). In Y2, the PO4

3− loss 
from CDP1 and CDP2 decreased by 41 and 51% (9.6 and 7.2 g 
ha−1), respectively. In Y1, the loss of TP increased by 5 to 57% 
from the CD plots compared with the reference plots, whereas 
in Y2, the TP loss declined by 43 to 46% at the CD plots. The 
loss of PP was higher from both CD plots compared with the 
reference plots in Y1, whereas in Y2, it was only higher from 
CDP2. During Y0, PO4

3− and PP constituted 36 to 69% and 
23 to 57%, respectively, of TP.

Resetting the Regulation Level
The elevated groundwater levels at plots with CD had to be 

reset to conventional drainage depth during spring and summer 

to allow fields operations. When resetting the groundwater 
level, water and nutrients stored in the soil might be released. 
In Y1 and Y2, the water stored in the root zone and drain pipes 
was released within 10 min (Fig. 4). In Y1, the drain flow was 
1 mm higher from the CD plots than from the reference plots 
during the first week (Supplemental Table S7). In Y2, the drain 
flow was the same for CDP1 and the reference plots, although 
it was 2 mm higher from CDP2.

During the first week after resetting the drainage level in Y1, 
the losses of NO3

−–N, TP, and PO4
3− from the CD plots were 

higher than from reference plots (Supplemental Table S7). In 
Y2, the losses of TP and PO4

3− were also higher from the CD 
plots than from the reference plots, whereas for NO3

−–N, the 
loss was slightly lower from CDP1.

Discussion
Impact of Controlled Drainage on Hydrology

The groundwater level was naturally shallow at all plots; 
therefore, a regulation level of 70 cm was required to produce 
a significant groundwater level increase at plots with CD. 
The difference in groundwater level between plots with and 
without CD was largely driven by the climate and was great-
est during dry periods. However, the average difference was 
small, even adjacent to the regulation well (on average 8 cm). 
In addition, the difference diminished with increased distance 
to the regulation well. However, it must be kept in mind that 
the piezometer pipes were located between drain pipes, and it 
is possible that the effect of CD was greater just above the tile 
drain pipes, as the groundwater level increases with increasing 
distance to the drain pipes at fields with traditional drainage 
systems (Twitty and Rice, 2001).

The implementation of CD did not affect the harvest yield of 
winter wheat, which corroborates the findings of other studies on 
CD, although different crops were investigated in these studies 
(corn [Zea mays L.] and soybean [Glycine max (L.) Merr.]; Tan et 
al., 1999; Fausey, 2005; Drury et al., 2009). However, in a Swedish 
study, Wesström and Messing (2007) found a 2 to 18% higher 
yield of spring crops (barley, oats [Avena sativa L.], and wheat) due 
to greater N uptake when applying CD during all seasons.

The drain flow reduction of 6 to 54% found in this study is in 
agreement with the findings of 8 to 64% reductions in other field 
studies conducted on silt and clay loam (Tan et al., 1999; Gaynor 
et al., 2002; Drury et al., 2009; Fang et al., 2012; Sunohara et 
al., 2014; Williams et al., 2015). The effect of CD was clearly 
strongest at the highest regulation level (70 cm), which agrees 
with earlier studies (Evans et al., 1995; Wesström and Messing, 
2007). In our study, only 50 to 75% of the plot was influenced 
by CD when the regulation level was 50 cm, whereas 100% of 
the plot was influence by CD when the level was 70 cm. Besides 
the regulation level, climate had a strong impact on the effect of 
CD on the drain flow, which was smaller or even absent in wet 
periods during Y2. Wesström and Messing (2007) also found a 
lower effect of CD in wet than in dry years. Thus, even though 
Y2 was drier than Y1 in our study, the effect of CD on drain 
water reduction was greater in Y2 (37 to 54%) than in Y1 (5 to 
11%) due to the higher regulation level in Y2.

We expected a considerable release of drainage water and dis-
solved nutrients when resetting the regulation level at the CD 

Fig. 3. 18O vs. 15N of NO
3

−–N in drain water with 95% confidence 

intervals at plots with controlled drainage (CDP1 and CDP2) and 

reference plots (RP1 and RP2) during Y0 (2012–2013), Y1 (2013–2014), 

and Y2 (2014–2015). * Significant relationship.
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plots in spring due to the higher storage capacity. However, this 
was not the case, the outflow from the CD plots being either only 
slightly higher or similar to the reference plots in Y1 and Y2. 
However these results support the finding that the effect of CD 
on groundwater levels was not as great or extensive as expected.

The water not leaving the field as drain flow can be lost 
through evaporation, surface runoff, storage, lateral subsurface 
flow, vertical seepage, and/or groundwater storage (Wesström et 
al., 2001; Skaggs et al., 2010). The importance of these pathways 
depends on climate, soil properties, site conditions, drainage 
system design and management, and crops (Skaggs et al., 2010). 
Only a few studies have investigated how CD alters the water 
pathways (Sunohara et al., 2014; Rozemeijer et al., 2016). In this 
study, we expected no increase in evaporation due to the study 
season (winter), and surface runoff was not observed during 
the entire study period. Using the three-dimensional model 
DRAINMOD, Sunohara et al. (2014) found that after imple-
mentation of CD on a silt loam in Ontario, the lateral flow to 
an adjacent field was the flow component increasing the most, 
followed by flow directly to the ditch and vertical percolation.

Factors Affecting Nitrogen Loss via Drainage Water
The loss of NO3

−–N via drainage water can either be low-
ered by reducing the drain flow or the NO3

−–N concentration. 
The NO3

−–N concentration in drainage water was not signifi-
cantly reduced at the plots with CD regardless of the regula-
tion level. However, in Y1, the stable isotope analysis and time 
series of NO3

−–N, NH4
+ and SO4

2− concentrations provided 
evidence of enhanced denitrification at CDP1. The decrease 
of NO3

−–N and increase of SO4
2− concentrations indicated 

autotrophic denitrification, whereas the increase of NH4
+ 

might be ascribed to NH4
+ release from the organic matter 

used in heterotrophic denitrification or, possibly, dissimilatory 
NO3

−–N reduction to NH4
+. Also NO3

−–N reduction (23%) 
was higher than the drain flow reduction (11%), and the mean 
NO3

−–N concentration of drain water was considerably lower 
in CDP1 than in to the reference plots. Thus, the results for 
Y1 suggest that denitrification contributed to NO3

−–N reduc-
tion at one of the plots. Only a few studies have found reduc-
tion of the NO3

−–N concentration in drain water (Lalonde et 
al., 1996; Drury et al., 2009; Ramoska et al., 2011, Sunohara 
et al., 2014). Ramoska et al. (2011) recorded a 5 to 13% lower 
annual mean NO3

−–N concentration in drainage water, and 
Drury et al. (2009) found a 28% decrease in flow-weighted 
mean NO3

−–N during low N fertilizer application and a 7% 
increase at high N fertilizer application.

In contrast with Y1, the reduction of NO3
−–N loss was pro-

portional to the reduction of drain flow in Y2, indicating that 
the most important factor controlling the NO3

−–N loss reduc-
tion this year was drain flow, which corroborates the findings of 
the vast majority of studies on CD (Skaggs et al., 2012). Our 
results from the stable isotope analysis also showed that the pres-
ence of CD had no impact on denitrification, as denitrification 
was the dominant fractionation process at all plots in Y2. Thus, 
our results clearly demonstrate that to evaluate if enhanced deni-
trification was a singular event or a general trend, longer study 
periods are needed. Additionally, the overall effect of CD as a 
mitigation measure reducing the NO3

−–N loss to surface water 
could not be assessed in our study, which did not allow determi-
nation of alternate flow routes of the water and NO3

−–N bypass-
ing the drain pipes. Thus, to evaluate potential water quality 
tradeoffs, CD must be more thoroughly investigated. Therefore 
CD could not be accepted as an official mitigation measure eli-
gible for subsidy in Denmark.

Fig. 4. Drain flow and NO
3

−–N, total P (TP), and PO
4

3− concentrations during the week after resetting the regulation well on 11 Mar. 2014 in Y1 and a 

snapshot of the drain flow and TP and PO
4

3− concentrations on 11 Mar. 2014.
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Impact of Controlled Drainage on Drain Water 
Phosphorus Concentrations and Loss

The impact of CD on P concentrations in drain water has not 
been as widely studied as the impact on N according to a recent 
review by Ross et al. (2016). A concern related to CD is that the 
elevation of the groundwater level will create conditions suffi-
ciently reduced for Al- or Fe-bound PO4

3− to be released when 
mineral oxides are reduced. However, in our study, the PO4

3− 
concentration in drain water was not significantly influenced by 
CD. Other studies have also reported an insignificant effect of 
CD on the PO4

3− concentration in drain water (Wesström and 
Messing, 2007; Wesström et al., 2014; Williams et al., 2015). As 
suggested by Williams et al. (2015), this might be due to the cir-
cumstance that groundwater levels are often only increased for 
a short period of time, which prevents the occurrence of suffi-
ciently reduced conditions.

The total losses of TP and PO4
3− from the CD plots were 

lower than from the reference plots in both Y1 and Y2, cor-
responding with the reduction of drain outflow. Other studies 
have also reported a reduction of the P loss more or less identical 
with the reduction of the drain flow (, Wesström and Messing, 
2007; Feset et al., 2010; Williams et al., 2015). Thus, a study by 
Rozemeijer et al. (2016) on sandy soil in the Netherlands also 
found a decrease in P loss via drain pipes, most likely at the 
expense of higher surface runoff and shallow groundwater flow 
to neighboring fields or direct flow to the ditch.

When the regulation level was reset to the conventional 
drainage depth, the losses of TP and PO4

3−, although negligible, 
were greater from the plots with CD than from the reference 
plots. This indicates that resetting of the regulation level did not 
entail a substantial risk of TP and PO4

3− release, as the losses 
were small relative to the annual losses due to the very low release 
of soil water from the plots. Nevertheless, the results did show a 
tendency toward higher TP and PO4

3− losses at the CD plots. 
Therefore this is an important aspect to consider when imple-
menting CD, as it is a common management practice to switch 
off CD several times in spring or autumn to improve the traffic-
ability of the field. Thus, if CD is implemented at greater scale in 
catchments upstream lakes or P limited estuaries, a springtime 
pulse of P-rich water could have a negative impact on the water 
quality and, with it, the ecology of the water body. In conse-
quence, more investigations of this aspect are needed.

Conclusion
In this study, the regulation level of CD had to be at least 70 cm 

above the conventional drainage level to obtain a significant increase 
of the groundwater level and thus a decreased drain flow. Climate 
had a strong impact on CD, with more profound effect on drain 
flow and nutrient losses during dry periods. The total outflow of 
drain water from plots with CD was reduced by 37 to 54%, and a 
decrease of similar magnitude was found for TN and TP losses via 
drain pipes when using a regulation level of 70 cm. When resetting 
the groundwater level to the conventional drain pipe level in March, 
there was only a negligible extra loss of P and N from plots with 
CD. However, if CD is implemented at large scale, there could be a 
potential risk of excess release of N and P when resetting the ground-
water level to conventional levels. Controlled drainage had no effect 
on harvest yields when winter wheat was cropped.

The analysis of 15N and 18O of NO3
−–N in drain water 

indicated that denitrification was the dominant fractionation 
process at both plots with and without CD. However, denitri-
fication was markedly enhanced for a short, dry period at one of 
the CD plots. Thus, to fully assess the overall effectiveness of CD, 
more investigations into the fate of N and P in the interactions 
between groundwater and surface water are needed.
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A B S T R A C T

Nutrient losses from agricultural areas constitute a major cause for the degradation of aquatic ecosystems worldwide. In this paper, we use the intensively cultivated

country of Denmark as an example to synthesise and discuss results, experiences and challenges for an optimised implementation of nutrient transport mitigation

measures targeting agricultural nutrient losses to fresh and marine water. A new era in the regulation of agricultural nutrient losses to aquatic ecosystems in Denmark

was initiated when the Agricultural Package was adopted in 2016 by the Danish Parliament. Danish farmers were again allowed to fertilise their crops to economic

optimum and to compensate for the consequent increase in fertilisation rates and the potential negative consequences on water quality, a new nitrogen (N) and

phosphorus (P) management plan was introduced. The new plan consists of measures to mitigate N losses in smaller catchments (< 15 km2) and knowledge of the N

attenuation capacity of the individual catchments is used for optimisation of the implementation of mitigation measures. A suite of nutrient transport mitigation

measures has been scientifically approved for use in this new regulation, and more measures are currently undergoing scientific testing. This study focuses on already

approved nutrient transport mitigation measures, such as restoration of riparian wetlands, fens and swamps, re-establishment of shallow lakes, constructed wetlands

(surface flow and subsurface flow), as well as measures not yet approved and still under development such as integrated buffer zones, saturated buffer zones and

controlled drainage.

1. Introduction

Agriculture is one of the main input sources of nitrogen (N) and

phosphorus (P) to numerous aquatic ecosystems worldwide, thereby

causing eutrophication. With 59% (FAO, 2019), Denmark is in the top

three of countries in the world having the greatest share of arable land

and average fertilisation levels are ca. 175 kg N ha−1 y−1 and 25 kg P

ha−1 y−1 (Blicher-Mathiesen et al., 2019). Furthermore, it has been

estimated that more than 50% of the Danish agricultural area is tiled-

drained, predominantly loamy and clayey soils (Møller et al., 2018).

The intensively cultivated land combined with dense drainage networks

pose an enormous threat to the water quality because of the nutrient

leaching to fresh and marine water. Nitrogen losses by sub-surface

drainage in the range 8–50 kg N ha−1 y−1 are reported (Blicher-

Mathiesen et al., 2019), and they are thus a major contributor to the

diffuse N sources that constitute about 90% of the total N transport to

the sea (62 × 106 kg) (Thodsen et al., 2019). To protect the aquatic

environment, Denmark must comply with European Union legislation,

in particular to fulfil the requirements of the Water Framework Direc-

tive, the Nitrates Directive and the Groundwater Directive.

Consequently, several water plans involving strict national regulations

on the use of fertilisers and the implementation of mitigation measures

have been introduced. These have led to a significant reduction of the N

and P loading to Danish coastal waters by 51% and 72% since 1990,

respectively, as well as reduced nitrate-N concentrations in Danish oxic

groundwater aquifers (Boutrup et al., 2019; Hansen et al., 2019). Ac-

cording to current water plan II (2015–2021), Denmark is obliged to

reduce the transport of N to the sea by 6.9 × 106 kg by 2021, and an

additional reduction of 6.2 × 106 kg N is postponed to after 2021.

The Danish government faces the serious challenge of having to

comply with environmental legislation while simultaneously main-

taining high agricultural production levels as the export of agricultural

products is an important sector for the Danish economy. In Denmark,

mitigation measures reducing N and P losses from fields are divided

into two main categories “source mitigation measures”, e.g. catch crops

and fertiliser norms as well as set-a-side and afforestation, and “nutrient

transport mitigation measures”, e.g. restored wetlands and a number of

drainage mitigation measures (Fig. 1). This paper deals with nutrient

transport mitigation measures to reduce diffuse pollution from agri-

culture. It treats already approved measures, such as restoration of
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riparian wetlands, larger lowlands areas including fens and swamps, re-

establishment of shallow lakes, constructed wetlands (surface flow and

subsurface flow), as well as drainage mitigation measures not yet ap-

proved and still under development such as integrated buffer zones,

saturated buffer zones and controlled drainage (Fig. 1).

The aims of this overview are i) to present the nutrient transport

mitigation measures used in Denmark, ii) share experiences regarding

their implementation and efficiency, iii) discuss some of the challenges

associated with the use of nutrient transport mitigation measures, iv)

provide various perspectives on the future development and im-

plementation of nutrient transport mitigation measures.

2. The Danish way of implementing new nutrient transport

mitigation measures

Following nearly 20 years of mandatory sub-optimal fertilisation

with N, Danish farmers were again allowed to fertilise to the economic

optimum in connection with the Agricultural Package adopted in 2016.

The restriction on fertilisation was implemented with the 2nd National

Environmental Action Plan for the Aquatic Environment in 1998 when

fertilisation was lowered to 10% below the economic optimum for all

farmers (Kronvang et al., 2008). In 2015, the fertilisation was, on

average, 20% below the economic optimum due to the abolishment of

the EU set aside-programme in 2009 and the introduction of a max-

imum national quota of chemical fertiliser use in Denmark in 1998. The

latter meant that whenever farmers included more agricultural land for

production, they had to reduce the average amount of chemical ferti-

liser available to the crops. The expected increase in N surplus and

leaching of N following the adoption of the Agricultural Package in

2016 does not comply with the stipulations of the EU Nitrates,

Groundwater and Water Framework Directives. Therefore, the Danish

Government had to accelerate the development and implementation of

counteracting management programmes. This new era in the regulation

of agricultural nutrient losses to waters involves a shift from uniform

regulation towards differentiated targeted regulation based on local

knowledge in smaller catchments (< 15 km2) in the recognition that

environmental requirements and risk for nutrient losses differ between

catchments. The efforts have primarily focused on N removal because N

is the limiting nutrient in many Danish fjords and coastal waters during

summer (Conley et al., 2000). Nevertheless, as P limitation often occurs

in fjords and lakes during spring (Conley et al., 2000; Søndergaard

et al., 2017), the 2nd Danish River Basin Management Plan also in-

cludes demands for a reduction of the P input to the 924 lakes that,

according to the EU Water Framework Directive, are in risk of not

meeting the required “good ecological status” by 2021. Until now, the

mitigation of P losses has targeted point sources, particularly waste

water systems, while diffuse losses have mainly been addressed by

improving fertilisation schemes and by restoring streams and adjacent

floodplains where particulate P can be deposited during flood events

(Kronvang et al., 2009). The implementation of riparian buffer zones to

trap particulate P eroding from fields was effective through 2012–2016,

after which most were removed again with the 2016 Agricultural

Package. Therefore, new N and P mitigation measures are highly

needed for implementation in the coming 3rd River Basin Management

Plan period 2022–2027.

New nutrient transport mitigation measures cannot be adopted and

implemented in Denmark until after completion of a series of steps

(Table 1). Whenever a new measure is proposed for use by Danish

farmer advisors, it must be scientifically tested and thoroughly de-

scribed. Thereafter, guidelines and national maps showing how and

where to implement the measures must be made. A web-based support

system for the funding of nutrient transport mitigation measures, in-

cluding construction criteria, guidelines and maps, is run by the Danish

Ministry of Environment and Food (lbst.dk/tilskudsguide).

Subsurface flow constructed wetlands are approved with limited

implementation, awaiting final scientific testing results to ensure

knowledge on long-term function, effects and side-effects.

Fig. 1. Nutrient reduction efforts in Denmark since 1985. Modified after Carstensen et al., 2020.

C.C. Hoffmann, et al.
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3. Restoration of riparian wetlands and shallow lakes

The total freshwater wetland area nowadays in Denmark is about

569 km2 while shallow lakes covers about 586 km2 (Hoffmann and

Baattrup-Pedersen, 2007). In contrast, before 1900, it is estimated that

the area of freshwater wetlands was 7460 km2 and the area of shallow

lakes was 1400 km2 (Hoffmann and Baattrup-Pedersen, 2007). There is

therefore a great potential for large-scale re-establishment of riparian

wetlands and shallow lakes which is considered one of the most cost-

effective solutions in mitigating the diffuse pollution of water bodies to

achieve “good ecological status” of lakes and rivers within a reasonable

time frame (Jabłońska et al., 2020). Wetland restoration promotes N

removal by denitrification (Mitsch and Gosselink, 1986) and therefore

the restoration of riparian wetlands, including shallow lakes and rivers,

was approved as a mitigation measure in Denmark in 1998 as part of

the 2nd National Environmental Action Plan on the Aquatic Environ-

ment and it has been an element of all water plans since then. In

Denmark, it is voluntary for landowners to participate in wetland re-

storation projects, and successful implementation involves strategies

such as land consolidation and land banking (Hartvigsen, 2014), com-

bined with economic compensation. In wetland restoration projects, the

landowner is offered a highly productive agricultural field instead of,

for instance, a low productive degraded lowland field in subsidence. In

the initial years of the wetland restoration programme, projects were

established all over the country, but from 2012 restoration was directly

bound to the environmental and ecological conditions of the down-

stream recipient whether it was a lake, a fjord or the sea. To restore

natural wetlands reclaimed for agricultural use, the main criterion is to

restore processes, i.e. the natural hydrological and biogeochemical

processes. It may be difficult to determine the historical type of a

wetland, but old maps from the 1700s and 1800s are important tools for

the recreation of the original wetland type. Most restoration projects

are undertaken in riparian wetlands where the floodplain is restored by

disconnecting drain pipes and ditches. Often, channelised rivers are re-

meandered and natural dimensions are re-established, which may lead

to inundation of floodplains at peak flows events (Fig. 2). Today, wet-

land areas including riparian wetlands, shallow lakes, swamps and fens

have been restored, specifically 2612 ha lakes and 20,663 ha wetlands.

Wetland restoration is an efficient way to remove N (Table 2) but it

has some limitations as the extensive agricultural drainage in modern

times has significantly altered physical and chemical soil properties and

hydrological regimes (Walton et al., 2020). Consequently rewetting

cannot always restore the original hydrological and ecological func-

tioning of the riparian wetlands within a human life-time (Zak et al.,

2018a). Long-term drainage of the top soil results in degradation of soil

organic carbon and subsidence, after which accumulation of rainwater

and flooding from the adjacent water bodies may follow. It is unlikely

that rewetting of degraded fens will restore the hydrology to that

characterising predominantly groundwater-percolated peatlands; in-

stead it may create systems fed by a mixture of groundwater, rainwater

and surface water (Wheeler and Proctor, 2000). High P availability in

the degraded soils poses a risk of P flux to surface waters post-rewetting

(Tiemeyer et al., 2007). Indeed, the results of a wetland restoration

monitoring programme in Denmark have shown that rewetted peat-

lands, but also other wetland types, may act as P sources, even after

long rewetting periods covering several years to decades (Audet et al.,

2020). Therefore, harvesting of wetland plants (e.g. cattail, reed), top

soil removal and P retention filters in wetland outflows are currently

tested in Denmark as pre- or accompanying measures to restoration to

remove additional nutrients from the system.

Sedimentation of particulate P during inundation of floodplains is a

process that, in term of P-balance, might counteract high internal P

mobilisation (Kronvang et al., 2007; Walling, 1999; Walling and

Owens, 2003). Hence, it has been estimated that P deposition rates on

floodplains were 1.2–7.3 g P m−2 and with a storage efficiency of

4.0–7.0% of the annual total P export from rivers (Kronvang et al.,

2009). Accordingly, in 2012, the Danish Parliament adopted a policy

promoting large-scale restoration of floodplains and riparian areas as an

effective measure to reduce the P load of streams.

Overall, wetland restoration measures have proved to be efficient at

removing N, whereas the results regarding P are more variable (Audet

et al., 2020; Walton et al., 2020); in fact, some sites have been observed

to act as P sources, especially in the first years following rewetting

(Table 2).

4. Mitigation measures targeting nutrient losses from agricultural

drainage systems

One of the focus areas of the 2016 Agricultural Package is mitiga-

tion of nutrient losses from drainage systems before the nutrients reach

the streams. In this context, several mitigation measures aiming at in-

tercepting nutrients transported by drain pipes have been developed

and scientifically tested (Table 1). Below, we present the experiences

gained in Danish studies with the functioning and effects of already

approved measures: 1) irrigation of meadows, 2) surface flow wetlands,

3) subsurface flow wetlands and 4) integrated buffer zones and non-

approved measures: 5) saturated buffer zones and 6) controlled drai-

nage (Fig. 3).

A brief description of the characteristics of each nutrient transport

mitigation measures is given below, bearing in mind that their size

relative to the catchment area, their capacity to intercept water and

retain nutrients varies (Table 2), and that slope and soil type determine

Table 1

Steps and procedures for implementation of new nutrient transport mitigation measures in Denmark, time scale and current state of implementation.

Steps Description Duration Status of the nutrient transport mitigation measures in the

implementation process

1. Scientific testing Efficiency 3–7 yrs Saturated buffer zone, controlled drainage

Side effects

Cost-effectiveness

Construction optimisation

Ageing

2. Manual and maps Construction guidelines 1–2 yrs

Effectiveness

National maps showing where and where not

to establish measures

3. Ministerial order and application of IT-

systems

Public hearing 2–3 yrs Integrated buffer zones

Inclusion in IT-systems

Rules for approval

Rules for economic support

4. Implementation Farmers individual application for project 1 yr Drain water irrigation, surface and subsurface flow constructed wetlands,

restoration of riparian wetlands and shallow lakesSupport from catchment officer programme

(e.g constructed wetlands)

C.C. Hoffmann, et al.
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how and where the measures can be implemented. It is important to

note that the removal rates and efficiency of the different measures are

not directly comparable because they do not only reflect differences in

efficiency of the mitigation measures but also differences in nutrient

loading and local characteristics of the sites used for implementation

(e.g. soil type, vegetation, climate).

4.1. Drain water irrigation

Drain water irrigation (Fig. 3a) is the oldest nutrient transport mi-

tigation measure tested in Denmark, first in the 1980s (Hoffmann,

1991) and also more recently (Hoffmann et al., 2012; Petersen et al.,

2020). Drain pipes are disconnected at the sloping field margin and

Fig. 2. Top – restored riparian wetland along Skals river (photo: K. Mulbjerg). Bottom – the Danish Skjern River restoration project completed in 2000 is the largest

wetland restoration project undertaken in northern Europe (2200 ha) (Svendsen and Hansen, 1997).

C.C. Hoffmann, et al.
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Table 2

Overview of absolute and relative nutrient removal efficiency (mean ± sd) of Danish nutrient transport mitigation measures.

Nutrient transport mitigation measure Sites (n) Years Removal rate Removal efficiency Ref.

(kg ha−1 y−1) (%)

TN TP TN TP

Restored riparian wetlands 9 9 144 ± 73 3 ± 5 37 ± 31 12 ± 15 1, 2, 3, 4

Restored shallow lakes 11 12 159 ± 53 4 ± 6 45 ± 21 -2 ± 83 1, 3

Restored swamps and fensa 5 5 209 ± 77 2 ± 3 44 ± 12 11 ± 26 1, 2, 3

Drain water irrigation 10 10 139 ± 91 −0.3 ± 0.3 45 ± 22 −51 ± 49 2,3,5

Surface flow constructed wetland 13 44 472 ± 372 31 ± 26 23 ± 10 45 ± 20 6

Subsurface flow constructed wetland 3 15 7771 ± 241 34 ± 6 50 ± 13 12 ± 4 7,8

Controlled drainage 4 8 8.8 ± 6.5 2.2 ± 2.4 33 ± 13 5 ± 29 9, 10

Integrated buffer zones 3 6 1661 ± 605 17 ± 15 45 ± 12 29 ± 60 11, 12

Years: number of years monitored. References (Ref.): 1 Audet et al. (2020); 2 Hoffmann and Baattrup-Pedersen (2007); 3 Hoffmann et al. (2006); 4 Hoffmann et al.

(2011); 5 Petersen et al. (2020); 6 Kjaergaard et al., unpublished; 7 Hoffmann et al. (2019); 8 Carstensen et al. (2019b); 9, Carstensen et al. (2019a); 10, Børgesen

et al. (2016); 11 van't Veen et al. (2019); 12 Zak et al. (2018b).
a Riparian fens are included in “Riparian wetlands”.

Fig. 3. Nutrient transport mitigation measures used in Denmark. Modified after Carstensen et al., 2020.

C.C. Hoffmann, et al.
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drain water is distributed over a gutter inserted at the soil surface or via

a distribution channel placed parallel to the stream. Depending on the

amount of water inflow, slope, physical soil characteristics, water sa-

turation of soils and dominant vegetation type, a substantial fraction of

the water can infiltrate the soil before reaching the streams. While the

test results on N removal were promising, with mean removal effi-

ciencies of about 45% of the load, a risk of P release was observed

(Table 2). Today, drain water irrigation is used as a mitigation measure

in both large restoration projects, e.g. restoration of riparian wetlands,

and as a single measure for smaller tile-drained agricultural fields

(Table 2).

4.2. Surface flow constructed wetlands

Surface flow constructed wetlands are a common approach to nu-

trient transport mitigation in Denmark (Fig. 3b). A surface flow con-

structed wetland is implemented by disconnecting the tile drain and

allowing drainage water to pass a sedimentation pond followed by se-

quential zones of one-meter deep open water and 0.3 m deep shallow

vegetation zones before the outlet (Kjaergaard and Hoffmann, 2017).

Prior to official approval of this measure in 2017, pilot testing was

conducted on 16 full-scale surface flow constructed wetland in the

period from 2010 to 2017 following an intensive monitoring pro-

gramme (Kjaergaard et al., unpublished). Nitrogen removal in surface

flow constructed wetlands based on denitrification is strongly tem-

perature dependent, thus demonstrating large seasonal variations and

reflecting the seasonal drainage discharge dynamics (Kjaergaard et al.,

unpublished, unpublished). Phosphorus is retained mainly by sedi-

mentation of particulate P (Mendes et al., 2018b), while the P-balance

of surface flow constructed wetlands seems to rely strongly on the Fe:P

ratio (Mendes et al., 2018a). Mean removal efficiencies are 23% of the

TN load and 45% of the TP load (Kjaergaard et al., unpublished)

(Table 2). Guidelines are developed with specific design criteria for

construction of surface flow constructed wetlands (Kjaergaard and

Hoffmann, 2017). Accordingly, the size of the surface flow constructed

wetlands must be 1–1.5% of the drainage catchment to ensure a

minimum hydraulic residence time of approximately 24 h during winter

discharge. A national suitability map for surface flow constructed

wetlands is available showing areas where surface flow constructed

wetlands can be established (Fig. 4). Farmers are fully compensated for

the construction costs and the construction area provided that they

maintain the wetland for at least ten years.

4.3. Subsurface flow constructed wetlands

Subsurface flow constructed wetlands (Fig. 3c) also known as de-

nitrifying bioreactors treating nutrients in drainage water discharge

have been comprehensively investigated in Denmark since 2012 (Bruun

et al., 2016; Carstensen et al., 2019b; Hoffmann et al., 2019) and were

approved in 2018, but further investigations on long-term effects are

still ongoing (Fig. 3a). Different design solutions have been studied,

including both vertical and horizontal flow as well as the establishment

of a storage pond in front of the bioreactor to mitigate peak flow events

and increase sedimentation (Hoffmann et al., 2019). Mean yearly ni-

trate removal efficiencies of ca. 50% have been recorded (Table 3)

using willow (Salix viminalis) wood chips as filter substrate (Hoffmann

et al., 2019). Management of the facilities is recommended to minimise

side-effects such as phosphate release, sulphate reduction and methane

emissions (Carstensen et al., 2019b). The type of wood chips and their

ageing are important factors to be considered in the guidelines to be

published at the end of 2020. According to the guidelines, subsurface

flow constructed wetlands only occupies 0.2–0.25% of the drainage

catchment compared to 1–1.5% for surface flow constructed wetlands

(Landbrugstyrelsen, 2020). Therefore, subsurface flow constructed

wetlands are especially suitable in areas with limited space available.

Nevertheless, the cost of subsurface flow constructed wetlands might be

higher than that of surface flow constructed wetlands because of the

cost of the wood chips.

4.4. Integrated buffer zones

Integrated buffer zones (Fig. 3d) were introduced in a riparian area

of a second order stream in Denmark in 2011 to improve the ecosystem

services offered by a long-term established vegetated buffer zone (Zak

et al., 2018b). An integrated buffer zone consists of a pond, where soil

particles present in drain water can settle, and a sub-surface flow in-

filtration zone planted with vegetation and, combined, this design

provide an improved environment for nutrient removal. In the years

after the first introduction, nutrient reduction, biodiversity and biomass

production have been assessed and compared across 11 integrated

buffer zone sites located in Denmark, Scotland and Sweden; processes

are emphasised differently at the study sites, but the results evidence

the multi-functionality of integrated buffer zones (Zak et al., 2019).

Despite that an integrated buffer zone only occupies a small proportion

of the drained catchment (mostly< 1%), the studies cumulatively

suggest that integrated buffer zones are effective enhancements to

traditional buffer zones as they i) significantly lower total N and P loads

to streams and rivers (Table 2), ii) act as habitats for aquatic and am-

phibian species, iii) offer economic benefits by producinZak et al.,

2019g fast-growing wetland plant biomass ().

4.5. Saturated buffer zones

Saturated buffer zones are a novel nutrient transport mitigation

measure in Denmark that is currently being tested in a 2-year research

project running from 2019 to 2020. The technology has already been

tested at multiple sites in Iowa (USA) over several years, starting in

2010 (Jaynes and Isenhart, 2019). The principle is that drain water

from the field is reconnected to the riparian zone by diverting drainage

water to a buried, lateral distribution pipe running parallel to the

stream (Fig. 3e). From the lateral pipe, the drainage water infiltrates the

riparian soil towards the stream, which will cause the riparian soil to

become saturated and consequently create anoxic conditions that sup-

port denitrification. The saturated buffer zone is also expected to reduce

overland flows depending on its slope width and the remaining water

infiltration capacity. Until now, the nutrient removal efficiencies of

saturated buffer zone reported from USA by Jaynes and Isenhart (2019)

have been highly variable. The infiltration capacity of the riparian zone

and the length of the distribution pipes control the fraction of tile drain

water diverted into the saturated buffer zone, and the authors found a

high N removal efficiency of 84% for one site with the longest dis-

tribution pipe in relation to the drainage area, where almost all drain

water was diverted into the saturated buffer zone, while lower amount

of infiltrated water (21–23% of drain water) resulted in poor perfor-

mance of 8–25%. Additionally, sites containing high-permeable soil

layers (e.g. sand) or overseen drainage pipes showed poor performance

even if water infiltration is favoured. The removal efficiency might also

be influenced by vegetation as N removal rates were observed to be

higher at sites with already established perennial vegetation. The ex-

planation for this is likely that more labile carbon was added to the soil,

increasing denitrification, or that microbial N immobilisation was en-

hanced by the more developed rhizospheres (Jaynes and Isenhart,

2019). The US experience shows that it is difficult to assess the removal

efficiency of saturated buffer zone, in particular if sites are charged by

an unknown amount and quality of incoming groundwater.

4.6. Controlled drainage

Controlled drainage was first established in USA during the 1970s

and decades later, from 2012 to 2015, controlled drainage was in-

troduced and thoroughly tested at four sites in Denmark (Carstensen

et al., 2019b). In contrast to the previously described nutrient transport

C.C. Hoffmann, et al.
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mitigation measures, controlled drainage influences the root zone of the

field and redirects the water before it enters the drainage system

(Fig. 3f). Specifically, a water control structure maintains higher water

tables in the field by restricting the flow of water from the drain outlet

for a certain period of time (Gilliam et al., 1979). In Denmark, con-

trolled drainage should be applied outside of the growing season, al-

though an exception during the crop season might be made. In USA and

Canada, controlled drainage is often applied during spring/summer to

delay crop water stress. The implementation of controlled drainage

results in increased soil water storage, seepage (lateral, vertical), sur-

face run off, plant uptake and/or evaporation as part of the drainage

water will be redirected to these alternative flow paths. The ideal field

slope for cost-effective implementation of controlled drainage is less

than 0.5% as the need for control structures increases with the field

slope (Skaggs et al., 2012). An evaluation of the removal efficiency of

controlled drainage in Denmark showed a mean removal of 33% of the

TN load and 5% of the TP load (Table 3). Yet, a reliable evaluation of

the effect of controlled drainage on TN removal is challenging because

of potential interaction and mixing of drainage water with ground-

water. Finally, the effect on TP is largely dependent on soil P-binding

capacity.

5. Outlook

The Danish strategy to mitigate agricultural nutrient losses has re-

sulted in a substantial decrease in the nutrient export to fresh waters

(Thodsen et al., 2019). Yet, more efforts are still required to reach the

“good ecological status” stipulated in the EU Water Framework

Directive. The strong Danish focus on nutrient reduction has had some

downsides in that other ecosystem services such as biodiversity have

often been overlooked when developing and implementing mitigation

measures. Monitoring programmes have been implemented for some of

the approved nutrient mitigation measures (e.g. restored wetlands and

lakes) but monitoring is not systematic for all measures, monitoring

strategies may differ (e.g. sampling methods and frequency), and while

existing monitoring programmes always include evaluation of N and P

retention, other aspects, for example, biodiversity or greenhouse gas

emissions, are often neglected. Overall this has resulted in a lack of a

multifunctional approach in the scientific assessment (Stutter et al.,

2012) which complicates comparisons between the different measures.

Phosphorus release, methane and nitrous oxide emissions from

nutrient transport mitigation measures are still major environmental

concerns that may hinder the implementation of these measures,

especially the restoration of wetlands and shallow lakes by rewetting

organic soils previously used for agriculture (Audet et al., 2013; Audet

et al., 2020). Consequently, further investigations should be undertaken

on mitigation of P losses using perhaps plant harvesting or top soil

removal to decrease the P pool in the soil (Klimkowska et al., 2010; Zak

et al., 2014). Phosphorus filters might also be used to trap P transported

in drainage water (Canga et al., 2016). Opportunities to optimise the

design of the nutrient transport mitigation measures to minimise

greenhouse gas emissions and maximise carbon sequestration should

also be explored (Carstensen et al., 2019b; Huth et al., 2020; Zak et al.,

2018a). In addition, a clear understanding of the effects of the different

mitigation measures on dissolved organic carbon export and sulphate

pollution is still missing. Future research into transport mitigation

Fig. 4. Map of potential areas for surface flow constructed wetlands in Denmark. Modified after Kjaergaard et al., unpublished.

C.C. Hoffmann, et al.
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measures is recommended also to include assessment of pesticide re-

tention, which has not been evaluated under Danish conditions, al-

though international studies have shown that surface flow constructed

wetlands can reduce pesticide fluxes by 40–90% (Gregoire et al., 2009;

Tournebize et al., 2017).

The long-term effects of nutrient transport mitigation measures also

remain to be elucidated. It may take several decades before restored

wetlands obtain the full potential of their hydrological and biogeo-

chemical functions and the recovery of biodiversity, not least vegeta-

tion species richness, may be very slow (>100 years) (Moreno-Mateos

et al., 2012). The efficiency of the nutrient transport mitigation mea-

sures over longer periods (> 5 years) has seldom been investigated,

giving rise to questions about the long-term efficiency and also the “life

expectancy” of the measures. With time, the design and dimensioning

of the nutrient transport mitigation measures may become inadequate

in relation to the climate change and an altered hydrology. In parti-

cular, the potential of transport mitigation measures to mitigate ex-

treme climatic events in agricultural landscapes should be assessed.

When implementing mitigation measures, a catchment-scale ap-

proach, evaluating the positioning and establishment of multiple miti-

gation measures, and their combined effect, might be considered

(Goeller et al., 2020). Hewett et al. (2020) proposed adoption of a

holistic approach termed “catchment system engineering” as a valuable

means for providing multiple ecosystem services while simultaneously

recognising trade-offs between reducing flood and drought risk directly,

improving water quality and creating healthy habitats for wildlife. A

catchment-scale approach is recommended to improve the overall ef-

ficiency of the measures by targeting sensitive areas more prone to

nutrient leaching. The recent development of GIS-based models could

help to test and modulate a suite of mitigation measures tailored to

catchment specificities e.g. soil characteristics, topography, land use.

Such models would be beneficial for supporting the authorities in

charge of the implementation of the mitigation measures.

Translation of scientific knowledge into evidence-based environ-

mental regulation and actual implementation in the field requires co-

operation between the different stakeholders. For this purpose, a new

Danish national programme “Catchment Officer” was launched in 2017

involving 22 persons initiating actions on the ground as well as national

coordination and continuous capacity building (see oplandskonsu-

lenterne.dk). The role of a catchment officer is to facilitate site-specific

implementation of nutrient transport mitigation measures and to act as

a “bridge” between landowners, authorities, scientists and other sta-

keholders with the goal to optimise communication and establish trust

among the different actors (Bjorholm and Gertz, 2018). It is expected

that this new approach will contribute to reaching the environmental

targets set by the authorities and help to reconcile agricultural pro-

duction and environmental quality.
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ABSTRACT: Integrated buffer zones (IBZs) represent a novel
form of edge-of-field technology in Northwest Europe. Contrary
to the common riparian buffer strips, IBZs collect tile drainage
water from agricultural fields by combining a ditch-like pond
(POND), where soil particles can settle, and a flow-through filter
bed (FILTERBED) planted with Alnus glutinosa (L.), a European
alder (black alder). The first experimental IBZ facility was
constructed and thoroughly tested in Denmark for its capability to
retain various nitrogen (N) and phosphorus (P) species within
the first three years after construction. We calculated the water
and nutrient budget for the total IBZ and for the two
compartments, POND and FILTERBED, separately. Further-
more, a tracer experiment using sodium bromide was conducted
in order to trace the water flow and estimate the hydraulic residence time in the FILTERBEDs. The monthly average removal
efficiency amounted to 10−67% for total N and 31−69% for total P, with performance being highest during the warm season.
Accordingly, we suggest that IBZs may be a valuable modification of dry buffer strips in order to mitigate the adverse impacts of
high nutrient loading from agricultural fields on the aquatic environment.

■ INTRODUCTION

Pollution of surface waters and shallow groundwater with
nitrogen (N) and phosphorus (P) is a serious problem in most
regions of Europe and in many other parts of the world.1−3 A
significant pollution source is the nutrient runoff from
intensively farmed agricultural land either via tile drainage,
ditches, soil leaching, and/or surface runoff.4,5 While N is
usually transported from fields in the dissolved form, mostly as
nitrate (NO3

−), a large portion of P is typically bound to
particles.6 Both nutrients are well-known to limit primary
production7 and are strongly involved in the development and
persistence of algal blooms in freshwater and marine systems
with negative impacts on biodiversity and human health.8−10 In
Europe, despite substantial efforts to reduce fertilizer
application and adopt best land use and management
practices,11,12 many problems of nutrient pollution remain, in
part due to the ongoing loss of wetlands,1 riparian areas (e.g.,
active floodplains),13 and peatlands14,15 as important water and

nutrient regulators in the landscape. As a consequence of
increasingly limited clean water resources at a global scale,16 but
also due to the associated risks of species extinction and global
warming, major international efforts are being made to mitigate
water pollution.17,20 A well-established mitigation option,
riparian buffer strips, was introduced several decades ago to
mitigate nonpoint pollution of streams and rivers.18,19 Buffer
strips have been demonstrated as a suitable measure to reduce
the surface runoff from arable land, with sediment and
particulate P trapping being the major retention processes.20

Additionally, buffer strips can provide multiple benefits, for
instance in terms of biodiversity and water regulation.21

However, some studies have found buffer strips inadequate at
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removing NO3
− from tile drainage as the water usually bypasses

the buffer strips resulting in continued discharge of high loads
of N and also P into watercourses.22,23 To enhance the removal
capability of buffers strips, the bypassing tile drain have to be
cut before reaching the stream channel without diminishing
their land drainage function for adjacent agricultural fields. In
2011, a new buffer approach, the integrated buffer zone (IBZ),
occasionally also called intelligent buffer zone, was developed in
Denmark. The approach represents a novel form of buffer strip
construction at the edge of fields where tile drain water is
collected in a basin placed parallel to the stream.24 The design
of IBZ combines a pond, where soil particles present in drain
water can settle, and a planted subsurface flow infiltration bed,
which together provide an optimum environment for microbial
processes and plant uptake. IBZs are targeted to combine
relatively small surface areas with potentially high rates of
pollutant removal. This is of economic interest for farmers as it
means that environmental goals can be met without unduly
sacrificing land for crop production (Figure 1). We evaluated
the performance of this novel hybrid wetland based on
comprehensive field-testing conducted in an experimental
facility with two IBZ basins over 17 months. We hypothesized
that interception of tile drainage water in the IBZ would
enhance the retention of N and P compared with traditional
riparian buffer strips. This would be a significant step forward
and would make IBZ competitive with other passive mitigation
systems.

■ MATERIAL AND METHODS
Study Site. The experimental IBZ was established in July

2014 in an intensive agricultural catchment located 20 m from
the small Odder stream (55°57′18.0″N, 10°05′29.4″E). Taking

into account scientific understanding derived from a literature
review, the desired buffer zone layout and placement,
conservation objectives, agricultural production needs and
future management, a mutually beneficial approach was agreed
among researchers from Aarhus University, the land owner, the
Danish agricultural advisory service, a forest service provider, a
local entrepreneur and the municipality.24

The climate at the study site is cold temperate, with a mean
annual precipitation of 718 mm and a mean daily temperature
of 1.6 °C in January and 16.6 °C in July (means for 1989−2014
from a 10 × 10 km weather data grid derived from the Danish
Meteorological Institute).
For experimental reasons, the IBZ consisted of two

neighboring basins or duplicates respectively, named IBZ I
and IBZ II in following (Figure 1). Inlet water originated from a
tile drainage system, draining approximately 30 ha as estimated
using a 1.6 × 1.6 m digital terrain model in ArcGIS 10.2.
Adjacent arable land was an Uviol soil mainly used for
cultivation of Christmas trees (1−2 m high spruce) and arable
crops. The bed of the POND was primarily clay in the IBZ I
and sand and gravel in the IBZ II. The upper horizon of the
FILTERBED principally consisted of sand and gravel in both
IBZs, but with patches of clay at the soil surface and a lower
clay layer at 1 m in the IBZ I, as recorded during the coring for
installation of piezometers. Each IBZ consisted of a 5 m wide
and 25 m long ditch-like pond (POND) and a filter bed
(FILTERBED) of similar dimension (5 × 25 m), which was
planted with black alder (Alnus glutinosa (L.)) (Figure 1). It
should be noted that this European alder is considered an
invasive species in some parts of the world, such as in North
America,25 consequently it is recommended that native species
are always used.

Figure 1. Integrated buffer zones (IBZs) are proposed as additional element in dry buffer strips where the drain water becomes collected in a ditch-
like pond before entering the stream (top right) . The slightly inundated filter bed was planted with alder trees and instrumented with a nest of
piezometers filtering at the surface (down to 0.3 m) and at the bottom (down to 1.1 m). In this study two neighboring IBZs (IBZ I and IBZ II) were
tested as duplicates where water inflow and outflow were regulated to maintain widely constant water tables in the basins.
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Based on the total area of both IBZs of about 500 m2, the
wetland/catchment proportion was around 0.1%. A total of 42
piezometers (PVC pipes; length 2 m, diameter 0.05 m, screen
length 0.01 m) were installed in four transects in the IBZ I and
three transects in the IBZ II, respectively, receiving the soil
water in the FILTERBED at two depths (Figure 1). The two
different installation depths at each piezometer nest were
decided based on the occurrence of clay layers in IBZ I; thus,
one piezometer screen was established above (app. Thirty cm
depth) and the other below the clay layers (35−90 cm depth).
In addition, seven piezometers were installed between the IBZ
and the stream to monitor water tables and water chemistry.
Results of this monitoring are not presented in this study.
Water Balance and Hydraulic Residence Time in the

POND. IBZs were designed and instrumented to achieve
continuous measurements of inflow and outflow of water for
establishing a precise water balance. This is crucial for
calculation of the nutrient removal. As the IBZs were
experimental facilities and not sized to capture and treat all
the tile drainage water entering the distribution well from the
field, an overflow system was implemented to bypass excess
supply of tile drain water during periods with high discharges,
typically in the cold season from November to March
(Supporting Information (SI) Figure S1). It was vital that
water flows and levels were controlled by vertical tubes inside
of specially designed concrete wells (Figure 1), allowing
complete removal of water if requested by the farmer. Adjusting
the tubes in different heights or using different tube diameters
(alternatively throttle valves) also enables to control flow
amount or flow velocities of water inflow and outflow,
respectively. Water flow in the inlet and the outlet of the
POND, as well as the water table, were measured every 10 min
using flow meters (KROHNE, UK) and water level recorders
(MADGETECH, USA) over the 17 month monitoring period.
However, for the purpose of later calculations, data were
averaged on a daily basis. Daily precipitation and potential
evapotranspiration data were derived from the Danish
Meteorological Institute using a weather data grid of 10 × 10
km or 20 × 20 km, respectively. The POND outlet was leveled
about 0.8 m above the bottom to bypass surplus water in order
to prevent an overrun of the IBZ. By regulating the water flow
at the inlet and outlet, a more or less constant water level of
about 0.7 m could be maintained in the POND, and the
FILTERBED was slightly inundated (ca. 0.2 m) in both IBZ
basins to maintain a high infiltration rate into the FILTERBED
(Figure 1). Despite regulation of water flows, hydrographs
demonstrate a clear seasonal trend, with prolonged dry periods
in summer where the drain water inflow and outflow decreased
to zero and even dried out, if only for a couple of days (SI
Figure S1). An overview of the overall water flows determining
the water balance of the total system is given in Table 1. Due to
low water levels in the piezometer behind the basins (Figure 1),
we were able to exclude the possibility that the IBZ was fed by
shallow groundwater at any time during the investigation.
Infiltration of water (Qinfiltration) in the FILTERBED was

calculated based on the water balance of the IBZ:

= + − − ± ΔQ Q P Q SETRinfiltration in out (1)

where Qin is the inlet surface water flow; P is the precipitation;
ETR is the evapotranspiration; Qout is the outlet surface water
flow; and ΔS is the change of water storage of the basin.
The daily hydraulic retention time (HRT) in the POND of

both IBZ basins was calculated based on the average water

volume (m3) divided by the inlet flow (m3 d−1). For the
calculation of the water volume at different water levels in the
two IBZs, a leveling survey was conducted in 24 transects using
a RTK GPS (LEICA GNSS NetRower). An interpolation
procedure using the grid approach (1 × 1 m) was conducted in
ArcGIS 10.2. Daily hydraulic load and the loss (mm d−1) were
calculated by dividing the cumulative daily in- or outflow (m3)
by the area (m2) of the IBZ (Table 1).

Water Flow Through the FILTERBED. A tracer experi-
ment was conducted to obtain information about the main
water flow paths and retention times within the FILTERBED of
the IBZ basins. Approximately 17 kg sodium bromide was
dissolved in 75 L deionized water to reach a bromide
concentration of about 100 mg/L in the POND. The solution
was distributed into three 25 L polyethylene bottles for
transportation to the experimental site. Before adding the
bromide to the POND, zero-sampling was done in all of the
piezometers and the POND (Figure 1) to derive a background
level for bromide concentrations. At the same time, electrical
conductivity was determined to be a proxy for subsequent
changes in bromide concentrations. Bromide solution was
added over the entire length of the POND and the water was
homogenized and evenly distributed through stirring with
paddles for several minutes. To verify the bromide had been
homogeneously mixed over the entire water body, the electrical
conductivity was measured at several points of the POND.
Homogenization was assumed if the difference between the
measured conductivity levels was less than 5%. Immediately
upon homogenization, water samples were taken at three
equidistant points over the entire length of the POND. After 4
h, water samples were taken from the piezometers and the
POND to record possible changes in bromide concentrations.
Subsequently, bromide concentrations were inspected no later
than after 4 h, and samples were taken if electrical conductivity
changed by more than 10% and no later than after 12 h within
the first 7 days, after which the sampling frequency was
increased to 3 days. The last sampling was made after 27 days
in the upstream basin and after 15 days in the downstream
basin where bromide concentrations had decreased to back-
ground values in most of the piezometers.

Nutrient Load and Removal. Water samples for nutrient
analysis were taken biweekly from the inlet well, from three
sites in each POND, from the outlet water of each IBZ and the
piezometers from the beginning of March 2015 until the end of
July 2016. The sampling was initiated 8 months after
instrumentation of the IBZs, which was completed in early
July 2014. Daily concentrations of nutrients in POND and

Table 1. Overview of Daily Water Fluxes and Hydraulic
Residence Time (HRT) for the Two Integrated Buffer Zones
(IBZ I and IBZ II) during the monitoring period from
March 2015 to July 2016. Values represent monthly averages
of the daily fluxes

IBZ I IBZ II

mean ± SD range mean ± SD range

water inflow (mm) 227 ± 125 52−405 318 ± 112 123−475
water outflow (mm) 166 ± 97 23−290 121 ± 77 26−256
infiltration (mm) 63 ± 30 29−121 197 ± 61 67−288
precipitation (mm) 1.4 ± 1.4 0.2−4.1 1.4 ± 1.4 0.2−4.1
evapotranspiration
(mm)

1.9 ± 1.3 0.1−3.8 1.9 ± 1.3 0.1−3.8

HRT (d) 3.3 ± 2.6 1.1−8.9 1.7 ± 0.4 1.1−2.5
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piezometers were obtained using linear interpolation between
two subsequent sampling occasions.26

Daily loads of P and N species were calculated by multiplying
the concentration (mg L−1) in the inlet by the total volume of
water (L) entering the IBZ. Nutrient load and nutrient removal
were calculated on a daily basis for the total IBZ basins and also
separately for the two basin compartments POND and
FILTERBED. Daily loads of P and N species for the POND
and the total basin, respectively, were calculated by multiplying
the concentration (mg L−1) at the inlet by the total volume of
water (L) entering the wetland, and for the FILTERBED by
multiplying the concentration in the POND by the volume of
infiltrating water of the FILTERBED. Assuming particle
transport was negligible in the FILTERBED, only dissolved
species were considered for this compartment, both in the
calculation of load and removal. The absolute nutrient removal
of the POND (Rp) was calculated as

= × − × − ×R Q C C Q CQp in in out out infiltration pond (2)

where Qin × Cin is the product of the water flow (L) and the
inlet nutrient concentration (mg L−1; Qout × Cout is the product
of the water flow and the outlet nutrient concentration (mg
L−1) and Qinfiltration × Cpond is the product of the infiltrating

water (L) in the FILTERBED and the nutrient concentration
of the POND. For the volume of infiltrating water, the Qinfiltration
value from eq 1 was used.
The absolute nutrient removal of the FILTERBED (RF) was

calculated as

= × − ×R Q C Q CF infiltration pond outfiltration piezometer (3)

where Qinfiltration × Cpond is the product of the infiltrating water
volume (L) in the FILTERBED and the POND nutrient
concentration (mg L−1), and Qoutfiltration × Cpiezometer is the
product of the outfiltrating water volume from the
FILTERBED and the average concentration (on each day) of
the nutrient in the percolated piezometers at the end of the
FILTERBED (Figure 1). Percolated piezometers were
identified from the bromide experiment as those where
bromide breakthrough was observed within 3−6 days (SI
Figure S2 and S3).
For nutrient removal of the entire IBZ basin, Rp and Rf were

added. To calculate the specific daily nutrient removal (kg m−2

d−1), the absolute nutrient removal was divided by the areas of
the POND, the FILTERBED or the total area (m2),
respectively. Nutrient removal efficiency (%) was obtained by
dividing the amount of nutrient retained by the nutrient load.

Figure 2. Seasonal variation of (a−d) concentrations and corresponding nutrient loads of nitrate and total nitrogen in the water inlet and (e−h)
removal efficiency in the Integrated Buffer Zones (IBZ I and IBZ II) separated for the ditch-like pond (Pond) and the filter bed (Filter) for the
monitoring period March 15 to July 16. Values represent monthly averages and error bars indicate standard deviation.
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Chemical and Statistical Analysis. All water samples
were analyzed for total phosphorus (TP), soluble reactive
phosphorus (SRP), total nitrogen (TN), ammonium (NH4

+),
nitrite (NO2

−), and NO3
− using standard analytical methods.27

For the analysis of dissolved species, the sample was either
filtered in the field or on the day of sampling in the laboratory
using Whatman GF/C filters (pore size 0.45 μm). TP and TN
were determined from unfiltered samples measured as SRP or
NO3

− after wet oxidation with K2S2O8 (Quick-Chem method
31-107-04-3-B). Samples were preserved with 2 M H2SO4 (100
μL per 5 mL sample). Samples for analysis of NO3

−, and NH4
+

were frozen and measured spectrophotometrically by flow-
injection analysis using a Lachat Instruments Quikchem 8500
(NH4

+ with method 10-107-06-3-D and NO3
− + NO2

− with
10-107-04-1-C). The detection limits for the P and N species
were 0.001 mg P L−1 and 0.005 mg N L−1. Bromide analysis
was done using ion chromatography (Shimadzu), with a
detection limit of 0.01 mg L−1.
Liquid chromatography with organic carbon and organic

nitrogen detection (LC-OCD-OND)28 was used to obtain
information on the concentrations and composition of
dissolved organic matter for all water samples from one

sampling occasion in the IBZ I. This procedure allowed direct
measurement of the dissolved organic nitrogen (DON)
concentration and differentiation between dissolved organic
carbon (DOC) and DON bound as nonhumic high molecular
weight substances (HMWS) of hydrophilic character (like
polysaccharides and proteins), humic-like substances (HS) and
between low-molecular weight acids and neutrals, which we
combined as the low-molecular weight fraction in this study
(LMWS).
Statistical analyses were performed using the software SAS

9.4 (SAS Institute Inc.). We applied correlation analysis to test
for monotonic relationships between (i) monthly cumulated
absolute load and removal (kg) for NO3

−-N, TN, SRP, and TP,
(ii) monthly averaged loading rate (g N m−2 d−1, mg P m−2

d−1) and removal efficiency (%) for NO3
−-N and SRP, and (iii)

monthly average HRT and the removal efficiency for NO3
−-N,

TN, SRP, and TP for both IBZ basins.

■ RESULTS AND DISCUSSION

The daily hydraulic load at the inflow of the two IBZ basins
was, on average, 227 ± 125 and 318 ± 112 mm, respectively

Figure 3. Seasonal variation of (a−d) concentrations and corresponding nutrient loads of soluble reactive phosphorus (SRP) and total phosphorus
(TP) in the water inlet and (e−h) removal efficiency in the Integrated Buffer Zones (IBZ I and IBZ II) separated for the ditch-like pond (Pond) and
the filter bed (Filter) for the monitoring period March 15 to July 16. Values represent monthly averages and error bars indicate standard deviation.
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(Table 1). The HRT in the PONDs was around 2 days with
only slight changes over the season, and nearly one-third (IBZ
I) or half (IBZ II) of the incoming water was discharged into
the FILTERBEDs, while the rest left via an overflow pipe
(Table 1). The tracer experiment highlighted that the flow
through IBZ II-FILTERBED was more homogeneous than that
through IBZ I-FILTERBED and the HRT differed at the time
of the experiment (SI Figure S2 and S3). According to
breakthrough curves, we estimated an HRT of about 6 d in the
IBZ I-FILTERBED compared with about 3 days in the IBZ II-
FILTERBED (SI Figure S2). These results match with the
roughly 2-fold higher infiltration of the IBZ II compared to the
IBZ I. Although the short distance between the basins, we
assume that the formerly mentioned differences in soil texture,
namely the occurrence of less permeable clay only in IBZ I,
explain these differences.
The inflow of water to both IBZs showed TN concentrations

ranging between 3.3 and 8.9 mg N L−1 and TP concentrations
between 0.03 and 0.11 mg P L−1 (Figures 2 and 3, SI Table S1).
The proportion of NO3

− was about 90% of TN and SRP
constituted 50% of TP. Nitrite concentrations were mostly
lower than the detection limit (0.005 mg N L−1). Ammonium
concentrations were low, amounting to an average of 0.04 ±
0.02 mg N L−1. DON concentrations were similar at all
sampling locations on the occasion it was sampled, implying
DON was not produced or further processed in the IBZ; which
might be contributed to the high proportion of N bound to
refractory HS fraction (Table 2). However, slight changes of

DON composition and of C/N ratios of the insignificant more
labile HMWS fraction (about 2% of DOC) indicating some
microbial DON turnover or production which needs further
investigated.
A higher water inflow meant the IBZ II received somewhat

higher nutrient loads, with the highest values for both IBZs
occurring in the winter season (Figure 2, SI Table S1). In

accordance with previous studies of CWs,29 statistical analysis
revealed the nutrient load was explaining between 20 and 90%
of the nutrient removal (SI Figure S4). Removal mechanisms
for different N and P species are well understood;29 however,
the individual importance of certain biogeochemical removal/
retention or release processes may differ strongly between
various nutrient species.

Nitrogen Removal. During the entire monitoring period,
the IBZs acted as an N sink retaining, on average, between 10.9
± 6.5 and 18.2 ± 5.9 g TN m−2 month−1, respectively, with the
highest values appearing for the IBZ II (SI Table S2). Higher
removal of TN and NO3

− in the IBZ II compared to the IBZ I
is associated with the higher and more homogeneous water
infiltration of the FILTERBED (SI Figures S2 and S3).
Although not investigated in detail, anoxic conditions in the soil
imply that the major N removal process in the IBZ was
denitrification, although biological uptake in both compart-
ments might also be of importance during the growing season.
Depending on the season, the proportion of TN removal by
denitrification is typically 60−95% relative to the 1−34%
assimilated by plants and algae in constructed wetlands
(CWs).29 Lowest NO3

−-N concentrations (<0.005 mg N/L)
were recorded during the warm period in the FILTERBED,
which corresponds with the distinct seasonal pattern of the N
removal efficiency (Figure 2). Thus, N removal efficiency in the
IBZs increased to values higher than 50% in the warm period
and reduced to values lower than 20% in the cold period
(Figure 2). This phenomenon can be explained by higher
temperatures as well as lower loading rates in the warm
period.29 While there was a clear trend of increased absolute
removal of NO3

− and TN with higher load (SI Figure S4), the
removal efficiency decreased with increasing load (Figure S5).
We assume that besides HRT (Figure S6), denitrification was
also limited by the availability of organic carbon as an electron
donor in the water-saturated zone of the FILTERBED. In
comparison with natural wetlands or peatlands, the coarse
sandy to gravelly subsoil at the investigation site had a low
carbon content (<2%), and therefore also a lower denitrifica-
tion potential.30,31 Surprisingly, despite the low carbon
environment, DOC concentrations exceeded 10 mg L−1 in
the FILTERBED with about 25% of DOC detected being
bioavailable carbon (Table 2). However, the organic carbon
pool was not sufficiently high and/or the HRT too low to reach
almost complete NO3

− removal as demonstrated for freshwater
wetland sediments.32

Phosphorus Retention. As for N, the IBZ acted as a net P
sink throughout the entire monitoring period, although the
FILTERBED compartment turned out to be a net source of P
for a few months during the warm summer period (Figure 3).
In contrast to N removal where water-saturated oxygen-free
conditions in the FILTERBED promoted denitrification, the
reductive solution of redox-sensitive iron (Fe)-P binding forms
might cause enhanced increase of P release.33,34 The evidence
of iron reduction was obvious due to red-brown colored iron
carpets at the inundated soil surface of the filterbed. However,
it should be notified that NO3

− might act as “redox-buffer”35

suppressing Fe reduction and concomitant P release in the
FILTERBED. Even so, the high release of 10%, in June in the
IBZ I (Figure 3) was caused by a minimal increase in absolute
SRP from low concentrations (0.002 mg P L−1 to 0.003 mg P
L−1) in the POND and FILTERBED, respectively. There was a
distinct seasonal pattern of higher SRP removal efficiency of the
FILTERBED during some winter months and clear dominance

Table 2. Average Concentration (± Standard Deviation) and
Fractions of Dissolved Organic Carbon (DOC) and
Dissolved Organic Nitrogen (DON) Determined by Liquid
Size Excusion Chromatography28 of the Water Inlet
(INLET), the Ditch-Like Pond (POND) and the Filter Bed
(FILTERBED) of the Integrated Buffer Zone (IBZ I, See
Figure 1)a

INLET POND FILTERBED

parameter N = 1 N = 3 N = 8

DOC concentration (mg L−1) 9.3 9.2 ± 0.4 14.0 ± 6.6
high molecular weight substances
(% of DOC)

1.6 2.0 ± 0.4 1.7 ± 0.7

humic-like substances (% of DOC) 90.4 86.2 ± 2.2 73.7 ± 13.3
low molecular weight substances
(% of DOC)

8.0 11.8 ± 1.9 24.5 ± 13.2

dissolved organic nitrogen
(mg L−1)

0.5 0.5 ± 0.0 0.5 ± 0.0

DONhigh molecular weight substances
(mg L−1)

0.02 0.03 ± 0.01 0.02 ± 0.23

DONhumic‑like substances (mg L−1) 0.44 0.44 ± 0.14 0.55 ± 0.55
molar C/N
ratiohigh molecular weight substances

7.0 7.1 ± 1.4 18.6 ± 13.1

molar C/N ratio humic‑like substances 22.3 20.9 ± 0.5 19.9 ± 0.2
aSampling was conducted once in November 2015. The values of the
FILTERBED summarize the water analysis of the eight piezometers
closest to the POND (see Figure 1).
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of P removal in the IBZ PONDs during the growing season
from May to September (Figure 3). Again, contrary to NO3

−,
SRP removal efficiency of the FILTERBED increased with
higher SRP load, in particular in the IBZ I, indicating that P-
binding capacity of the soils was not exhausted at the time of
investigation (SI Figure S5). Furthermore, there was some
evidence that sorption, being the major removal mechanism in
the FILTERBED, became overwhelmed by assimilating plants
and algae during the growing season in the POND. A random
plant sampling of six 1 m2 plots in the FILTERBED and in the
POND at the end of the growing season (September 2017)
demonstrated that the seasonal net P uptake accounted for 2.2
g P m−2 corresponding to approximately 40% of the TP input
of the previous year. The increase in SRP concentrations in the
POND after the growing season, from values lower than 10 μg
P L−1 to values higher than 30 μg P L−1 (Table S1), indicates
that part of the P stock in plants is released due to leaching and
decomposition of senescent plant material.36 Thus, removal of
the plants before the end of the growing season could be
recommended to interrupt the P recycling in the IBZ, but this
would also lower the size of the labile carbon pool for
denitrification.
Evaluation and Outlook. When evaluating the efficiency

of our experimental IBZs, it is important to bear in mind that
the intention was not to replace existing dry buffer strips but to
include IBZs as an additional element to improve the capacity
of the buffer strips to mitigate the nutrient pollution of
watercourses. That means nutrients captured in these systems
have to be added to those already retained in the common
buffer strip. According to previous findings on CWs, the
development of hybrid solutions is recommended,37 in our case
a combination of a surface flow system, the POND, with a
subsurface flow system, the FILTERBED, which may also be
defined as a small saturated buffer zone (Figure 1). The
combination of these two compartments proved advantageous
for maintaining a high annual capture of both N and P. Thus,
the nutrient removal efficiency was observed to be similar to or
even higher than that recorded for other mitigation options
targeted at moderating the nutrient loss from agricultural land

(Table 3). High nutirent removal efficiencies up to 90% for
both N and P were achieved after modification of soil
substrates, improving the redox-conditions or increasing the
HRT. However, the major problem for maintaining a high
nutrient removal in the IBZs is, as for other mitigation options,
the seasonal variability in water discharge and the high nutrient
loading in the cold winter period where microbial activity
abates. Our experimental results recommended a doubling of
the IBZ area to capture the surplus of water during the cold
season (about 50% of the water was bypassed) as well as to
increase the HRT or reduce the nutrient load. For the site
under investigation, an HRT longer than 3 d and a daily loading
rate of N lower than 1 g m−2 and of P lower than 4 mg P m−2

are suggested to maximize the removal efficiency (SI Figure
S5). However, the necessary enlargement of the facility to
increase HRT or reducing the loading rate respectively is not
always feasible. Therefore, infiltration capacity of the
FILTERBED must be improved as must the denitrification
potential or the P sorption capacity of the substrate by certain
modifications, aspects that are both part of an ongoing research
project (the BIOWATER Nordic Centre of Excellence project).
However, under all circumstances, the removal capability for
NO3

− will expectedly improve with increasing growth of alder
trees since both the infiltration capacity and the carbon
availability, inter alia by root exudates, will increase over time.
Thus, instead of modifying the FILTERBED, it might be more
advantageous to use an appropriate substrate at the base of the
dyke behind the FILTERBED (Figure 1), for example
woodchips,38 mixed with gravel to improve dyke stability and
water flow in the long term. Such modification of the
FILTERBED is, however, not recommended if tree growth is
the target. Results regarding the use of alder trees are somewhat
contradictory. On the one hand, it is well-known that the trees’
root nodules with N2-fixing microorganisms may fix up to
several hundred kg N ha−1 year−1, at least under N-deficient
conditions.19 Also, additional fertilization could support
removal processes such as denitrification or the nutrient uptake
by plants.29,39 On the other hand, previous investigations on
planting of black alder have shown that the emission of nitrous

Table 3. Comparison of Different Passive Measures to Mitigate Non-Point Pollution of Agricultural Run-Off
a

mitigation options
removal rate (akg ha−1 y−1 or bg m−3

reactor volume day−1) removal efficiency (%) (*median, **mean) references

TN TP TN TP
riparian buffer strips (7−230 m) 5−130a −12−2.9a 55−98 −400−96 TN:43

TP:44

wetlands 28−39* −16−36* 45

surface flow constructed wetland (SFCW) 2500−6300a 2−1562a 40−55 1−88 TN:46

TP:47

subsurface flow constructed wetland (SSFCW) 0.41−7.76 b 12−98 38
controlled drainage (CD) 13.5a 0.07a 47.8** ± 12 55.0 ± 14.9** 48
denitrification walls (DW) 29a or 0.62b 55 49
CD+DW 6.4b 23−50 38
integrated buffer zones 1308−2184a 18.8−29.9a 32−36 44−51 this study

0.51−0.85b

Removal Rates and Efficiency from the Danish Catalogue of Mitigation Measures
wetlands 120−190a 0.10 ± 0.96a 23−72 50
SFCW 5−20 a 0.2−0.9a 20−30 50
SSFCW 5−35 a 35−50 50
buffer strips, 10 m 37−74a 0.04−0.4a 50

aNegative values indicate a net release. Please note that data were obtained from reviews only. TN: total nitrogen, TP: total phosphorus.
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oxide did not increase in nutrient-enriched organic soils and
that methane emissions were, in fact, suppressed under
inundated conditions.40 Finally, we observed that the water-
saturated zone extended beyond the monitored FILTERBED
toward the dry buffer zone and down to the stream. Thus, an
even higher total nutrient removal the longer the IBZs are run
can be expected; however, this needs further investigation.
Contrary to the increase in N removal, there is some

evidence that the P removal of the IBZs will decrease over time.
From both buffer strips and other CWs, it has been
documented that once oversaturated with P, soils will change
from a sink to a source of dissolved P.41 However, if iron
loading of the system is high, as seemingly is the case at our
experimental site, such an effect may not occur. Nevertheless,
infilling of the POND with sediment will eventually take place,
considering the frequency of storm events and the localized
landform, slope and field use. Therefore, maintenance of the
IBZs for an estimated period of 10 to 20 years may be
necessary. A potential application of IBZs is to possibly recycle
the nutrient-enriched material back to the fields. Therefore,
when using IBZs as hot spots for N removal and efficient
sediment and P traps in the landscape, they should preferably
be located at sites with a high loss of polluted drain water and
an expectedly high erosion risk.42 We suggest that inclusion of
IBZs in dry buffer strips will provide additional valuable
ecosystem services21 such as, for instance, flood attenuation by
increasing the water storage in agricultural landscapes and by
augmenting biodiversity through provision of habitats for
amphibians and wetland plants. Moreover, use of alder trees
might be of benefit to farmers depending on, respectively, the
size of the IBZ or the biomass yield. Based on the findings of
this study, a short manual summarizing various aspects for the
implementation of IBZ in dry buffer strips (including the cost
efficiency for N removal) is presented in SI Figure S7.
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Abstract

Integrated buffer zones (IBZs) have recently been introduced in 
the Northwestern Europe temperate zone to improve delivery of 
ecosystem services compared with the services associated with 
long-established vegetated buffer zones. A common feature of 
all the studied IBZ sites is that tile drainage, which previously 
discharged directly into the streams, is now intercepted within 
the IBZ. Specifically, the design of IBZs combines a pond, 
where soil particles present in drain water or surface runoff 
can be deposited, and a planted subsurface flow infiltration 
zone. Together, these two components should provide an 
optimum environment for microbial processes and plant 
uptake of nutrients. Nutrient reduction capacities, biodiversity 
enhancement, and biomass production functions were assessed 
with different emphasis across 11 IBZ sites located in Denmark, 
Great Britain, and Sweden. Despite the small size of the buffer 
zones (250–800 m2) and thus the small proportion of the drained 
catchment (mostly <1%), these studies cumulatively suggest that 
IBZs are effective enhancements to traditional buffer zones, as 
they (i) reduce total N and P loads to small streams and rivers, 
(ii) act as valuable improved habitats for aquatic and amphibian 
species, and (iii) offer economic benefits by producing fast-
growing wetland plant biomass. Based on our assessment of 
the pilot sites, guidance is provided on the implementation and 
management of IBZs within agricultural landscapes.

An Assessment of the Multifunctionality of Integrated Buffer Zones 
in Northwestern Europe
Dominik Zak,* Marc Stutter, Henning S. Jensen, Sara Egemose, Mette V. Carstensen, Joachim Audet, 
John A. Strand, Peter Feuerbach, Carl C. Hoffmann, Benjamin Christen, Sandra Hille, Mads Knudsen, 
Jenni Stockan, Helen Watson, Goswin Heckrath, and Brian Kronvang

Eutrophication of fresh and marine waters and 
biodiversity loss across ecosystems as a result of global 
climate and land management changes constitute major 

environmental challenges. Despite increasing fundamental eco-
logical knowledge, these challenges are exacerbating. An impor-
tant reason for this is the pressure on agricultural land to meet 
the food demands of the world’s increasing population and 
needs for energy and water (WWAP, 2015; Scanlon et al., 2017). 
Despite attempts over recent decades to control excess fertilizer 
application (Neal and Jarvie, 2005; Lam et al., 2011), diffuse pol-
lution of watercourses remains sufficiently large to negate achiev-
ing the environmental goals of European legislation and national 
environmental programs (Kronvang et al., 2008; Land et al., 
2016). Among the mitigation measures targeting diffuse pollu-
tion, buffer strips, commonly called vegetated buffer strips, have 
been introduced in some European countries since the 1980s 
to mitigate the deterioration of watercourses by surface runoff 
from intensively managed agricultural land (Stutter et al., 2012). 
The aim was to create a buffer between a field and an adjacent 
watercourse to interrupt the transport of particles and nutrients 
to surface waters. Since this time, numerous scientific studies and 
guidance documents have been published on the functioning 
and effectiveness of buffer systems (Mayer et al., 2007; Stutter et 
al., 2012; Hille et al., 2018a). Today, it is well documented that 
their performance is closely linked with a number of biological, 
hydrological, and geological factors, often demonstrating strong 
spatial and temporal variations (Hill, 1996; Hoffmann et al., 
2009; Christen and Dalgaard, 2013).

Mitigating a range of diffuse pollutants remains the pri-
mary objective for buffers. The evidence for the effectiveness 
of conventional buffers, in terms of reducing diffuse pollution 
from sediment, P, N, pesticides, and fecal organisms, is varied. 
Documentation was mostly done at plot scales and over short 
durations, hence it is difficult to transfer across sites and to upscale 

Abbreviations: DK, locations in Denmark; DM, dry matter; GB, locations in Great 
Britain; HRT, hydraulic residence time; IBZ, integrated buffer zone; ICP–OES, 
inductively coupled plasma optical emission spectroscopy; SE, locations in 
Sweden; SRP, soluble reactive phosphorus; TN, total nitrogen; TP, total phosphorus.
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Drain water and surface runoff will be trapped within a pond 
and charge a filter bed.
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riparian forests.
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from the plot scale. Generally, pollution reduction (output vs. 
input mass loads) rates of buffers are greatest for coarser sedi-
ments and associated particulate transport of P and pesticides 
(Collins et al., 2009). The effectiveness, and between-site consis-
tency of buffers, is less for the trapping and retention of fine par-
ticles and soluble N, P, and other pollutants (Syversen and Borch, 
2005; Dorioz et al., 2006; Collins et al., 2009). Reasons for this 
include: (i) the primary design of grass buffer strips is to slow 
and retain particles in surface runoff, while important, subsur-
face pathways are ignored in such buffers ( Jaynes and Isenhart, 
2014); (ii) over longer periods, surface runoff can converge into 
preferential pathways that reduce even coarser sediment trapping 
(Collins et al., 2009); and (iii) P is cycled and interconverted 
between forms (Stutter et al., 2009). Hence, conventional grass 
buffers are limited in their ability to reduce the amount and rate 
of transport of many forms of pollutants unless they have widths 
much greater than 10 m (Hill, 2018). Yet the slow conveyance 
across or through buffers is vital to allow biogeochemical pro-
cessing (sorption, biological uptake, and degradation) of pollut-
ants in situ in the buffer (Dorioz et al., 2006; Arora et al., 2010). 
Innovative designs of buffers are required to address a range of 
belowground, surface, and aboveground transport pathways to 
enhance retention of particles in sculpted ground, ponds, and 
ditches, which preferentially slow subsurface flows and improve 
in situ biogeochemical processing. Addressing these issues pro-
vides opportunities to integrate aspects of multiple wider ben-
efits in systems, including biogeochemical nutrient processing in 
root zones, nutrient uptake, and biomass generation (Ferrarini 
et al., 2017).

Studies have not only included the capability of vegetated 
buffer strips to regulate nutrient pollution but have also sought 
to demonstrate that these systems can provide additional ecosys-
tem services (Stutter et al., 2012). The provision of such services 
can be built on for new buffer designs, including inter alia cli-
mate regulation through C sequestration or shading to moder-
ate temperature extremes, supporting habitats for birds and 
amphibians or a diversity of pollinators, and providing opportu-
nities for recreation and education (Mander et al., 2005; Stutter 
et al., 2012) or the production of biomass (Hille et al., 2018a). 
However, vegetated buffer strips were often considered to be 
inefficient for retaining dissolved nutrients since they are often 
bypassed by drainage pipes and are generally too dry through-
out the year (Hille et al., 2018a). Therefore, a modified concept 
termed “integrated buffer zones” (IBZs) was recently introduced 
and tested to improve their services in the landscape (Strand et 
al., 2018; Zak et al., 2018). Even though IBZs are targeted to 
combine relatively small surface areas with potentially high rates 
of pollutant removal, they seek to improve wider ecosystem 
services that represent beneficial enhancements within riparian 
zones (Stutter et al., 2012). In general, IBZs combine two main 
compartments: an aquatic part, where suspended soil particles in 
drain water can settle, and a planted infiltration zone; together, 
these provide an optimum environment for anaerobic microbial 
processes and plant uptake (Supplemental Fig. S1). Accordingly, 
the major difference to the traditional design of vegetated buffer 
strips is that both drain water and surface runoff will be trapped 
within the pond and charging the infiltration zone thereafter. 
Recently, the concept of IBZs has been improved in Denmark 
and Sweden and also latterly introduced in Finland and Great 

Britain. So far, 14 IBZs have been established in Sweden alone, 
with ?20 more planned for the next 2 yr, and the concept is cur-
rently expanded in Germany as well (M. Trepel, personal com-
munication, 8 Oct. 2018).

The present work focused on water storage, pollution control, 
and nutrient uptake as a subset of regulating services, biodiver-
sity as a supporting service, and biomass production as a pro-
visioning service (Hassan et al., 2005). The study methods and 
desired outcomes for each site differed and did not necessarily 
cover all services, mirroring different environmental priorities in 
Denmark, Sweden, and Great Britain. Hence, this synthesis con-
centrates on the key results for different aspects of services from 
where the best evidence exists (Table 1).

Materials and Methods
Study Sites

The IBZs under investigation were established between 
2012 and 2014 at five locations in Denmark, Great Britain, 
and Sweden, abbreviated as DK-I, DK-II, GB, SE-I, and SE-II, 
respectively (Fig. 1). Both DK locations and SE-I had two IBZ 
sites each, GB had four sites, and SE-II had one site, resulting in a 
total number of 11 IBZs (Fig. 2A–2D). Generally, each IBZ con-
sisted of two similar-sized compartments: an aquatic part called a 
ditch or pond, and an infiltration zone planted with trees, either 
Alnus glutinosa (L.) Gaertn. (alder, all sites) or Salix viminalis 
L. (willow, GB only) (Fig. 2). In some of the IBZ sites, an over-
flow system was implemented to bypass excess drainage during 
periods with high runoff, and water flow and levels were con-
trolled by vertical tubes inside specially designed concrete wells, 
allowing overriding control of water levels if this was required by 
the land managers (Supplemental Fig. S1). The specific design, 
climate, and landscape context of the different IBZ settings are 
summarized in Table 2.

Water Storage
Water balances were determined to quantify water stor-

age and the retention of P and N in the IBZs from all DK sites 
(IBZDK). For that purpose, water flow in the inlet and the outlet 
(Supplemental Fig. S1), as well as the water table, were mea-
sured every 10 min using flow meters (KROHNE) and water 
level recorders (MadgeTech) from July 2015 to June 2016. For 
the Danish sites, daily precipitation and potential evapotrans-
piration data were derived from the Danish Meteorological 
Institute using a weather data grid of 10  10 or 20  20 km 
(DMI, 2017), respectively. The outlet was leveled ?0.8 m above 
the bottom of the aquatic part to prevent an overrun of the IBZs. 
By regulating the water flow at the inlet and outlet, a more or 
less constant water level of ?0.7 m could be maintained in the 
aquatic part, and the infiltration zone was usually slightly inun-
dated to enhance nitrate removal by denitrification.

In GB sites (IBZGB), ditch water height was recorded semi-
continuously by Troll pressure transducers (Troll 100, In-Situ) 
for the purpose of investigating tradeoffs between flood water 
storage (i.e., free volume utilizable for runoff during storms) and 
ditch water levels required for filter bed action. Using GIS flow 
accumulation routines, we calculated that the flow paths into the 
IBZGB area of Ditches A, B, C, and D comprised a catchment of 
9.6 ha.
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Pollution Control
Surface Runoff

At IBZDK-II, surface runoff was generated from a 5.18-ha field 
area adjacent to the IBZ, as calculated through the application 
of a 0.4-m  0.4-m digital terrain model in ArcGIS 10.2 (ESRI, 
2014). The surface runoff was redirected around the IBZ because 
an upstream dike was constructed to prevent any interference 
from surface runoff into the IBZ water and mass balances (see 
below). Thus, fluxes of water, suspended sediment, N, and P 
generated from surface runoff on the field were measured and 
used as a proxy for the functioning of the IBZ for collection 
and possible retention of sediment and nutrients from surface 

runoff. Surface runoff was measured at the experimental IBZ 
using a V-notch weir installed in an erosion gully formed in front 
and along the side of the IBZ ?20 m from the stream channel. 
Water containing suspended sediment was sampled using an 
ISCO sampler containing 24 glass bottles that was triggered by 
a magnetic contact whenever the water started flowing through 
the V-notch weir. Out of a total of 15 individual surface runoff 
events occurring during the winter period (November 2015 to 
April 2016), water samples representing the entire period were 
randomly taken at six events. Runoff water samples were ana-
lyzed for suspended sediment, total P (TP), and total N (TN) 
applying standard analytical methods (Hansen and Koroleff, 

Table 1. Overview of assessed ecosystem services and used indicators and metrics in different integrated buffer zones (IBZs) of Denmark (DK), Great 

Britain (GB) ,and Sweden (SE) (see Table 2 for IBZ code and Fig. 1 for location of sites).

Ecosystem service Indicators and metrics† IBZ

Water storage Hydraulic residence time DK-I, DK-II
Ditch capacity for peak flow additional storage GB

Pollution control Removal of nitrate and TN, retention of SRP and TP DK-I, DK-II, partly GB
Nutrient and C stock of plants DK-I

Sediment retention DK-II

Biodiversity Terrestrial ground level and aquatic invertebrates SE-I, SE-II, GB

Amphibians, aquatic plants, birds, mammals SE

Terrestrial plants GB
Biomass production Tree growth or biomass yield DK-I, GB

† TN, total N; SRP, soluble reactive P; TP, total P.

Fig. 1. Locations of integrated buffer zones (IBZs) in Denmark, Great Britain, and Sweden.
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2007). Flow-weighted concentrations from each event covered 
by water sampling were used for the unsampled surface runoff 
events to calculate the total export of suspended sediment, TP, 
and TN in surface runoff from the field during the winter period.

Tile Drainage Water
At the IBZDK sites, water samples were taken fortnightly to 

enable use of a mass-balance approach by sampling the inlet 
water, three points in each pond, the outlet water, and the 
piezometers in the filter bed (Fig. 2A and 2B). All surface water 
samples were analyzed for TP and TN using standard analyti-
cal methods (Hansen and Koroleff, 2007). For the analysis of 

soluble reactive P (SRP) and nitrate, the water was either filtered 
in the field or on the day of sampling in the laboratory using 
Whatman GF/C filters (pore size = 0.45 m). Daily concentra-
tions of nutrients in ditch and piezometers were obtained using 
linear interpolation between two subsequent sampling occasions 
(Kronvang and Bruhn, 1996). Daily loads of P and N forms were 
calculated by multiplying the concentration (mg L−1) in the inlet 
by the total volume of water (L) entering the IBZs. Nutrient load 
and nutrient removal were calculated on a daily basis for the 
total IBZ basins, and also separately for the two basin compart-
ments (pond and filter bed). Daily loads of P and N fractions 
for the pond and the total basin, respectively, were calculated by 

Fig. 2. Schemes from integrated buffer zones (IBZs) established in (A, B) Denmark, (C) Great Britain, and (D, E) Sweden. Further details on the spe-

cific design, climate, and landscape context of the different IBZ settings are summarized in Table 1.
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multiplying the concentration (mg L−1) at the inlet by the total 
volume of water (L) entering the wetland, and for the filter bed 
by multiplying the concentration in the pond by the volume of 
infiltrating water of the filter bed. Assuming particle transport 
was negligible in the filter bed, only dissolved species were con-
sidered for this compartment, in the calculation of both load 
and removal. As a last step, the overall nutrient removal was cal-
culated as the sum of the removal from the pond and filter bed 
components. Below, the combined daily data as monthly aver-
ages for both components are presented. Detailed information 
on the calculation of water infiltration, hydraulic residence time 
(HRT), and nutrient removal, as well as on standard methods for 
chemical analysis, can be found in Zak et al. (2018).

Biodiversity
Biodiversity was monitored in the Swedish and British sites 

(Table 1). The monitoring focused on five different organism 
groups in the IBZSE sites through surveys conducted during 2013 
to 2015. Species were identified using different keys depending 
on organism groups, namely, aquatic invertebrates (Hynes, 1977; 
Macan, 1978; Cranston, 1982; Mandal-Barth, 1982; Elliott and 
Humpesch, 1983; Lillehammer, 1988; Savage, 1989; Edington 
and Hildrew, 1995; Andersen, 1996; Engblom, 1996; Jansson, 
1996; Norling and Sahlén, 1997; Elliott and Mann, 1998; 
Dannelid and Sahlén, 2007), birds (Brown et al., 2003), mam-
mals (Brown et al., 1982), amhibians (Cederhagen and Nilsson, 
1979; Ahlén et al., 1995), and vegetation (Moeslund et al., 1990; 
Schou et al., 2017). The monitoring varied depending on organ-
ism group (Naturvårdsverket, 2010). Aquatic invertebrates were 
surveyed by time-standardized netting and by activity traps and 
bottle traps. Netting was done in the aquatic part in each IBZ at 
two to four spots on five occasions between October 2013 and 
May 2014. Each sampling consisted of 30 s of netting in swipes 
at the sediment surface and at the edges of vegetation with a 
D-shaped hand net (mesh size = 1.4  1.4 mm). This method, 
with relatively few and short netting periods during winter and 
spring, was used since it was part of a project designed to com-
pare dominant invertebrate species between IBZs and four other 

small aquatic systems, and not to maximize species richness. The 
other aquatic systems were located within 1 km of IBZSE-II. These 
sites were 300 to 600 m2 and 50 to 100 yr old and consisted of 
three marl pits and one “nature park” pond sampled at the same 
time period using the same methods. Samples from each spot 
were live sorted, and the invertebrates were preserved in 70% 
ethanol for subsequent identification and counting under a ste-
reomicroscope (Zeiss Stemi 2000-C). Simple activity traps and 
bottle traps were constructed using plastic, transparent polyeth-
ylene terephthalate (PET) bottles that were cut at the top, after 
which the top part was inversely inserted into the bottom half, 
thus creating a funnel trap. The traps were located with the open-
ing of the funnel at the sediment bottom and with the bottom 
part extending just above the water surface. A small hole was 
drilled in the trap to ensure O2 exchange. The traps were fixed 
in position with bamboo sticks. Four activity traps, baited with 
liverwurst, were placed in one of the IBZs in Sweden on two 
occasions, 31 Mar. and 7 May 2014, and left in the IBZ for 24 h 
each time. The use of activity traps followed standard methods 
from the Swedish environmental monitoring program for great 
crested newts (Triturus cristatus) (Naturvårdsverket, 2005). In 
addition to the above surveys, a continuous species list of larger, 
easily identified insect species was made during visits to the IBZ. 
The other groups were investigated as follows:

Amphibians: by visual survey of eggs and adults during 
spring and by netting and activity traps, as described above. 
Visual surveys were done on 16 and 23 April during daytime 
and by flashlight for salamanders at night on 13 May 2014.
Birds: by three repeated visits during April to June in 2014 
and 2015. The small area of the IBZ prevented use of territory 
maps; instead, point counts with behavior assessments 
(breeding criteria) were applied. In each survey, the species 
and number of individuals and their behavior were noted 
following standard Swedish monitoring program methods 
(Naturvårdsverket, 2012).
Mammals: by tracks and signs on the muddy ground of the 
infiltration zones after inundation events during 2013 to 
2015. Also, visual observations of mammals were recorded 

Table 2. Selected site properties of the integrated buffer zones (IBZs) in Denmark (DK), Great Britain (GB), and Sweden (SE) (see map in Fig. 1).

Property Fillerup, DK Spjald, DK Balruddery, GB Bölarp, SE Lilla Böslid, SE

Code DK-I DK-II GB SE-I SE-II
Year of establishment 2014 2014 2014 2013 2012
Coordinates 55.57180  N,  

10.05294  E 
56.06173  N,  

8.28375  E
56.28470  N,  
3.07320  W

56.33502  N,  
13.65927  E

56.35469  N,  
12.56297  E

Altitude (m asl) 46 40 50 20 10
No. of facilities 2 2 4 2 1
Upslope field size (ha) 30 16.2 4.5 8 3.5
IBZ size (m2) 250 350 300 330 800
IBZ/field ratio (%) 0.1 0.2 0.7 0.4 2.2
Adjacent cropping after IBZ 
establishment Spruce, grain Grain Grain, potatoes, beans Grain Grain, potatoes

Annual avg. precipitation (mm) 718 910 705 850 800

Avg. temperature, January ( C) 1.6 1.9 3.2 1.5 1.5
Avg. temperature, July ( C) 16.6 16.5 14.7 16 16
Climate data source Danish Meteorological 

Institute
Danish Meteorological 

Institute
Onsite meteorological 

station
SMHI† (maps) SMHI (maps)

Tree species Alnus glutinosa A. glutinosa A. glutinosa,  
Salix viminalis

A. glutinosa A. glutinosa

† SMHI, Swedish Meteorological and Hydrological Institute.
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during visits to the IBZ during the surveys of other 
organism groups.
Aquatic plants: by surveys during 2013 to 2015 where a 
telescopic rake was used to reach and sample submerged 
flora to obtain a cumulative species list.

At IBZGB, pitfall trapping was used to sample ground inverte-
brates. Three traps were installed in a linear arrangement, 7.5 m 
apart, within the IBZ (two replicates within each tree type) and 
two adjacent riparian margins (managed by sowing with stan-
dard wildflower seed mix). The traps consisted of 7.5-cm-diam. 
plastic cups sunk into the ground and partly filled with ethylene 
glycol (with a roof for rainfall protection). The traps were emp-
tied twice during each 28-d sampling period. Sampling was con-
ducted four times: autumn 2015, spring and autumn 2016, and 
spring 2017. The abundance of Coleoptera (beetles), Araneae 
(spiders), Opiliones (harvestmen), and Collembola (springtails) 
were counted. Carabid beetles were identified to species accord-
ing to Luff (2007). Invertebrates were also sampled from the veg-
etation and litter in the IBZ using a Vortis insect suction sampler 
over five separate ground areas of 0.09 m2 for 5 s each and then 
bulked. Four samples were taken from each margin. Invertebrates 
were identified at least to order.

Biomass Production
To assess the uptake of P and N as well as C sequestration 

by plants, six randomly chosen plots in both the pond and the 
filter bed at both IBZDK-I sites were harvested at the end of the 
growing season in mid-September 2016. Due to litter loss before 
biomass yield, date shown below refer to net production of 
aboveground biomass and net nutrient or C uptake, respectively. 
For the sampling of aquatic plants in the pond, plastic cylinders 
with an inner area of 1 m2 were used. The whole plant to the 
bottom of the pond was harvested. For the infiltration zone, a 
plastic frame with the same inner area was used. Furthermore, six 
alder trees were also removed from each IBZDK-I site, leaving the 
belowground biomass untouched. For the determination of dry 
mass, the plants were dried at 60 C for 2 d until mass constancy. 
Aboveground biomass from trees was divided into branches and 
stems, and four tree size categories were distinguished for later 
separate analysis of biomass and P, N, and C concentrations. 
Before determination of total nutrient and C contents by stan-
dard methods (Hansen and Koroleff, 2007), the dried material 
was homogenized using a fine-grain mill. The net P, C, and N 
uptake by aboveground plant biomass per unit area in the sites 
under investigation was calculated using P concentrations and 
biomass data (Zak et al., 2014).

For IBZGB, the C and nutrient stock from tree leaves were 
assessed. This was done separately, since the woody material repre-
sents longer-term sequestration of biomass and nutrients, whereas 
leaves represent annual cycling periods where the litter returns 
nutrient to the soils. The biomass of leaf and woody material were 
sampled in 2017 and analyzed as separate components to deter-
mine total aboveground biomass. Leaves were sampled from alders 
and willows in summer (n = 10 leaves each from 10 randomly 
selected trees per plot). Branches were sampled from willows (n = 
10 trees per plot), but for alders, literature-derived values of N and 
P contents were used so as not to damage the trees at this early stage. 
Detailed methods and assumptions are given in Supplemental 

Table S1. Total C and TN concentrations were determined on 
2-mg oven-dried subsamples using a Flash EA 1112 Series elemen-
tal analyzer. TP was determined following aqua-regia digest using 
inductively coupled plasma optical emission spectroscopy (ICP–
OES). The results of standing stock (aboveground biomass only) 
for C, N, and P were aggregated up to area level (either t ha−1 or 
kg ha−1), and uncertainties were calculated as 95% confidence 
intervals from accumulated errors. For comparison with biomass, 
topsoil (down to the 25-cm depth) was collected and analyzed for 
N and P stocks. Phosphorus was extracted by modified Morgan’s 
reagent (according to McIntosh, 1969) and analyzed in the 
extracts by ICP–OES. Soil-extractable nitrate was determined in a 
1:5 (w/v) extract using 1 M KCl for 1 h. Before colorimetric analy-
sis, extracts were filtrated by prewashed Whatman No. 1 papers. 
The calculations of P and N stock were done on volume basis using 
bulk density determined on triplicate soil core samples per plot.

Statistical Analysis
Average values are represented as means  SD unless other-

wise stated. For the comparison of water quality, nutrient load, 
and water quality between the four IBZDK sites, as well as the 
elemental composition of leaf material from the IBZGB, the non-
parametric Kruskal–Wallis test was used, followed by a post-hoc 
test based on pairwise comparisons with Bonferroni adjustment 
of the significance level. In addition, factors controlling the nutri-
ent removal efficiency were tested. Activity–density of carabids 
and total invertebrates (for both pitfall and suction sampling) 
from IBZGB were log transformed {log[10(y + 1)]} to normalize 
the data. To avoid pseudoreplication, means were calculated from 
all traps of one site. Differences between means were tested using 
restricted maximum likelihood with year and season as random 
factors (VSN International, 2011). The significance level for all 
statistical tests was p < 0.05. All tests were performed using the R 
software version 3.4.4 (R Development Core Team, 2018).

Results
Water Storage

In IBZDK, between 10 and 60% of the inflowing tile drain-
age water infiltrated through the filter bed, whereas the rest 
of the water left via an overflow pipe (Supplemental Table S2, 
Supplemental Fig. S1). The daily hydraulic load and the HRT of 
the aquatic part were, on average ( SD), 208  121 mm and 2.7 

 2.0 d, respectively (Supplemental Table S2). The HRT in the 
filtration zone was estimated to be roughly twice as high as in the 
ditch (as determined once during a 2- to 4-wk Br tracer experi-
ment; Zak et al., 2018), and it should be noted that it might take 
several days more before the water leaving the filtration zone 
enters the adjacent stream.

At IBZGB, despite comparable rainfall and interception of 
drained sites, the existing conditions caused considerable variation 
in water level (Supplemental Fig. S2). The total ditch height was 
?0.9 m to overtopping, and commonly Ditch A was full except 
in summer (water level minimum ? 0.6 m). Ditches B, C, and D 
behaved differently from Ditch A, but they generally maintained 
their capacity and were filled at runoff events and emptied at daily 
to weekly intervals. Thus, the ditches maintained their capacity 
for temporary storage of flood runoff and settling of fine parti-
cles passing through the IBZ even if they were already filled with 
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water. As an example, the stage change in September in Ditch A of 
?0.3 m represents some 20 m3 of storage volume.

Pollution Control
Surface Runoff

Surface runoff from a 5.2-ha field to IBZDK-II amounted to 
48 mm during the winter period of 2015–2016. The loss of sus-
pended sediment, TP, and TN amounted to, respectively, 56, 0.27, 
and 0.30 kg ha−1 during winter 2015–2016. Thus, it is estimated 
that a total of 292 kg suspended sediment, 1.39 kg P, and 1.57 kg 
N would have entered IBZDK-II from surface runoff of the field. 
Taking into account that 30 to 80% of sediment particles become 
retained, depending on hydraulic loads and vegetation growth 
(Braskerud, 2001), the removal for sediment and associated nutri-
ents would account 0.5 to 1.3 kg m−2, 2 to 6 g P m−2, and 3 to 7 g N 
m−2, respectively, during the winter period of 6 mo.

Tile Drainage Water
The tile drainage water discharging into the IBZDK sites 

showed monthly average TN concentrations of 6.2  1.4 and 
9.6  1.0 mg N L−1 (Table 3), whereas the monthly average TP 
concentrations were comparatively low (Table 4), in particular 
at the two IBZDK-II sites (0.02  0.01 mg P L−1). The proportion 
of nitrate was ?90% of TN, and SRP constituted 40% of TP. 
In comparison with the ditch inflow water at IBZGB for a single 

intercepted tile drain (entering Ditch A), the monthly measured 
nitrate and SRP were 9.0  0.3 mg N L−1 and 0.03  0.0 mg P 
L−1. The removal of nitrate and TN in the four IBZDK amounted 
to, respectively, 0.2 to 0.5 and 0.1 to 0.6 g N m−2 d−1, yielding 
a monthly average removal efficiency between 23 and 37% for 
nitrate and between 8.1 and 38% for TN (Table 3).

At IBZGB, a time series of nitrate concentrations in the four 
ditches (Supplemental Fig. S3) showed considerable spatiotempo-
ral variability. However, in early summer 2016, the nitrate concen-
trations in several ditches became greatly depleted relative to drain 
concentrations, which may be taken as a reference for their inputs.

The removal of SRP and TP in the four IBZDK amounted to, 
respectively, −0.3 to 5.0 and 0.3 to 6.9 mg P m−2 d−1, amounting 
to a monthly average removal efficiency of −29 to 67% for SRP 
and 18 to 52% for TP (Table 4).

With few exceptions, nitrate and TN removal efficiencies 
were significantly negatively correlated to nitrate and TN loads 
(Fig. 3). For SRP and TP, both IBZDK locations behaved differ-
ently. Although the load and the retention were negatively cor-
related in the two IBZDK-I sites, an opposite relation was found 
for the two IBZDK-II sites (Fig. 4).

Habitat Provisioning
The overall species richness of aquatic invertebrates in the 

two IBZs investigated in Sweden was comparable with the other 

Table 3. Nitrogen concentrations of drain water discharging the integrated buffer zones (IBZs), N load, specific N removal, N removal efficiencies, 

and N stock of aboveground biomass of nonwoody plants (submerged, floating, and emergent plants [SFE]) and of black alder trees (ALD) of the 

duplicated IBZ sites (a and b) in two locations of Denmark (see Fig. 1 for sampling locations and Fig. 2 for site details). Data on concentration and 

removal represent monthly averages  SD for the monitoring period from July 2015 to June 2016. Nitrogen stock was determined at the end of 

growing season in mid-September (median of 12 sampling plots for SFE and of six alder trees ?6 yr old).

Parameter DK-I a DK-I b DK-II a DK-II b

Nitrate conc. (mg N L−1) 5.5  2.0a† 9.5  1.0b
Total N conc. (mg L−1) 6.2  1.4a 9.6  1.0b
Nitrate load (g N m−2 d−1) 1.4  1.1a 1.9  1.0a 1.4  0.8a 1.5  0.9a
Total N load (g N m−2 d−1) 1.6  1.1a 2.1  1.0a 1.4  0.8a 1.5  0.9a
Nitrate removal (g N m−2 d−1) 0.3  0.2a 0.5  0.2b 0.3  0.2a 0.2  0.1a
Total N removal (g N m−2 d−1) 0.4  0.2a 0.6  0.2b 0.2  0.1ac 0.1  0.1c
Nitrate removal efficiency (%) 30  19a 37  17a 23  13a 25  19a
Total N removal efficiency (%) 31  16 38  16 17  11 8.1  14
SFE N stock (g N m−2) 17.6 15.2 No values No values
ALD N stock (g N m−2) 1.9 2.0 No values No values

† Significant differences (p < 0.05) are indicated by different lowercase letters.

Table 4. Soluble reactive P (SRP) and total P (TP) concentrations of drain water discharging from the integrated buffer zones (IBZs), P load, specific P 

removal, P removal efficiencies, and P stock of aboveground biomass of nonwoody plants (submerged, floating, and emergent plants [SFE]) and of 

black alder trees (ALD) of the duplicated IBZ sites (a and b) in two locations of Denmark (see Fig. 1 for sampling locations and Fig. 2 for site details). 

Data on concentration and removal represent monthly averages  SD for the monitoring period from July 2015 to June 2016. Phosphorus stock was 

determined at the end of growing season in mid-September (median of 12 sampling plots for SFE and of six alder trees ?6 yr old).

Parameter DK-I a DK-I b DK-II a DK-II b

SRP conc. (mg P L−1) 0.03  0.01a† 0.01  0.00b
TP conc. (mg L−1) 0.05  0.01a 0.02  0.01b
SRP load (mg P m−2 d−1) 6.6  4.4a 9.3  4.7a 1.2  0.9b 1.2  1.1b
TP load (mg P m−2 d−1) 12  8a 17  7a 4.5  4.3b 4.8  4.6b
SRP removal (mg P m−2 d−1) 3.3  1.7a 5.0  2.5b 0.2  0.7c 0.3  1.0c
TP removal (mg P m−2 d−1) 5.6  3.8a 6.9  4.2a 0.7  2.9b 0.3  2.8b
SRP removal efficiency (%) 44  18a 67  19a 25  159ab 29  449b
TP removal efficiency (%) 44  10a 52  12a 21  32b 18  29b
SFE P stock (g P m−2) 2.34 2.03 No values No values
ALD P stock (g P m−2) 0.16 0.18 No values No values

† Significant differences (p < 0.05) are indicated by different lowercase letters.
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small aquatic systems that were investigated simultaneously in 
Sweden. In total, 15 and 39 aquatic invertebrate species were 
found in the two Swedish IBZs (Table 5) compared with 24, 
40, 27, and 19, respectively, in the four other investigated sites 
(single results are not shown, unpublished data). Altogether, 13 
different plant species found in the IBZs in Sweden including 
widespread helophytes and hydrophytes like Typha latifolia L. 
and Potamogeton natans L. Regarding amphibians, the survey 
showed that out of the five species occurring in the region of 
Sweden where the IBZs were placed, Rana temporaria and Bufo 
bufo had established populations in IBZSE-I, and R. temporaria, 
B. bufo, Lissotriton vulgaris, and Triturus cristatus had established 
populations in IBZSE-II (Supplemental Table S3).

In IBZSE-II, at least eight species of dragonflies (Odonata) were 
observed either in the invertebrate sampling or by visual observa-
tion of adults (e.g., Libellula quadrimaculata, Libellula depressa, 
Orthetrum cancellatum, Ischnura elegans, and Sympetrum san-
guineum). The dominant species in the invertebrate fauna in 
terms of individuals was the mayfly, Cloeon dipterum, a species 
adapted to small water bodies that may have ice cover and low 
O2 levels. No surveys of terrestrial invertebrates were done in 
Swedish IBZs, but during the visits, some easily identified species 
were noted (e.g., four butterfly species [Aglais urticae, Gonepteryx 
rhamni, Anthocharis cardamines, and Inachis io] and two beetles 
[Cicindela campestris and Potosia cuprea]).

Apart from aquatic and semiaquatic species, the nationally 
red-listed skylark (Alauda arvensis) was found to be breeding in 
IBZSE-II (Supplemental Table S4). Skylark were found to breed in 
the narrow zone (1 m) between the farmland and the excavated 
aquatic part of the IBZ. Also, mammal species were recorded 
in the IBZs, and in addition to the six species observed directly 
within the IBZ, a badger was observed ?50 m outside the IBZ, 
likely using the IBZ habitat for foraging and shelter.

In IBZGB, pitfall trapping showed that carabid activity–den-
sity (F = 6.1718, p = 0.009) and species richness (F = 6.1918, p = 
0.009) were significantly higher in the controls (adjacent grass 
margins) than at the ground level of the tree zone in the IBZ 
margins (Supplemental Table S5). There was no significant dif-
ference between alder and willow buffer systems respectively (log 
mean activity–density = 0.12  0.06 [SEM] and 0.11  0.04; 
species richness = 0.29  0.13 and 0.33  0.14). Total inver-
tebrates, sampled by pitfall trapping, showed significant dif-
ferences between the controls and the IBZ buffers (F = 5.0018, 
p = 0.038; Supplemental Table S5), but not between alder and 
willow plots (log means = 1.09  0.12 and 1.07  0.11 respec-
tively). However, these showed a diverse invertebrate community 
containing several trophic levels including parasitoids and the 
terrestrial stages of aquatic species (Supplemental Table S6). Like 
the invertebrates, plant species richness and diversity showed no 
difference between alder and willow plots. Plant species richness 

Fig. 3. Relationships between monthly averaged daily loading rate and removal efficiency for nitrate and total N (TN) of the four integrated buffer 

zones (IBZs) in Denmark (see Table 2 for IBZ code and Fig. 1 for location of sites).



PhD thesis by Mette Vodder Carstensen

Journal of Environmental Quality 

averaged 15.25 (  2.18), 9.50 (  0.65), and 12.00 (  1.83) in 
the alder, willow, and control buffers. Shannon diversity aver-
aged 1.74 (  0.05), 1.51 (  0.11), and 1.44 (  0.03) in the same 
buffers, respectively. An overview of plant species from Swedish 
and British IBZ sites can be found in Supplemental Table S7.

Biomass Production
In IBZGB, 205 and 198 willows (Plots A and B, respectively, 

out of 240 planted in each) and 36 and 55 alders (Plots C and 
D, out of 60 in each) had established by July 2017, 28 mo after 
planting. Shade from isolated mature trees and possibly deer 
browsing led to a plot of stronger and another of weaker tree 
growth in both the duplicate willow and alder plots. Full com-
positional data (Supplemental Table S1) show that the measured 

site-specific stem and branch N and P contents of willows were 
much greater than those of alder (although statistical differences 
were not possible, as the latter were based on literature values). 
Conversely, leaf material (all measured onsite in July) had slightly 
greater C, pronounced greater N contents in alder than in willow 
leaves, and no difference in P contents (p < 0.001, p < 0.001, 
and p = 0.9, respectively; n = 20 per tree type). Accordingly, 
the molar C/N ratios of alder litter (19–21) were smaller (p < 
0.001) than for willow litter (24–26); however, both were in the 
optimal range of 20 to 30 for microbial decomposition (Neely 
et al., 1991). The most productive willow plot achieved 40 t dry 
matter (DM) yield ha−1 (13% leaf mass), and the weaker plot 
achieved 17 t DM ha−1 (18% leaf mass, Table 6). This was much 
greater than for alders, which achieved 2 and 10 t DM ha−1 (of 18 
and 12% leaf, respectively). Additionally, the willows underwent 
a management cut after 12 mo (standard practice to encourage 
denser shooting) that yielded 6 and 2 t DM ha−1 from Plots A 
and B, respectively.

The calculated standing aboveground biomasses of C, N, and 
P are compared with the soil topsoil stocks to 25-cm depth for 
IBZGB sites (Table 6). The strongest willow plot demonstrated 
19 t C ha−1, 458 kg N ha−1, and 70 kg P ha−1 in the aboveground 
biomass after the 2 yr. The strongest alder plot exhibited 5 t C 
ha−1, 70 kg N ha−1, and 4 kg P ha−1. Total standing aboveground 
biomasses of C in the willow plots were 27 and 11% of those in 

Fig. 4. Relationships between monthly averaged daily loading rate and removal efficiency for phosphate and total P (TP) of the four integrated 

buffer zones in Denmark (see Table 2 for IBZ code and Fig. 1 for location of sites).

Table 5. Species numbers for different investigated organism groups 

in integrated buffer zones in Great Britain (GB) and Sweden (SE-I and 

SE-II). For size of the sampling area, see Table 1.

Organism GB (Balruddery) SE-I (Bölarp) SE-II (Lilla Böslid)

——————————— no. ———————————
Aquatic 
invertebrates 8 15 39

Amphibians not determined 2 4
Birds not determined not determined 10
Mammals not determined 2 6
Aquatic plants 30 7 13
Total species no. 38 26 72
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the topsoil (0–25 cm) but much smaller in the alder plots (2 and 
8%). Total standing aboveground biomasses of N in the willow 
plots were 337 and 236% of those in the topsoil (considering the 
KCl-extracted nitrate) and 50 and 109% of those in the alder 
plots. Total standing aboveground biomasses of P in the willow 
plots were 163 and 103% of those of the topsoil and 6 and 17% 
of those in the alder plots. There were large differences in the 
tree wood and leaf partitioning of N and P between willows and 
alders. Regarding willows, N and P were mainly stored in stem 
and branch material, whereas in alders, N and P were dominantly 
partitioned in leaves.

In IBZDK-I, the seasonal net N uptake by nontree aboveground 
biomass in both the pond and the filter bed was estimated on the 
basis of the N stock to be ?17 g N m−2 (Table 3). This equaled 
?10% of the TN removal of 182 g N m−2 over 12 mo for both 
IBZDK-I sites. The N stock of ?4-yr-old alder trees accounted 
only for 2 g N m−2 (20 kg N ha−1), a negligible amount despite it 
being a long-term storage compared with the nontree biomass. 
According to P stock, the average seasonal net uptake of P by 
plants amounted to 2.2 g P m−2 (22 kg P ha−1, Table 4), which 
was in the range of annual P retention for the four IBZDK sites 
(0.6–3.08 g P m−2).

Discussion
Assessment of ecosystem services from IBZs requires an 

interdisciplinary perspective that recognizes mutual interde-
pendence of hydrologic, chemical, and biological processes, 
which may vary strongly in space and time. As shown by our 
results from the first IBZs in Northwestern Europe, inclusion 
of IBZs in vegetated buffer strips will be a valuable option for 
mitigating nutrient runoff. Moreover, the IBZs will create addi-
tional valuable ecosystem services such as flood attenuation by 
increasing the water storage in agricultural landscapes, thereby 
providing habitats for amphibians and wetland plants, and can 
be used for biomass production as well. A common feature of 
all the studied IBZ sites is that tile drains previously discharging 
directly into the streams are now intercepted within the aquatic 
part of the IBZ, thereby enhancing HRT and the potential for 
biogeochemical processing.

Water Storage
Natural flood management is becoming increasingly impor-

tant as the climate change has been documented to increase pre-
cipitation in Northwestern European countries due to expected 
more extreme and intense rainfall and runoff events (Arnell, 
1998; Groisman et al., 2005; Andersen et al., 2006). Therefore, 
methods for conservation and restoration of rivers and flood-
plains, assisting flood management practitioners in obtaining 
various flood management objectives such as creating water 
storage in the landscape that can delay and desynchronize peak 
runoff in streams and rivers, are becoming an important issue in 
Northwestern Europe (Wilkinson et al., 2013; Collentine and 
Futter, 2018). Our results from IBZDK and IBZGB show that 
these features can, indeed, delay inflowing tile drainage water 
and also assist in storing part of the surface runoff from adjacent 
fields, especially if the IBZ is optimized for this requirement 
via an outlet flow control (Supplemental Fig. S1). Such storage 
would be beneficial for natural flood management and in times 
of peak sediment transfer from tile drains or surface runoff. As an 
example, for IBZGB, a 20-mm rain event could generate 200 m3 
of runoff. For comparison, the capacity in Ditch A would itself 
take 10% of this runoff. Thus, the capability of IBZs for water 
storage should not be overestimated, even though we expect that 
the unsaturated soil between the IBZ and the stream will also 
act as additional water buffer depending on the water satura-
tion and antecedent conditions; however, this needs to be better 
quantified.

Pollution Control
Sediment and nutrients derived from soil erosion and sur-

face runoff from adjacent fields are important sediment and P 
sources that negatively affect the surface water quality in many 
landscapes (Renard et al., 1996; Kronvang et al., 2007). As soil 
erosion processes are spatially and temporally highly variable, a 
targeted approach for mitigation efforts is often needed. Among 
other measures, riparian buffer strips have been prioritized by 
a number of European countries as tools to prevent sediment 
and sediment-associated substances such as P from entering 
surface waters (European Commission, 2016). However, the 

Table 6. Tree composition and standing biomass for aboveground components only in the four plots in Great Britain. Values given are means with 

uncertainty ranges (95% confidence interval ranges) for calculated accumulated errors. For comparison with biomass yields, the topsoil (to the 

25-cm depth) areal stocks of C, N, and P are given. All values are measured at the plots unless stated and are presented as dry matter (DM). The 

percentage attributed to leaf is shown, since this only represents a temporary store due to litter recycling.

Parameter Plot A, willows Plot B, willows Plot C, alders Plot D, alders

No. trees per plot 205 198 36 55
Total biomass DM (t ha−1) 40 (32–48) 17 (7–28) 2 (1–3) 10 (6–13)
 % attributed to leaf 13 18 18 12
Total biomass C (t ha−1) 19 (18–19) 8 (7–9) 1 (1–1) 5 (4–5)
 % attributed to leaf 13 18 18 12
Total biomass N (kg ha−1) 458 (339–579) 201 (137–266) 16 (12–21) 70 (59–81)
 % attributed to leaf 26 32 63 52
Total biomass P (kg ha−1) 70 (61–78) 30 (25–37) 1 (1–2) 4 (4–5)
 % attributed to leaf 17 27 74 61
Topsoil C stock (t ha−1)† 70 (58–83) 67 (52–84) 65 (54–76) 65 (54–78)
Topsoil KCl extract nitrate (kg N ha−1) 136 (108–166) 85 (48–125) 32 (19–48) 64 (36–97)
Topsoil MM‡ extract P (kg P ha−1) 43 (32–56) 29 (17–43) 16 (10–23) 23 (18–29)

† C was estimated as 0.5 loss on ignition, and site-specific soil dry bulk density values were used in scaling C, N, and P to areal stocks. 

‡ Modified from Morgan’s reagent (according to McIntosh, 1969).
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establishment of indiscriminate vegetated buffer strips along 
most water bodies has been questioned. In Denmark, the action 
has been highly controversial, mainly due to “insufficient com-
pensation” of farmers and doubts on their “positive effect on 
the aquatic environment” (Thorsøe et al., 2017). Consequently, 
there is a need for new targeted approaches and guidance models 
for effective mitigation planning; these could include minimal 
buffering in low-risk locations, to IBZ designs in higher-risk loca-
tions, or to suit specific multifunction outcomes. Surface runoff, 
through delivery pathways, can effectively be intercepted by an 
installed IBZ. We anticipate that an IBZ will be much more 
effective for trapping and longer-term retention of sediment and 
sediment-associated nutrients than traditional vegetated buffer 
strips installed along watercourses; however, this needs further 
investigation. For the optimal placement of buffer zones as sedi-
ment traps, a national modeling study was conducted. The Water 
and Tillage Erosion Model (WaTEM) tool was used, which 
allows the estimation of sediment redistribution in the landscape 
at fine spatial resolution, including delivery to streams (Van Oost 
et al., 2000). A total of nearly 20,000 sites was mapped where 
annual sediment loss from fields was in excess of 250 kg, compa-
rable with the example study from IBZDK-II. A simplified calcu-
lation shows that it would last several hundred years before the 
aquatic part of the IBZDK-II would become completely filled with 
sediment. This calculation is based on the pond area and depth 
of about 175 m2 and 0.8 m, respectively, a bulk density of the 
sediment of about 1.6 g cm−3 (Hillel, 1980), and an estimated 
annual sediment removal of 1.34 kg m−2 (this study) equating 
to a siltation rate of 0.15 m3 yr−1 or a sediment growth rate of 
approximately 1 mm yr−1.

The N concentrations in IBZDK and IBZGB inlet tile drainage 
water were in the upper range of water quality records for agricul-
tural drain waters (Hill, 2018). However, the P concentration was 
relatively low, and especially in IBZDK-II, this was probably linked 
to a surplus of Fe in the catchment soils, as implied by larger depos-
its of Fe ochre at the bottom of the receiving stream. The 8 to 38% 
removal efficiency documented for TN and that of 18 to 52% for 
TP in the mass balance for the two IBZDK zones in this study are 
in the same range as shown for constructed wetlands (Ross et al., 
2016). Nitrate removal in dry buffers shows wide variations, rang-
ing from net removals of up to 90% to net releases of N (Uusi-
Kämppä et al., 2000; Zhang et al., 2009). Recently, the efficiency 
of dry buffer zones for N removal has been questioned in many 
studies (Heinen et al., 2012; Kahle et al., 2013; Thorsøe et al., 
2017; Hille et al., 2018a). Our study showed that IBZs will pro-
vide an average nitrate removal efficiency of 23 to 37% and a TP 
removal efficiency of 18 to 52%. However, higher N loads were 
associated with a decrease in the removal efficiency (Fig. 3) so that 
their functioning may potentially be increased by modification of 
soil substrates, improving the redox conditions or increasing the 
HRT (Vymazal, 2011). Thus, it is well known that denitrification 
by heterotrophic, facultative, aerobic bacteria depends on a supply 
of nitrate as electron acceptors and available organic C as electron 
donors. During the random sampling, we found that ?30% of 
dissolved organic C (i.e., ?5 mg C L−1) can be denoted as bio-
available, as it is related to biopolymers and low-molecular-weight 
substances (Zak et al., 2018), resulting in an accessible molar dis-
solved organic C/nitrate N ratio of <1. Accordingly, denitrification 
was probably C limited, at least in the initial part of the filtration 

zone where surface water was first infiltrating and nitrate con-
centrations were mostly >5 mg N L−1. The removal capability for 
nitrate will expectedly improve naturally with increasing growth 
of trees, since both the infiltration capability and the C availability, 
inter alia by root exudates, should increase over time (Senbayram 
et al., 2012). An opposite trend might occur for phosphate if the 
sorption capacity of soils becomes exhausted over time or unfa-
vorable conditions exist from the beginning. Thus, for IBZDK-I, a 
higher P load reduced the removal efficiency (Fig. 4), or as shown 
for IBZDK-II, there was even negative phosphate removal (Table 4), 
as proposed to result from buffer P saturation (Stutter et al., 2009). 
In such cases, harvesting plants and/or adding substrates having a 
high P-binding capacity might be recommended; however, the 
usage of redox-sensitive compounds like Fe(III) hydroxides might 
be counterproductive if redox potential declines strongly during 
warm summer periods (Zak et al., 2014).

Our study showed considerable nutrient retention in the willow 
plots within several years of planting. A further choice comes from 
deciding on the bioenergy and water quality benefits of woody 
versus herbaceous biomass buffers. Applying primary data, Fortier 
et al. (2015) demonstrated that 9 yr of annual herbaceous bio-
mass (natural colonization) gave similar N but twice as high P 
offtakes from a single harvest of 9-yr poplar (three hybrid poplar 
clones: Populus deltoides W. Bartram ex Marshall  P. nigra L. 
[DxN-3570], P. canadensis Moench  P. maximowiczii A. Henry 
[DNxM-915508], and P. maximowiczii  P. balsamifera L. [MxB-
915311]) growth (2222 stems ha−1 in a 4.5-m-wide buffer). This 
was supported by Ferrarini et al. (2017), who found that woody 
biomass was better for N uptake, whereas herbaceous buffers were 
better at trapping sediment runoff; also, greater P removal was 
observed for cumulative annual herbaceous harvests than a single 
woody material harvest at identical timescales. Rosa et al. (2017) 
observed a 64% reduction in shallow groundwater nitrate at the 
edge of hybrid willow plots compared with corn (Zea mays L.) 
crop plots, but a 35% increase in soluble P. Fortier et al. (2015) 
observed double the supply rates of N and P to ion exchange soil 
solution samplers in herbaceous versus woody biomass buffers; 
this may increase the herbaceous biomass nutrient uptake but con-
stitutes a leaching risk at some sites outside of growth periods. The 
choice between woody versus herbaceous biomass buffers requires 
consideration and guidance concerning local water quality goals, 
on-farm motivations, funding, and management cost benefits.

Biodiversity
Edge habitats and ecotones are generally species-rich habitats 

that are in decline in the landscape, particularly due to highly 
intensive farming practices (Kleijn et al., 2009; Tscharntke et al., 
2012; Hille et al., 2018b). Since IBZs, like all riparian buffers, are 
challenged by nutrient-enriched water, they are accessible for col-
onization by species adapted to eutrophic conditions. However, 
IBZs are likely to have a greater moisture in the filter bed than 
vegetated buffer strips due to the infiltration of pond water and 
shading from trees, and thus they will provide an attractive habi-
tat to riparian species in particular. Accordingly, IBZs might, 
although they are engineered, exhibit functions more similar to 
those of natural riparian areas than vegetated buffer strips that 
are often infrequently wet. Although IBZs will constitute only a 
small part of a riparian corridor, compared with vegetated buffer 
strips, they could contain a higher species diversity and function 
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(optimal 12–20 yr, but possible harvest cycles of 4–10 yr), which 
is used to manage species like alder, and short-rotation coppice 
(1–5 yr harvest cycles); their review showing a short-rotation 
forestry production capacity ranging from 5 to 8 t ha−1 yr−1 (with 
alder being the top of the range) compared with a short-rotation 
coppice  up to 14 to 16 t ha−1 yr−1 (willow and poplar).

Production of biomass can provide a financial benefit and 
incentive for land managers to implement buffers (Rosa et al., 
2017), which they often regard as land taken out of production. 
Fast-growing tree species can speed up the provision of tree-
associated services in former agricultural land compared with 
the decades required for natural forests to establish (Fortier et al., 
2015). This highlights the issue of tradeoffs between how benefi-
cial processes are interrupted by planting, harvesting, and manage-
ment as opposed to more natural riparian forest stands. However, 
in a review, Ferrarini et al. (2017) provided positive primary 
study evidence that biomass “bioenergy” buffers contribute, in 
the longer term, to soil C sequestration, groundwater N removal, 
nutrient runoff reduction and soil erosion mitigation, soil health, 
aboveground biodiversity, and biomass energy yield. Ferrarini et al. 
(2017) highlighted that there is a lack of data on these factors from 
a short-term perspective (0–3 yr after establishment), and the pres-
ent study is thus a contribution to the elucidation of this.

Conventional biomass stands with applied fertilizer have been 
compared with the use of woody biomass buffers where fertilizer 
is not applied due to the landscape position and nutrient retention 
goals (Styles et al., 2016). Yet a high biomass production in bioen-
ergy buffers can be expected in the long term due to elevated nutri-
ent supply due to interception of field runoff and tile drain water.

Conclusions
Integrated buffer zones are designed and targeted to com-

bine greater functionality and provision of multiple ecosys-
tem services, over relatively small surface areas, compared with 
excessive widths that may be required with a conventional grass 
buffer. This is of economic interest for farmers, as it means that 
environmental goals can be met without unduly sacrificing land 
for crop production. For IBZDK-I, a previous study showed that 
a doubling of the IBZ size is recommendable to optimize nutri-
ent removal (Zak et al., 2018). Alternatively, IBZ performance 
could be improved by using other filter substrates or by optimiz-
ing the management. There are still some uncertainties about the 
best management of IBZs to optimize their multifunctionality. 
Generally, removal of infilled sediment in the ditch might be 
necessary, however, within longer timespans of several decades, 
depending on several factors such as the frequency of storm 
events and the localized landform, soil type, slope, and field use. 
Harvesting of tree biomass is aimed to take place at time inter-
vals of approximately 10 to 15 yr, but rather than clear cutting 
the whole filter bed, a rotational approach is recommended, 
both from the perspective of water pollution control but also 
for the benefit of biodiversity. Ferrarini et al. (2017) cite issues 
of harvesting smaller, fragmented areas and machinery access 
as management issues for biomass buffers compared with larger 
bioenergy stands. Stakeholder feedback to our demonstration 
sites indicated that such biomass production was more attractive 
where uses were on farm and biomass-fueled grain driers were 
cited. The harvesting of nontree vegetation at the end of the 
growing season will substantially reduce the P remobilization, 

as important stepping stones for species dispersal, as shown for 
amphibians and small wetlands (Semlitsch and Bodie, 1998). 
Furthermore, they could function as source habitat for inver-
tebrates such as parasitoids and thus be indirectly beneficial to 
crop health (Van Lenteren et al., 2018). Possibly, the fact that the 
small water bodies in IBZs are free from fish makes them particu-
larly attractive for amphibians, since fish predation on eggs and 
juveniles is a major negative factor constituting a serious threat to 
amphibian populations (Hartel et al., 2007). Carabid abundance 
and richness were likely higher in the controls due to (i) the pres-
ence of weed matting, which slowed the development of ground 
level vegetation and prevented above- and belowground interac-
tions (e.g., burrowing behavior of some beetles, feeding, etc.), 
and (ii) short time for the buffers to establish compared with 
the controls, which have been managed the same way for many 
more years. Over a longer period, we would expect more species 
to colonize, particularly those more characteristic of woodland 
habitat. The lack of differences in biodiversity between the two 
tested tree species means that the choice of tree species to be 
planted can be made on the basis of other factors such as biomass 
production and nutrient sequestration or practical management 
aspects. It should be noted that our study period, covering the 
establishment of trees 28 mo after planting, is considered to rep-
resent a very short time period over which to expect changes in 
habitat and biodiversity, as evidenced by absence, for instance, 
of woodland-specialist ground beetles (e.g., see Stockan et al., 
2014). Additionally, no biodiversity measurements were made at 
tree canopy level or in the remaining residual streamside habitat. 
It is highly likely that bankside species will benefit from the aug-
mented protection that IBZs provide against detrimental effects 
of agricultural practices.

Biomass Production
The inclusion of trees in IBZs aims to provide some of the 

benefits of riparian forests (shading, leaf litter to aquatic sys-
tems, increased surface roughness, bank stabilization, and habi-
tat diversity; e.g., Sweeney and Newbold, 2014, but not assessed 
here) together with the stabilization of nutrient levels due to 
their interception within the buffer by the fast-growing planted 
tree species. The latter process contributes to more persistent 
sequestering of P that, unlike N, has no gaseous removal path-
way and is known to accumulate in buffers, leading to leaching of 
soluble P (Stutter et al., 2009). The biomass uptake shown here 
for alder and willow varied between strong and weaker duplicate 
plots of each species (associated with shading from isolated exist-
ing mature trees), but the standing biomass yields (per ha) for the 
willow plots were 17 to 40 t total DM, 8 to 19 t C, 201 to 458 kg 
N, and 30 to 70 kg P over the 16-mo growth period after cutting 
to the ground at 12 mo (to encourage shooting). These figures 
compare favorably with 55 to 194 t DM, 25 to 91 t C, 277 to 782 
kg N, and 20 to 105 kg P over 9 yr recorded in hybrid poplar bio-
energy buffer plots at four sites of former cropland in the United 
States (Fortier et al., 2015). These yields were considerably better 
for willow than for alder, and alder had much greater propor-
tions of N and P stored in leaves than in stems and branches 
(Table 6), leaves being a temporary nutrient store that is returned 
annually to the soil as litter (Fortier et al., 2015). Christen and 
Dalgaard (2013) made the distinction between the overall lower 
DM yields that are often attained with short-rotation forestry 
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but such an effort has to be subsidized by national management 
programs. Removal of aboveground biomass might be in con-
flict with nitrate removal, since the labile C pool for denitrifi-
ers also becomes diminished. Hence, to optimize the provision 
of services, it is important to consider the multifunctionality of 
the IBZs when developing management guidelines, taking the 
timing of harvesting into account.

Supplemental Material
Figures showing functional schemes for the IBZ (Supplemental 

Fig. S1), IBZGB water levels, and nitrate concentrations 
(Supplemental Fig. S2 and S3) are available online. Tables on bio-
mass data and nutrient stock from IBZGB (Supplemental Table 
S1); water flows and HRT from IBZDK (Supplemental Table S2); 
and species information from IBZs in Sweden and Great Britain 
(Supplemental Tables S3–S7) are also available online.
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