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Abstract
Subsurface flow wetlands with a woodchip-based biofilter are 
known to act as effective measures in mitigating site-specific 
nutrient losses in agricultural drainage. To optimize operation, the 
combined effect of water temperature, hydraulic residence time 
(HRT), and filter design is fundamental. This 2-yr study evaluated 
a combination of three flow designs and two woodchips mixtures 
at a test facility receiving agricultural drainage discharge from 
a 78-ha catchment. The biofilter test facility consisted of six 
independent parallel-constructed wetlands (CW1–CW6), with 
two types of filter mixtures and three different hydraulic designs 
(horizontal, vertical upward, and vertical downward flow). 
Horizontal CWs performed best with an annual removal of total 
N (TN) amounting to 53 to 54% of the load, corresponding to a 
daily removal of 2.16 to 2.32 g N m−3 d−1. Removal by the vertical 
CWs amounted to 38 to 60% of the TN load or 1.19 to 2.31 g N 
m−3 d−1. Despite low temperatures and HRT down to 3 h, all CWs 
functioned well in winter with 20 to 30% N removal. In contrast, 
during summer when the hydraulic load was low and HRT was 
up to >96 h, N removal was ?100%, and the reduction sequence 
proceeded with sulfate reduction and formation of H2S. Statistical 
analysis and model development revealed that the percentage 
removal of both TN and nitrate N was mostly dependent on water 
temperature and HRT, explaining 81.7 to 91.1 and 83.5 to 89.5% 
of the variation, respectively.
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Subsurface-flow constructed wetlands (SSF-CWs) 
with a woodchip-based biofilter are innovative technolo-
gies targeting concentrated agricultural drainage losses of 

nitrogen (N) (Schipper et al., 2010; Christianson et al., 2012a). 
The major component in denitrification bioreactors is the per-
meable organic carbon filter, which facilitates microbial deni-
trification converting nitrate N (NO3–N) in drainage water to 
nitrogen gas (N2). Most field-scale studies have used woodchip-
based filter media, as these sustain a longer denitrification life-
time (Robertson et al., 2009; Schipper et al., 2010), support a 
high hydraulic conductivity (van Driel et al., 2006a, 2006b), and 
are available at low cost (Schipper et al., 2010). The design of 
a woodchip-based biofilter treating agricultural drainage water 
consists of an excavated trench approximately 15 to 30 m long, 2 
to 8 m wide, and 1 m deep. The flow may be either lateral or ver-
tical (van Driel et al., 2006a, 2006b; Christianson et al., 2012a, 
2012b). It is equipped with an inflow control structure to distrib-
ute water into the biofilter or allow excess water to bypass and 
with an outflow control structure to maintain a stable water level 
(van Driel et al., 2006a; Christianson et al., 2012a, 2012b). The 
size and exact design are dependent on the hydraulic loading rate 
(HLR) from the drainage area, the desired load reduction, the 
quality of the woodchips, and the water residence time allowing 
denitrification to proceed (Martin et al., 2019)

Field-scale studies have documented that woodchip-based 
biofilters can reduce annual NO3–N loads by 23 to 95% (Verma 
et al., 2010; Woli et al., 2010). In general, N removal efficiency 
increases with increasing temperature (Díaz et al., 2003; Cameron 
and Schipper, 2010, 2012; Hoover et al., 2016) and increasing 
hydraulic residence time (HRT) (Chun et al., 2009; Greenan et 
al., 2009; Christianson et al., 2012a). Field-scale studies using 
woodchip-based bioreactors demonstrated that denitrification 
occurred at low rates (2 g N m−3 d−1) at water temperatures 
between 1 and 5°C (Robertson and Merkley, 2009). However, 
according to Cooke et al. (2001), sufficient HRT is critical for 
the resulting N removal efficiency at low temperatures.

Although the effect of temperature on bioreactor performance 
is compelling (Christianson et al., 2012b; Addy et al., 2016; 
Hoover et al., 2016), there is a need for improving our understand-
ing of the combined effects of temperature and HRT variations on 
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the seasonal and annual variations in N reduction efficiency so that 
we can design and operate these systems better. In addition, HLR 
and hydraulic design (i.e., flow direction) may influence the solute 
transport and hydraulic efficiency of woodchip-based biofilters 
(Bruun et al., 2016b; Pugliese et al., 2017), as well as the extent of 
greenhouse gas emissions (Bruun et al., 2017).

We hypothesize that water temperature and nominal HRT are 
key controlling parameters for N removal, but hydraulic design 
and filter-media composition may affect the resulting N removal 
efficiency. The overall objective of this experimental field-scale 
study was to investigate the seasonal and annual N removal effi-
ciency in bioreactors treating agricultural tile drainage water. 
Specifically, the study aimed at evaluating the influence of three 
hydraulic designs (horizontal, upward, and downward flow) in 
combination with two seashell–woodchip mixtures under natu-
ral tile drainage water loading rates and temperatures.

Materials and Methods
Study Site

Based on laboratory experiments (Bruun et al., 2016a), six 
subsurface flow constructed wetlands (CW1–CW6) were 
constructed in autumn 2012 on a field site in central Jutland, 
Denmark (56.214294° N, 9.743437° E). All six CWs received 
tile drainage water from a 78-ha drainage catchment. The study 
site is situated in the River Gjern catchment with an area of 
114  km2. Annual average precipitation in the catchment is 
730 mm, and potential evapotranspiration is 560 mm.

Wetland Design
The six CWs were constructed with identical dimensions but 

with three different flow designs (Fig. 1). Each CW was 10 ´ 
10 m, 1 m deep, and lined with a watertight 1-mm-thick Junifol 
high-density polyethylene geomembrane (Millag). The matrix of 
the CW consisted of a mixture of crushed seashells (2–4 mm) and 
willow woodchips (4–60 mm) in volume ratios of either 50:50 
(CW1, CW3, and CW5) or 25:75 (CW2, CW4, and CW6). 
Crushed seashells were added as a structural component to help 
maintain porosity. Filter physical parameters were measured in the 
laboratory and reported by Bruun et al. (2016a) (Table 1).

The CW1 and CW2 wetlands were constructed with hori-
zontal flow and had inlet and outlet areas of 10 m2 (i.e., 1 ´ 
10 m) and a flow path of 10 m. The CW3 and CW4 wetlands 
were designed with vertical upward flow, and CW5 and CW6 
were designed with vertical downward flow. Vertical flow CWs 
had inlet and outlet areas of 100 m2, providing 10 times higher 
infiltration capacity and lower risk of clogging but with a flow 
path of only 1 m. To optimize the homogeneous distribution of 
drainage water, a network of perforated distribution pipes (i.d. = 
150 mm) placed in layers of whole seashells was distributed over 
the entire cross-sectional inlet and outlet areas (Fig. 1).

Each CW was equipped with an electromagnetic flowme-
ter (i.d. = 100 mm, Waterflux) that was placed at the outlet. 
Effluent water was oxygenated by dropping from a vertically 
installed polyvinyl chloride (PVC) pipe (i.d. = 110 mm) prior 
to discharge to the main pipe outlet. Water flow in all CWs was 
gravimetric, with a fixed hydraulic gradient of 0.33 to 0.36 m, 
and there were therefore no changes in water level despite vary-
ing hydraulic loads.

The CWs with the 50:50 mixtures were planted with 
Phragmites australis (Cav.) Trin. ex Steud., whereas CWs with 
25:75 mixtures developed vegetative coverage from natural 
spreading of nearby grasses and herbs. The plants should con-
tribute as a carbon source and help maintain long-term porosity 
(although this is not yet proven).

Instrumentation
Each flowmeter was equipped with a data logger (Campbell 

CR10X) automatically monitoring mean flow velocity every 
10  min. ISCO 6700 FR samplers were installed at a common 
inlet well (i.e., tile water from the same drainage upland) and at 
the six individual outlet wells.

For CW1 and CW2, platinum (Pt) pairs of redox electrodes 
were installed at a distance of 2.5, 5.0, and 7.5 m from the inlet 
at a depth of 0.5 m. For CW3 to CW6, pairs of redox electrodes 
were installed at a depth of 0.25, 0.50, and 0.75 m. Measured 
redox potentials were converted to standard hydrogen electrode 
potentials (Eh) by addition of +245 mV.

Water temperature was measured continuously at the inlet 
and the outlet of each CW with HOBO temperature loggers 
(Onset Computer Corporation). Precipitation was recorded 
using a Rain-O-Matic professional rain gauge with a 0.2-mm 
resolution (Pronamic) coupled to a MaT Event101A data 
logger (Madgetech).

Water Sampling
A 100-mL sample was taken every 3 h and mixed into daily 

composite samples in 1-L polyethylene bottles. Daily samples 
were stored at 4°C and transported to the laboratory for analy-
sis every third week. On sampling days, a grab sample was also 
taken from both the inlet and the outlet. Additionally, in situ 
measurements of dissolved oxygen (DO), temperature, con-
ductivity, and pH in the influent and effluent were conducted 
at each sampling day using a YSI Quattro XI Professional Plus 
instrument. All ISCO and grab samples were filtered through a 
0.45-mm membrane filter (ADVANTEC mixed cellulose ester 
filter, Frisenette) except samples for total unfiltered N.

Analytical Methods
Ammonium was measured colorimetrically on a Shimadzu 

1700 spectrophotometer (Shimadzu Corporation) according 
to a Danish/European standard method (DS/EN ISO 11732, 
2005). Nitrate, nitrite (NO2–N), and sulfate (SO4) were deter-
mined by ion chromatography on a Dionex ICS-1500 ion 
chromatography system (Dionex Corporation) with an anion 
MicroMembrane supressor (AMMS III 4 mm) as basic eluent, 
using method DS/EN ISO 10304-1 (1996). Samples for ion 
chromatography were filtered through a double-layered 0.22-
mm nylon + glass fiber filter (Q-MAX GPF syringe filters, 
Frisenette). Total organic carbon (TOC) and total nitrogen 
(TN) were measured on a TOC-L analyzer equipped with a 
TNM-L module (Shimadzu) using Danish European Standard 
Methods DS/EN 1484 (1997) and DS/EN 12260 (2003). 
Biological oxygen demand (BOD5) was measured on grab 
samples using method DS/EN 1899-2 (1999) and suspended 
solids by method DS/EN 872 (2005).
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Calculations and Statistics
The CW water balance was established from the measured out-

flow (Qout) and the net precipitation (Pnet). Net precipitation was 
calculated as the measured precipitation minus potential evapo-
ration as a proxy for evapotranspiration (Danish Metrological 
Institute), as water was always present close to the surface.

The daily HLR was converted to HRT in days by dividing the 
water-filled pore space (V0) with the daily HLR (m3 d−1). The 
water-filled pore space (V0) of the bioreactor was calculated by 
multiplying the water-filled porosity (q) with the volume (V) for 
each media. Thus, the total water-filled pore space (V0_tot) is the 
sum of the water filled pore-space for the seashell distribution 
layer (1) and the woodchips–seashell filter media (2). Thus,

V0_tot = V1q1 + V2q2 

The volume (m3) of the distribution layer (V1) and the wood-
chips–seashell filter media (V2) was obtained from the measured 
depth and cross-sectional area of each layer in the filter beds. The 
water-filled porosity (m3 m−3) for the distribution layer (q1) and 
the woodchips–seashell filter media (q1) was obtained for each 

material from the dry bulk density rb (kg m−3), the density of 
water (rw), and the gravimetrical water content wdm (kg kg−1) mea-
sured from laboratory columns by Bruun et al. (2017) according 
to the method described by Kjaergaard et al. (2012). Dry bulk 
density (rb) in the columns was determined from sample volume 
and sample dry weight after oven drying at 105°C (Table 1):

q = (rb/rw)wdm 

Statistical analyses and all other calculations were per-
formed using th-e SAS Software Package (SAS Institute, 2011). 
Calculation of N mass balances only included the solute N spe-
cies NH4–N, NO2–N, NO3–N, organic N, and TN, whereas a 
mass balance for nitrous oxide (N2O) was published by Bruun 
et al. (2017). Multiple linear statistical models were developed 
for each CW using the SAS STAT GLM and the SAS STAT 
MODEL procedures. To improve the Gaussian distribution 
assumption for the model residuals, the response variable was 
transformed using a Box–Cox analysis (CW1, CW2, CW5, and 
CW6). Frequent sampling over time using ISCO samplers could 
result in significant positive autocorrelation in model errors 

Fig. 1. Principal sketch of subsurface flow constructed wetlands (SSF-CWs) with horizontal flow (bottom), vertical upward flow (middle), and verti-
cal downward flow (top). The SSF-CW components include inlet wells, perforated distribution pipes, a coarse granular distribution layer in inlet 
and outlet zones, woodchips–seashell biofilter matrix, outlet well with electromagnetic flowmeters, and outlet well with effluent sampling and 
aeration of the effluent water.

Table 1. Filter matrix physical parameters (from Bruun et al., 2016a).

Seashells/woodchips ratio Bulk density (rb) Total porosity (qtot) Macro porosity† (q>30) Total filter volume (Vt) Water-filled pore space (V0)
kg m−3 —————— m3 m−3 —————— ——————— m3 ———————

50:50 640 0.72 0.50 81 58
25:75 410 0.79 0.49 81 64

† Macro porosity refers to pores larger than 30 mm.
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(residuals). Therefore, we performed an autoregressive process 
(AR) of order 5 as a description of the model errors, and a t test 
was performed for each CW (Diggle, 1990), but only the test for 
the AR(1) parameter is given.

Results
Hydraulics

The CWs received drainage discharge throughout the year 
with large seasonal variations (Fig. 2a). Similar ranges in HLR 
were observed for the individual CWs, except for CW6, which 
generally exhibited a 21 to 48% lower HLR. Daily stochas-
tic variations in HLR (Fig. 2a) were directly reflected in HRT 
(Fig. 2b). Minimum HRTs of 3 h were observed at peak flows 
during the winter discharge period, whereas maximum HRTs of 
>96 h were observed during the summer discharge period.

The contribution of the direct net precipitation was minor 
compared with HLR (Fig. 2a). A monthly net deficit due to 
higher evaporation was generally observed during the summer 
discharge. In general, the influence of evaporation on the water 
balance was minor from May to October (0–4.6%) and insignifi-
cant (0–1%) from November to April.

Auxiliary Parameters
Distinct seasonal variations in drainage water temperature 

were observed for both years (Fig. 3). Nearly identical tempera-
ture profiles were recorded for all CWs. Despite the large seasonal 
variation in drainage water temperature and HRT, negligible dif-
ferences were found between inlet and outlet temperature, except 
for a 1 to 2°C lower outlet temperature during summertime. 
Minimum water temperature values were as low as 0.9°C. Seasonal 

Fig. 2. (a) Hydraulic loading rate (HLR) and net precipitation and (b) hydraulic residence time HRT for the study period of 2013 to 2014. 
Abbreviations for each constructed wetland (CW): H, horizontal flow; Vup, vertical upward flow; Vdown, vertical downward flow.
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water temperature intervals ranged from a winter minimum of 0.9 
to 7.0°C (mean = 4.2 ± 0.2), 1.4 to 14.2°C (mean = 8.0 ± 0.4) in 
spring, 12.5 to 17.5°C (mean = 14.6 ± 0.2) during summer, and 
14.2 to 6.8°C (mean = 10.4 ± 0.2) in autumn (data not shown).

Inlet DO concentrations varied seasonally, generally being 
high during winter (10–12 mg O2 L−1) and lower in summer 
(6 mg O2 L−1). Outlet DO were generally markedly lower (DO 
< 0.5 mg O2 L−1) than inlet DO. Exceptions to this trend were 
CW3 and CW4 with upward flow, which had higher outlet DO 
during winter than the other CWs, and this may be attributed 
to contributions from atmospheric oxygen, the outlet pipes of 
CW3 and CW4 being placed close to the surface.

Redox potentials (Eh) generally decreased along the flow path 
from the inlet to the outlet (data not shown). In CW1 and CW2 
with horizontal flow, Eh decreased from values between 300 and 
700 mV at 2.5 m from the inlet to values between −200 and 300 mV 
at 5 m from the inlet. Similar higher Eh values were measured in the 
inlet zones of the vertical upward (CW3 and CW4) and vertical 
downward (CW5 and CW6) CWs, whereas Eh values at a distance 
of 0.5 m from the inlet ranged from −100 to 300 mV. Generally a 
seasonal pattern was observed for all CWs, with lower Eh values 
occurring during May to November or December (0 to −250 mV), 
compared with December to April (−100 to 300 mV). It is worth 
noting that mean effluent SO4 concentrations exhibited a seasonal 
pattern related to the redox measurements more distant from the 
inlet (Supplemental Table S1). In winter with relatively high Eh, 
mean SO4 concentrations at the shared inlet and all the outlets were 
not significantly different (Supplemental Table S1), but in summer 
with low Eh, mean SO4 concentrations decreased markedly at all 
the outlets, most pronouncedly for CW1 and CW2 with horizon-
tal flow. Reductions in mean outlet SO4 concentrations were also 
observed for CW1, CW2, and CW6 during spring and autumn.

A significant increase was observed in mean pH from 6.62 
in the shared inlet to mean values between 7.42 and 7.56 in the 
outlets from the CWs (Supplemental Table S2). Mean TOC 

concentrations were ?5 mg C L−1 and did not differ significantly 
between inlet and outlets, except for a significantly higher outlet 
mean TOC concentration (6.1 and 6.3 mg C L−1) in CW2 
and CW6 (Supplemental Table S2). However, mean BOD5 
was significantly higher at the outlet from CW1, CW2, CW5, 
and CW6 with mean values ranging from 4.7 to 6.6 mg O2 L−1, 
whereas mean inlet BOD5 was 1.2 mg O2 L−1 (Supplemental 
Table S2). Vegetation developed well in CW1, CW2, CW5, and 
CW6 with dense stands of Phragmites australis, Typha latifolia 
L., and Epilobium hirsutum L., whereas CW3 and CW4 with 
vertical upward flow only had sparse vegetation.

Nitrogen Dynamics
Influent NO3–N concentrations ranged from 5 to 14 mg N 

L−1 (Fig. 4), whereas effluent NO3–N  concentrations for all CWs 
revealed a clear seasonal pattern ranging from below detection 
limit during spring and summer to maximum ?11 mg NO3–N 
L−1 in winter (Fig. 4). However, closer inspection revealed that 
CW1 and CW2 with horizontal flow exhibited the lowest efflu-
ent concentrations during the year, whereas CW3 and CW4 
with vertical upward flow had the highest effluent NO3–N  con-
centrations. The CW5 and CW6 wetlands exhibited effluent 
NO3–N  concentrations in between CW1 or CW2 and CW3 
or CW4 in 2013 and similar effluent NO3–N  concentrations 
in 2014. These patterns are also reflected in the mean seasonal 
flow-weighted nitrate N concentrations (Supplemental Fig. S1). 
Calculated mean seasonal and mean annual NO3–N  removal 
efficiencies (NO3–Neff ) revealed that CW1 and CW2 had the 
highest NO3–Neff (Table 2), followed by CW5 and CW6. For 
the same flow design, NO3–Neff was highest for the CWs having 
a seashells/woodchips ratio of 25:75 (i.e., CW2 > CW1, CW4 
> CW3, and CW6 > CW5; Table 2). Monthly NO3–Neff values 
for 2013 and 2014 are shown in Supplemental Fig. S2.

Flow-weighted N concentrations in effluent and influent water 
from all CWs for the study period of 2013 to 2014 are shown in 

Fig. 3. Water temperature at inlet and outlet for each constructed wetland (CW) in the 2-yr monitoring period of 2013 to 2014. Abbreviations for 
each CW: H, horizontal flow; Vup, vertical upward flow; Vdown, vertical downward flow.
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Supplemental Table S3. Nitrate N constituted 92% of the N load, 
7% being organic N, and 1% NH4–N. Influent and effluent con-
centrations of NH4–N were at the same level for all CWs. Nitrite N 
concentrations were very low, but with significantly lower influent 
than effluent concentrations. Effluent concentrations of organic N 
were much lower than the influent concentration (Supplemental 
Table S3). Flow-weighted seasonal concentrations of TN, organic 
N, and NO3–N are shown in Supplemental Fig. S1.

For all CWs, statistical analysis of NO3–Neff showed that 
water temperature and HRT explained 85.9 to 89.5% of the 
total variation, and for the TN removal efficiency (TNeff ), water 
temperature and HRT explained 81.7 to 91.1% of the variation 
(Table 3, Supplemental Table S6). In the models for NO3–Neff, 
water temperature alone explained 93% of the model variance 
(i.e., R2 value) for CW1, CW3, CW4, and CW5 and HRT 
explained 7%, whereas it was 94 and 6% for CW2 and 95 and 
5% for CW6 (temperature and HRT, respectively). For the TNeff 
models, water temperature explained 92% of the model vari-
ance for CW1, CW2, CW4, and CW5 and HRT explained 8%, 
whereas it was 91 and 9% for CW3 and 95 and 5% for CW6 
(temperature and HRT, respectively).

Further statistical analysis of NO3–Neff revealed a difference 
of −0.98% in mean NO3–N removal between CW1 and CW2 
with horizontal flow (P = 0.0235, negative sign means CW2 
performed better), and for TNeff it was −0.76% (P = 0.0696). 
Comparison of CW3 and CW4 with upward flow showed a dif-
ference in mean NO3–Neff of −4.11% (P < 0.0001), and for TNeff 
it was −3.75% (P < 0.0001). Comparison of CW5 and CW6 
was biased due to longer HRT for CW6. Comparison of CW1, 
CW3, and CW5 with different flow designs but the same volume 
ratio (50:50) of seashells/woodchips revealed that for CW1 to 
CW3, the difference in mean NO3–N removal was 14.79% (P < 
0.0001, a positive value signifies that CW1 performed better), 
and for CW1 to CW5, it was 4.94% (P = 0.0005). For CW3 to 
CW5, the difference in mean NO3–N removal was −9.85% (P = 
0.0001). Comparing CW2 to CW4 with different flow designs 

Fig. 4. Inlet and outlet concentrations of NO3–N for each constructed wetland (CW) for the 2-yr monitoring period of 2013 and 2014. Abbreviations 
for each CW: H, horizontal flow; Vup, vertical upward flow; Vdown, vertical downward flow.

Table 2. Mean seasonal and mean annual removal of NO3–N as a 
percentage of the NO3–N load for horizontal flow, vertical upward 
flow, and vertical downward flow for the study period of 2013 to 2014. 
Volume ratios are shown in parentheses.

Flow Constructed 
wetland Season

NO3–N removal
Avg. Min. Max.

————— % —————
Horizontal CW1 (50:50) Winter 25.4 15.0 33.3

Spring 70.7 35.0 97.4
Summer 98.8 95.6 99.8
Autumn 88.5 69.4 98.4
Annual 55.3 54.8 55.7

CW2 (25:75) Winter 26.6 14.9 33.2
Spring 73.4 39.1 99.0

Summer 99.1 98.1 99.8
Autumn 87.9 69.6 99.5
Annual 56.2 55.8 56.5

Vertical up CW3 (50:50) Winter 20.0 11.4 24.9
Spring 45.7 29.6 70.4

Summer 89.4 70.6 96.0
Autumn 66.9 39.2 85.0
Annual 42.7 40.0 45.3

CW4 (25:75) Winter 23.0 13.6 29.9
Spring 51.1 29.1 73.5

Summer 91.1 69.4 99.8
Autumn 73.3 49.1 93.4
Annual 46.3 45.0 47.6

Vertical down CW5 (50:50) Winter 19.5 5.6 28.3
Spring 61.6 27.0 92.1

Summer 98.4 96.9 99.8
Autumn 85.6 56.9 99.1
Annual 49.7 49.1 50.3

CW6 (25:75) Winter 29.5 20.5 41.1
Spring 74.1 38.9 99.8

Summer 99.1 96.3 99.8
Autumn 88.3 72.1 97.9
Annual 55.1 46.3 63.9
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but with the same volume ratio (25:75) of seashells/woodchips 
showed that that the mean difference in NO3–N removal was 
11.65% (P < 0.0001). Comparison with CW6 was biased, as 
CW6 had longer HRT. Supplemental Table S7 shows mean dif-
ferences in NO3–Neff and TNeff between all CWs. As CW1 to 
CW5 did not differ significantly in drainage water temperature 
and nominal HRT, explaining 83.5 to 89.5% of the NO3–N and 
81.7 to 91.1% of the TN removal efficiency, respectively, the 
explanation for the difference must be that the hydraulic design 
affected the controlling parameters.

Nitrogen Mass Balances
The annual TN mass balances for 2013 and 2014 revealed 

that all CWs significantly reduced N in drainage water, although 
with differences among the CWs (Supplemental Table S4). Total 
N-loading rates varied from 1467 (CW1) to 1848 g N m−2 yr−1 
(CW3). The markedly lower TN load (973–1120 g N m−2 yr−1) 
observed for CW6 was associated with lower HLR, as inlet con-
centrations were similar for all CWs. Absolute removal rates ranged 
between 643 (CW3) and 848 g N m−2 yr−1(CW2) (Supplemental 
Table S4). Also, lower removal rates between 445 and 676 g N m−2 
yr−1 were observed for CW6. Overall, the TN removal efficiency 
(TNeff ) revealed that CW1 and CW2 had the largest annual 
TNeff, corresponding to 53 to 54% of the TN load, whereas lower 
annual TNeff values ranging between 38 (CW3) and 48% (CW5) 
were observed for CW3, CW4, and CW5 (Supplemental Table 
S5). The TNeff for CW6 was 45 and 60% in 2013 and 2014.

On an annual basis NO3–N removal contributed 94 to 97% 
of the TN removal for all CWs, whereas organic N amounted to 
3.9 to 6.9%. Ammonium N constituted 0.6 to 0.7% of the TN 
load, and both retention (up to 0.6% of the TN removal) and 
release (up to 0.8% of the TN load) of NH4–N were observed. 
The NO2-N load varied between 1 and 3 g NO2–N m−2 yr−1

, and 
all CWs exported NO2–N in the range 3 to 11 g NO2–N m−2 
yr−1, corresponding to 0.2 to 0.6% of the TN load.

Discussion
Mechanisms of Nitrogen Removal

The woodchip-based CWs functioned as aerobic and anaero-
bic bioreactors with a continuous supply and transformation 
of electron acceptors—mainly O2, NO3, and SO4. The low Eh 
values and the marked reduction in outflow concentrations of 
mainly DO and NO3, and periodically SO4, demonstrated that 
the consumption of these electron acceptors is part of the aerobic 

and anaerobic respiration processes (Gambrell and Patrick, 1978; 
Reddy et al., 1986). The change from aerobic (Eh between 300 
and 700 mV) to anaerobic (Eh between −250 and 300 mV) con-
ditions occurred after 2.5 m in the horizontal-flow CWs and 
after 0.25 m in the vertical-flow CWs. Thus, the volume of the 
aerobic inlet zone approximated 25% of the filter volume for 
both the horizontal and the vertical flow designs. The removal 
of the NO3–N in the anaerobic biofilters (1.16–2.22 g N m−3 
d−1) suggested that N removal was most likely due to microbial 
mediated denitrification. This was additionally supported by the 
insignificant contribution of other N species to the overall mass 
balance. Low NH4–N concentrations, with no significant dif-
ferences between inlet and outlet, do not suggest dissimilative 
reduction of NO3 to NH4 as an important N removal mecha-
nism in these CWs. Retention of organic N accounted for 4 to 
7% of the annual net TN removal. Greenhouse gas emissions in 
the CWs (Bruun et al., 2017) demonstrated that the amount of 
N2O-N dissolved in the outflow ranged from 28 to 101 g N2O-N 
m−2 yr−1, supporting the finding that the major removal pathway 
of NO3 was denitrification, with N2O production accounting for 
2 to 5.5% of the N removal by the denitrification process.

The higher BOD5 observed in effluents might be due to the 
presence of reduced species (e.g., Fe2+ and S2−), as no significant 
differences were found between influent and effluent TOC con-
centrations (Supplemental Table S2).

Factors Controlling Nitrogen Removal
In the statistical analysis of NO3–Neff and TNeff, all relevant 

parameters were initially included (i.e., inlet concentrations of 
TN and NO3–N, pH, SO4, HRT, and temperature), but for 
all CWs, the analysis revealed that both NO3–Neff and TNeff 
could be explained by water temperature and HRT (Table 3, 
Supplemental Table S6). The statistical models estimating NO3–
Neff and TNeff from the controlling parameters water tempera-
ture and HRT (Table 3, Supplemental Table S6) were limited to 
the measured range of these parameters. Although there are only 
a few water temperatures below 1.0°C, the temperature range 
from 1.0 to above 17.5°C generally represents the range of water 
temperatures measured in Danish drainage water (Kjaergaard et 
al., unpublished data, 2017). Further, HRT ranging from 0.1 to 
>4 d covers the HRT distribution relevant for woodchip-based 
CWs targeting agricultural drainage water. The major influ-
ence of water temperature (Volokita et al., 1996; Cameron and 
Schipper, 2010; Hoover et al., 2016) and HRT (Chun et al., 

Table 3. Statistical models estimating NO3–N removal efficiency for each constructed wetland (CW) as a function of water temperature (WT) and 
hydraulic residence time (HRT). The table shows the significance of the model, F(x,y) degrees of freedom for the f test, model expression, and the cor-
relation coefficient (R2). 

 CW Significance of models Model NO3–N removal† R2 AR1(p)‡
%

CW1 F(2104) = 366.2 P < 0.0001 NO3–N1.5 = −162.8 + 60.14WT + 132.9HRT 0.876 0.18
CW2 F(2103) = 320.4, P < 0.0001 NO3–N2 = −2236 + 655.7WT + 974.8HRT 0.859 0.38
CW3 F(2105) = 448.0, P < 0.0001 NO3–N = −6.946 + 4.325WT + 11.07HRT 0.895 0.15
CW4 F(2103) = 336.3, P < 0.0001 NO3–N = −1.491 + 4.332WT + 8.693HRT 0.867 0.60
CW5 F(3106) = 394.9, P < 0.0001 NO3–N1.5 = −173.8 + 56.72WT + 157.7HRT 0.882 0.0005
CW6 F(3105) = 177.6, P < 0.0001 NO3–N2 = −1268 + 796.3WT + 15.23HRT 0.835 0.0014

† Superscripts for CW1, CW2, CW5, and CW6 indicate that NO3
−–N data have been raised to the power of 1.5 or 2.0 by Box Cox transformation to 

improve normality.

‡ AR1(p) is the p value of the t test for modeling the model errors as an autoregressive process of Order 1.
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2009; Bruun et al., 2016a; Hoover et al., 2016) on N removal 
efficiency of woodchip-based biofilters is widely accepted.

Mass Balances
With annual TN loads ranging from 1467 to 1848 g N m−2 yr−1 

(CW1–CW5) and from 973 to 1120 g N m−2 yr−1 (CW6), the 
absolute annual removal rates of NO3 ranged from 610 to 812 g 
NO3–N m−2 yr−1 for CW1 to CW5 and from 422 to 652 for 
CW6, corresponding to mean daily NO3–N removal rates within 
the range of 1.67 to 2.22 g N m−3 d−1. These results are comparable 
with the N removal rates found in other woodchip-based biofil-
ters, with similar variations in the controlling variables (Addy et 
al., 2016). As the absolute N removal rates are determined by both 
the N removal efficiency of the bioreactor, as well as the N load-
ing, variations in the absolute N removal rates may reflect both the 
variation in controlling parameters as well as variations in the N 
loading. This was clearly reflected by the lower N removal rates for 
CW6 with lower N loads compared with CW1 to CW5, and also 
demonstrated by Christianson et al. (2012a).

Reported NO3–N removal rates thus vary widely. van Driel 
(2006a, 2006b) found comparable NO3–N removal rates vary-
ing from 0.76 to 2.66 g N m−3 d−1 at temperatures ranging from 3 
to 18°C and with a mean inlet temperature of 7°C. Christianson 
et al. (2012a) observed a broader range with NO3–N removal 
rates varying from 0.38 to 7.76 g N m−3 d−1 at mean inlet tem-
peratures of 6.08 to 8.69°C for different types of woodchips, 
also indicating that variation between years may be higher than 
found in the present study. Averaging 5 yr of results from four 
bioreactors, Jaynes et al. (2008) found N removal to be 0.622 g N 
m−3 d−1 in Iowa (USA), but no information on temperature was 
available. A few studies have demonstrated much higher NO3–N 
removal rates, such as 4.9 to 5.5 g N m−3 d−1 at a yearly mean 
temperature of 19.8°C and groundwater temperatures between 
15 and 22°C (Schmidt and Clark, 2012), and Woli et al. (2010) 
reported an N removal rate of 6.4 g N m−3 d−1 at a yearly mean 
temperature of 11.0°C. The higher N removal rates may be due 
to higher temperatures or higher N loadings to the bioreactors.

Effect of Hydraulic Design
Bruun et al. (2016b) showed that the nominal HRT in this 

study did not differ between the CWs of similar volume, and 
solute transport modeling by Pugliese et al. (2017) for the same 
six CWs demonstrated that the bromide (Br) tracer residence 
time differed among hydraulic designs due to differences in non-
equilibrium solute transport. For the vertical upward flow CWs, 
nonequilibrium transport was more pronounced (Bruun et al., 
2016b; Pugliese et al., 2017). Based on the time of Br peak arrival 
and the nominal HRT, Bruun et al. (2016b) demonstrated a 
higher hydraulic efficiency (l) in CW1 and CW2 with hori-
zontal flow design (l = 0.52–0.62 h h−1) followed by CW5 and 
CW6 with vertical downward flow (l = 0.49 h h−1), with mark-
edly lower hydraulic efficiency for CW3 and CW4 with vertical 
upward flow (l = 0.30–0.35 h h−1). The solute transport behav-
ior suggested that the effect of hydraulic designs on N removal 
efficiency can be explained by the differences in hydraulic effi-
ciency. As the actual solute residence time is highly dependent 
on flow rate, the use of HRT as a proxy seemed acceptable in 
woodchip-based filters with only slight to moderate nonequilib-
rium transport characteristics. Besides lower hydraulic efficiency 

for CW3 and CW4, the lower NO3–Neff and TNeff might also 
partly be due to lack of vegetation as emergent wetland plants 
have been shown to exude root exudates (DOC, soluble sugars, 
and organic acids), which may fuel denitrification (Valé et al., 
2005; Zhai et al., 2013; Wu et al., 2017).

Perspectives of Woodchip-based Biofilters in Treating 
Agricultural Drainage Water

The N removal capacity of woodchip-based biofilters is widely 
documented, but for larger scale implementation of the technol-
ogy to treat agricultural drainage water, it is imperative to ensure 
proper dimensioning to minimize negative side effects and opti-
mize N removal. The empirical models developed in the present 
study are highly operational and allow prediction of N removal 
efficiency in woodchip-based bioreactors according to drainage 
water temperature (1–17.5°C) and HRT (0.1 to >4 d). The pre-
dictive models can be used for dimensioning the biofilter volume 
to a specific target N reduction when input data are available.

In this study, the mean annual TN load from the 78-ha drain-
age catchment was 11.9 kg N ha−1 drainage catchment yr−1, and 
collectively all six CWs reduced this load to 6.1 kg N ha−1 drain-
age catchment yr−1

, resulting in an N mitigation effect of 5.8 kg 
N ha−1 drainage catchment yr−1. Collectively, a biofilter with an 
area of 600 m2 (and 600 m3) corresponding to a CW/catchment 
ratio of 0.08% removed 48.7% of the N load.

Conclusions
Six woodchip-based subsurface-flow constructed wetlands 

with either horizontal, vertical upward, or vertical downward flow 
reduced NO3–N from agricultural drainage water through denitri-
fication. Nitrogen removal rates ranged from 1.67 to 2.22 g N m−3 
d−1, with N removal efficiencies varying from 20 to 99% depending 
on season and hydraulic design. Drainage water temperature and 
HRT were identified as key variables controlling the N removal 
efficiency in all filters, water temperature being the most significant 
variable. Empirical models predicting TN or NO3–N removal effi-
ciency as a function of water temperature and HRT explained 83.5 
to 91.1% of the variation. Hydraulic designs affected the N removal 
efficiency by 5 to 15% through the influence on the nonequilibrium 
solute transport. Thus, at similar operational conditions (i.e., water 
temperature and HLR), the horizontal flow biofilters obtained a 12 
to 15% higher N removal efficiency compared with the least effec-
tive vertical upward flow biofilters due to a higher solute residence 
time. Although the actual solute residence time deviated from 
the nominal HRT, the use of HRT as a proxy for solute residence 
time seemed to be acceptable in woodchip-based biofilters with 
slight to moderate nonequilibrium transport. Collectively, all six 
CWs proved to be area-effective mitigation measures targeting N 
removal in drainage water.

Supplemental Material
Supplemental Fig. S1 shows the mean flow weighted seasonal 
concentrations of TN, organic N, and NO3–N. The monthly NO3–N 
removal efficiencies for each CW are depicted in Supplemental Fig. S2. 
Mean seasonal sulfate concentrations in inlet and all CW-outlets for the 
whole study period are shown in Supplemental Table S1. Supplemental 
Table S2 shows mean values of pH and electric conductivity together 
with concentrations of suspended solids, TOC, and BOD5 in the 
inlet and all CW-outlets for the whole study period. Flow weighted 
concentrations of all N species in drainage water (inlet) and all CW-
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outlets for the whole study are shown in Supplemental Table S3. 
Supplemental Table S4 shows the mass balances for the years 2013 and 
2014 for all N species. Total N removal efficiencies for 2013 and 2014 
are shown in Supplemental Table S5. Statistical models estimating TN 
removal efficiency for each CW as a function of water temperature and 
HRT are shown in Supplemental Table S6. Supplemental Table S7 
shows the statistical analysis of mean difference in percentage NO3–N 
and TN removal between the CWs.
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