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Preface 

The present dissertation entitled “Transport and reduction of nitrate in riparian lowlands” 

was submitted in partial fulfilment of the requirements for the Doctor of Philosophy (PhD) 

degree at the Faculty of Science and Technology, Aarhus University, Denmark.  

The reported study was conducted at the Department of Agroecology, Aarhus University and 

was completed during the period from November 2015 to November 2019. Senior Scientist 

Charlotte Kjærgaard was the main supervisor from November 2015 to May 2017, and 

Associate Professor Bo V. Iversen was co-supervisor during this period, both from the 

Department of Agroecology, Aarhus University. From June 2017 to November 2019 Associate 

Professor Bo V. Iversen was the main supervisor, and co-supervisors were Associate 

Professor Lars Elsgaard, Associate Professor Goswin J. Heckrath, both from the Department 

of Agroecology, Aarhus University, and Professor Peter K. Engesgaard, Department of 

Geosciences and Natural Resource Management, University of Copenhagen. During the 

period from June 2017 to November 2019 Senior Scientist Charlotte Kjærgaard, SEGES, 

Danish Agriculture & Food Council F.m.b.A, Denmark continued as co-supervisor. 

The work was part of the TReNDS project (Transport and Reduction of Nitrate in Danish 

landscapes at various Scales) funded by Innovation Fund Denmark. 

The contents of the dissertation are based on three research papers submitted to peer-

reviewed journals and one draft manuscript. Due to the large amounts of data collected 

during this study, only a fraction of this data was presented in the four papers. Instead, some 

of these unpublished data have been included in this dissertation. Since the methodological 

approach was a large part of this project, and since the methodologies behind the 

unpublished data cannot be found in the four papers, the methodology section of this 

dissertation may appear disproportionally lengthy. However, this should not draw attention 

away from the main results, which are presented in chapters 4-7. 
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English summary 

Riparian lowlands are located at the interface between streams and upland areas. Water 

fluxes from surrounding areas must pass through these areas to reach the stream, and 

riparian lowlands may thus have a great influence on stream water quality. For this reason, 

riparian lowlands have been intensely studied during the past 30 years. However, the vast 

majority of these studies have been conducted in sandy settings, while studies in glacial till 

landscapes are scarce. 

This study identified flow paths and quantified water and nitrogen (N) fluxes through four 

subareas of a 26 ha Danish riparian lowland in a Weichselian glacial till landscape. These 

subareas were all located at major drain outlets where drain water from upland areas 

discharged onto the surface of the riparian lowland in the hillslope at the upland-riparian 

lowland border. A water balance was set up for each of the subareas by continuous 

monitoring of incoming drain water, precipitation, and evapotranspiration, and discrete 

measurements of groundwater flow. Groundwater flow entering and leaving the riparian 

lowland was calculated for hydrostratigraphic layers delineated from an extensive number of 

boreholes and geophysical data. These groundwater fluxes were calculated as Darcy fluxes 

from hydraulic heads and hydraulic conductivities measured in piezometers installed at 

several depths along profiles parallel and orthogonal to topographical gradients. 

Unmonitored fluxes included overland flow to the stream and subsurface drain flow to the 

stream from drain pipes within the riparian lowland. These fluxes were modelled as residual 

fluxes after taking storage within the riparian lowland into account. Concentrations of N 

species were measured in water samples from these flow paths, which enabled the calculation 

of N fluxes.  

Overland flow was the major flow path along which water entered the stream from the 

riparian lowland in all the investigated areas. However, groundwater and subsurface drain 

flow also contributed substantially in some of these areas, demonstrating the heterogeneity in 

the flow path distribution even within a small riparian lowland. The flow path distribution 

was controlled by the hydraulic loading rate (HLR) to the riparian lowland and the hydraulic 

properties of the riparian lowland soils. Incoming water in excess of the infiltration and/or 

drainage capacity of the riparian lowland soils would travel to the stream as direct overland 

flow. Thus, the relative contribution of overland flow to the stream was determined by both 

HLR and the hydraulic properties (presence of tile drains, hydraulic conductivities, hydraulic 

gradients, and thickness of permeable sediments) of the riparian lowland soils. 

The major N inputs to the riparian lowland was in the form of nitrate (NO3-) from the upland 

drains. In one of the investigated subareas, the riparian lowland was subject to a high HLR, 

the distance from the hillslope drain was short, and the terrain slope in the riparian lowland 

was steep. In this area incoming drain water was allowed to travel unaltered as direct 
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overland flow transporting NO3- to the stream. In this area the removal of NO3- was 25%, 

while the overall removal efficiency of total nitrogen (TN) was 1%. 

In the remaining investigated areas, overland flow to the stream was also the dominant flow 

path. However, the majority of this overland flow was either i) allowed to infiltrate in the 

upslope parts of the riparian lowland before exfiltrating in the downslope parts (short return 

flow) ensuring interaction with the riparian lowland soils, and/or ii) sufficiently dispersed to 

allow exchange of NO3- from surface water to the underlying sediment by diffusion. Removal 

of NO3- in these areas was 71-94%, while the overall efficiency for TN was 39-56%.  

The discrepancy between removal efficiencies of NO3- and TN was due to a substantial export 

of organic N (Norg), mainly via overland flow, and to a smaller degree export of ammonium 

(NH4+) via groundwater, and both Norg and NH4+ from subsurface tile drains. Thus, while the 

presence of subsurface tile drains within the riparian lowland reduced overland flow and 

thereby export of NO3- and Norg, this was counteracted by transport of Norg and NH4+ via 

subsurface tile drain discharge. Concurrent monitoring of discharge and concentrations of N-

species in the stream at the catchment outlet confirmed that Norg was the main export from 

the entire catchment, and both the dynamics of N fluxes and the total annual N fluxes could 

be estimated from a simple area- or flow-upscaling of the investigated subareas. Export of 

Norg from riparian lowland soils was estimated to contribute ~40% (21-49%) of total 

catchment N-transport. 

Removal of NO3- in wetlands has mainly been attributed to heterotrophic denitrification and 

this is often the only N-removal pathway included in operational N-balance models. An 

increasing number of studies have reported a significant importance of other N-transport 

pathways, such as dissimilatory nitrate reduction to ammonium (DNRA) or anaerobic 

ammonium oxidation (anammox). At a specific site, where NO3- was seen to infiltrate the 

riparian lowland soils whereafter it disappeared, the relative importance of different N-

transformation processes was investigated using an isotope pairing technique by amending 

soil slurries with combinations of 15N-labelled NO3- and NH4+. Results showed that 

heterotrophic denitrification to N2 was responsible for >78% of NO3- removal in slurry 

incubations at 20°C, while anammox and DNRA contributed <8% and <5%, respectively. In 

slurries amended with NO3- with no addition of Fe2+, 2-11% of the transformed NO3- was 

converted to N2O. In slurries with both added NO3- and Fe2+, N2O production increased by a 

factor 10-70, corresponding to a conversion of 43-75% of the transformed NO3- to N2O. 

Dansk sammendrag 

Ånære lavbundsområder findes i grænsefladen mellem åer og opland. Vand fra 

omkringliggende områder må passere igennem lavbundsarealerne for at nå frem til 

vandløbet, og disse ånære lavbundsområder kan derfor have en stor indvirkning på 
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vandkvaliteten i vandløbet. Af denne årsag har ånære lavbundsområder været et vigtigt 

forskningsområde igennem de seneste 30 år. Størstedelen af disse studier i lavbundsområder 

er dog blevet foretaget i sandede landskaber, mens studier i morænelandskaber er 

begrænsede.  

Dette studie har identificeret strømningsveje og kvantificeret fluxe af vand og kvælstof (N) i 

fire delområder i et 26 ha ånært lavbundsareal i et østdansk morænelandskab. De undersøgte 

delområder modtog alle drænvand fra det omkringliggende landbrug fra markdræn, som var 

afskåret i skræntfoden mellem landbrugsarealerne og lavbundsarealet. Ved kontinuerlige 

målinger af drænvandsafstrømninger, nedbør og evapotranspiration samt punktmålinger af 

grundvandsafstrømninger blev der opstillet vandbalancer for hvert delområde. 

Grundvandsafstrømning blev beregnet vha. Darcy’s lov ud fra hydrauliske trykniveauer og 

hydrauliske ledningsevner målt i piezometerrør installeret i flere dybder langs transekter 

parallelt med og vinkelret på højdekurverne i hvert delområde. Grundvandsafstrømningerne 

blev beregnet for distinkte hydrostratigrafiske lag afgrænset på baggrund af et omfattende 

antal håndboringer og geofysiske data. Et af de undersøgte delområder i lavbundsarealet var 

drænet med drænrør (lavbundsdræn), som ikke var forbundet til drænsystemerne på de 

omkringliggende landbrugsarealer. Afstrømning fra disse dræn til vandløbet, samt 

overfladeafstrømning fra lavbundsarealet til vandløbet, blev ikke målt. Disse fluxe blev i 

stedet beregnet ud fra residualerne i de opstillede vandbalancer medregnet magasintallet for 

lavbundsjorden samt midlertidig opmagasinering i topografiske lavninger. Koncentrationer 

af N-specier blev målt i vandprøver langs disse strømningsveje, hvilket muliggjorde en 

beregning af N-fluxe ind og ud af hvert delområde. 

Overfladeafstrømning var den kvantitativt mest betydningsfulde strømningsvej til vandløbet i 

alle de undersøgte delområder. Grundvandsafstrømning og drænafstrømning fra 

lavbundsdræn var dog også betydelig i enkelte delområder, hvilket påviser en betydelig 

heterogenitet i fordelingen af strømningsveje selv inden for et forholdsvist lille 

lavbundsareal. Fordelingen af strømningsvejene var i høj grad styret af den hydrauliske 

belastning (HLR) af lavbundsarealerne samt lavbundsjordenes hydrauliske egenskaber. 

Indkommende vand fra dræn eller nedbør som overstiger jordens infiltrationskapacitet eller 

afvandingskapacitet (via grundvand eller lavbundsdræn) må strømme til vandløbet som 

direkte overfladeafstrømning. Den relative fordeling af strømningsveje til vandløbet bliver 

dermed styret af både HLR samt hydrauliske ledningsevner, hydrauliske gradienter, 

mægtigheder af permeable sedimenter, samt tilstedeværelse af drænrør i lavbundsarealet. 

De største N-bidrag til lavbundsarealerne var i form af nitrat (NO3-) fra markdræn. Et af de 

undersøgte delområder befandt sig i en del af lavbundsområdet med en stejl terrænhældning 

og en kort afstand fra drænudløbet i skræntfoden til vandløbet. Dette delområde var 

samtidigt udsat for en høj HLR, hvilket resulterede i direkte overfladeafstrømning, som 
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transporterede NO3- direkte til vandløbet. I dette område var fjernelsen af NO3- på 25%, mens 

den overordnede fjernelse af total kvælstof (TN) var på 1%. I de resterende delområder var 

overfladeafstrømning også den dominerende strømningsvej, men større dele af 

overfladeafstrømningen i disse områder var i stand til enten i) at infiltrere ned i 

lavbundsjordene nær skræntfoden og derefter eksfiltrere til overfladen (short return flow) 

inden vandløbet, og/eller ii) at blive fordelt over et bredt område, hvormed NO3- fra 

overfladevandet var i stand til at trænge ned i det underliggende sediment via diffusion. 

Fjernelseseffektiviteten for NO3- i disse områder var på 71-94%, mens den for TN var på 39-

56%.  

Misforholdet mellem fjernelse af NO3- og TN skyldtes en betragtelig frigivelse af organisk 

kvælstof (Norg), især via overfladeafstrømning, i mindre grad frigivelse af ammonium (NH4+) 

via grundvand, samt frigivelse af både Norg og NH4+ via lavbundsdræn. På trods af at 

lavbundsdræn reducerede overfladestrømning og dermed transport af NO3- og Norg via denne 

strømningsvej, blev denne virkning modvirket af en frigivelse af Norg og NH4+ via 

lavbundsdrænene. Monitering af afstrømning og N-koncentrationer i vandløbet ved udløbet 

fra det undersøgte opland bekræftede at Norg udgjorde størstedelen af TN, som blev frigivet 

fra oplandet. Både daglige og årlige fluxe af Norg og TN i vandløbet kunne estimeres ud fra en 

simpel areal- eller afstrømningsopskalering af de undersøgte delområder. Opskalerings-

estimater angav at frigivelse af Norg fra lavbundsjorde udgjorde ~40% (21-49%) af den totale 

N-transport fra oplandet. 

Fjernelse af NO3- i lavbundsområder er ofte blevet tilskrevet heterotrof denitrifikation, og 

denne proces er ofte den eneste proces, som er implementeret i N-balance-modeller. Et 

stigende antal studier har peget på at andre processer også kan være af kvantitativ betydning 

for N-balancen, herunder dissimilatorisk nitratreduktion til ammonium (DNRA) og anaerob 

ammoniumoxidation (anammox). I et delområde af det undersøgte lavbundsareal blev det 

observeret, at NO3- fra markdræn infiltrerede ned i lavbundsjorden, hvorefter det forsvandt. I 

opslæmninger af jordprøver fra dette område blev betydningen af de enkelte N-

transformerende processer undersøgt vha. en isotop-parrings-teknik, hvor kombinationer af 
15N-mærket NO3- og NH4+ blev tilsat jordopslæmningerne ved 20°C. Resultaterne viste, at 

heterotrof denitrifikation af NO3- til frit kvælstof (N2) udgjorde >78% af NO3--fjernelsen, 

mens anammox og DNRA udgjorde hhv. <8% og <5%. I jordopslæmninger med tilsat NO3-, 

uden tilsat Fe2+, blev 2-11% af den tilsatte NO3- omsat til lattergas (N2O). I jordopslæmninger, 

hvor der udover NO3- også var tilsat Fe2+ øgedes produktionen af N2O med en faktor 10-70 og 

udgjorde ved disse tilsætninger 43-75% af den fjernede NO3-. 
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1 Introduction 

Nutrient concentrations in lakes and coastal waters have increased during the development of 

modern society due to increasing population, industrial processes, and the use of artificial 

fertilizers (de Jonge et al., 2002). The resulting eutrophication of these waters has led to increasing 

occurrences of algal blooms and hypoxia in many parts of the world (Conley et al., 2011; Diaz & 

Rosenberg, 2008; Friedrich et al., 2014; Mitsch et al., 2001; Ryther & Dunstan, 1971). For example, 

the Baltic Sea is one of the most degraded marine ecosystems in the world, in part due to excessive 

nutrient loads (Reusch et al., 2018). Contributing to this development, the coastal waters 

surrounding Denmark have been exposed to rapid increases in nutrient concentrations since the 

1950s due to the increased usage of agricultural fertilizer (Clarke et al., 2006). 

As nutrient loading from point sources such as sewerage and industrial plants has decreased in 

Danish coastal waters, diffuse sources have become relatively more important (Kronvang et al., 

2008; Kronvang et al., 2009; Ærtebjerg et al., 2002). The main diffuse source is the application of 

organic manure and mineral fertilizers to agricultural land. Arheimer et al. (2012) estimated that 

agriculture was responsible for 52% of nitrogen (N) loading to the Baltic Sea. 

Several action plans aiming to reduce N and P loads to surface water have been implemented in 

Denmark since 1985, resulting in considerable reductions in the nutrient losses (Kronvang et al., 

2008). These action plans have focused on reducing fertilization, reducing livestock densities, 

optimizing manure storages, establishment of wetlands, afforestation, application of catch crops, 

and mandatory buffer zones around streams and lakes (Action Plan for the Aquatic Environment I-

III 1987, 1998, 2004; Green Growth Action Plan 2009). While these initiatives have resulted in a 

reduction of N loadings to Danish coastal waters, further reductions are still needed to comply with 

the objectives defined in the EU Water Framework Directive (HELCOM, 2016). Recently, a 

paradigm shift from a general national N regulation to a spatially differentiated regulation based 

on locally targeted measures was approved by the Danish government (Food and agriculture 

package Action Plan, Hansen et al., 2017).  

Approximately 2/3 of N leaching from the root zone in Denmark is naturally reduced before 

reaching the recipient coastal waters (Blicher-Mathiesen et al., 2017). This natural reduction 

capacity is not uniformly distributed, and reduction capacities are generally lower close to the 

recipients and in areas dominated by clay soils due to frequent tile drainage (Blicher-Mathiesen et 

al., 2017). The concept of differentiated regulation is linked to this heterogeneous distribution of N-

reduction capacities by targeting local measures to reduce NO3- loads, such as cover crops, 

relocation of agricultural areas, sustainable agricultural practices, restoration and construction of 
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wetlands or drain filter solutions, to areas of low natural N retention (Refsgaard et al., 2019). 

Knowledge of the distribution of areas with low or high N removal capacities is crucial for 

successful implementation of the concept of differentiated N-regulation. The recurring issue, 

however, is to identify the distribution of these areas at a sufficiently fine scale (Hansen et al., 

2014; Refsgaard et al., 2014). 

 
Figure 1: Overview of the TReNDS project (Transport and Reduction of Nitrate in Danish landscapes at various 
Scales) and included work packages and partners. Adapted from GEUS. 

The TReNDS project (Transport and Reduction of Nitrate in Danish landscapes at various Scales), 

funded by Innovation Fund Denmark, was designed to address some of the major knowledge gaps 

with regard to the spatial distribution of natural NO3- removal capacities; namely the importance of 

drainage and riparian lowlands for N transport and reduction, and the variation of subsurface 

geochemical conditions. The present PhD project formed part of this endeavour within the 

framework of the TReNDS project (Fig. 1). 
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The TReNDS project was a collaboration between several international actors (Fig. 1) and was 

divided into five work packages (WP1-5). This PhD study was part of WP2, which aimed to identify 

the hydro-biogeochemical processes controlling N transformation in riparian lowlands and to 

quantify their impacts on nitrate fluxes to surface waters. Further information about the TReNDS 

project can be found at www.trends.nitrat.dk. 

1.1 Challenges in estimating nitrogen balances 

Water quality models are often calibrated against measurements of stream discharge and nutrient 

concentrations at catchment outlets, which does not necessarily guarantee that internal processes 

and parameters are represented correctly (Anderson et al., 2014; Garen & Moore, 2005; Mehta et 

al., 2004). Hence, results from different models predicting nutrient concentrations for the same 

stream may be contradictory and differ by more than 100% (Rode et al., 2010). The variability of 

water chemistry of headwaters has been shown to be high within a small catchment (Bishop et al., 

2008), and the lack of agreement between models may partly be due to improper implementation 

of headwater riparian zones. Thus, to properly implement riparian zones in catchment models, a 

better understanding of relevant hydrological and biogeochemical processes is needed 

(Hattermann et al., 2006). Although there is a good conceptual understanding of flow path 

distribution in the riparian zone, it is difficult to identify and, in particular, to quantify these flow 

paths (Dahl et al., 2007). Removal of NO3- in riparian lowlands has often been attributed to 

heterotrophic denitrification, i.e., the reduction of nitrate to gaseous N forms, such as dinitrogen 

(N2) that is lost from the ecosystem to the atmosphere. However, an increasing number of studies 

suggest that this may be complemented by alternative transformation pathways for NO3- (Burgin & 

Hamilton, 2007). 

The difficulty of applying operational flow models to riparian areas and to implement these in 

catchment models (Hill, 2018) - along with NO3- transformation being ascribed to heterotrophic 

denitrification only - may be part of the reason for the large discrepancies between different 

modelling approaches used on the same stream. The present PhD study as part of the TReNDS 

WP2 aims to improve our understanding of the local-scale distribution of flow paths and 

biogeochemically reactive zones in riparian lowlands, and the influence of this distribution on N 

balances.  

1.2 Headwater riparian lowlands and water quality 

The riparian zone acts as the interface between upland areas and streams. Water from the entire 

stream catchment must pass through this zone to reach the stream. Although riparian zones may 

http://www.trends.nitrat.dk/
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only constitute a small areal fraction of a catchment, processes in this zone may greatly influence 

stream water quality (Gilliam, 1994; Gregory et al., 1991; Hill, 1996; Ranalli & Macalady, 2010). 

The majority of cumulative stream length is constituted by headwaters (Strahler, 1952), and 

headwaters contribute the majority of both water volumes and N fluxes to second-order streams 

(Alexander et al., 2007). 

Riparian lowlands are generally considered hot spots for biogeochemical processes due to the high 

availability of organic carbon (C) compounds (Anderson et al., 2014; Gurwick, 2007; Puckett, 

2004), and removal of NO3- in riparian zones has been intensively studied (Devito et al., 2000; 

Hill, 1990; Hill et al., 2014; Jacobs & Gilliam, 1985; Peterjohn & Correll, 1984; Vidon & Smith, 

2008). The removal of N in riparian lowlands is generally ascribed to heterotrophic microbial 

denitrification (Burgin & Hamilton, 2007; Kartal et al., 2007), which requires availability of NO3-, 

labile organic C, and absence of O2 (Hiscock et al., 1991; Knowles, 1982).  

The alteration of the chemical composition of water through the riparian zone strongly depends on 

the flow paths coming into contact with the biogeochemically reactive zones (McClain et al., 2003). 

To describe the heterogeneity of spatial and temporal water and N fluxes in riparian zones, 

McClain et al. (2003) introduced the terms “biogeochemical hot spots” and “biogeochemical hot 

moments” for transformation of N. Hot spots were defined as areas showing disproportionally high 

N transformation rates relative to the surrounding areas, and hot moments were defined as short 

periods of time showing disproportionally high N transformation rates. McClain et al. (2003) 

argued that hot spots and hot moments had a large influence on N fluxes. The efficiency of N 

removal in a riparian lowland thus depends on the combination of biogeochemical characteristics 

of the riparian lowland soils, and the distribution, dynamics and velocity of flow paths through the 

riparian lowland (Balestrini et al., 2016; Dahl et al., 2007). 

Earlier literature indicates that 20-30 m riparian zones is sufficient for high NO3- removal rates 

from shallow groundwater in most locations (Fennessy & Cronk, 1997; Wenger, 1999). More recent 

studies indicate larger variations in N removal in riparian zones; in part due to variations in 

dominant flow paths, and in part due to variation in biogeochemical properties and release of N 

from riparian sediments (Bowden, 1987; Hill, 1996; Hill, 2019; Mayer et al., 2007; Sweeney & 

Newbold, 2014; Vidon et al., 2010). 

Hill (2018) noticed a lack of denitrification studies in riparian zones in glacial till landscapes 

compared to studies in sandy settings. In general, N balance studies have been conducted in 

settings, in which one flow path was highly dominant while other flow paths could be neglected 
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(e.g. Anderson et al., 2014; Devito et al., 2000; Hansen et al., 1990; Haycock & Pinay, 1993; 

Hoffmann et al., 2012; Krause et al., 2007; Mayer et al., 2007). In addition, most studies of N 

removal in wetlands receiving agricultural drainage have been conducted in constructed wetlands 

or highly modified (construction of dikes etc.) wetlands (e.g. Groh et al., 2015; Jaynes & Isenhart, 

2014; Jordan et al., 2003; Maxwell et al., 2017), while only few studies investigated natural or 

semi-natural riparian lowlands (Hoffmann et al.2007; 2012; 2014) and tile-drained riparian 

lowlands (Hansen et al., 1990; Janssen et al., 2018). A major challenge is the identification of 

multiple flow paths and especially quantification of the hydrological fluxes along these multiple 

flow paths in riparian lowlands, as these may be highly dynamic in space and time and difficult to 

measure (Groffman et al., 2009; McClain et al., 2003; Vidon et al., 2010).  

1.3 Hypotheses and objectives  

In this study, it was hypothesized that the distribution of flow paths in riparian lowlands is 

controlled by the hydraulic loading rate (HLR) and the ability of the riparian lowland soils to 

conduct incoming water to the stream. HLRs in riparian lowlands recharged by drainage discharge 

in clay till landscapes are heterogeneously distributed, and the distribution of flow paths may vary 

within relatively small distances within the same lowland. The HLR in these lowlands is also highly 

dynamic, resulting in a variable distribution of flow paths and thus a dynamic distribution of N 

transport pathways. In situ release of organic N (Norg) and ammonium (NH4+), and conversion of 

NO3- to NH4+ may reduce the overall N removal efficiency of riparian lowlands. 

The general objectives of this study were to increase the understanding of nitrogen (N) transport 

and transformation in riparian lowlands with variable hydrological characteristics. The specific 

objectives were: i) to focus on methodological approaches to identify and quantify the dynamic flow 

paths and hydraulic fluxes in a riparian lowland situated in a clay till landscape, ii) to reveal the N 

transformation processes taking place along selected flow paths, iii) to quantify the resulting N 

mass balance as a function of riparian lowland hydrology, and iv) to evaluate the overall effect of 

the riparian lowland on the subcatchment N mass balance. 

i) Identification and quantification of flow paths 

Several studies have quantified groundwater fluxes trough riparian lowlands in sandy geological 

settings (e.g. Anderson et al., 2014; Brüsch & Nilsson, 1993; Devito et al., 2000; Puckett et al., 

2002), while Hill (2018) pointed out that studies in a clay till setting are much scarcer. The size of 

the contributing catchment to the riparian lowland controls the magnitude and seasonality of water 

inputs (hydraulic loading rates, HLRs) (Hill, 2000; Vidon & Hill, 2004b), while infiltration 

capacities, the thickness of permeable sediments, hydraulic gradients, and hydraulic conductivities 
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of the riparian lowland determine groundwater fluxes (drainage capacities) through the riparian 

lowland (Hill, 1996; Hill, 2000; Vidon & Hill, 2004b). Water inputs in excess of the riparian 

lowland drainage capacity will become overland flow, and, thus, the balance between incoming 

water and the drainage capacity of the riparian lowland determines the flow path distribution. 

Agricultural land on clay till soils in Denmark are generally artificially drained (Møller et al., 2018). 

One measure to reduce N-leaching from agricultural land has been to cut off drain pipes in the 

hillslope at the upland-riparian lowland boundary, resulting in drain water discharging onto the 

surface of the riparian lowland. Studies of wetlands receiving agricultural tile drainage water have 

mainly been conducted in constructed wetlands or buffer zones (e.g. Beutel et al., 2009; Kovacic et 

al., 2000; Maxwell et al., 2017; Osborne & Kovacic, 1993; Tanner & Sukias, 2011; Zak et al., 2018) 

or highly modified wetlands (e.g. Groh et al., 2015; Jaynes & Isenhart, 2014; Jordan et al., 2003), 

while studies in semi-natural riparian lowlands are few (Hoffmann et al.2007; 2012; 2014). 

Common for these studies is that only surface flow or only groundwater flow was quantified. 

Studies quantifying both overland flow and groundwater flow at field scale in clay till settings are 

few, and none of these are conducted in settings in which the riparian lowland receives tile drain 

discharge (Clausen et al., 1993; Hill, 2018; Langhoff et al., 2006; Peterjohn & Correll, 1984; 

Shabaga & Hill, 2010). The presence of tile drains within a riparian lowland receiving tile drainage 

may further complicate the flow path distribution, and the quantitative effect of such drains has not 

been investigated in these settings. Drain systems are generally associated with quick flow and 

short residence times (Kaandorp et al., 2018), and flow via riparian lowland drains may influence 

the N-balance of the riparian lowland. 

The multiple active flow paths in riparian lowlands may be identified by a combination of visual 

inspection, thermal images (overland flow and drain flow) and analysis of terrain slope, lithology, 

hydraulic heads, and hydraulic conductivities (groundwater flow). Overland flow is expected to be 

an active flow path when HLR is high and may thus be highly dynamic. While methods exist for 

quantifying precipitation, evapotranspiration, drainage discharge, and groundwater fluxes, it is 

more difficult to measure overland flow dispersed over large areas both under static and dynamic 

conditions. Also, drain discharge from submerged drain outlets may be difficult to estimate 

(Holden et al., 2008; Kadlec, 1990; Owen, 1995). This study investigates the possibilities of 

estimating dynamics and quantities of overland flow and flow from submerged drain outlets using 

a water balance approach. The relative importance of overland flow is hypothesized to be dynamic 

in response to HLR, which may be highly dynamic in tile-drained clay landscapes (Jordan et al., 

2003). Thus, a high temporal resolution (hourly) is needed for HLR measurements, such as 

precipitation measurements and flow measurements of drainage discharge into the riparian 
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lowland. HLR is a measure of the amounts of incoming water (m³) relative to the receiving riparian 

lowland area (m²), and thus the relative importance of overland flow may not only vary temporally 

but also spatially between different subareas of a riparian lowland with varying upland areas, and 

characteristics of the riparian lowland.  

Furthermore, in a riparian lowland dominated by overland flow, the presence of riparian lowland 

drains may increase the drainage capacity of the riparian lowland soils and thus reduce the relative 

proportion of overland flow. 

Hypotheses:  

• Overland flow and flow from submerged tile drains in a clay till landscape riparian 

lowland may be estimated using a dynamic water balance approach. 

• The relative importance of overland flow may be highly temporally variable in 

response to temporally variable HLR. 

• The relative importance of overland flow may also be spatially variable, controlled 

by a combination of HLR and the ability of the riparian lowland soils to conduct 

water as subsurface flow, which is dependent on the riparian lowland hydraulic 

characteristics such as slope, thickness of permeable sediments, hydraulic gradients 

and hydraulic conductivities. 

• The presence of drain pipes within the riparian lowland may reduce overland flow. 

 

ii) Identification of NO3- removal processes 

Removal of NO3- in riparian lowlands has generally been attributed to heterotrophic 

denitrification (Burgin & Hamilton, 2007). However, transformation of NO3- may also 

occur as dissimilatory nitrate reduction to ammonia (DNRA) and/or anaerobic ammonium 

oxidation (anammox), mediated by distinct groups of prokaryotes (Oshiki et al., 2013; Pei et 

al., 2011; Robertson et al., 2016). Likewise, microbial denitrification may be mediated by 

ferrous iron (Fe2+) rather than by organic C as electron donor (Hauck et al., 2001). By 

incubation experiments using riparian lowland soils with additions of Fe2+, and labelled 

(15N) and unlabelled concentrations of NO3- and NH4+, the degree of heterotrophic 

denitrification responsible for N-removal and the degree of Fe2+ involvement in N-

transforming processes were revealed. 

Hypothesis: Microbial processes in addition to heterotrophic denitrification contribute to 

nitrate reduction in riparian lowland soil. 
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iii) Quantification of N fluxes and N removal 

NO3- has generally been shown to be efficiently removed in organic soils (Balestrini et al., 

2016; Hill, 2018; Mitsch & Gosselink, 2015b). However, this removal may require that 

water entering a riparian lowland as surface water, i.e. via drain outlets or precipitation, is 

able to infiltrate into the soil. NO3- may also enter the soil via diffusion controlled by 

concentration gradients, residence times and the soil diffusion coefficients (Phillips et al., 

1978).  

N removal has often been demonstrated by decreasing concentrations of NO3- in riparian 

lowland sediments (e.g. Cooper, 1990). However, NO3- may be reduced to NH4+ (Jahangir et 

al., 2017) or mineralization may result in release of NH4+ and/or Norg (Devito et al., 1989; 

Lowrance et al., 1983; Stepanauskas et al., 1996). To fully disclose the riparian lowland N 

removal efficiency, it is necessary to account for all waterborne N-species and the dynamic 

distribution of flow paths. Thus, N transport may be quantified by combining estimated 

water fluxes from water balance models with analyses of N-species along these flow paths.  

Tile drains within the riparian lowland may result in increased mineralization due to a 

lowered water table, resulting in increased export of NH4+ and/or Norg (Holden et al., 2003). 

Hypotheses: 

• NO3- may be efficiently removed from drain water if either 1) drain water is able to 

infiltrate into the organic riparian lowland soils or 2) drain water travelling as 

overland flow is sufficiently dispersed over an area with shallow depth to an 

anaerobic regime allowing for diffusional exchange of NO3-. 

• The overall N-removal efficiency of riparian lowlands is a balance between N-

removal and release of N. 

• The presence of tile drains in the riparian lowland may increase mineralization and 

export of NH4+ and/or Norg. 

 

iv) The effect of a riparian lowland on catchment N-transport 

Riparian lowlands have been shown to mitigate N-leaching to streams on a catchment scale 

(Arheimer & Wittgren, 1994; Hattermann et al., 2006; Jansson et al., 1994; Linh, 2013). 

However, the distribution of flow paths and the balance between NO3- removal and release 

of NH4+ and Norg may vary in time and be different in different parts of a riparian lowland, 

thus influencing the overall effect of a riparian lowland on subcatchment N mass balances. 

N-fluxes at the catchment outlet integrate the function of the entire catchment on N-
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transport and demonstrates the overall balance of NO3--removal and release of NH4+ and 

Norg (Shrestha et al., 2013). By comparing N-fluxes measured at the catchment outlets to 

area-normalized N-fluxes from the investigated riparian lowland subareas, the calculated 

flow path distributions and N-fluxes may be validated. 

Hypothesis: The stream transport of N at the catchment outlet may be estimated by an 

area-normalized upscaling of the investigated subareas, validating the water balance model 

and N-transport calculations. 
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2 Riparian lowlands  

Wetlands and wetland types may be defined according to several different classification systems 

categorizing wetlands according to phytology, geomorphology, lithology, hydrology, water 

chemistry, eutrophication status, landscape position, etc., or combinations of these (Brooks et al., 

2011; Tiner, 2009). A general definition is an area that is inundated or saturated for sufficiently 

long periods to produce soils that are dominated by anaerobic processes, and that forces biota to 

adapt to these conditions (Keddy, 2010). 

Peatlands are a subgroup of wetlands and are characterized by the accumulation of partially 

decayed organic material. Different peatland classification systems have different requirements for 

minimum peat thickness (20-70 cm, Joosten & Clarke, 2002), but also the definition of peat itself 

may vary between classification systems and scientific disciplines (Rydin & Jeglum, 2013a). Danish 

soil classification only requires a weight fraction of >10% organic matter (OM) (Madsen et al., 

1992), while some classification systems require weight fractions of >75% OM (Kazemian, 2017). A 

common value in guidelines is >20% OM (e.g. FAO, 2006; Farnham & Finney, 1965), which was 

also adapted in the present study. 

Peatlands may be divided into bogs or fens depending on the source of water. Bogs are 

ombotrophic peatlands and thus only receive water from the atmosphere. Fens are minerotrophic 

peatlands, i.e. in addition to atmospheric inputs, a fen also receives groundwater or surface water 

which has had contact to mineral soil (Charman, 2009). Fens may be further subdivided according 

to hydromorphology into valley fens (receiving surface runoff and/or groundwater), floodplain fens 

(receiving groundwater, surface water and/or stream water during flooding), or sloping fens 

(receiving surface runoff and/or groundwater) (Charman, 2002). The valley fens and floodplain 

fens are located in topographical lows and may thus be included in the term “riparian lowland”. 

The term “riparian” refers to land areas adjacent to stream and shorelines, and act as the interface 

between aquatic and terrestrial ecosystems (Dosskey et al., 2010; Gregory et al., 1991) in the 

presence of moving water (Ewel, 1979). The exact extent of the riparian zone may have different 

definitions, ranging from only including the stream banks to the full extent of areas of direct 

interaction between aquatic and terrestrial environments (Swanson et al., 1982). Riparian zones or 

riparian buffers may simply be defined as vegetated strips and wetlands located between water 

bodies and uplands (Devito et al., 2000).  
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The term riparian lowland used in this study covers the area between the agricultural upland areas 

and the stream and is dominated by organic soils;, it may thus also be termed “riparian zone” or 

“valley fen”. 

2.1 The Fensholt study site 

The Fensholt study site is a riparian fen lowland stretching 1.5 km along a small headwater stream 

in Eastern Jutland, Denmark (55°58’54’’N, 10°4’5’’E). The headwater catchment, hereafter referred 

to as the “Fensholt catchment”, covers 194 ha and is a subcatchment of the 10,100 ha Norsminde 

catchment draining to Norsminde Fjord, Eastern Jutland (Fig. 2). The landscape in the Fensholt 

catchment is an undulating sandy clay till landscape intersected by partially filled glacial valleys 

(Fig. 3a) formed during the last glaciations (Høyer et al., 2015). The central valley in the Fensholt 

catchment is separated from another glacial valley at the northwestern catchment boundary by a 

topographical saddle point at 67.6 m.a.m.s.l. and from the downstream valley by a second saddle 

point at 62.5 m.a.m.s.l., approximately 250 m upstream of the Fensholt catchment outlet (Fig. 3a 

and b). Surface water outflow from the Fensholt valley was naturally restricted between these 

saddle points and the valley in between may have been permanently or periodically flooded until a 

ditch through the riparian lowland intersecting the eastern saddle point was excavated no later 

than 1787 (Warberg, 1789). The average stream gradient is 1.5‰. 

The land use of the Fensholt catchment is agriculture on densely drained soils (77%), grassed 

riparian lowland (14%) and impervious surfaces (9%). The existing drain maps are incomplete as  

seen by the discrepancy between available drain network maps and drain outlets found during field 

work (Fig. 3b). The upland fields are mainly fertilized by mineral fertilizer, while some subareas 

receive animal manure or digestate from biogas production. Runoff from a road running parallel to 

the southern catchment boundary is draining into a rainwater retention reservoir, which 

constitutes the origin of the headwater stream (Fig. 3b). Some agricultural drainage networks 

discharge directly into the stream, but most drains are disconnected at the hillslope at the border 

between the agricultural fields and the riparian lowland, and thus discharge to the riparian 

lowland.  

The riparian lowland, which is characterized by flat topography and organic sediments, constitutes 

26 ha and is located in the centre of the Fensholt catchment (Fig. 3a). The general stratigraphy of 

the lowland is 1-2 m peat underlain by varying thicknesses of gyttja on top of a clay till. The clay till 

constitutes the immediate postglacial surface; it has low hydraulic conductivity (0.009 cm/day, De 

Schepper et al., 2017) and is considered as the lower boundary of the riparian lowland flow regime. 

In parts of the area, sand lenses are present between the gyttja and the clay till basis. Below the clay 
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till, at an elevation of approximately 40 m.a.m.s.l., a regional Miocene sand aquifer is found (Høyer 

et al., 2015). The aquifer is 40 m thick on average and has a markedly lower hydraulic head than 

the upper soils (approximately 50 m a.m.s.l., GEUS, 2018). Small areas within the riparian lowland 

are drained by secondary drainage networks (Fig. 3b and 11a). These riparian lowland drains are 

not connected to the upland drainage networks and discharge directly into the stream. The drain 

outlets in the stream are submerged during most of the year.  

Historically, the riparian lowland has been used for peat mining, grazing, crops, and as a recipient 

of wastewater from a dairy operating from 1885 to 1972 and from neighbouring towns and farms. 

The current land use of the riparian lowland is limited to cattle grazing in the western part from 

April to October. Parts of the riparian lowland, which are inundated most of the year, are covered 

by black alder (Alnus glutinosa) and willow (Salix spp.) and the surrounding riparian lowland has 

patches of bog rhubarb (Petasites hybridus), broadleaf cattail (Typha latifolia), cuckooflower 

(Cardamine pratensis), European speedwell (Veronica beccabunga), globeflower (Trollius 

europaeus), marsh-marigold (Caltha palustris), marsh horsetail (Equisetum palustre), 

meadowsweet (Filipendula ulmaria), rough horsetail (Equisetum hyemale), western marsh-orchid 

(Dactylorhiza majalis), and yellow flag (Iris pseudocorus), most of which are plants associated 

with nutrient-rich conditions. 

 
Figure 2: a) Location of the Norsminde catchment in Denmark. b) Location of the Fensholt catchment within the 
Norsminde catchment.  
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2.2 Initial survey 

The initial survey of the Fensholt riparian lowland consisted of detection of drains as well as 

drilling a number of shallow boreholes (Paper IV). Existing drain maps were gathered from farmers 

(Kjaergaard, 2019) (Fig. 3b). Drain outlets in the hillslope bordering the riparian lowland (the 

boundary between agricultural fields and the riparian lowland), and drain outlets in the stream 

were detected and mapped manually (Fig. 3b). A total of 93 shallow boreholes to a depth of 1.65 m 

were drilled using a gouge auger mounted on a utility vehicle equipped with rubber tracks, and the 

lithology and sediment colour were described in the field (Fig. 3c). The peat thickness exceeded the 

depth of these boreholes, and investigations to deeper depths were needed to delineate the 

lithology of the riparian lowland. 
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3 Methodological approach 

3.1 Identification of transect areas 

Based on the initial survey, four transects areas (T31-T34) were selected for detailed studies (Fig. 

3d and Fig. 11). These transect areas were selected to cover a range of the parameters hypothesized 

to control the distribution of flow paths and thus N removal in the riparian lowland (Table 1). All 

transects were located at major drain outlets. The HLR from these drains was expected to vary 

greatly between transects as seen by the ratio of drain catchment to riparian lowland area, R, which 

is a proxy for HLR (Table 1). A secondary tile drain network, separate from the drain system on the 

adjacent field, was present within the riparian lowland in T31, allowing investigation of the 

influence on such a drain system on flow path distribution and N balances. 

Table 1: Basic characteristics of the four selected transect areas, T31-T34. 

 T31  T32  T33  T34 

Riparian lowland slope [%] 3.0  9.0  2.5  6.5 

Distance from hillslope to stream [m] 90-140  35  150  80 

Elevation difference between hillslope drain and 
average stream stage [m] 

2.9  3.3  2.9  4.5 

Riparian lowland tile drains +  -  -  - 

Dominating hillslope lithology Clayey  Clayey  Clayey  Sandy 

Catchment area (AC) to main drain outlet [ha] 3.9  7.6  13.7  6.9 

Transect area (AT) [ha] 1.15  0.113  1.17  0.477 

R = AC/AT 3.4  67  12  14 

 W = Effective width of stream 
Lowland wet zone width

 0.01  0.25  0.08  0.10 

Average peat thickness [m] 1.5  3.0  2.5  1.0 

 

3.2 Transect characteristics 

The soils of riparian lowlands constitute biogeochemical reactors and are key to understanding the 

effect of riparian lowlands on water quality. Soil physical parameters and hydrostratigraphic 

architecture control storage and movement of water (Angier et al., 2005; Castellano et al., 2013; 

Hill et al., 2004; Jackson et al., 2014; Palta et al., 2016), while soil biogeochemical properties 

control the processes altering the composition of soil water (Burgin et al., 2010; Fiebig et al., 1990; 

Forsmann & Kjaergaard, 2014; Gilliam, 1994; Todorova et al., 2005). 
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Focusing on the four selected transect areas, 58 deep boreholes (1-14 m) (Fig. 3e) were made using 

either an Eijkelkamp hand auger or a Russian corer (Competition Cars, Sweden). The Russian 

corer allowed the collection of intact samples of known volumes from the soft peat and gyttja layers 

as well as thin layers of sand and clay. Where sand or clay dominated, the Russian corer could not 

be used and samples of unknown volumes were collected using the hand auger. A total of 281 soil 

samples were collected. The samples were stored in airtight bags in a cooling box during field work 

and at 2°C in the lab at the end of the day. 

Beneath the soft peat and gyttja sediments in the riparian lowland, a base layer of clay till was 

found. To determine the spatial variation of this surface 213 measurements with an Eijkelkamp 

utility probe were performed (Fig. 3e). The utility probe is a thin extendable glass fibre rod with a 

metal tip that can be pushed through the soft peat and gyttja sediments (up to 10 m) until it is 

stopped by an underlying harder sediment. 

3.2.1 Lithology 

Boreholes and utility probe measurements from the Fensholt riparian lowland revealed an uneven 

surface of blue-gray clay till beneath the softer sediments (Paper IV). The elevation of the clay till 

surface ranged from 63.5 m.a.m.s.l., coinciding with terrain elevation along the edges of the 

riparian lowland, down to 46 m.a.m.s.l. in distinct depressions, indicating dead-ice holes along the 

valley centre. Three such steep-walled depressions are seen in T31 (Fig. 4a), T32 (Fig. 4b), and T34 

(Fig. 4d), while the clay till base in T33 is flatter. At several locations, on top of the clay till or 

interbedded in the clay till, sand lenses were found, generally thinning towards the central stream 

(Papers I and IV). On top of the sand a thick layer of gyttja was found up until approximately 59.5 

m.a.m.s.l. The thick layers of gyttja indicate that the Fensholt valley was a shallow lake embanked 

within topographical saddle points separate from both from the northwestern valley and the 

downstream valley for a long time in the postglacial period and underwent terrestrialization 

(Walter et al., 2016). The top layer in most of the riparian lowland consisted of 1-8 m peat at an 

average thickness of 1.45 m (Paper IV). Peat TOC was highest near the centre of the riparian 

lowland, while mineral content in the top 1 m increased away from the centre, resulting in peat 

generally transitioning into clay towards the hillslope (Fig. 4 and 7) (Paper II).  
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Figure 4 (continues on next page). 
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d 

 
(continued from previous page) 

Figure 4: Borehole lithology along the profiles of a) T31NSWE, b) T32NS, c) T33NS, and d) T34SN. See location of 
profiles in Fig. 11. Notice that the T31 profile is not along a straight line but is composed of two segments, one north-
south and one east-west, following the main flow paths (Fig. 11a). 
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3.2.2 Riparian lowland soil hydrophysical characteristics 

The lithology, sediment colour, and the degree of peat decomposition of the soil samples were 

determined in the field. The degree of peat decomposition was given a numerical value from 1 to 3, 

where 1 = undecomposed, 2 = partly decomposed, and 3 = well decomposed. Volume samples were 

weighed and oven-dried at 105°C for 24 hr to determine bulk density (ρb). Subsamples were further 

heated to 550°C for 4 hr to determine loss on ignition (LOI). 

Porosities (φ) in saturated samples were determined as volumetric water content calculated as the 

loss after oven-drying at 105°C, while φ in unsaturated peat samples was calculated as: 

φ = 1 −
ρb
ρp

 (1) 

where ρp is the particle density in g/cm³ calculated according to Okruszko (1971) as: 

ρp = 0.011 × LOI + 1.451. (2) 

The tortuosity (θ) was calculated from the porosity according to Boudreau (1997): 

θ2 = 1 − ln (φ2) (3) 

and the effective diffusion coefficients (DS) of the porous media were calculated according to 

Berner and Berner (1980): 

DS =
φD0

θ2
 

(4) 

where D0 is the free ion diffusion coefficient measured in the bulk solution. 

A summary of key hydrophysical parameters for the Fensholt soil samples is presented in Table 2.  
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Table 2: Soil hydro-physical properties; bulk density (ρb), porosity (ϕ), saturated hydraulic conductivity (Ksat), and 
loss on ignition (LOI) for all four transects combined according to texture classes, showing means (µ), standard 
deviations (σ), and number of samples (n). The order of the lithologies represents the general stratigraphy from 
surface downwards (Fig. 3). Table adapted from Paper I. 

 ρb  Φ  Ksat  LOI 
 g/cm³  % volume  cm/day  % weight 
 µ σ n  µ σ n  µ σ n  µ σ n 
Peat 0.21 0.10 57  87 20 57  96 162 27  70 17 61 
Clay 0.94 0.33 40  52 16 40  54 94 8  12 8.0 49 
Gyttja 0.68 0.38 95  72 18 95  21 48 18  17 16 102 
Sand 1.3 0.39 32  38 16 33  87 129 10  3.0 3.7 45 
Gravel 1.7 0.11 6  27 8.8 6  28 34 3  1.2 0.42 8 
Clay till 1.3 0.32 3  39 31 3  22 33 3  3.4 2.5 7 

The values of ρb, ϕ, and LOI covaried and differed clearly among lithologies (Table 2 and Fig. 

6a,b,c) . The relatively low ρb in clay samples reflected the high organic content in these samples, as 

also seen from LOI (Table 2) and TOC (Table 3). Some of the variation within each lithology could 

also be explained by a variation with depth, e.g. ρb in peat gyttja correlated weakly with depth 

(r²=0.26) (Paper I). Part of this variation is likely 

explained by variations in the degree of organic matter 

decomposition, which was also correlated with ρb (Fig. 6d) 

(Boelter, 1969; Päivänen, 1973; Rydin & Jeglum, 2013a; 

Zeitz & Velty, 2002). Peat close to the surface and at 

approximately 2.5 m depth was well decomposed, while 

peat in between and below these depths was less 

decomposed (Fig. 5). Values of Ksat were highly variable 

within each lithology. The Ksat of peat is generally related 

to depth and the degree of peat decomposition 

(Gharedaghloo et al., 2018; Rezanezhad et al., 2010). The 

overall Pearson correlation coefficients (r) between Ksat 

and depth, and between Ksat and degree of decomposition 

in the Fensholt peat soils were only -0.35 and -0.05, 

respectively. However, when looking at the individual 

transects (T31-T34), there are clear trends of decreasing 

Ksat with depth (Fig. 6e), in agreement with previous 

findings (e.g. Clymo, 2004; Gharedaghloo et al., 2018; 

Päivänen, 1973). The trend lines are shifted along the Ksat-axis, with T31 having the lowest values 

and T32 the highest. The degree of decomposition may also have a large influence on the specific 

 
Figure 5: Average degree of peat 
decomposition within depth bins (dashed 
grey lines). 1 = Undecomposed, 2 = partly 
decomposed, and 3 = well decomposed. 
Numbers at each data point indicate the 
number of samples included in depth bins. 
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yield (Sy) in peat soil, with undecomposed peat having a Sy of up to 80% while well decomposed 

peat soil may release less than 10% of saturated water content upon drainage (Rezanezhad et al., 

2016). In the Fensholt study site, the main hydraulic active layers were the peat layers. The 

characteristic combination of physical parameters in peat soils, including low bulk density, high 

porosity, high organic content, and high compressibility makes the characterization of peat 

especially difficult compared to mineral soils (Rezanezhad et al., 2016). Despite the generally high 

porosity of peat, the connectivity of these pores may vary greatly, as demonstrated by the large 

variation of measured Ksat in peat soils (Rycroft et al., 1975). Homogeneous, highly decomposed 

peat soils may have very low Ksat values, while undecomposed peat, or the presence of highly 

conductive preferential flow paths such as ‘peat pipes’ (Hill, 2012), may result in values of Ksat 

many magnitudes higher. The distribution of Ksat in peat may be highly heterogeneous, with values 

changing by several magnitudes within less than one meter (Chason & Siegel, 1986; Holden & Burt, 

2003). Furthermore, the elastic properties of peat may result in non-Darcian flow, typically evident 

from characteristic S-shapes of slug test drawdown curves (Brown & Ingram, 1988; Hemond & 

Goldman, 1985). Combined with peat anisotropy (Beckwith et al., 2003; Ronkanen & Kløve, 2005; 

Rosa & Larocque, 2008) these properties result in large uncertainties often being attached to 

measured peat hydraulic conductivities (Surridge et al., 2005). Values of Ksat measured in gyttja 

were surprisingly high compared to other studies (e.g. Malloy & Price, 2014), but also showed a 

high variability (Table 2). As peat and gyttja samples often showed plant stems, roots and wood 

fragments, this indicates that preferential flow paths may be present in the high Ksat peats and 

gyttjas. 
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3.2.3 Riparian lowland soil geochemical characteristics 

Soil pH was measured in the field using a Hach Lange HQ11d portable pH meter and a Radiometer 

Analytical pHC2051-8 electrode. Citrate-bicarbonate-dithionite (CBD)-extractable iron (FeCBD) and 

bicarbonate-dithionite (BD)-extractable iron (FeBD) were analysed on moist bulk soil samples 

(Mehra & Jackson, 1960). Air-dried subsamples were analysed for oxalate-extractable iron (Feox) 

(Schoumans et al., 1987), total organic carbon (TOC) (DIN EN 15963), total N (TN) (DIN EN 

16168), and calcium carbonate (CaCO3) (VDLUFA I, A5.3.1).. Only samples testing positive in an 

acid test were analysed for CaCO3.  

 

 

  

    a 

 

b

 

c

 
d 

 

e 

 

 

Figure 6: Correlations between soil parameters of the Fensholt riparian lowland. a) Dry bulk density (ρb) vs. loss on 
ignition (LOI). b) Porosity (φ) vs. LOI. c)  φ vs. ρb. d)  ρb vs. degree of peat decomposition. Error bars indicate standard 
errors. e) Saturated hydraulic conductivity (Ksat) vs. depth of piezometer screens located in clay, peat or gyttja. 
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Table 3 summarizes key chemical parameters for the Fensholt soil samples.  

Table 3: Soil chemical properties; total organic carbon (TOC), total nitrogen (TN), oxalate-extractable phosphorus, 
iron and aluminum (Pox, Feox, and Alox), calcium carbonate (CaCO3), and pH for all four transects combined according 
to texture classes, showing means (µ), standard deviations (σ), and number of samples (n). The order of the lithologies 
represents the general stratigraphy from top to bottom. Table includes results from Paper II. 

 TOC  TN  Feox  CaCO3  pH 
 % weight  % weight  mmol/kg  % weight    
 µ σ n  µ σ n  µ σ n  µ σ n  µ σ n 

Peat 35 9.2 61  1.8 0.48 61  145 72 55  0.96 4.3 62  6.7 0.2 17 
Clay 4.7 4.0 49  0.38 0.29 49  94 52 47  1.7 4.2 49  6.7 0.2 19 
Gyttja 7.2 7.5 102  0.56 0.56 102  107 101 100  31 21 102  6.7 0.2 21 
Sand 1.1 2.0 46  0.09 0.15 46  47 38 42  7.0 5.7 47  7.1 0.4 22 
Gravel 0.21 0.13 8  0.03 0.01 8  18 8.7 8  2.6 3.0 8  6.6 0.1 4 
Clay till 1.0 1.9 7  0.06 0.07 7  63 36 7  17 4.1 7  7.4 0.1 2 
 

3.2.3.1 Total organic carbon (TOC), total nitrogen (TN), and C:N ratios 

Naturally, TOC was highest in the peat soils but also showed some variation within these layers 

(Fig. 7). The highest TOC was found at the vertical centre of the peat layers either closest to the 

stream (T32 and T33) or near the horizontal centre of the transects (T31 and T34). TOC and LOI 

were highly correlated in all lithologies (Fig. 9a). TOC was a factor 0.49 of LOI, similar to factors 

found or used in previous studies: 0.41 (Bao et al., 2015), 0.45 (Craft & Richardson, 1993), 0.48 

(Inisheva & Golovatskaya, 2002), 0.50 (Bao et al., 2010; Tolonen & Turunen, 1996), and 0.58 (van 

Bemmelen, 1891; Vindušková & Frouz, 2013). TN and TOC were closely related in non-peat soils, 

with a constant C:N ratio of 15.3 (Fig. 9b), while C:N ratios in peat samples varied from 13 to 69 

with an average of 24 (±11). The high C:N ratios (>40) were only found in undecomposed peat 

samples, and C:N ratios generally decreased with increasing degree of peat decomposition (Fig. 

9c), agreeing with previous findings (Berglund, 1996). This is likely due to C being lost during 

decomposition, while some N typically is recirculated by organisms (Malmer & Holm, 1984; 

Malmer & Wallén, 2004; Rydin & Jeglum, 2013b).  
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c d 

 
Figure 7: Soil total organic carbon (TOC) as a percentage of weight along the four transects T31-T34. Figure 
adapted from Paper II. 

a b 

c d 

 
Figure 8: Soil C:N molar ratios along the four transects T31-T34. 
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Figure 9: a) Total organic carbon (TOC) vs. loss on ignition (LOI) for different lithologies. b) TOC vs. total nitrogen 
(TN). The regression line (black) is calculated on the basis of non-peat samples only. c) C:N ratio of peat samples 
vs. degree of peat decomposition. d) Depth of the centre of the soil samples vs. Feox/FeCBD ratio (“the active iron 
ratio” or “Fe amorphicity”, Chao & Zhou, 1983). Error bars indicate standard errors 

 
3.2.3.2 Iron (Fe) 

Three different extraction methods (ox = oxalate, BD = bicarbonate-dithionite, and CBD = citrate-

bicarbonate-dithionite) for selective dissolution of different Fe fractions were used to extract 

different soil iron pools.  
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• The CBD-extractable fraction of Fe (FeCBD) consists of amorphous and poorly crystalline Fe 

oxides and hydroxides (Fey & Le Roux, 1977; Wada & Greenland, 1970), crystalline Fe 

oxides and hydroxides (lepidocrocite, goethite, and hematite but not magnetite) smaller 

than clay-sized particles (McKeague et al., 1971), and Fe associated with OM (McKeague et 

al., 1971; Shang & Zelazny, 2008).  

• BD-extraction of Fe (FeBD) is less efficient than CBD, as dissolved Fe is not removed from 

solution by complexing with citrate (Shang & Zelazny, 2008). FeBD is thus a subfraction of 

FeCBD. 

• The oxalate-extractable fraction of Fe (Feox) consists of amorphous and poorly crystalline 

oxides and hydroxides, mainly ferrihydrite (Fe(OH)3) (Chao & Zhou, 1983; McKeague & 

Day, 1966; Schwertmann, 1959), magnetite (Fe3O4) (McKeague et al., 1971), and Fe 

associated with OM (Cornell & Schwertmann, 1996; Schwertmann, 1973).  

a b 

c d 

 
Figure 10: Soil oxalate-extractable iron (Feox) along the four transects T31-T34. Figure adapted from Paper II. 

Feox in T31 was high in the peat layer in T31 between 31-02 and 31-05 (Fig. 10a), roughly 

corresponding to the flow path of drain water infiltrating at 31-02 and exfiltrating at 31-05 (section 

4.3, p. 53). Feox in T33 was highest in the peat layer near the hillslope and decreased towards the 

stream (Fig. 10b). The distribution of Feox in T32 and T34 was more heterogeneous (Fig. 10c,d). 



27 

 

 

The highest values in these transects were generally found near the surface or at depth in the gyttja 

layers. 

Feox was correlated to FeBD (r=0.76) and FeCBD (r=0.83). The deviation from perfect correlation 

between these parameters indicates differences in Fe crystallinity (Blume & Schwertmann, 1969). 

The ratio Feox/FeCBD has been named the “active iron ratio” (McKeague & Day, 1966) and indicate 

“amorphicity” of iron minerals. High values of Feox/FeCBD indicate a lower degree of crystallinity 

and in redox-stable environments generally a younger age of the sediment (Blume & Schwertmann, 

1969; Lair et al., 2009). Conversely, Feox/FeCBD in the Fensholt soil samples tended to increase with 

depth (r=0.57) (Fig. 9d). Organic compounds have been shown to have a retarding effect on Fe 

crystallization, which may lead to a high Feox/FeCBD ratio (Blume & Schwertmann, 1969). However, 

in the Fensholt samples, there were no major differences in Feox/FeCBD between lithologies, and no 

general positive correlation between Feox/FeCBD and TOC (r=-0.21).  

3.3 Riparian lowland hydrology 

Riparian lowland water balances are key to understanding the linkage between riparian lowlands 

and upland areas, and the effect of riparian lowlands on water quality (Haycock, 1997). The water 

balance of a riparian lowland can be described as: 

Pr + Gin + Oin + Din = ET + Gout + Lout + Oout + Dout + ΔS (5) 

where Pr is precipitation, Gin is groundwater entering the riparian lowland, Oin is overland flow 

entering the riparian lowland, either from the upland or as overbank flow from the stream, Din is 

water entering the riparian lowland via drain pipes, ET is evapotranspiration, Gout is groundwater 

leaving the riparian lowland to the stream, Lout is leakage to a deeper groundwater aquifer, Oout is 

overland flow leaving the riparian lowland into the stream, Dout is water leaving the riparian 

lowland into the stream via drains within the riparian lowland, and ∆S is the change in storage in 

the riparian lowland soils. For the current study, Oin was considered negligible (Paper I).  

Studies quantifying the flow paths of Eq. (5) in peatlands are relatively scarce (Table 4), likely as a 

result of this task being both difficult and laborious (Drexler et al., 1999). The task of calculating 

the water budgets seems to become increasingly difficult with an increasing number of active flow 

paths and with increasing dynamics. Therefore, existing water balance studies in peat wetlands are 

typically conducted in settings where only few flow paths are simultaneously active. Most studies 

are conducted in sandy geological settings in which groundwater inputs or precipitation dominate 

(Table 4). Only three studies calculated full water balances in a clay till setting. Besides Pr and ET, 

the only active elements of the water balance in these studies were Gin and Oout (Gilvear et al., 
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1993), Gin, Oin, Gout, and Oout (Owen, 1995), and Oin and Gout (Hayashi et al., 1998). However, the 

peatland studied by Gilvear et al. (1993) was underlain by a gravel aquifer on top of clay sediments, 

and thus is more representative of a general sandy geological setting, which is also evident from the 

high groundwater inputs (Table 4).  The main water balance components of the peatland studied 

by Owen (1995), adjacent to a high-order river, were Pr and ET, resulting in a relatively low HLR 

on the peatland. The water balance study by Hayashi et al. (1998) was conducted in a prairie 

pothole in a cold semi-arid climate in which surface runoff from snowmelt was a large component 

of the water balance. No stream was present in this setting, and all water left via groundwater or 

ET. Thus, water balances for headwater riparian lowlands in clay till settings may not have been 

determined.  

The flow paths Din and Dout are not present in any of the studies presenting full water balances. 

Studies in which Din is active have mainly been conducted in Danish settings (Hoffmann et al. 

2007; 2012). However, in these studies Oout was assumed to be the only relevant output or the 

distributions of outputs were not stated. Hoffmann et al. (2011) also investigated N balances in 

restored riparian areas receiving agricultural tile drainage. However, these areas were inundated by 

stream water during extended periods of time and the N removal efficiencies were not divided into 

N removal during direct flow from the tile drains to the stream and N removal from flood water. 

Jordan et al. (2003) investigated N-removal in a restored/constructed wetland receiving 

agricultural drainage runoff in Maryland, USA. The restoration process included the construction 

of a dike to increase the wetland water storage capacity, and was thus more similar to constructed 

surface flow wetlands (e.g. Beutel et al., 2009) than to the semi-natural wetlands investigated in 

Danish settings by Hoffmann et al. (2007; 2012). Dout from a cultivated peat riparian lowland was 

described by (Hansen et al., 1990). However, the drained riparian lowland was pumped, and Dout 

and ET were the only outputs in this setting. 

Pr may be measured with relatively good precision (annual error ~5%, Winter, 1981) using a local 

tipping bucket rain gauge, which is also used in most peatland water balance studies (Table 4). ET 

may be measured by a range of different methods including lysimeters, evaporation pans, mass 

balance methods (Meyboom, 1967), energy balance methods (e.g. Bowen-ratio, Malek & Bingham, 

1993), and hydro-meteorological equations, such as Penman and Keen (1948), Makkink (1957), 

and Penman-Monteith (Monteith, 1965). Few study sites are equipped with a full meteorological 

station, and meteorological data for hydro-meteorological equations may be obtained from the 

nearest meteorological station or from grid values.  
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Determination of groundwater fluxes is associated with large uncertainties, largely due to the often 

heterogeneous distribution of Ksat, especially in peat (Hill, 2012). Koerselman (1989) compared 

values of Ksat in a peatland calculated from field measurements using Kirkham's seepage tube test 

to values of Ksat back-calculated from water balance residuals. Ksat from field measurements were 1-

2 orders of magnitude lower than estimates from water balance analyses. Winter (1981) estimated 

errors of Ksat to be in the range of 50-100%. Determination of Ksat has been intensely studied, and 

several methods for acquiring and analyzing data exist. Ksat may be estimated in situ from slug tests 

(e.g. Bouwer & Rice, 1976; Hvorslev, 1951), pumping tests (e.g. Cooper & Jacob, 1946; Hantush & 

Jacob, 1955), or indirectly using pedotransfer functions (Bloemen, 1983; Liu & Lennartz, 2019). 

Correlations between Ksat and, e.g., ρb and φ vary between different peat types, and Ksat has shown 

to be difficult to determine by pedotransfer functions for peat soils where ρb>0.2 g/cm³ (Liu & 

Lennartz, 2019). Slug tests are the most common method used in peat studies (e.g. Table 4), and 

both slug tests and pumping tests require a large number of assumptions to be made for boundary 

conditions and properties of the porous medium. In a heterogenous peat layer it may not be 

straightforward to determine layer thicknesses and whether the specific layer is confined or 

unconfined. An often criticized assumption is that an incompressible porous medium is required 

for Darcian flow (Holden & Burt, 2003), which may lead to an overestimation of Ksat (Hemond & 

Goldman, 1985). Furthermore, Ksat values estimated from slug tests are composite values of the 

horizontal hydraulic conductivity (KH) and the vertical hydraulic conductivity (KV). A wide range of 

hydraulic anisotropy factors (KH/KV) has been reported for fen and bog peats, ranging from 0.1 to 

1000 (Beckwith et al., 2003; Boelter, 1965; Chason & Siegel, 1986; Kruse et al., 2008; Nagare et al., 

2013; Rosa & Larocque, 2008; Schlotzhauer & Price, 1999; Smerdon et al., 2007). Thus, if KH>KV, 

values of Ksat obtained from slug tests may overestimate KV and underestimate KH. If KH<KV, slug 

tests may overestimate KH. However, for KH/KV>0.1, this error should be less than a factor of 2 (Seo 

& Choe, 2001). The majority of the above-mentioned studies reported KH>KV and, thus, Ksat 

obtained from slug tests could be considered as minimum values for KH. 

Alternatives to calculating groundwater flow by Darcy’s equation are, e.g., calculating groundwater 

fluxes as the water balance residual if all other flow paths are known, which has often been used in 

lake studies (Winter, 1981), or calculating flow from a chemical mass balance, using a conservative 

tracer such as Cl- (Drexler et al., 1999). A chemical mass balance approach requires that tracer 

concentrations in source waters are clearly distinguishable. 

Surface flow entering and leaving the riparian lowland via ditches or drains may be measured 

relatively straightforward using, e.g., V-notch weirs, flumes, electromagnetic and ultrasonic 
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flowmeters. However, weirs and flumes may require damming of upstream water to obtain a 

sufficiently level drop for free flow conditions to be met. Drain discharge from outlets submerged 

below the stream water table is difficult to measure and may require installation of electromagnetic 

or ultrasonic flowmeters, which are relatively expensive. Dispersed sheet overland flow is difficult 

to measure (Van der Velde et al., 2010), and this component is often estimated as the water balance 

residual (Andersen, 2004; Koerselman, 1989; Owen, 1995; Roulet, 1990). Brüsch and Nilsson 

(1993) measured overland flow leaving a fen peatland by enclosing the study site with sheet piling 

with a number of outlets where discharge was measured using a Thompson weir. While this 

method may be more certain than a residual approach, there are some drawbacks to using this 

method such as damming and alteration of shallow groundwater flow paths, inclusion of shallow 

groundwater flow in overland flow estimates, and erosion along sheet pilings. 

The use of residual terms to determine unknown flow paths in water balances has been criticized in 

the absence of error estimates of the remaining water balance components (LaBaugh & Winter, 

1984; Winter, 1981). In the water balance of a water reservoir in Colorado, US,  (LaBaugh & 

Winter, 1984) estimated that the standard deviation of error of all measured fluxes was comparable 

to the residual term, attaching a large uncertainty to the flow path ascribed to this residual. 

3.3.1 Transect areas 

The four transects of the Fensholt study site were laid out along the topographical gradient from 

the main drain outlet in the hillslope towards the stream (Paper I). While overland flow was 

difficult to observe directly at several locations, a thin film of water was observed on the surface in 

many places, and “deltas” propagating from the main drain outlets were clearly visible, showing a 

distinct signature in vegetation (Prinds, 2019). The transect areas were selected as the downstream 

extent of these “deltas” along the stream, projected onto the hillslope along the topographical 

gradient, to account for both groundwater and overland flow reaching the stream within the 

respective stretches of the stream (Fig. 11). 
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Figure 11: The four transects areas with positions of flow meters, piezometer nests, sample points (drain outlets and 
surface waters; OLout denotes sample points representative of water leaving the transect areas via overland flow), 
stream extent at average stream stage (where flooding of low-lying areas can be seen), average areas of exfiltration, 
and the extent of the transect area considered during mass balance calculations. 

3.3.2 Piezometers 

A total of 180 polyethylene (PE) piezometer pipes were installed at different depths within the four 

transect areas along central profiles perpendicular to topography contours, and along secondary 

profiles parallel to topography contours (Fig. 11) (Paper I). These secondary profiles served to 

verify whether flow lines were parallel to topographical gradients, and for water sampling outside 

the main profile. The piezometers were installed by predrilling with an Eijkelkamp hand auger (5 

cm diameter) before pushing the piezometer pipes into the soil either by hand or using a gas-

powered fence post driver. The piezometers were screened at different depths from 0.10 to 14.05 m 

below terrain (m.b.t.) with screen lengths ranging from 0.11 m to 1.02 m. The piezometers were 
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named by transect number, nest number and screen number; i.e. 34-03-2 is located in T34, in nest 

03 and is the second deepest screen from the bottom in that nest. 

The main piezometer profiles were named 31NS (Fig. 11a), 32NS (Fig. 11b), 33NS (Fig. 11c), and 

34SN (Fig. 11d) according to their compass direction from the hillslope to the stream, and the 

secondary profiles were named 31WE, 32WE, 33WE1, 33WE2, and 34WE. In T31, the direction of 

flow was not along a straight line from the hillslope to the stream. From the hillslope towards a 

topographical depression piezometer around piezometer nest 31-05 the flow direction was from 

north to south. From this topographical depression, surface water must pass a topographical saddle 

point around piezometer nest 31-10 (elevation 60.065 m.a.m.s.l.) before flowing to the lowest point 

connecting to the stream at 31OLout. For T31, some results are therefore shown along a composite 

profile, 31NSWE, following the main flow direction.  

3.3.3 Groundwater fluxes  

Water levels in all piezometers and at selected locations in the stream were measured manually 

approximately every three weeks from April 2016 to October 2017 (Paper I). During April 2017 to 

June 2018, nine Mini-Divers (Van Essen Instruments) were installed in selected piezometers 

logging the water levels every five minutes. Saturated hydraulic conductivities (Ksat) were calculated 

according to Bouwer and Rice (1976) on the basis of slug tests performed in all piezometers. The 

slug tests were performed by either adding water (falling head method) or by quickly removing 

water from the piezometers using a vacuum pump (rising head method), depending on the initial 

water level in the piezometers. A Mini-Diver logged the water table changes during slug tests every 

0.5-300 s depending on the expected recovery time experienced from previous tests. The resulting 

values of Ksat and the hydraulic gradients calculated from water levels were used to calculate 

groundwater flow (G) in and out of the transect areas according to Darcy’s law: 

G =
AD×Ksat×

𝑑𝑑H
𝑑𝑑x

AT
× 24,000  𝑚𝑚𝑚𝑚 𝑑𝑑𝑑𝑑𝑑𝑑 ℎ𝑑𝑑

𝑚𝑚2 𝑐𝑐𝑚𝑚 ℎ𝑟𝑟
    (6) 

where G is groundwater flux in mm/hr, AD is the cross-sectional area of flow (layer thickness × 

transect width) in m², Ksat is hydraulic conductivity in cm/day, dH/dx is the hydraulic gradient, 

and AT is the transect area in ha. 

KH and KV were not measured separately in this study, and thus an anisotropy factor (KH/KV) of 10 

was assumed (Chason & Siegel, 1986; Mesri & Ajlouni, 2007). 
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3.3.4 Drain flow measurement and time series gap filling 

Electromagnetic flow meters (Krohne Optiflux 3070) were installed in the main drain outlets in 

T31 (31in1) and T34 (34in) as well as another major drain outlet outside the transect areas (31in5) 

in 2012 and 2013 by the iDRAIN project (Kjaergaard, 2019). A similar flow meter was installed at 

the main drain outlet in T33 (33in) in October 2013 (Fig. 3b). Flow from the electromagnetic flow 

meters was recorded using pulse data loggers (Madgetech Pulse101A) recording the number of 100 

L pulses every 10 minutes. Drain discharge entering T32 (32in), discharge from a drain discharging 

directly into the stream south of T31 (31south), and discharge into western part of the riparian 

lowland from a rain water reservoir (Fig. 3b) were measured using RBC steel flumes (Clemmens et 

al., 1984). The flume water levels were logged every 10 minutes by MadgeTech Level2000 Data 

Loggers. All discharges were resampled to hourly values. 

Gaps in flow meter time series were filled using a direct sampling (DS) technique developed by 

Mariethoz et al. (2010) and implemented in the software DeeSse (Straubhaar, 2011). DS is part of 

multiple point statistics (MPS) and is well suited for pattern reproduction. The algorithm makes 

use of the patterns contained in a training image (here the available parts of the time series having 

gaps) and recreates these patterns considering also a number of conditioning data (Oriani et al., 

2014). As conditioning data, two out-of-phase triangular auxiliary variables were used to represent 

seasonality. Conditioning data also included flow time series from two or three other flow meters 

(which did not have gaps in the same period), as well as rising/recession indicators for these flow 

meters, indicating whether hourly discharge was increasing or decreasing relative to the previous 

hour. One hundred simulations were run for each time series, and the gaps were filled using the 

average of these simulations (Paper I). 

3.3.5 Precipitation and evapotranspiration 

A tipping bucket rain gauge (Pronamic Rain-O-Matic-Professional) was installed in T31 next to the 

drain outlet 31in1 (Fig. 3b) measuring precipitation from August 2016 to November 2018 (Paper I). 

Small gaps in the precipitation time series were filled using data from nearby precipitation stations 

in Ulvsborg (55°58’29”N, 10°6’25”, 2.5 km from the study site) and Fillerup (55°57’35”N, 

10°5’33”E, 2.9 km from the study site). The raw precipitation measurements were corrected for 

systematic measurement errors caused by wind effect and wetting losses according to Allerup et al. 

(1998).  

Daily reference evapotranspiration for short grass (ET0) calculated from the modified Makkink 

method (Aslyng & Hansen, 1982; Plauborg et al., 2002) was obtained from a meteorological station 
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in Foulum, Denmark (56°29’42”N, 9°34’22”E, 65 km from the study site). Hourly values for 

potential evapotranspiration (ETpot) were calculated by multiplying ET0 by a factor of 1.2 to account 

for the higher water availability in riparian lowlands (Allen et al., 1998; Blicher-Mathiesen et al., 

2017), and by distributing the daily evapotranspiration over the day using a sinus function 

initiating evapotranspiration at 06:00, peaking at 12:30, and ceasing at 19:00 (Wang et al., 2012a) 

(Paper I). 

ETpot = �  1.2 × ET0 × sin �
𝑡𝑡ℎ𝑜𝑜𝑜𝑜𝑟𝑟 − 6 ℎ

26 ℎ
× 2𝜋𝜋�

𝜋𝜋
26 ℎ

𝑓𝑓𝑓𝑓𝑓𝑓 6 ℎ < 𝑡𝑡ℎ𝑜𝑜𝑜𝑜𝑟𝑟 < 19 ℎ

0 𝑓𝑓𝑡𝑡ℎ𝑒𝑒𝑓𝑓𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒
 (7) 

3.3.6 Overland flow and riparian lowland drain flow 

The remaining unknowns in Eq. (5) were overland flow (Oout) in all four transects as well as drain 

discharge leaving the transect area (Dout) in T31 (Paper I). To determine these unknowns a simple 

flow partitioning model was set up accounting for known in- and outputs on an hourly basis (Fig. 

12) (Paper I). At each time step, water inputs were summed and sequentially distributed to outputs 

in the order Gout, Lout, Dout, and ETpot. If inputs exceeded outputs, surplus water (residuals) would 

be added to storage (S), which was determined by Sy and the seasonal water table amplitude in 

each transect. When the storage was full, surplus water was diverted to Oout. Dout was limited to a 

max rate equal to I+Gin-Gout-Lout, where the infiltration rate I was calibrated manually by fitting the 

dynamics of S to the water table dynamics recorded in shallow piezometers. In other words, only 

soil water in excess of soil water leaving as horizontal groundwater flow (Gout) and vertical leakage 

(L) was able to contribute to drain flow (Dout). 

 

Figure 12: Concept of the riparian lowland flow 
partitioning model. Inputs are precipitation (Pr), 
drainage water from agricultural fields (Din), and 
groundwater (Gin). Outputs are groundwater (Gout), 
leakage (Lout), riparian lowland drainage water (Dout), 
evapotranspiration (ETpot), and overland flow (Oout). 
Outputs are prioritized as indicated from bottom left to 
right (Gout, Lout, Dout, ETpot). Oout is only activated when 
the storage capacity (S) is exceeded. Figure adapted 
from Paper I. 

3.3.7 Water balance errors 

As stressed by e.g. Winter (1981) and Rosenberry and Hayashi (2013), determination of flow paths 

from water balance residuals is only plausible when water balance residuals are larger than the 
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combined error estimates of the known water balance components. An account of error estimates 

for all flow components is given in Paper I. Since Din was a large flow component in all transects, a 

high accuracy in the measurements of this flow component was essential. Fortunately, this flow 

path was the easiest to measure and could be measured with an error margin of <1% when using 

electromagnetic flow meters. Groundwater fluxes were associated with the largest uncertainties 

(±100%), both due to lack of precision in the measurement of hydraulic heads, but primarily 

because of the large uncertainties associated with determination of Ksat. Despite the error of raw Pr 

measurements being relatively low (±2%), larger errors are associated with the correction factors 

applied to the measured data to correct for wind effects and wetting losses (Allerup et al., 1998). 

The combined error of Pr was estimated to be ±10%. ET0 was measured at a climate station 65 km 

from the study site. While this may seem like a significant source of error, the distribution of ET0 

across Denmark was shown to be relatively uniform with 95% confidence intervals around the 

means of ±17% for daily ET0 and ±11% for annual ET0. These errors in terms of absolute values are 

listed with the calculated water balance components in Table 5 (Paper I). 

3.4 Riparian lowland nitrogen transformation 

As for the estimated water balances, the transformation of N within the riparian lowland relied on 

mass balance residuals. Mass fluxes of N were measured along flow paths entering the riparian 

lowland transects and leaving these transects into the stream. The differences between the inputs 

and outputs were regarded as the N-removal (Paper II). Since biomass was not removed from the 

riparian lowland, and only few trees and bushes were present, N-uptake was considered to be 

temporary and therefore negligible for annual N balances. Mineralization of N within the riparian 

lowland was not directly distinguished from removal and may thus counteract N-removal in the 

total N balances. 

3.4.1 Water sampling 

Water samples were collected manually from piezometers and drain outlets during 15 sampling 

campaigns between 13 September 2016 and 10 October 2017 (Paper II). Twenty-four hours prior to 

sampling all piezometers were purged (after measuring the piezometer water levels) to ensure 

sampling of fresh water. Water samples were collected from piezometers using a vacuum pump. 

The initial portion of pumped water from each piezometer was discarded and the rest of the 

samples were filtered through SEFAR NITEX 31 µm monofilaments into 250 mL acid-washed PE 

bottles. 
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Water samples from drain outlets and the stream were collected as grab samples directly into 250 

mL acid-washed PE bottles. At locations where overland flow occurred, water was sampled by 

digging a small cavity into the soil, waiting until disturbed sediment was flushed away and then 

carefully filling a 250 mL acid-washed PE bottle by inserting it into the cavity, collecting the fresh 

water running into the cavity. At a location immediately upstream of overland flow into the stream 

in T31 (31OLout) surface water from the neighbouring field converged with overland flow from 

within T31 (Fig. 18a). Samples collected from this location were thus not representative for 

overland flow within T31, and instead samples collected from 31-05surface were used. The main 

drain outlet at T31 discharging directly into the stream was submerged during the entire study 

period. To collect representative samples from drain outlets in the stream without contamination 

by stream water, permanent PE tubes were pushed 2-3 m into the drain outlets. The other end of 

the tubes was above the high water mark of the stream, and samples were collected by attaching a 

vacuum pump to this end of the PE tubes. All manually collected samples were stored in cool boxes 

in the field and at 2°C after returning to the lab. 

At the main drain outlets at T31, T33 and T34, water samples for analysis of total nitrogen (TN) 

were automatically collected every hour by ISCO 3700 Portable Samplers. They were time-

proportionally bulked into daily samples and collected from the field every three weeks. 

On 10 May 2017, concentrations of NO3- were measured in overland flow at 22 different locations 

in T33 using NO3- test strips (Hach, product # 2745425) to trace concentration gradients along this 

flow path. 

3.4.2 Redox dynamics and pH 

Sequential depletion of electron acceptors during oxidation of electron donors such as organic 

matter result in decreasing redox potentials. Redox potentials (Eh) are typically >350 mV in the 

presence of O2 (Mitsch & Gosselink, 2015a; Patrick & Delaune, 1977). As O2 is depleted, the redox 

potential drops, and at redox levels between +300 and +200 mV, NO3- acts as electron acceptor 

(Reddy & DeLaune, 2008a). After depletion of O2 and NO3-, other redox species such as Mn4+, Fe3+, 

SO42-, and CO2 will act as electron acceptors in sequential order as the redox potential drops 

further. Soil redox potentials may be very heterogeneous at small scales and installation of single 

redox probes may result in these probes being located at redox microsites, which are not 

representative of the surrounding soil (Vepraskas et al., 2016). However, the overall picture of the 

redox potential distribution may still be good indicators of electron acceptor depletions if a 

sufficient number of points are measured (Reddy & DeLaune, 2008a; Vepraskas et al., 2016). 
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In the Fensholt transects, redox probes (insulated copper wires with platinum (Pt) tips) were 

pushed into the soil at a horizontal distance of 10-20 cm from piezometers. A wire was installed at 

each piezometer intake shallower than 3 m with the Pt tip located approximately at the same depth 

as the centre of the piezometer intake (Paper II). Prior to installation, the redox probes were tested 

using a hexacyanoferrate II/III pH 7 redox buffer (Radiometer BS870). The redox potential was 

measured during manual water sampling campaigns using an Ag/AgCl reference electrode (Hach-

Lange REF321) and a portable pH-meter (Hach HQ11d). The measured potentials were converted 

to standard hydrogen electrode potentials (Eh) by addition of 245 mV (Kjaergaard et al., 2012). 
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3.4.3 Water analyses 

pH was measured in manual water samples in the field immediately after sampling using a Hach 

Lange HQ11d portable pH meter and a Radiometer Analytical pHC2051-8 electrode. Dissolved 

oxygen (DO) was measured in drain and surface water samples, also in the field using an OxyGuard 

Handy Polaris 2. 

In the laboratory, the manual samples were analysed for NH4+ and NO3- using a Technicon 

AutoAnalyzer 3 (Detection limit (DL) = 0.14 µg N/L) within 24 hr of the sampling. For total 

nitrogen (TN) analysis the water samples were initially autoclaved for 30 min at 121°C and 2 atm in 

an alkaline peroxydisulphate solution (Paper II). Norg was calculated as the difference between TN 

and the sum of NO3-N and NH4-N. The water samples were filtered through a 0.45 µm filter before 

being analysed for sulfate (SO42-; DL= 0.04 mg SO4-S/L) on a Dionex ICS-1000 Ion 

Chromatograph (Paper II). Initially, temperature was measured together with pH in the sample 

bottles, but this was too unreliable as the temperature in the sampling bottles changed too quickly. 

Later sample temperatures were measured directly in the piezometers prior to sampling. 

Deuterium (2H) and 18O were analysed on samples collected on 4 April and 8 August 2017 on a 

Picarro L2120-I isotopic water spectrometer with isotope fractions δ2H (±0.1) and δ18O (±0.5) 

given in ‰ relative to Vienna Standard Mean Ocean Water (VSMOW). Deuterium excess (d-

excess) was calculated as:  

𝑑𝑑-excess = 𝛿𝛿 𝐻𝐻 2 − 8 × 𝛿𝛿 𝑂𝑂 18   (Dansgaard, 1964) (8) 

Br- concentrations were measured by ion chromatography (Metrohm) on water samples collected 

at T31 and T34 on 26 September and 10 October 2019 (Paper I). 

Daily ISCO samples were analysed for TN (Paper II) as described for the manually collected water 

samples. 

Atmospheric dry and wet deposition of NO3-, NH3, NH4+, SO2 and SO42- calculated by the Danish 

Eulerian Hemispheric Model (Ellermann et al., 2016) were obtained for a 5.6 km grid cell covering 

the study site (Paper II). The data included monthly values from 1 September 2006 to 31 December 

2016. Since there was no data from 1 January to 31 August 2017, deposition during this period was 

estimated as the average values for each respective month in the 10-year period for which data was 

available. Riparian lowland mass balance calculations considered only NO3-N, NH4-N, and SO4-S, 

and NH3-N and SO2-S were added to the pools of NH4-N and SO4-S, respectively. 
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3.4.4 Laboratory methods for studying nitrate reduction pathways (Paper III) 

Nitrate reduction pathways were studied based on controlled laboratory incubations of wetland 

soil. A brief account of methodologies is given below, while more detailed information is provided 

in Paper III.    

3.4.4.1 Denitrification enzyme activity (DEA) 

Soil samples for measurement of DEA were collected in autumn 2017 at the locations of piezometer 

nests 31-02 and 31-03 (Fig. 11a). Soil from depths of 0 to 115-120 cm were collected in 5 cm 

segments using the Russian corer and steel cylinders. Soil pH was measured in the field, and LOI, 

ρb, and water content were analysed as described in section 3.2.2 and 3.2.3. TOC was estimated 

from LOI based on the empirical relation presented in Paper II. Short-term DEA was measured in 

all samples in triplicate based on the acetylene (C2H2) blockage technique (Smith et al., 1978). 

3.4.4.2 Net transformations of NO3- and NH4+ in intact soil incubations 

Soil samples were collected at piezometer nest 31-02 (Fig. 11a) at six depths (5-75 cm) from a 

freshly exposed soil profile for determining net transformations of in situ concentrations of NO3- 

and NH4+. At each depth, samples were collected using 5 mL syringes with cut-off tips and 

sharpened edges. Relatively undisturbed samples were collected by pushing the syringes into the 

soil while simultaneously retracting the syringe plunger. After filling the syringe with soil, the open 

end was immediately closed using a 1-cm thick butyl stopper. Two of the collected soil samples 

from each depth were immediately extracted with 1 M KCl for determination of initial 

concentrations of NO3- and NH4+ using an Autoanalyzer. The four remaining syringes for each 

depth were incubated in the dark at 20°C and destructively sampled after 3, 6, 9 and 13 days for 

analysis of NO3- and NH4+. Rates of net transformation of NO3- and NH4+ were calculated by the 

difference between the initial concentrations and those at each time of destructive sampling. 

3.4.4.3 Transformations of 15N-labelled mineral N 

Soil samples from the depth intervals 0-10, 10-20, 30-40, 50-60, 70-80, and 90-100 cm were 

collected at piezometer nest 31-02 (Fig. 11a) using the Russian corer. The samples were 

immediately transferred to zip-lock bags and briefly homogenized. In the field, soil from each 

depth was split into four subsamples of ~15 g and transferred to 0.6 L Duran bottles pre-filled with 

anoxic water. The total of 24 bottles were pre-incubated in the dark at 20°C for 48 hr. One of the 

four 0.6 L bottles from each depth was amended with 2 mL 1.5 M FeCl2 to stimulate Fe2+-

dependent NO3- transformations, and the acidity of FeCl2 was neutralized by adding 1.5 mL 2 M 

NaOH). After further pre-incubation for 24 hr, the Fe2+-amended slurries were injected with 15NO3-

, whereas the three other slurries in each series were injected with either 15NO3-, 15NH4+, or 14NO3- + 



42 

 

 

15NH4+ to final concentrations of 3 mg N L-1 of each of 15NO3- and 15NH4+ (≥98 atom % 15N).  While 

mixing the slurries using a magnetic stirrer, subsamples from each slurry were anoxically 

transferred to 6 mL Exetainer vials. The Exetainer vials were incubated in the dark at 20°C for 

duplicate destructive sampling after 0, 4, 8 and 16 hours, and again after 2, 3, 6, 7, 9, 11, 13 and 15 

days. 

Destructive sampling of Exetainer for analyses of NO3-, NH4+ and 15N was performed by replacing 

0.5 mL of the liquid phase with 0.5 mL of 20% ZnCl2 to stop microbial activity (Roland et al., 

2018). The removed liquid was transferred to 1.5 mL of 2.7 M KCl and frozen until determination of 

concentrations of NO3- and NH4+ (Autoanalyzer). Analysis of 29N2, 30N2, 45N2O, and 46N2O in the 

Exetainers was performed as described by Roland et al. (2018) using a custom-made GC-IRMS 

(Isotope-Ratio Mass Spectrometry) setup coupled to a Thermo DeltaV Plus mass spectrometer 

(Thermo, Bremen, Germany). The isotopes 29N2, 30N2, 45N2O, and 46N2O were measured on all 

samples from 0 hr and 11 days of incubation, and (for the 0-10 cm soil layer amended with either 
15NO3- or Fe2++15NO3-) also on time series samples from 4 hr, and 2, 3, 6, 7, and 9 days of 

incubation. After N2 isotope analysis, the remaining samples in the Exetainers from 15NO3- 

treatments were treated with hypo-bromide to convert NH4+ to 29N2 and 30N2 (Robertson et al., 

2016), which was likewise measured by GC-IRMS. 

In slurries treated with 15NO3-, the production of N2 from denitrification (D), the production of N2 

from anammox (A), and the production of NH4+ from dissimilatory nitrate reduction to ammonium 

(DNRA) were calculated as: 

𝐷𝐷 = 𝑁𝑁2,𝑒𝑒𝑒𝑒𝑐𝑐𝑒𝑒𝑒𝑒𝑒𝑒 
30 × 𝐹𝐹𝑁𝑁−2 (9) 

 

𝐴𝐴 = 𝐹𝐹𝑁𝑁−1 × � 𝑁𝑁2,𝑒𝑒𝑒𝑒𝑐𝑐𝑒𝑒𝑒𝑒𝑒𝑒 
29 + 2 × (1 − 𝐹𝐹𝑁𝑁−1) × 𝑁𝑁2,𝑒𝑒𝑒𝑒𝑐𝑐𝑒𝑒𝑒𝑒𝑒𝑒 

30 � (10) 
 

𝐷𝐷𝑁𝑁𝐷𝐷𝐴𝐴 = 𝑁𝑁𝐻𝐻4,𝑒𝑒𝑒𝑒𝑐𝑐𝑒𝑒𝑒𝑒𝑒𝑒
+

 
15 × 𝐹𝐹𝑁𝑁−1 (11) 

where 30N2,excess, 29N2,excess, and 15NH4+excess are the excesses of 30N2, 29N2 , and 15NH4+ relative to time 

zero gas samples, respectively, and FN is the mole fraction of 15NO3- in the total pool of NO3- (~0.98) 

(Roland et al., 2018; Thamdrup & Dalsgaard, 2002). 

In slurries treated with 15NH4+, the production of N2 from anammox (ANH4) was calculated as:  

𝐴𝐴𝑁𝑁𝑁𝑁4 = 𝑁𝑁2,𝑒𝑒𝑒𝑒𝑐𝑐𝑒𝑒𝑒𝑒𝑒𝑒 
29 × 𝐹𝐹𝐴𝐴−1 (12) 

where 29N2excess is the excess of 29N2 relative to time zero gas samples, and FA is the mole fraction of 
15NH4+ in the total pool of NH4+ (~0.98). 
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3.5 Stream measurements 

3.5.1 Stream stage and discharge 

At the catchment stream outlet (Fig. 3b), a gauging station was installed in summer 2013 by the 

iDRAIN project (Kjaergaard, 2019) (Paper I). The stream stage (h) was logged every 10 minutes 

using an OTT Orpheus Mini Water Level and a stable Q-h relation was established from two years 

of semimonthly Q measurements using an OTT C2 current meter (Ovesen & Poulsen, 2016). 

Q = 0.4046 × h2 − 2.004 ⋅ h + 2.836 (13) 
 

where Q is flow in L/s and h is stream stage in cm.  

Similar to the main drain outlets at T31, T33 and T34, water samples were automatically collected 

from the stream at the catchment outlet every hour by an ISCO 3700 Portable Sampler. These 

samples were time-proportionally bulked into daily samples and were collected from the field every 

three weeks (Paper II). 

3.5.2 Incremental stream discharge by tracer dilution 

To determine stream loss or gain and travel times along different stretches through the riparian 

lowland, discharge was measured at a number of points in the stream on 2 November 2017 using 

the tracer dilution method by pulse injection (Kilpatrick & Cobb, 1985) where 1545 g NaCl 

dissolved in 8 L water was injected as a pulse in the stream at six different locations (TI1-TI6, Fig. 

37g), while EC was logged every second at locations downstream of each respective injection point 

(TO1-TO6). At each observation point, a calibration curve had been established by dissolving 0, 5, 

15, 25, 35, 45 g NaCl in 5 L water from the stream at the observation point and measuring the 

corresponding EC. 

Discharge (Q) was estimated by converting the measured EC to NaCl concentration and calculating 

the area below the resulting breakthrough curve: 

Q =
mT

∑(CM − CB)Δ𝑡𝑡
 (14) 

where mT is the mass of injected tracer (1545 g NaCl), CM is the measured concentration in the 

stream (converted from EC using the calibration curve), and CB is the background concentration. 

Travel times were estimated as the time passed from tracer injection to the time of peak 

concentration at the observation points. 
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4 Hydrology of riparian lowlands 

The majority of studies in riparian lowlands have been conducted in sandy settings in which 

groundwater flow was the dominant source of water entering the riparian lowland (e.g. Anderson 

et al., 2014; Brüsch & Nilsson, 1993; Devito et al., 2000; Puckett et al., 2002). In clay till settings, a 

high degree of surface seep generating overland flow can be expected (Dahl et al., 2007; Faulkner 

et al., 2016; Gold et al., 2001; Hill, 1990; Vought et al., 1994; Warwick & Hill, 1988), although only 

few studies have quantified the different flow paths at field scale in clay till settings (Clausen et al., 

1993; Hill, 2018; Langhoff et al., 2006; Peterjohn & Correll, 1984; Shabaga & Hill, 2010).  

Clay till soils in Denmark are often artificially drained (Møller et al., 2018). Drain water from these 

areas surrounding riparian lowlands may either discharge directly into the stream, or the drain 

pipes may be disconnected at the border to the riparian lowland where they discharge onto the 

surface of the riparian lowland. These drain outlets convert diffuse sources of water and nutrients 

into point sources, which may greatly influence the hydraulic loading rate (HLR) and load of 

nutrients on the receiving riparian lowland, affecting the distribution of flow paths (Paper I) and 

the extent of biogeochemical transformations occurring in the riparian lowland (Paper II). Riparian 

lowlands may be recharged by groundwater, overland flow, precipitation, overbank flow from the 

stream, and/or receive water from surrounding agricultural fields via drain pipes. Outflow from the 

riparian lowland to the stream may be groundwater flow through the stream bed or banks, 

overland flow across the stream banks, or via drain pipes if the riparian lowland is drained (Fig. 14), 

or outflow from the riparian lowland may be leakage to a deeper groundwater aquifer,. In 

headwater riparian lowlands, recharge from overbank flooding is less common than along higher 

order streams (Brinson, 1993) and this source of recharge was therefore neglected in this study. 

Figure 14 shows the main flow paths through a headwater riparian lowland in a clay till landscape: 

Water entering the riparian lowland at the surface may either (a) travel directly to the stream as 

overland flow (direct overland flow), or infiltrate into the soil where it may either (b) re-exfiltrate 

and travel the remaining distance to the stream as overland flow (short return flow), (c) be caught 

by subsurface drain pipes, or (d) travel the remaining distance to the stream as groundwater. 

Likewise, water entering the riparian lowland via groundwater may either (e) be caught by drains, 

(f) exfiltrate to the surface (return flow), or (g) travel all the way to the stream as groundwater 

(Paper I).  

Some of the groundwater inputs and the infiltrating surface water may be lost to leakage, while 

some water close to the surface will be lost to evapotranspiration. In sandier settings with high 

hydraulic conductivities of the sediments below the riparian sediments, a large proportion of the 
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water fluxes may bypass the riparian zone and enter the stream directly through the stream bed 

(Böhlke & Denver, 1995; Dahl et al., 2007). 

 

Figure 14: Principal sketch of flow paths through a headwater riparian lowland in a clay till landscape. Figure adapted 
from Paper I. The different flow paths are described in section 4. 

The relative distribution of water fluxes along the different flow paths depends on a number of 

factors. The total water inputs to a riparian lowland depend on climate and the area of the 

surrounding catchment (Hill, 2000). In a riparian lowland with only a small catchment, 

precipitation is more likely to be the dominant source of water (e.g. T31, Paper I), while a large 

catchment may provide large inputs of groundwater, drain water (e.g. T32, T33, T34, Paper I) or 

overland flow. The distribution of the non-atmospheric inputs is mainly controlled by the 

hydrogeological setting, which encompasses lithology, stratigraphy, soil hydraulic properties, and 

topography (Hill, 1996; Lloyd et al., 1993).  

Riparian lowlands with a large catchment in sandy settings may have a large and steady supply of 

groundwater consisting of both regional and local flow paths, resulting in modest water table 

fluctuations within the riparian lowland. In contrast, riparian lowlands with small catchments, in 

clayey settings, or where an aquitard is present at shallow depth are recharged only by local 

groundwater flow, which may be smaller and more seasonally variable (Hill, 1996). The 

transmissivity of upland area sediments bordering the riparian lowland highly influences the 

distribution of flow paths entering the riparian lowland (Vidon & Hill, 2004b). Low hydraulic 

conductivities of upland sediments promote overland flow and are more likely to be drained, while 
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higher hydraulic conductivities and greater thicknesses of permeable sediments promote 

groundwater inputs (Vidon & Hill, 2004b). 

Groundwater flow within riparian lowlands is also controlled by topography, stratigraphy, 

hydraulic gradients, and hydraulic conductivities, which may be highly heterogeneous in peat (Hill, 

2012). Hydraulic conductivities have often been found to decrease with depth in peatlands, 

resulting in a pronounced transmissivity feedback in these soils when the water table rises (Bishop 

et al., 2011; Grabs et al., 2012; Seibert et al., 2009). Since riparian lowlands typically are located in 

flat low-lying areas, drain pipes in riparian lowlands are often located below the water table during 

large parts of the year. The outlets of these drain pipes are typically submerged in the stream, and 

the stream stage thus constricts drain flow and prevents lowering of the water table to drain height 

(Van Der Beken et al., 1972). 

Overland flow within a riparian lowland may be generated by three main processes:  

• Infiltration-excess overland flow: Rainfall intensity or surface water recharge exceeds the 

soil infiltration capacity (Horton, 1933).  

• Saturation-excess overland flow, which may occur as either 

o Direct runoff: Precipitation or other surface water inputs fall onto an already 

saturated soil on which no infiltration can take place (Acreman & Holden, 2013; 

Burt & Butcher, 1985; Haycock, 1997) 

o Return flow: Subsurface water inputs exceed the combined drainage and storage 

capacity of the soil, resulting in saturation and exfiltration (Dunne & Black, 1970; 

Kirkby & Chorley, 1967) 

Both infiltration-excess overland flow and direct runoff are included in the term direct overland 

flow represented by flow path ‘a’ in Fig. 14. Low hydraulic conductivities of the riparian lowland 

sediments or thinning of highly permeable layers may result in groundwater seeps generating 

return flow, while large hydraulic conductivities and thicknesses of riparian sediments promote 

groundwater flow (Vidon & Hill, 2004b). Infiltration and drainage capacities are determined by the 

hydraulic conductivities of the riparian lowland sediments as well as riparian lowland slope (Fox et 

al., 1997) and soil water storage capacity (here represented by the soil specific yield, Sy). Inputs of 

surface water exceeding the infiltration capacity result in infiltration excess overland flow and 

inputs exceeding the drainage capacity of the riparian lowland soils result in direct runoff. These 

flow paths may become highly relevant when small riparian lowland surface areas are recharged by 

drainage discharge from large surrounding catchments (Paper I). The term return flow 

encompasses both flow path b and f as shown in Fig. 14. Since the relative subsurface flow 
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distances may vary greatly between these two flow paths, they are in the following partitioned into 

short return flow (flow path ‘b’) and return flow (flow path ‘f’) (Paper I). 

4.1 Identification of flow pathways 

Groundwater flow paths may be identified from hydraulic conductivities (Ksat) and hydraulic heads 

(Paper I). Ksat was heterogeneously distributed in the Fensholt transects but was generally highest 

towards the surface − in the peat towards the stream and in the deep sand layers (Fig. 15). The peat 

was generally the main groundwater conduit. While sand layers showed relatively high Ksat values, 

the layers decreased in thickness and disappeared towards the stream in T31-T33 and were 

confined by the gyttja in T34 and could thus not contribute substantially to Gout. Hydraulic 

gradients followed topography and angled towards the stream at all measurement times. The 

relative distribution of hydraulic head was stable throughout the measurement period, and the 

example showed in Fig. 16 is representative of the general groundwater flow pattern.  

a b 

c d 

 
Figure 15: Hydraulic conductivities (Ksat) along the four transects T31-T34. 
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Hydraulic heads (Fig. 16) were generally above terrain in the central part of T31 and in the lower 

parts of T33 and T34, and thus indicated exfiltration in these areas (exfiltration areas marked in 

Fig. 11a,c,d) (Paper I). Hydraulic heads indicated infiltration in the remaining areas of the transects 

and in the entire area of T32.  

 
Figure 16: Hydraulic head (contour lines) in meters above sea level (m.a.s.l.) and flow direction (arrows), as 
indicated by hydraulic gradients, for the four transects on 6-7 March 2017. The profiles for T32-T34 are straight 
lines from the hillslope towards the stream, while the profile for T31 is composed of two segments, one north-south 
and one east-west, following the main flow paths (Fig. 11a). Figure adapted from Paper I. 
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Figure 17: Thermal image captured during night on March 8th, 2017 of the area around T33 (adapted from Prinds et 
al., 2019). Black circles mark locations where NO3-N concentrations were measured directly in the field using Nitrate 
Test strips (Hach, Prod. # 2745425). 

Overland flow in all transects was observed during field work in the most upslope parts of the 

transects originating from the main drain outlets (Paper I). In T32, overland flow was restricted to 

a distinct channel, while flow dispersed over wide areas in T31, T33, and T34. The extent of this 

dispersed sheet flow, and whether surface water was stagnant or slowly moving, was not possible to 

determine from visual inspection. However, thermal images captured during nighttime in March 

2016 and 2017 presented by Prinds et al. (2019) enabled determination of the approximate extent 

of overland flow on these days (example of T33 in Fig. 17). Drain water or groundwater entering the 

riparian lowland transects was warmer than the soil surface, and thus a clear signature was seen 

where overland flow occurred.  

The extent of overland flow as indicated by thermal signatures shown by Prinds was assumed to be 

representative of the general extent of overland flow and is delineated in Fig. 18. 
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Figure 18: The extent of overland flow from the drain outlets in the hillslope towards the stream in transects T31-
T34 as determined by thermal images captured during nighttime on 8 March 2017 by Prinds et al. (2019). Sampling 
points named “in” marks drain outlets discharging onto the surface of the riparian lowland. Sampling points named 
“out” are riparian lowland drain outlets submerged in the stream, while sampling points named “OLout” mark 
sampling locations for overland flow. Figure adapted from Paper II. 

 

4.2 Quantification of water fluxes entering and leaving the riparian lowland 

transects 

Precipitation was the main contributor to HLR in T31, while drain discharge dominated in the 

remaining transects (Table 5, Fig. 19 and 20) (Paper I). Overland flow (Oout) was the main flow path 

leaving the riparian lowland in all transects and was highly correlated with incoming drain 



51 

 

 

discharge (Din) in T32-T34 (r=0.83-0.97). Oout in T31 did not correlate well with either Pr or Din 

(r=0.32-0-36). However, if limiting the correlation analysis to the winter months (November-

January), correlation of Oout with Pr was high (r=0.98). Groundwater flow into the transects (Gin) 

was low in all transects. Groundwater outflow from the transects was low in T31 and T33, while 

representing significant flow paths in T32 and T34. The gyttja layers were aquitards and the main 

groundwater conduits were the peat layers due to relatively high hydraulic conductivities (Fig. 15).  

 

Figure 19: Flow components in the transect hillslopes of T31-T34 including (a-d) measured (blue) and simulated (grey) 
drain discharge (Din), (e-h) calculated groundwater inflow to each transect area (Gin), (i-l) calculated groundwater 
outflow from each transect area (Gout), (m-p) modelled overland outflow from each transect area (Oout), (q) estimated 
drain outflow from T31 (Dout), (r) measured precipitation (Pr), and (s) evapotranspiration (ET). All fluxes are 
normalized to their respective transect areas. Figure adapted from Paper I. 

Drainage of the agricultural fields surrounding the riparian lowland resulted in artificially large 

catchments contributing to drain discharge entering the riparian lowland in some of the 

investigated transects. This resulted in large HLRs, particularly in T32 (Table 5). 

The presence of riparian lowland drains in T31 increased the drainage capacity of the riparian 

lowland soils and thereby reduced overland flow. In contrast to the usual impact of artificial 

drainage resulting in short residence times (Bednorz et al., 2016), in a riparian lowland they may 

actually increase interaction with the riparian lowland sediments (Paper II). 
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The complex hydrological setting of the Fensholt study site resulted in several different flow paths 

being active simultaneously. The relative magnitudes of these flow paths were temporally variable 

and heterogeneously distributed within the small headwater riparian lowland as demonstrated by 

the variation between transects (Paper I). Groundwater fluxes were negligible in subareas of the 

riparian lowland (T31, T33), agreeing with assumptions made in previous studies (Hoffmann et al., 

2012), while they represented substantial flow paths in other subareas (T32, T34) of the same 

riparian lowland. 

Table 5: Water balances for the period 1  September 2016 to 31 August 2017 of transects 31-34 normalized to transect 
areas (all in mm/yr). ± indicates error ranges, and percentages indicate proportions compared to Sumin or Sumout. 
Table adapted from Paper I. 

 Flow component T31 T32 T33 T34 

  mm/yr 

In
pu

ts
 

Pr (precipitation) 
865 ± 87 

(63%) 

865 ±87 

(6%) 

865 ± 87 

(18%) 

865 ± 87 

(16%) 

Din (drain in) 
471 ± 2 

(35%) 

12114 ± 1700 

(86%) 

3757 ± 56 

(79%) 

4003 ± 26 

(76%) 

Gin (groundwater in) 
29 ± 29 

(2%) 

1096 ± 1096 

(8%) 

116 ± 116 

(2%) 

393 ± 393 

(7%) 

Sumin (hydraulic loading rate, HLR) 1365 ± 118* 14075 ± 2883* 4738 ± 259* 5261 ± 506* 

      

O
ut

pu
ts

 

ET (evapotranspiration) 
612 ± 73 

(45%) 

662 ± 73 

(5%) 

662 ± 73 

(14%) 

662 ± 73 

(12%) 

Dout (drain out) 
230 

(17%) 
- - - 

Gout (groundwater out) 
37 ± 37 

(3%) 

3587 ± 3587 

(25%) 

419 ± 419 

(9%) 

979 ± 979 

(18%) 

Oout (overland flow out) 
432 

(31%) 

9873 

(70%) 

3655 

(77%) 

3580 

(67%) 

Lout (leakage to deep groundwater) 
13 ± 13 

(1%) 

13 ± 13 

(0%) 

15 ± 15 

(0%) 

35 ± 35 

(1%) 

ΔS (change in storage) 
51 

(4%) 

12 

(0%) 

22 

(0%) 

57 

(1%) 

Sumout 1375 ± 123* 14146 ± 3673* 4773 ± 507* 5313 ± 1087* 

* marks the sum of available error estimates and the total error may therefore be higher.  
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Despite errors for especially groundwater fluxes, and a drainage input in T32 that is very high, the 

resulting values of modelled overland flow were larger than the sum of errors in all transects, 

supporting the validity of these results (Paper I). However, the sum of outflow via riparian lowland 

drains in T31 was equal to the sum of errors, indicating that the resulting flow path distribution in 

this transect was relatively uncertain (Winter, 1981). 

a

 

b

 
c

 

d

 
Figure 20: Relative distribution of flow paths entering (red) and leaving (blue) the four lowland transects (T31-
T34) during the period 1 September 2016 to 31 August 2017. P = precipitation, ET = evapotranspiration, Gin = 
groundwater in, Gout = groundwater out, Din = drain water in, Dout = drain water out, Oout = overland flow out. 
Figure adapted from Paper II. 

 

4.3 Riparian lowland internal flow paths 

While the water balance approach was able to resolve the relative distribution of inputs and 

outputs to the Fensholt riparian lowland, it was not able to fully explain the flow paths, intersection 

of flow paths and water mixing within the riparian lowland (Paper I). The hydraulic heads 

measured in the upper piezometers indicated whether infiltration of surface water occurred 

(hydraulic head below terrain elevation) or whether groundwater would exfiltrate to the surface 

(hydraulic head above terrain elevation) (Fig. 11). It did not, however, reveal the magnitudes of 

infiltration and exfiltration, nor the sources of water. 

As part of a parallel study (Varvaris et al., in preperation) a Bromide (Br-) tracer was applied to the 

agricultural drain catchments of T31 and T34 on 23 August 2017 and on 1 September 2017, 

respectively. The applied Br- was captured by the drain networks and Br- pulses were observed in 

the drain outlets discharging onto the lowland surface, 31in1 and 34in.  
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Figure 21: Concentrations of bromide (Br-) measured in piezometers (coloured squares), drains, and surface waters 
(coloured circles) on 26 September 2017 and 10 October 2017 for (a-b) T31, and (d-c) T34. The profile for T34 is a 
straight line from the hillslope towards the stream, while the profile for T31 is composed of two segments − one 
north-south and one east-west, following the main flow paths (Fig. 11a). Figure adapted from Paper I. 

By analysing Br- in the riparian lowland piezometers and selected surface water locations on 26 

September and 10 October 2017, the flow path of the incoming drain water was investigated (Fig. 

21). The tracer experiment was conducted at a time with relatively small water inputs in T31. Thus, 

a major part of the incoming water was able to infiltrate into the soil and travel to the stream via 

subsurface drains (Fig. 14, flow path ‘c’). The low amount of Br- in overland flow at the time of 

sampling supported model results, indicating a limited amount of overland flow at this time. Thus, 

the Br- tracer confirmed the importance of the riparian lowland drains, while Br- sampling at 

higher flow scenarios would be required to track Br- along flow paths a, b or f (Fig. 14). In T34, Br- 

was mainly recovered in the upper soil layers in the upper half of the transect. Thus, drain water 

was infiltrating in the upper half of the transect, while it exfiltrated before reaching the lower half 

(short return flow, Fig. 14, flow path ‘b’), or had simply not yet travelled all the way to the lower 

half of the transect at the time of sampling. While the hydraulic gradients indicated the occurrence 

of short return flow (Fig. 14, flow path ‘b’), the relative proportions of direct overland flow (flow 

path a, Fig. 14) and short return flow could not be determined (Paper I). 

Temporal changes in stable water isotopes (i.e., δ2H, δ18O and d-excess) may show where a 

replacement of water has taken place. It is thus able to confirm whether layers are hydraulically 

active or if evaporation occurs. However, a lack of difference in the composition of stable water 
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isotopes does not disprove that a layer is hydraulically inactive  water sampled at different times 

may have similar isotope compositions despite originating from different precipitation events or 

drain discharges. These similar isotope compositions may be due to mixing or due to different 

events having similar signatures (Tian et al., 2018).   

While values of δ2H and δ18O may be different between different precipitation events and vary 

seasonally (Müller et al., 2017), the ratio between δ2H and δ18O is somewhat constant, lying on a 

straight line (δ2H = 8 δ18O + 10), known as the Global Meteoric Water Line (GMWL) (Craig, 1961). 

This relationship is a result of condensation in rain clouds occurring largely under equilibrium 

conditions (Marshall et al., 2008; Tian et al., 2018). However, evaporation occurring after the 

formation of rain drops will result in an excess of δ2H relative to δ18O in the evaporated water 

(Bershaw, 2018), resulting in a deviation from GMWL expressed by d-excess (Eq. (8)). Thus, low 

values of d-excess in surface water may indicate that the water body has lost water to evaporation. 

Fractionation of stable water isotopes due to transpiration is slight compared to that of 

evapotranspiration (Gat & Matsui, 1991; Moreira et al., 1997) and thus significant changes of d-

excess would mainly occur due to evaporation. 

The difference in δ2H (Fig. 22a and e) and d-excess (Fig. 23a and e) in the upper (~1 m) peat in T31 

between sampling in April and August 2017 showed a clear replacement of water at shallow depth, 

thus confirming that this layer was hydraulically active. At both sampling times, d-excess was 

10±2‰, indicating that the change in δ2H between measurement times was not due to evaporation 

(Müller et al., 2017) but was likely due to physical replacement of water. Furthermore, low values of 

d-excess (4-6‰) in stream water in August (Fig. 23e, g and h) showed that this water had been 

subject to evaporation. 

In T32 water, δ2H (Fig. 22b and f) and d-excess (Fig. 23b and f) were similar in the incoming water 

from the hillslope drain outlet (32in) and water leaving the transect as overland flow (32OLout), 

confirming that direct overland flow dominated. δ2H and d-excess in 32in and 32OLout differed 

slightly more in August, reflecting the smaller water fluxes and larger evapotranspiration during 

summer (Figure 19n and s). In T32 a clear replacement of water was seen at deeper depths in 

piezometer 32-04-3 (Fig. 23 b and f), consistent with the large groundwater fluxes calculated for 

this layer (Fig. 19j and Table 5). 

In T33 the differences between δ2H in April and August (Fig. 22c and g) showed a replacement of 

water in the upper 1-1.5 m along the entire transect. Only at piezometer nests 33-06 and 33-07 may 

this difference be due to evaporation, as seen from the low values of d-excess (5-6‰) at these 
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locations (Fig. 23 c and g). When plotting measurements of the relationship δ2H vs. δ18O for water 

from deep piezometers (5-10 m) in this transect, the points will fall on a horizontal line, which is 

characteristic for old groundwater (Søren Jessen, personal communication, 25 September 2019). 

Results from point measurements of NO3- in surface water in T33 (Fig. 17) indicated either a quick 

depletion of NO3- downstream of 33-05 or that a substantial exfiltration occurred downstream of 

this point, diluting NO3- in surface water. 

An increase in δ2H from April to August in T34 showed that both the sand layer in the hillslope and 

the upper peat (~1.5 m) were hydraulically active (Fig. 22d and h). However, d-excess was low in 

the shallow peat at piezometer nest 34-04 in August, indicating that change in δ2H may be due to 

evaporation (Fig. 23 d and h).  

Flow paths in and out of the investigated transects were quantified and showed a large variation in 

both magnitudes and relative importance between the investigated areas. However, overland flow 

was the main flow path to the stream in all areas. The overland flow path prior to entering the 

stream was not quantified and only qualitative descriptions of the riparian lowland internal flow 

paths were given. These internal flow paths are expected to be highly influential in N-

transformation processes as they determine the amount of contact with the riparian lowland 

sediments. Thus, it is of great importance whether overland flow entering the stream has travelled 

as direct overland flow (flow path ‘a’ in Fig. 14) or was generated by exfiltration from the lowland 

soils (flow path ‘b’ or ‘f’ in Fig. 14).  
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Figure 22: δ2H in water samples collected in 2017 from transects T31-T34 on 4 April (a and b), 5 April (c and 
d), 8 August (e and f), and 9 August (g and h). 
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Figure 23: Deuterium excess (d-excess) in water samples collected in 2017 from transects T31-T34 on 4 April (a 
and b), 5 April (c and d), 8 August (e and f), and 9 August (g and h). 
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4.4 Key findings 
• The dynamic water balance model developed in this study may be an efficient operational 

tool for determining overland flow in settings where overland flow is dispersed as sheet flow 

and co-occurs with other flow paths through riparian lowlands. 

• Overland flow was highly dynamic and correlated with the hydraulic loading rate (HLR) 

from upland drain discharge. 

• The investigated transects were subject to highly variable HLRs, mainly from drain outlets 

concentrating the discharge from large drain catchments onto small sections of riparian 

lowland. This, combined with different hydraulic properties of the riparian lowland areas 

(Ksat, hydraulic gradient, peat thickness, topographical gradient, width of riparian lowland), 

resulted in different flow path distributions in different subareas of the investigated 

riparian lowland. 

• While overland flow was the dominating flow path in all the investigated areas, also 

groundwater flow and subsurface tile drain discharge contributed substantially to water 

fluxes in some areas. Thus, the flow path distribution was highly heterogeneous, even 

within the small (26 ha) investigated riparian lowland. 

• Groundwater flow was generally limited to the upper 1-1.5 m in the peat layers. 

• The presence of tile drains within the riparian lowland reduced overland flow and ensured 

interaction of water with the riparian lowland sediment. 
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5 Nitrogen dynamics in riparian lowlands 

Peatlands are significant storages of C and N, and northern peatlands store approximately 1/3 of 

the world’s C and N pool despite covering less than 2% of the world’s land surface (Pastor et al., 

2002). Many fen soils have been drained and used for agricultural purposes during the past 50 

years (Zeitz & Velty, 2002). Degradation of fen soil due to mineralization and alteration of soil 

structure is common, and more than 60% of European fens no longer accumulate peat (Zeitz & 

Velty, 2002); this is especially noticeable in the younger moraine landscapes high in calcium 

carbonate in northern Europe (Zeitz & Velty, 2002). Increased mineralization of fen soils may thus 

result in increased release of Norg and NH4+ to recipients (Vasilas et al., 2013). 

Nitrogen may enter riparian lowlands via atmospheric inputs, N2 fixation by prokaryotes (free-

living or in symbiosis with plants) (Rejmánková et al., 2018), or by surface or groundwater inputs 

in the form of NO3-, NH4+, or Norg. Norg may either be dissolved (DON) or in particulate form (PON) 

(Fig. 24) (Reddy & DeLaune, 2008b). These forms of N may be transported along the different flow 

paths of riparian lowlands, bringing them into contact with different environments in which 

processes may transform N between these pools, transform N to gaseous forms, or N may be taken 

up by plants. A short overview of the transformations that may occur is presented below and in Fig. 

24. This figure shows the N cycle for an inundated wetland presenting the processes occurring in 

the anaerobic soil and in the aerobic surface water. However, in headwater riparian lowlands, as 

investigated in this study, the degree of inundation and soil saturation may vary in both space and 

time, and hence whether aerobic or anaerobic processes predominate may also shift in space and 

time (McClain et al., 2003; Vidon et al., 2010).  

Norg may be transformed to NH4+ by mineralization or ammonification during degradation of 

organic matter (Strock, 2008). This process may occur under both aerobic and anaerobic 

conditions but is faster during aerobic conditions (see section 5.2). The opposite pathway 

−immobilization − is the assimilation of NH4+ (or NO3-) into biomass (Bowden, 1987). Microbial 

immobilization is dependent on the C:N ratio of the decomposing organic material (see section 

5.1). 
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Figure 24: The nitrogen cycle of wetlands. PON and DON denote particulate and dissolved organic nitrogen, 
respectively. Reprinted from “Biogeochemistry of Nitrogen Across the Everglades Landscape” by P.W. Inglett et al., 
2011, Environmental Science and Technology, 41, 191. Copyright 2011 by Taylor & Francis. Reprinted with permission. 

Chemically, some NH4+ may be lost as gaseous ammonia (NH3) via the pH-dependent equilibrium 

between NH4+ and NH3 (pKa = 9.2) (Zhang et al., 2016). Ammonia volatilization has generally 

been found to be insignificant at pH<7.5, while increasing significantly at higher pH levels (Reddy 

& DeLaune, 2008b). Biologically, NH4+ may be transformed (oxidized) to NO3- under aerobic 

conditions via microbial nitrification (Ward, 2008). Under anaerobic conditions NH4+ may also be 

converted directly into N2 via anaerobic oxidation of ammonium (anammox), which is a process 

mediated by anammox bacteria catalyzing the reaction between ammonia and nitrite (NO2-) (Hou 

et al., 2015). 

NO3- may be transformed by denitrification (Knowles, 1982), in which it is stepwise reduced to NO, 

N2O, and ultimately N2, or it may be transformed to NH4+ via dissimilatory nitrate reduction to 

ammonium (DNRA) (Tiedje, 1988). The dominant removal processes of NO3- are addressed in 

further detail in section 5.3 

5.1 C:N ratios 

Under aerobic conditions and when the C:N ratio is <25, ammonification is typically larger than N 

immobilization, resulting in a release of NH4+. Conversely, when C:N>25, immobilization is larger 

than ammonification, resulting in assimilatory depletion of N from the ecosystem. Under anaerobic 

conditions the same principle applies, but the C:N threshold is instead 100 due to different 

nitrogen and carbon use efficiencies for aerobes and anaerobes (Reddy & DeLaune, 2008b). 

Assuming a redox potential of +350 mV to be the threshold between aerobic and anaerobic 
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conditions (Delaune et al., 1990; Patrick & Delaune, 1977; Pezeshki & DeLaune, 2012), 20% of the 

Fensholt soil samples for which both redox measurements and C:N ratios were available, were 

identified as experiencing aerobic conditions during parts (7-70%) of the redox measurement 

period. These soil samples were mainly collected from boreholes closest to the hillslope and all had 

C:N ratios <25. Since C:N ratios in all remaining soil samples were <100 (section 3.2.3.1, p. 23), 

this indicates that ammonification was larger than immobilization in all soils samples at all times 

and that organic material no longer accumulated at the investigated depths, while release of NH4+ 

was likely to occur. 

C:N ratios have further been shown to affect NO3- removal rates, the dominant pathway of NO3- 

removal, and the magnitude of nitrous oxide (N2O) production. Denitrification enzyme activities 

have been shown to correlate positively with C:N ratios (Marton et al., 2015), while Burgin and 

Hamilton (2007) hypothesized that high C:N ratios combined with high availability of labile 

organic C may favour DNRA over respiratory denitrification. N2O production in organic soils has 

been shown to be small when C:N>25 and to increase rapidly when C:N<15 (Hunt et al., 2007; 

Klemedtsson et al., 2005). Since only few soil samples from the Fensholt riparian lowland had C:N 

ratios >25, and the average C:N ratio of all soil samples was 16.6, this indicates a potential risk of 

high N2O emissions. While N2O production was not the focus of this study, there are some 

indicative data from the incubation study of soil slurries (Paper III) showing that Fe2+-mediated 

denitrification could produce high levels of N2O (section 5.3.4, p. 67).  

5.2 Redox potentials 

Variations in redox potentials, represented as the standard deviation during 15 measurement 

campaigns in the Fensholt study site, were high near the hillslope where drain water enters the 

transects (Fig. 13i-l). Average redox potentials during summer months (Fig. 13e-h), however, were 

only slightly higher than average values during winter (Fig. 13a-d), indicating that changes in redox 

potentials only to a small degree were controlled by general seasonal variations in the water table 

and drain water inputs, but rather responded quickly to event changes (Niedermeier & Robinson, 

2007).  

Redox potentials have been shown to respond dramatically to water table changes, especially in 

organic soils (Husson, 2013; Kashem & Singh, 2001; Rezanezhad et al., 2014). Balakhnina et al. 

(2010) reported a drop in redox potential from +543 mV to +70 mV within a few hours after 

flooding of a loess soil; upon drainage of the soil, redox potentials returned to initial values within a 
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few days. Thus, to properly capture the dynamics of redox potentials, measurements should be 

conducted at a high frequency, preferably automatically (Vorenhout et al., 2004). 

Reddy and Patrick (1975, 1976) found that an increasing frequency of alternation between aerobic 

and anaerobic conditions resulted in increased rates of soil decomposition, loss of native soil N, 

and removal of added labelled NH4-N. NH4+ was nitrified during aerobic periods, and the resulting 

NO2- or NO3- was denitrified during anaerobic periods. With increasing frequency an increasing 

fraction of recovered labelled N was in organic form due to immobilization (Reddy & Patrick, 1975).  

Redox potentials have furthermore been shown to impact emissions of methane (CH4) and N2O 

(Husson, 2013). Wang et al. (1993) reported that CH4 production had started below a critical redox 

potential of -150 to -160 mV at pH 6.8-7.0. Redox potentials at 77% of the redox probes installed in 

the Fensholt study site reached values below -150 mV during an average of three months per year. 

Considering that redox probes were only installed in the upper 3 m and that redox potentials are 

likely to be even lower in the gyttja below, there is a considerable potential for CH4 production in 

the Fensholt riparian lowland. However, emission of CH4 has been shown to mainly occur if the 

site of CH4 production is overlain by <25 cm of unsaturated soil, which was the case for 32% of the 

redox probes during an average of three months per year. 

Many redox-sensitive processes are also sensitive to pH, and redox potential and pH are often 

interdependent (Vepraskas et al., 2016). However, the pH in the Fensholt soils was rather uniform 

in all samples at levels close to neutral (Table 3). 

5.3 Nitrate removal processes in riparian lowlands 

Removal of NO3- in the riparian zone by heterotrophic respiratory denitrification (Burgin & 

Hamilton, 2007; Kartal et al., 2007) may be complemented by other pathways of NO3- 

transformation. An increasing number of studies have emphasized the importance of N-

transformation pathways such as anammox (Gao et al., 2018; Hou et al., 2015; Pei et al., 2011; 

Wang et al., 2012b), DNRA, or denitrification with electron donors such as reduced sulphur or iron 

species. Indeed, a number of N transformations in the riparian zone occur as complex interactions 

in the biogeochemical cycles of N, C, S and Fe (Fig. 25) (Brunet & Garcia-Gil, 1996; Ding et al., 

2017; Robertson et al., 2016; Tiedje, 1988; Yan et al., 2018). For the construction of mechanistic N 

models to predict reliable N budgets, it may thus not be sufficient to model N-losses by 

denitrification. Rather, a knowledge of the factors controlling the distribution of different N-

transforming processes is critical for construction of such mechanistic N models to predict reliable 

N budgets. 
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Figure 25: Nitrate removal pathways. Reprinted from “Have we overemphasized the role of denitrification in aquatic 
ecosystems? A review of nitrate removal pathways” by A.J. Burgin et al., 2007, Frontiers in Ecology and the 
Environment, 5, 91. Copyright 2007 by John Wiley and Sons. Reprinted with permission. 

5.3.1 Denitrification 

During denitrification N is transformed by the stepwise reduction of NO3- or NO2- to the gaseous 

forms NO, N2O and N2. This process is mainly carried out by facultative anaerobic bacteria, and 

thus O2 must be depleted for denitrification to occur (Burgin et al., 2010). The energy yield from 

denitrification is close to that of aerobic metabolism, and it is the most energetically favourable 

form of anaerobic metabolism (Groffman et al., 1999).  The majority of denitrifying bacteria are 

heterotrophs using organic carbon as electron donors (Groffman et al., 1999). Denitrification and 

anammox (section 5.3.3) are the only N transforming processes, which may completely remove N 

from an ecosystem as N2 and thereby close the cycle of fixed atmospheric N2. While this is highly 

desirable for mitigation of eutrophication, the denitrification process may not necessarily result in 

a full reduction of N to N2, but may release the intermediate N2O (Burgin & Groffman, 2012; 

Groffman et al., 1998; Petersen et al., 2012; Saggar et al., 2013; Wang et al., 2018), which is a 

potent greenhouse gas and an ozone-depleting gas. 

Denitrification has in several studies been coupled to the oxidation of pyrite by 

chemolithoautotrophic microbes in pyrite-bearing aquifers (Jessen et al., 2017; Kölle et al., 1983; 

Pauwels et al., 2000; Postma et al., 1991; Tesoriero et al., 2000; Torrentó et al., 2010; Yan et al., 

2018). A recent study by Yan et al. (2018) found that NO3- as the oxidizing agent was not able to 

oxidize crystalline pyrite, while NO3- was able to oxidize elementary S or synthesized pyrite of low 

crystallinity. They therefore concluded that the microbial reduction of NO3- was likely to be coupled 

to the oxidation of S rather than oxidation of Fe. However, other studies have clearly documented 
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Fe(II)-mediated denitrification and even demonstrated the occurrence of autotrophic bacteria with 

this energy metabolism (Laufer et al., 2016).  

In order to document the potential denitrification activity in soil ecosystems, the assay of 

denitrification enzyme activity (DEA) is often applied (Hill, 2019), which measures the maximum 

activity of the enzyme biomass in the soil at the time of sampling (Groffman et al., 1999). While the 

method can show the relative distribution of respiratory denitrification in soil profiles, it is not 

suited for estimating actual respiratory denitrification rates nor for estimating other N-

transforming processes.  

A plume of NO3- was detected in the Fensholt transect T31 during winter (Fig. 32a) (Paper II). The 

highest concentrations were found in piezometer screen 31-02-3 at a depth of approximately 0.45-1 

m, while all NO3- was depleted within a short distance (~20 m) downslope of this location at 

piezometer nest 31-03. DEA (Fig. 26) was high in the top 25 cm at both 31-02 and 31-03, while only 

little respiratory denitrification occurred at 0.45-1 m depth where NO3- seemingly disappeared 

(Paper III). Adding labile C stimulated DEA in the top 25 cm, more pronounced in 31-02 than in 

31-03 where natural TOC was higher, but did not stimulate DEA at the 0.45-1 m depth. Other 

processes of N removal at this depth must thus be considered, such as DNRA and anammox.  
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Figure 26: Lithology (Lit), dry bulk density (BD), volumetric water content (WC), total organic carbon (TOC), pH and 
denitrification enzyme activity (DEA) at 20°C in 5 cm intervals within the top 1.2 m of the Fensholt locations a) 31-02, 
and b) 31-03. Error bars indicate standard errors from triplicate measurements (analytical replicates). Figure adapted 
from Paper III. 

5.3.2 Dissimilatory nitrate reduction to ammonium (DNRA) 

The transformation of NO3- to NH4+ via DNRA as opposed to transformation of NO3- to N2 via 

denitrification may have a large impact on the eutrophication state of an ecosystem. Whereas 

denitrification removes N permanently from the system, the product of DNRA (NH4+) remains in 

the system and is readily assimilated by biota (Megonigal et al., 2003). Indeed, denitrification and 

DNRA can be viewed as two competing pathways of NO3- reduction that remove or recycle 

nitrogen, respectively (Rahman et al., 2019). 
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DNRA is generally associated with fermentation of organic material, as presented by Tiedje (1988). 

However, later works have shown that DNRA may also be coupled with the oxidation of S (Brettar 

& Rheinheimer, 1991; Brunet & Garcia-Gil, 1996) or Fe (Robertson et al., 2016), or may occur 

abiotically by the oxidation of green rusts (Hansen et al., 1994). Fermentative DNRA may occur 

concurrently with denitrification and thus compete with denitrification for organic C and NO3- 

(Megonigal et al., 2003). Due to the transfer of eight electrons (from NO3-N to NH4-N) during 

DNRA versus the transfer of five electrons from N during denitrification (from NO3-N to N2-N), 

DNRA is thought to be favoured in environments abundant in labile C and limited in NO3- (Bonin, 

1996; Nijburg et al., 1997; Putz et al., 2018; Tiedje et al., 1983; Yin et al., 2002). Conversely, 

denitrification is expected to be favoured when NO3- is abundant and labile C is limited (Kelso et 

al., 1997; Silver et al., 2001; van den Berg et al., 2016).  

5.3.3 Anaerobic ammonium oxidation (anammox) 

Anammox is a chemolithoautotrophic process combining oxidation of NH4+ and reduction of NO2-, 

thereby producing N2. Only recently has anammox been shown to occur in deep freshwater lakes 

(Schubert et al., 2006), and this process has since been reported in an increasing number of 

freshwater environments, including constructed wetlands (Erler et al., 2008; Jones et al., 2017; 

Paredes et al., 2007; Pei et al., 2011; Shipin et al., 2005), riparian estuary sediments (Wang et al., 

2012b), shallow lakes (Yoshinaga et al., 2011), and riparian zones (Ding et al., 2017; Zhu et al., 

2013). Yet, the quantitative importance of the process in these ecosystems is poorly known. 

Anoxic oxidation of NH4+ may also be coupled to the reduction of Fe(III), a process known as 

Feammox (Clément et al., 2005; Sawayama, 2006), and may occur abiotically (Yang et al., 2012). 

High availability of poorly crystalline iron compounds may favour Feammox; for example, 

Feammox using ferrihydrite (Fe(OH)3) resulting in N2 as the final product remains energetically 

favourable over a wide range of pH, while Feammox to NO2- or NO3- is only energetically 

favourable at pH<6.5 (Yang et al., 2012). Based on the geochemical observations in Paper II, the 

elevated concentrations of Feox (poorly crystalline Fe) at the centre of the NO3- plume in T31 

suggested that N-transformation could be coupled to the redox reactions involving Fe (Oshiki et al., 

2013; Robertson et al., 2016; Schaedler et al., 2018; Yang et al., 2012).  

5.3.4 Discriminating between denitrification, DNRA and anammox 

Depletion studies in which concentrations of NH4+ and NO3- are monitored over time may indicate 

net N-transformations between different N-pools. However, due to the complex interaction of 

multiple N-transformation pathways, i.e. that both denitrification, DNRA, and anammox may 
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occur simultaneously (Robertson et al., 2019; Song et al., 2016), such methods are not able to 

distinguish the relative importance of each of these processes. 

 
Figure 27: Concentrations of NO3-N (red) and NH4-N (blue), and loss of total mineral N (NO3-N+NH4-N, dashed) at six 
different depths at the Fensholt location 31-02 measured by destructive sampling of intact soil samples incubated at 
20°C. 

Incubation of intact soil samples from the Fensholt location 31-02 showed that in situ 

concentrations of NO3- were depleted within a few days (Paper III). NH4+ was produced within the 

first 3-6 days, whereafter it was depleted. Stoichiometrically, the produced NH4+ was in general 

agreement with the depleted NO3-, indicating the occurrence DNRA. However, some of the 

resulting NH4+ may also have arisen from mineralization of organic N compounds. The subsequent 

depletion of NH4+ may have been due to processes like anammox and Feammox (Paper III), but net 

transformations of NO3- and NH4+ did not allow for differentiation between these processes. 

To discriminate between the relative importance of respiratory denitrification, anammox, and 

DNRA an isotope pairing technique using 15N-labelled NO3- and NH4+ (Thamdrup & Dalsgaard, 

2002) was applied to anaerobic soil slurries from 31-02. While estimation of actual N-

transformation rates would require in situ experiments or intact core experiments of short 

duration, the isotope pairing technique applied to soil slurries may reveal potential process rates 

and the relative distribution of N-transforming processes (Robertson et al., 2019). By amending 

soil slurries with either 15NO3-, 15NH4+, or 14NO3- + 15NH4+ and measuring the production of 29N2, 
30N2, 29N2O, 30N2O, 29NH4+, and 30NH4+ the relative contribution of each process was determined 

(Paper III). Furthermore, the geochemical observation of high Feox levels near the depth of NO3- 

depletion (0.45-1 m) in 31-02 (Fig. 10a) motivated the examination of the role of Fe2+ in 
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denitrification, and thus an amendment with Fe2+ + 15NO3- was included in the isotope-pairing 

experiment. 

The pattern of DEA, which was only high in the top 25 cm (Fig. 26), differed from the depletion of 

NO3-, which was observed at all depths from (syringe) incubations of intact soil samples (Fig. 27), 

thus suggesting a quantitative importance of DNRA and anammox. However, net removal rates of 

NO3- in the isotope-pairing experiment yielded high NO3- removal rates at all depths, except 90-

100 cm (Fig. 28). 

Isotope results for N2, N2O, and NH4+ indicated that denitrification was the main process for 

transformation of NO3- (78-94%) at all depths, while the contributions of anammox (0-8%) and 

DNRA (2-5%) were small (Fig. 29a). Two-three percent of the depleted NO3- was recovered as N2O 

at depths below 50 cm, while 9-11% of the depleted NO3- was recovered as N2O at the 0-40 cm 

depth (Fig. 29a). 

 

Figure 28: Net removal rates of NO3- at six different depths at location 31-02 for the three different isotope-paring 
treatments in which NO3- was added. 

Net NO3- removal rates in slurries amended with Fe2+ were markedly higher than in slurries 

without added Fe2+ (Fig. 27). However, the increased depletion of NO3- with added Fe2+ was 

seemingly not a result of increased denitrification to N2 (Fig. 29a,b), but rather was coupled to a  
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marked increase by a factor of 10-70 in the production of N2O (Fig. 29b). Some increase in DNRA 

was also observed, but this seemed quantitatively minor. The slurries amended with 15NH4+ showed 

that the contribution to labelled N2 by nitrification-denitrification as a result of O2 contamination, 

and/or the contribution to labelled N2 by Feammox or Mnammox was small (Fig. 29c). The 

anammox rates calculated from slurries amended with 14NO3- + 15NH4+ were thus mainly a result of 

the anammox process rather than Feammox, Mnammox or contamination by O2 (Fig. 29d).  

 
Figure 29: Rates of N-transformation via denitrification to N2, anammox to N2, and DNRA to NH4+, and production of 
N2O in slurries amended with a) 15NO3-, b) Fe2+ + 15NO3-, c) 15NH4+, and d) 14NO3- + 15NH4+. 

The discrepancy between low DEA (Fig. 26a) and high NO3--depletion rates in intact soil samples 

(Fig. 27) and high denitrification rates measured in the isotope-pairing experiment (Fig. 29a) at 

0.25-1 m depth was not fully understood. However, some potential methodological issues should 

be considered. Intact (syringe) soil samples and soil samples for the isotope-pairing experiment 
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were kept anoxic at all times, while soil samples for DEA analysis were kept in sealed plastic bags 

for several days and sieved at 4 mm, most likely resulting in oxidation of indigenous Fe(II). Thus, 

to the extent that the indigenous NO3- reduction was mediated by pathways of Fe(II) oxidation 

(Paper III), this process may have been disfavoured in the classical DEA assays. A possible, but 

speculative, interpretation could then be that denitrifiers in the top 25 cm were mostly 

heterotrophs, depending on organic electron donors, while denitrifiers at larger depths were more 

dependent on Fe2+ or other reduced inorganic electron donors. However, further studies should be 

encouraged to test this possibility. Indeed, the lack of DEA at depth in sediment is puzzling since 

the sediment is rich in TOC and the pathway of heterotrophic denitrification should be 

thermodynamically favoured over iron-mediated denitrification (thermodynamic data from Laufer 

et al., 2016; Thauer et al., 1977): 

10Fe2+ + 2NO3- + 24H2O  →  10Fe(OH)3 + N2 + 18H+ ∆G°’ = -503 kJ mol-1 NO3- (15) 

 

5CH2O + 4NO3- + 4H+  →  5CO2 + 2N2 + 7H2O ∆G°’ = -583 kJ mol-1 NO3- (16) 

However, depending on the environmental concentrations of the reacting species in the wetland 

ecosystem where the reactions takes place, the actual free energy change (∆G) of the processes can 

be modified and influence the resulting bioenergetics. Thus, the ∆G°’ values may not alone explain 

the balance between competing microbial processes. 

5.4 Temperature 

Denitrification will generally occur at temperatures between 2°C and 50°C with optimum rates 

between 25°C and 35°C (Braker et al., 2010; Kleimeier et al., 2018; Maag et al., 1997; Rivett et al., 

2008). Also rates of DNRA (Rütting et al., 2011) and anammox (Hu et al., 2011; Isaka et al., 2008) 

have been shown to correlate positively with temperature within the temperature range of 

temperate climates. 

While both denitrification, DNRA, and anammox have been shown to correlate positively with 

temperature, their relative importance may also be partially controlled by temperature. King and 

Nedwell (1984) and Ogilvie et al. (1997) found that low temperatures (5-10°C) favour 

denitrification, while high temperatures (20-25°C) favour DNRA in saltmarsh sediments and 

estuarine sediments in Essex, UK, respectively, while Kelly-Gerreyn et al. (2001) found that 

denitrification was only favoured in a narrow range of temperatures (14-17°C) in an estuary in 

Norfolk, UK. 
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Average monthly temperatures in groundwater of the Fensholt riparian lowland varied seasonally 

between 3°C in March 2017 and 14°C in August 2017 (Fig. 30), at which denitrification is expected 

to be the dominating NO3--reducing process. Diurnal variations were only seen in the shallowest 

piezometers, and mainly during summer, but these variations were small (<0.3°C). Denitrification 

was the dominant NO3--transforming process relative to DNRA and anammox in slurry incubations 

at 20°C and may thus be of even higher relative importance under in situ temperatures. 

 

Figure 30: Average monthly water temperatures measured in all Fensholt piezometers (T31-T34) at depth intervals of 
1-2 m. Blue colours show winter temperatures, while yellow/red colours show summer temperatures. 

5.5 Nitrogen dynamics in the Fensholt riparian lowland 

NO3- was the dominant form of N entering the Fensholt riparian lowland via the hillslope drain 

outlets in all four transects (Fig. 31a-d). This was also the case for groundwater entering the 

transects, with the exception of T33, in which NH4+ and Norg were the dominant N species (Fig. 31e-

h) (Paper II). Norg also contributed substantially to TN entering T33 and T34 from late summer to 

spring (Fig. 31c,d). SO42- concentrations were stable in all input flow paths, only increasing slightly 

in groundwater inputs in T34 during summer, corresponding to a drop in TN concentrations (Fig. 

31h). DO was close to saturation in drain water inputs, dropping to subsaturation in spring in T31-

T33. 

Contrary to N-speciation of inputs, which were dominated by NO3-, outputs were generally 

dominated by Norg (Fig. 31i-p), with the exception of overland flow in T31 and T32 (Fig. 31i,j), 

which were dominated by NO3-, and groundwater outputs in T32 (Fig. 31m), which were dominated 
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by NH4+ (Paper II). Only few samples of overland flow were collected in T31 and T33, and no 

samples could be collected from overland flow in T34. For the period between September and April 

the concentrations were based on only two samples from the following autumn (26 September and 

10 October). In T31 concentrations of NO3- and Norg were <DL and 4.5 mg N/L in September, 

respectively, and 8.7 and 2.0 mg N/L in October, respectively. In T33 concentrations of NO3- and 

Norg were <DL and 3.4 mg N/L in September, respectively, and 1.3 and 7.3 mg N/L in October, 

respectively. Concentrations of NH4+ in all overland flow samples were small (<0.4 mg N/L). Due 

to the large uncertainty associated with only using few samples for mass balance calculations, a 

range of N-fluxes was calculated based on the minimum and maximum TN concentrations 

measured in overland flow. Concentrations along these overland flow paths are thus depicted as 

ranges (a and c in Fig. 32, 33, and 34), which also propagate to the calculated N mass fluxes 

(section 6.1, Fig. 35 and Table 6). 

The concentrations of SO4 in overland flow were low in both T31 and T33 in September (4-5 mg/L), 

resembling concentrations in the shallow groundwater beneath the exfiltration zones (0-4 mg/L). 

In contrast, concentrations of SO4 in overland flow in both transects were high in October (19-25 

mg/L), resembling concentrations in incoming drain water (25-28 mg/L). Thus, the two sampling 

dates appear to constitute two extremes representing situations dominated by return flow/short 

return flow (flow path ‘b’ and ‘f’, Fig. 14), or direct overland flow (flow path ‘a’, Fig. 14), 

respectively. Concentrations of both N-species DO and SO42- in overland flow in T32 were similar 

to inputs via drain, only with an increased content of Norg, indicating a direct overland flow path 

from input to output with minimal alteration of water composition (flow path ‘a’, Fig. 14) (Paper 

II).  

Concentrations of SO42- in overland flow in T33 during spring and summer (~10 mg/L)  were in 

between those of the very reduced groundwater observed in this transect (~2 mg/L) and 

concentrations of drain water (~30 mg/L), indicating mixing of these sources by exfiltration of 

groundwater (flow path ’f’ Fig. 14) by diffusive exchange, or altering of surface waters along a path 

of short return flow (flow path ‘b’, Fig. 14), as also indicated by point measurements of NO3- in 

overland flow (Fig. 17). Precipitation inputs of N were mainly NH4+, peaking in October and April. 

The absence of NH4+ in overland flow (Fig. 31i to k) suggests that atmospheric depositions of NH4+ 

were nitrified to NO3-. 

Plumes of NO3- centered around the main points of infiltration were observed in the riparian 

lowland soils in T31, T33 and T34 during winter (Fig. 32a,c,d) (Paper II). In T32 and T34, NO3- 
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plumes were also observed in the hillslope from incoming groundwater (Fig. 32b,d). The plumes 

were present from the first major precipitation events in autumn until they receded in spring. The 

extent of the plumes remained stable during winter, and at no time did the plumes extend all the 

way to the stream, indicating either exfiltration or transformation of NO3-.  In T31 and T34 where a 

Br- tracer was applied, the plumes of NO3- were similar to those of Br- (Fig. 21), only not extending 

as far towards the stream as the plumes of NO3-, indicating transformation of NO3- (or that Br- had 

not travelled far at the sampling time). The points of highest NO3- concentrations also 

corresponded well with the points of high redox potential and high variability of redox potentials 

(Fig. 13), pointing to a dynamic nature of NO3- input and NO3- removal. 

Plumes of SO42- resembled the plumes of NO3-, only extending deeper and further downstream 

(Fig. 33). In addition, in T33 and T34 plumes of SO42- intruded in the deep sand layers. In T33, the 

plume disappeared downstream before reaching the stream (Fig. 33c,g), while relatively high 

concentrations of SO42- were present below the stream bed only in T34 (Fig. 33d,h) (Paper II). 

Generally decreasing concentrations of SO42- from the hillslope towards the stream indicated an 

SO42--reducing environment and that denitrification coupled to sulphide oxidation was not an 

active removal mechanism of NO3-. During the summer months, peak concentrations of SO42- (80-

200 mg/L) were observed in the top screens of 31-05, 33-03, and 34-05, indicating a reversal of 

SO42- reduction to sulphide oxidation during times of low water tables. 
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Figure 31: Seasonal variations of N speciation dissolved oxygen (DO), and SO42- in inputs and outputs of transects 31-
34 (a-p), and in precipitation (q) between 1 September 2016 and 31 August 2017. Circles mark the dates for manual 
water sampling with available samples (open) or when no water was available at the sampling location (closed). TN in 
incoming drain water in T31 (a), T33 (c), and T34 (d) are daily values from samples collected by an automated ISCO 
sampler. For overland flow in T31 (i) and T33 (k) the concentrations during the winter period represent the average of 
maximum and minimum concentrations measured in autumn. Figure adapted from Paper II. 

Pore water concentrations of NH4+ were stable throughout the measurement period (Fig. 34). 

Concentrations were low in the peat layers but increased with depth in the organic sediments 

(r=0.69), peaking at concentrations of up to 68 mg N/L in the gyttja layers, in which water flow 

was stagnant. Concentrations of NH4+ were low adjacent to the NO3- plumes, indicating that 

transformation of NO3- to NH4+ was low, or that the produced NH4+ was quickly re-transformed 

(Kartal et al., 2007). In T32 high concentrations of NH4+ extended from the deep gyttja towards the 

hydraulically active peat layer (Fig. 23b and f, and Fig. 31g), resulting in transport of NH4+ in this 

peat layer. 
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Figure 32: NO3-N in transects T31-T34 representing a typical winter situation (a-d) and a typical summer 
situation (e-h). NO3-N concentrations in the beginning of the runoff season were low. After the first rain 
events in early autumn, a NO3-N plume developed with a relatively stable extent through the winter period 
until it receded in April and remained low during summer. Squares show positions of piezometer screens and 
colours represent NO3-N concentrations. Filled circles represent NO3-N concentrations in drain in- and 
outlets. Overland flow was present at T31 and T33 on 29-30 November 2016 but was not sampled. Therefore 
* marks extrapolated concentrations. Figure adapted from Paper II. 
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Figure 33: SO42- in transects T31-T34 representing a typical winter situation (a-d) and a typical summer 
situation (e-h). Squares show positions of piezometer screens and colours represent SO42- concentrations. 
Filled circles represent SO42- concentrations in drain in- and outlets. Overland flow was present at T31 and 
T33 on 29-30 November 2016 but was not sampled. Therefore * marks winter concentrations measured the 
following year. Figure adapted from Paper II. 
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Figure 34: NH4-N in transects T31-T34 representing a typical winter situation (a-d) and a typical summer 
situation (e-h). Squares show positions of piezometer screens and colours represent NH4-N concentrations. 
Filled circles represent NH4-N concentrations in drain in- and outlets. Overland flow was present at T31 and 
T33 on 29-30 November 2016 but was not sampled. Therefore * marks winter concentrations measured the 
following year. 
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5.6 Key findings 

• Denitrification to N2 was the main (78-94%) NO3--transforming process in slurry 

incubations at 20°C of soil from a drain water infiltration zone, while contributions from 

anammox (0-8%) and DNRA (2-3%) were small. 

• 9-11% of transformed NO3- in slurry incubations of topsoil (0-40 cm) was recovered as N2O. 

Amendment of Fe2+ to soil slurries increased N2O production by a factor of 10-70 

highlighting the importance of Fe2+ for studies on N2O emissions from riparian lowland 

soils. 

• Nitrate (NO3-) is efficiently removed if upland drain discharge is able to infiltrate into the 

riparian lowland soil, or if overland flow is sufficiently dispersed over an area with a shallow 

depth to the anaerobic regime, ensuring efficient transport of NO3- into the soil by diffusion. 

• Large hydraulic loading rates (HLR) from upland drains combined with a short travel 

distance and a steep slope of the riparian lowland resulted in transport of NO3- directly 

from the upland drains to the stream. 

• The nitrogen (N) composition of water entering the riparian lowland was generally 

significantly altered in transit through the riparian lowland. The main N-inputs to the 

riparian lowland was in the form of NO3- from upland drains, while the main N-outputs 

from the riparian lowland to the stream was organic N (Norg). 
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6 Nitrogen balances 

A wide range of N removal efficiencies has been reported in previous studies of riparian zones 

(Ambus & Hoffman, 1990; Andersen, 2004; Cooper, 1990; Fisher & Acreman, 2004; Gilliam, 1994; 

Haycock & Pinay, 1993) ranging from -13% (Stepanauskas et al., 1996) to complete removal of N  

(Vidon & Hill, 2004a). Studies of N removal in riparian zones have often focused on NO3- or TN 

(Fisher & Acreman, 2004). If only NO3- is investigated, transformation to NH4+ or release of NH4+ 

and Norg from mineralization may lead to overestimation of N removal (Stepanauskas et al., 1996). 

Considering only TN will not reveal the balance between removal of NO3- and concurrent release of 

NH4+ or Norg, although it may reveal the overall N efficiency of the riparian zone. Negative removal 

rates were caused by release of Norg and NH4+ by mineralization exceeding removal of NO3- by 

denitrification (Stepanauskas et al., 1996), while the most efficient N removal has been observed in 

groundwater-fed riparian zones with a shallow impermeable layer, ensuring contact with riparian 

sediments, and relatively small water inputs limiting groundwater seepage and overland flow 

(Vidon & Hill, 2004a). 

Removal of NO3- has generally been found to be more efficient during subsurface flow than during 

overland flow, and removal of NO3- during overland flow was correlated with the width of the 

riparian zone (Mayer et al., 2007). A wide range of N removal efficiencies (-8 to 75%) has been 

demonstrated in previous studies on riparian lowlands mainly recharged by tile drain water 

(Hoffmann et al. 2007; 2012; Jordan et al., 2003). The main N input to these areas was NO3- via 

the tile drains. 

6.1 Transect nitrogen balances 

Mass balances of N inputs and outputs for the four Fensholt transects (T31-T34) were calculated by 

combining water balances and measured concentrations of N (Table 6 and Fig. 35) (Paper II). The 

majority of N entered the riparian lowland transects via the drain outlets in the hillslope (Din) in 

the form of NO3- and to a lesser extent as Norg. The N composition of inputs was somewhat similar 

for the four transects, with NO3- being the major N-component entering all transects (63-89%), 

while Norg constituted an increasing fraction from T31 (4%) to T34 (34%) (Table 6, Paper II). NH4+ 

constituted 11% of N-inputs in T31 and <4% in the remaining transects. Precipitation was the main 

source of these NH4+ inputs, and parts of this NH4+ may be oxidized to NO3- upon deposition. While 

the input N-compositions were comparable between the transects, the total area-normalized 

loading of N varied markedly between the four transects due to large variations in HLR (Table 6, 

Paper II).  
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A few available samples from overland flow showing a large variation in N-concentrations resulted 

in large uncertainties for N-fluxes along this flow path. N-fluxes from these transects are therefore 

presented as a range calculated for minimum and maximum concentrations measured for TN 

(Table 6). T34 resembled T33 in terms of short return flow being the major mechanism generating 

overland flow, and thus the minimum-maximum range of observed concentrations of NO3- (0-1.3 

mg N/L) and Norg (3.4-7.3 mg N/L) in overland flow in T33 was also applied to overland flow in 

T34. Concentration of NH4+ in overland flow in T34 was assumed to be similar to concentrations in 

exfiltrating groundwater (1 mg N/L). 

Overland flow was the main export pathway of N in all transects, responsible for 67-97% of the N 

outputs. In addition to overland flow, drain discharge from the riparian lowland drains was a 

significant export pathway of Norg to the stream in T31, while groundwater output was a significant 

export pathway of NH4+ in T32. The mass balance calculations revealed high removal efficiencies 

for NO3- in T31, T33, and T34 where short return flow was the dominant path, while a low removal 

efficiency for NO3- was seen in T32 where direct overland flow was the dominant flow path (Table 

6). 

Table 6: N mass balances of T31-T34 for the period 1 September 2016 to 31 August 2017 normalized to transect areas. 
Ranges depict the minimum and maximum N exports based on the range of N concentrations measured in overland 
flow. The average N-removal (Avg. rem) is based on N-fluxes calculated from the average of measured 
concentrations. Table adapted from Paper II. 

[kg N/ha/yr] 
Transect 31  Transect 32  Transect 33  Transect 34 

NO3
- NH4

+ Norg TN  NO3
- NH4

+ Norg TN  NO3
- NH4

+ Norg TN  NO3
- NH4

+ Norg TN 

In
pu

ts
 

Drain 61 0.4 3.1 65  1,029 2.47 105 1,137  393 2.7 97 493  237 2.45 145 385 

Groundwater 2.2 0.0 0.15 2.4  11 1.2 6.2 19  0.0 7.2 2.1 9.4  40 0.9 5.1 46 

Atmosphere 4.8 8.6 0.0 13  4.8 8.6 0.0 13  4.8 8.6 0.0 1  4.8 8.6 0.0 13 

Sum 68 9 3 81  1,045 12 111 1,169  397 18.6 99 515  282 12 150 445 
                     

O
ut

pu
ts

 

Drain 1.31 3.9 10.1 15.3  - - - -  - - - -  - - - - 

Groundwater 0.0 0.0 0.9 1.0  0.7 144 32 176  0.1 0.3 5.9 6.3  0.1 9.9 13 23 

Overland 0-38 0.0 8.7-19 19-46  786 1.9 193 981  0.1-45 5.2-12 121-257 134-307  0.3-43 40 116-243 156-326 

Sum 1.3-39 4.0 20-30 36-63  786 146 225 1,157  0.2-46 5.6-12 127-263 140-314  0.5-43 50 129-256 179-349 

                     

R
em

ov
al

 Removal 30-67 5.0 -27 – -16 18-45  259 -134 -113 12  352-397 6.2-13 -163 – -28  202-376  239-282 -38 -106-22 96-266 

Removal [%] 43-98 56 -839 – -507 23-56  25 -1084 -102 1  89-100 33-70 -164 – -28  39-70  85-100 -316 -70-14 22-60 

Avg. rem. [%] 71 56 -674 39  25 -1084 -102 1  94 69 -99 56  92 -316 -30 40 

*Numbers on grey background are calculated by applying the range of overland flow concentrations of NO3-N and Norg measured in T33 
to overland flow in T34. For NH4-N in T34 the concentrations of exfiltrating groundwater was used. 

While the alteration of surface waters from input to output here is attributed to short return flow, 

the changes in chemical composition of surface waters may also be due to diffusion. Speculating 

that all overland flow was direct overland flow, and thus was a mixture of precipitation and 
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incoming drain water, the difference between this theoretical transport of NO3- and the actual 

transport of NO3- calculated from overland flow may be termed the NO3- deficit. The magnitude of 

these NO3- deficits may be used as indicators of NO3- lost via diffusion. If the entire NO3- deficits 

were to be explained by diffusion alone, very steep concentration gradients would be required, i.e. 

the depth to zero NO3- concentration would only be 02-0.8 cm below terrain in T31, 0.2 cm in T32 

and T34, and 0.1 cm in T33 (Paper II). Field observations showed a colour change from brown to 

black within a few mm from terrain, supporting a very shallow depth to a redox boundary. 

Due to the riparian lowland being a source of Norg in all transects, and a source of NH4+ in T32, the 

overall N removal efficiency was only 1-56%. Thus the overall N removal efficiency of a riparian 

lowland depends on the balance between N export and N removal – the latter being highly 

dependent on the amount of interaction between incoming waters and the riparian lowland 

sediments. During direct overland flow, interaction with the riparian lowland sediments will only 

occur via diffusion, while this interaction and thus removal of NO3- is higher during short return 

flow (Paper II). 

While the relative distribution of N0rg and NO3- in overland flow was highly uncertain due to the 

few samples collected, it was clear from the calculated ranges that overland flow was the 

dominating flow path for export of N to the stream. While the water balance approach resulted in 

relative robust estimates of overland water fluxes, future studies in similar setting are encouraged 

to ensure sampling of overland flow with a high temporal resolution to reduce the uncertainty 

associated with the N-speciation along this flow path.  
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Figure 35: Distribution of N-species in kg N/ha wetland/year entering (red) and leaving (blue) the four lowland 
transects (T31-T34) during the period 1 September 2016 to 31 August 2017. Pr = precipitation, Gin = 
groundwater in, Gout = groundwater out, Din = drain water in, Dout = drain water out, Oout = overland flow out. 
*Based on concentration ranges measured in T33. 

 

Subsurface drains are generally expected to decrease water residence times and interaction with 

soil. However, the riparian lowland drains in T31 increased the drainage capacity of the riparian 

lowland soils and thus increased the drainage capacity reducing the amount of overland flow. The 

short path from the surface to the riparian lowland drains seemed to be sufficient for a significant 

alteration of water N composition (Fig. 31p). Along the short distance from the surface to the drain 

depth, NO3- was efficiently transformed. However, the effect of removal of NO3- on the total N-

removal efficiency was counteracted by release of NH4+ and Norg. 

Considering the seemingly weak interaction between overland flow from incoming drain discharge 

and groundwater in T32, the export of NH4+ via groundwater in this transect was likely a result of 

mineralization, in line with previous studies (Ambus & Hoffman, 1990; Bowden, 1987; 

Stepanauskas et al., 1996). Isotope-pairing results showed that transformation of NO3- to NH4+ via 

DNRA was minimal at 31-02, suggesting that the release of NH4+ from the riparian lowland drains 

in T31 was also a result of mineralization rather than DNRA. 

While export of Norg from wetlands was also reported by Devito et al. (1989), (Jacks et al., 1994), 

Lowrance et al. (1983), Stepanauskas et al. (1996) and Stepanauskas et al. (1999), the factors 

influencing the quantity and quality of released Norg are unclear (Stepanauskas et al., 1996). 

Stepanauskas et al. (1996) found that increasing amounts of Norg were released at increasing 
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infiltration rates in wetland soil cores and suggested that the release could be caused by chemical 

or exoenzymatic dissolution of OM or by excretion by microorganisms. 

6.2 Catchment nitrogen balance 

N fluxes observed in the stream at the catchment outlet integrate the function of the entire riparian 

lowland on transformation of N from the upland to the stream. At the catchment outlet a TN flux of 

3079 kg N/yr was observed for the period 1 September 2016 to 31 August 2017, corresponding to 

an area-normalized N-loss of 15.9 kg N/ha for the entire catchment (Fig. 36a, Paper II). The four 

investigated transects and the upland areas contributing water to these transects constituted 1/5 of 

the total catchment area, and the water fluxes to the stream from these areas also corresponded to 

1/5 of total stream flow (Paper I). Thus, assuming that the investigated areas were representative of 

the entire catchment, the N flux at the catchment outlet may be estimated by a simple upscaling of 

transect N fluxes by a factor f=5 (Fig. 36a, Paper II). For daily TN fluxes, the result of this upscaling 

estimate is strikingly similar to the daily TN fluxes observed at the catchment outlet, both in terms 

of dynamics and total mass flux (Fig. 36a).  

The Nash-Sutcliff coefficient (NS) between the measured and the estimated TN fluxes at the 

catchment outlet was 0.77 using the average of the calculated transect export ranges. The upscaling 

estimate overestimated TN flux in December and January but underestimated total annual N flux 

by 6%. 

Performing the same comparison for the individual N-species reveals that concentrations of NO3- 

and NH4+ were poorly predicted by a simple upscaling (Fig. 36b,c). The dynamics of Norg, 

constituting the major part of TN was well predicted (NS= 0.70), although the annual flux was 

underestimated by 29% (Fig. 36d). Using the calculated ranges for minimum and maximum export 

of N resulted in NS of 0.62 and 0.75, respectively, while the total annual flux of N was 

underestimated by 32% and overestimated by 19%, respectively. 
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Figure 36: Transport of a) TN, b) NO3-N, c) NH4-N, and d) Norg in the stream at the catchment outlet (grey), to the 
stream from the investigated transects, T31-T34 (red), and to the stream from the entire catchment assuming that the 
investigated transects and the upland areas contributing to these transects were representative of the entire catchment. 
The transect areas and upland areas contributing to these transects constituted 1/5 of the total catchment and 1/5 of 
stream flow, and upscaling was thus performed by multiplying transect fluxes by a factor 5. Partly adapted from 
Paper II. 

The upscaling may also have been performed by using an upscaling factor representing the total 

area of riparian lowland divided by the area of riparian lowland covered by the investigated 

transects (f=9), or by the distribution of riparian lowland areas similar to each of the four 

investigated transects (distribution not known). Some flow types present within the riparian 

lowland were not represented directly by the four investigated transects: Parts of the riparian 

lowland may only be fed by groundwater and precipitation, while in other parts, drain pipes may 

completely bypass the riparian lowland and discharge directly into the stream (Paper II). T31 may 

to some degree be representative of areas with only small drainage inputs in the hillslope (Din), 

while T32 to some degree may be representative of areas in which drain water discharges directly 

into the stream. The four transects were chosen to cover some of the main drain outlets and thus 

over-represent areas of the riparian lowland subject to high HLR. This overrepresentation is also 
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evident from the difference between the possible upscaling factors based on total catchment 

divided by the area of transects and contributing upland area (f=5), or the total area of riparian 

lowland divided by the area of riparian lowland included in the transect areas (f=9). In other 

words, the investigated areas comprise 1/5 of the total catchment but only 1/9 of the total riparian 

lowland area and thus, on average, experience a HLR twice as high as the remaining areas of the 

riparian lowland.  

The reasonable fit between observed and estimated (f=5) flux of Norg at the catchment outlet 

indicates that contributions of Norg to the stream were proportional to flow through the riparian 

lowland rather than the area of the riparian lowland. This is further supported by the correlation 

between fluxes of Norg from the transects and total flow to the stream from each transect (r²=0.99, 

n=4), and the lack of correlation between transect area and flux of Norg (r²=0.23-0.32, n=4). This is 

also in agreement with findings by Stepanauskas et al. (1996), who reported increased export of 

Norg with increasing infiltration rates in wetland soil cores. Norg constituted 86% of total N-

transport at the catchment outlet. An upscaling of net export of Norg from the riparian lowland 

transect areas indicated that 21-49% (weighted average = 40%) of stream TN was Norg released 

from the riparian lowland soils, thus suggesting that Norg released from riparian lowlands soils may 

be a major contributor to catchment N-losses.  

Results from the four investigated transects in the Fensholt riparian lowland showed an efficient 

removal of NO3- when drain water infiltrated into the organic soils or when overland flow was 

sufficiently dispersed to allow efficient diffusion of NO3- in surface water into the soil (Paper II). 

However, transport of NO3- mainly occurred when HLR was high. Thus, the over-representation of 

areas subject to high HLR may explain the overestimation of stream NO3- fluxes.  

Considering the relationship between the investigated fractions of the total catchment (1/5) and the 

total area of riparian lowland (1/9), the areas of the riparian lowland not included in the transect 

areas may be subject to HLRs only half of those for the investigated transects. Thus, since the 

investigated transects included four of the major drain outlets, the NO3- transport to the stream 

from these transects may contribute a large fraction of total NO3- to the stream. This is supported 

by a high NS (0.77) between stream NO3- flux and NO3- fluxes to the stream from these four 

transects (Fig. 36b). However, the discrepancy between the observed and estimated (upscaled) 

NO3- transport may also be due to in-stream or hyporheic denitrification transforming NO3- along 

its path from the point of entering the stream to the catchment outlet (Briggs et al., 2014; 

Mulholland et al., 2004). This same argument is likely to be valid for the large discrepancy between 
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estimated (upscaled) and observed fluxes of NH4+ (Fig. 36c) as NH4+ has been shown to quickly 

oxidize upon entering oxic stream water (Caffrey et al., 2019; Le et al., 2019; Peterson et al., 2001). 

6.3 Stream residence times 

Headwaters have been shown to be important for in-stream N losses due to a large benthic surface 

area and large hyporheic storage capacity relative to water volume (Alexander et al., 2007). 

However, NO3- removal rates as expressed by DEA have shown to be highly variable in headwaters 

in both space and time, ranging from <0.1%/day to 273%/day of stream NO3- loads (Royer et al., 

2004).  

In-stream denitrification is controlled by temperature and generally decreases with increasing 

stream depth (and stream discharge) due to decreased interaction with the hyporheic zone 

(Alexander et al., 2007). This N-removal has been expressed as first-order decay functions of e.g. 

stream distance (Mulholland et al., 2004) or stream travel time and stream depth (Alexander et al., 

2007; Chapra, 1997): 

𝑁𝑁𝑂𝑂3−(𝑥𝑥) =  𝑁𝑁𝑂𝑂3−(𝑥𝑥 = 0) × 𝑒𝑒−𝑘𝑘𝑑𝑑𝑑𝑑𝑑𝑑𝑒𝑒  (17) 

where x is the distance along the stream in m, NO3-(x=0) are the NO3--concentrations at x=0, and 

kden is the decay rate in m-1, or  

𝑁𝑁𝑂𝑂3−(𝑡𝑡) =  𝑁𝑁𝑂𝑂3−(𝑡𝑡 = 0) × 𝑒𝑒−𝜃𝜃1𝑈𝑈𝜃𝜃2𝑡𝑡   (18) 

where t is stream travel time, U is stream depth, and θ1 and θ2 are empirical coefficients. 

Salt tracer injection experiments conducted on 2 November 2017 were used to estimate stream 

residence times and the contribution to stream discharge along different stretches of the stream 

(Fig. 37 and 38). The travel time of peak tracer concentration along the 1255 m stream stretch 

investigated was three hours, resulting in an average velocity of the tracer concentration peak of 

0.11 m/s with travel velocities along the piped stretch of the stream (0.30 m/s) being significantly 

faster than the average velocity (Fig. 38d).  
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Figure 37: a-f) Electrical conductivity measured at stream observation points TO1-TO6 as a result of pulse injection of 
NaCl at upstream injection points (TI1-TI6) on 2 November 2017. Ix and the arrows indicate the time of tracer injection 
and Px indicates the time of observed peak concentration at the observation point. g) Location of tracer injection points 
(TI1-TI6) and observation points (TO6-1-TO6) along the stream in the Fensholt riparian lowland. 
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Figure 38: a) Incremental stream discharge, b) tracer peak travel time, c) average stream gain, and d) average travel 
velocity of tracer concentration peak between stream tracer injection points (TI) and tracer observation points (TO) as 
seen in Fig. 37g. 

A large part of the NO3- entering the stream originated from T32. The stream travel distance (x) 

and travel time (t) from this transect to the catchment outlet is close to the travel distance and 

travel time from TI6 (Fig. 37f and Fig. 38b). Using a travel distance of x = 1255 m and a decay 

coefficient of kden=9.1×10-5 m-1, as given by Mulholland et al. (2004) for a stream NO3- 

concentration corresponding to the average NO3- concentration observed at the Fensholt 

catchment outlet (0.5 mg NO3-N/L), Eq. (17) yields a reduction of in-stream NO3- of 11%. Using a 

stream travel time of t = 0.125 days, an average stream depth of D = 0.5 m, and decay coefficients 

of θ1 = 0.0513 m-1day-1 and θ2 = -1.319, as given by Alexander et al. (2007), Eq. (18) yields an in-

stream reduction of NO3- of 2% along the stretch from T32 to the catchment outlet. The study by 

Mulholland et al. (2004) was conducted in Tennessee, while the study by Alexander et al. (2007) 

includes study sites in both New Zealand, North America and Europe, and thus, the low estimate of 

in-stream NO3- removal of 2% is likely a better representation of the conditions at the Fensholt 

study site. Thus, the overestimation of NO3- at the catchment outlet by a simple upscaling of 

transect fluxes did not appear to be the result of in-stream denitrification, but rather the upscaling 

over-represented areas similar to T32 where direct transport of NO3- to the stream dominated. This 

may be supported by the relatively large stream gain experienced immediately upstream of the 

catchment outlet (Fig. 38c). NO3- entering the stream along this stretch would not experience 
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sufficient residence time for in-stream denitrification (Fig. 38d). However, the water entering the 

stream along this stretch may also simply be low in NO3-. 

6.4 Key findings 
• Total incoming nitrate (NO3-) is efficiently removed when drainage water is able to infiltrate 

into riparian lowland soils or is sufficiently dispersed as sheet overland flow allowing for 

efficient diffusive exchange of NO3-. Such efficient removal was seen in three of the four 

investigated transects (71-94%), while transport of NO3- via direct overland flow reduced 

removal of NO3- to 25% in the fourth transect. 

• Large amounts of organic N (Norg) were exported from the riparian lowland via overland 

flow, counteracting removal of total nitrogen (TN) and reducing the overall N-removal 

efficiency to 1-56%. Norg was also the main N export to the stream at the catchment outlet 

(2650 kg Norg/yr = 86% of TN). 

• The presence of tile drains within the riparian lowland reduced transport of Norg and NO3- 

via overland flow, while this was counteracted by an equivalent release of ammonium 

(NH4+) and Norg via subsurface tile drain discharge. 

• Riparian lowlands may be sinks or sources of nitrogen (N) depending on the balance of 

removal of nitrate and release of ammonium (NH4+) and organic N. 

• A simple upscaling of N transport from the investigated transects based on either area-

normalization or flow-normalization was able to estimate total and dynamic TN fluxes and 

Norg fluxes at the catchment outlet very well. 

• Transport of NH4+ and NO3- at the catchment outlet was overestimated by upscaling 

transport calculated for the investigated transects. For NO3- this was likely because areas of 

the riparian lowland were subject to large hydraulic loading rates (HLR), resulting in export 

of NO3- being overrepresented by the investigated areas. For NH4+ the overestimation may 

be a result of overrepresentation of areas in which groundwater water flow was 

quantitatively important, or due to NH4+ being transformed upon entering the stream. 

• Export of Norg from the riparian lowland was estimated to contribute ~40% of total 

catchment N-transport. The export of Norg was correlated with water fluxes and not with the 

area of the riparian lowland. Thus, Norg may be released from the riparian lowland 

independent of hydraulic loading rates (HLR). 
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7 Conclusions 

The present study investigated flow paths, water balances, nitrogen transformation and nitrogen 

balances in a riparian lowland recharged by agricultural drain water, located in a glacial till 

landscape. 

While dispersed overland sheet flow can be very difficult to measure, dynamic quantities of 

overland flow were estimated using a dynamic water balance model based on measured 

precipitation, evapotranspiration, drain discharges, groundwater fluxes, and storage capacities of 

the riparian lowland soils. Also drain fluxes from drain pipes within a subarea of the riparian 

lowland was estimated using this model (Paper I). 

Overland flow was the main flow path along which water discharged from the riparian lowland into 

the stream. In three areas subject to high hydraulic loading rates (HLRs) from upland drains 

overland flow contributed 67-77% of the water discharge, and in one subarea receiving small inputs 

from upland drains and where tile drains were present within the riparian lowland it was 31% 

(Paper I). 

In areas subject to high HLR, the dynamics of overland flow were highly correlated with the 

dynamics of HLR from upland drains discharging into the riparian lowland. In one subarea, drain 

discharge from upland drains was relatively small, and overland flow was instead correlated with 

the HLR from precipitation, although mainly during the winter months when soils were saturated. 

Groundwater inputs were minor in all investigated subareas (2-8%). Annual HLR on each 

investigated subarea was highly correlated with the area of the upland drainage catchment (Paper 

I). 

Hydraulic properties such as slope, hydraulic conductivity, hydraulic gradients, and thickness of 

permeable riparian lowland sediments also influenced overland flow. Only when the drainage 

capacity (groundwater flow + leakage + subsurface drains) or infiltration capacity of the riparian 

lowland soils was exceeded by incoming drainage discharge + precipitation did overland flow 

occur. In one subarea, the presence of a separate drain system within the riparian lowland 

increased the drainage capacity of the riparian lowland soils, and thus decreased overland flow 

(Paper I). 

While overland flow was the main flow path in all areas as also estimated from previous studies in 

similar settings, groundwater flow and subsurface drain flow were also substantial flow paths in 

subareas of the riparian lowland (up to 25% and 17%, respectively) (Paper I) 
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The riparian lowland greatly influenced the catchment nitrogen (N) balance. N inputs to the 

riparian lowland were mainly in the form of nitrate (NO3-) from drains, which discharged onto the 

surface of the riparian lowland at the upland-riparian lowland boundary, while N leaving the 

riparian lowland and entering the stream was mainly in the form of organic N (Norg) (Paper II).  

Direct overland flow resulted in high NO3- concentrations being transported directly to the stream. 

However, not all water entering the stream via overland flow was high in NO3-. If the overland flow 

was either generated via exfiltration of groundwater (return flow) or drain water/precipitation, 

which had infiltrated upon entering the riparian lowland and travelled for a short distance as 

groundwater flow before exfiltrating (short return flow), concentrations of NO3- were low. Also, if 

overland flow was dispersed over an area of sufficient extent and a shallow depth to the anaerobic 

regime, diffusion into the organic soils allowed for efficient removal of NO3-. Thus, where 

channelized direct overland flow dominated, removal of NO3- was low (25%), while removal of NO3- 

was efficient (71-94%) where overland flow was highly dispersed and/or was generated by return 

flow or short return flow (Paper II). Thus, since N-transport was mainly controlled by the 

distribution of flow paths, and the distribution of flow paths was mainly controlled by HLR and the 

gydraulic properties of the riparian lowland, these results emphasize the importance of thoroughly 

assessing HLR compared to infiltration and drainage capacity when utilizing riparian lowlands as a 

filter to remove NO3-N (Paper II). 

An N-isotope-paring experiment was conducted to investigate the N-transforming processes 

occurring in the top 1 m soil at one site, where upland drain discharge infiltrated into riparian 

lowland soils. The experiment showed that denitrification to N2 was responsible for 78-94% of NO3- 

removal in slurry incubations at 20°C. At this location, 0-8% and 2-5% of NO3- in the slurries was 

transformed to N2 via anammox and to NH4+ via DNRA, respectively, while 2-11% of transformed 

NO3- was recovered as N2O. The isotope-paring experiment showed that denitrification occurred at 

the depths where field concentrations of NO3- were observed to be high, contradicting results 

obtained from analysis of the denitrification enzyme activity (DEA) using the acetylene blockage 

method. Furthermore, amendment of Fe2+ to soil slurries increased production of N2O by a factor 

of 10-70 (Paper III). 

While the presence of drain pipes within the riparian lowland might be expected to reduce 

residence times and thus export of NO3-, NO3- was efficiently removed along the short flow 

infiltration flow path from the surface to the drains. The drains increased the drainage capacity of 

the soils and thus reduced direct overland flow. However, the effect of an efficient removal of NO3- 
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along the flow path to these drains on the total N removal efficiency was counteracted by the 

release of Norg and NH4+ (Paper II). 

Even though the total riparian lowland area only constituted 26 ha, the effect of the riparian 

lowland on N-removal was highly variable within different subareas. This variability was largely 

controlled by the distribution of flow paths, particularly the distribution between direct overland 

flow quickly bypassing the riparian lowland and flow paths intersecting the riparian lowland soils 

(Paper II).  

Concurrent with removal of NO3-, the investigated riparian lowland transects were significant 

sources of Norg and in some areas also of NH4+, reducing the overall N removal efficiency to 1-56% 

(Paper II). This release of Norg contributed ~40% of stream N at the catchment outlet and was 

seemingly proportional to water flux and not correlated with riparian lowland area. While lowering 

the HLR on specific areas of the riparian lowland may reduce transport of NO3- directly to the 

stream via direct overland flow, it may not affect the release of Norg. Thus, riparian lowlands may be 

sources of N independent of anthrophonic N-inputs. Upscaling of N-transport from the 

investigated subareas of the riparian lowland by either normalizing to total stream flow at the 

catchment outlet or normalizing to total catchment area was able to estimate total stream transport 

of TN and Norg, while transport of NO3- and NH4+ was overestimated. Overestimation of stream 

NO3- may be due to an overrepresentation of areas where direct overland flow dominates, while 

overestimation of stream NH4+ may be due to overrepresentation of areas with large groundwater 

exports to the stream or to quick transformation of NH4+ upon entering oxic stream water. 

8 Perspectives 

Current maps of N retention, which form the basis for the targeted N-regulation beginning in 

Denmark in 2019, only include wetlands that were restored during 1998 to 2010 (9457 ha), and the 

N retention or release from natural or semi-natural riparian lowlands is not included (Højberg et 

al., 2015). The present study demonstrates that these riparian lowlands may have a large influence 

on catchment N balances. A major challenge in including these riparian lowlands in N-retention 

maps is the high variability of flow paths and N-retention, even within a small riparian lowland 

such as the Fensholt site (26 ha). However, the dynamic water balance model used in this study 

demonstrates an operational approach to partitioning water fluxes within riparian lowlands. This 

model has been shown to be useful for scenario calculations (Engesgaard et al., 2018) and has been 

implemented in the DK model to partition flow paths in clay till landscape riparian lowlands 

(Højberg, 2018). 
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The present study highlighted that while riparian lowlands may be efficient sink of agricultural 

NO3-, they may also be sources of N, mainly Norg, which was documented both in the investigated 

subareas and on the subcatchment scale. This in situ release of N from riparian lowland soils 

appear to be an underestimated export pathway of N based on the few published studies 

addressing this issue. 

While riparian lowlands are key to understanding catchment N balances, these same riparian 

lowlands are also key elements in mitigating emissions of pesticides (e.g. Kidmose et al., 2010), 

sediments and P (e.g. Daniels & Gilliam, 1996), and greenhouse gasses (e.g. Audet et al., 2013). The 

conditions optimal for meeting each of these goals do not necessarily coincide, and in some cases 

they may even be directly opposite: saturated and anaerobic conditions are optimal for removal of 

NO3- (Inglett et al., 2005), while mitigation of methane (CH4) emission requires a shallow (~25 cm) 

unsaturated topsoil (Audet et al., 2013), and aerobic conditions are optimal for immobilization of P 

(Reddy et al., 1999). 

Much research has been done on each of these individual mitigation effects in the riparian zone. 

Because of the large amount of work involved in each of these studies, synthesized studies 

including the interaction between the different processes are sparse (Vidon, 2010) and a broad 

collaboration between different fields is encouraged for future studies in riparian lowlands. 

This study quantified water fluxes and N-fluxes in and out of riparian lowland subareas. However, 

the interaction and exchange between these flow paths within the riparian lowland were only 

qualitatively inferred from interpretations of stable water isotopes and Br--tracer concentrations, 

and concentrations of N-species and SO42-. However, these internal flow paths were to a large 

degree found to determine N-transformation within the riparian lowland and should thus be a 

focus of further studies. Results also indicated that exchange of NO3- by diffusion from overland 

flow into the underlying anaerobic sediment was an important transport pathway for N. This 

exchange depends on the area covered by overland flow, the diffusion coefficient of the underlying 

soil and the concentration gradient. While these parameters were treated as constants in this study 

(Paper II), they may be highly dynamic and the importance of diffusional exchange for removal of 

NO3- in riparian lowlands dominated by overland flow may be a highly relevant subject for further 

studies. 

While the focus of this study was the leaching of N to the aquatic environment, emissions of nitrous 

oxide (N2O) from the riparian lowland were not included in the N mass balances. Thus, the positive 

effect of the riparian lowland on water quality may be at the cost of negative effects on climate 
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(Groffman et al., 2000). The release of N2O may be affected by several parameters such as pH, 

temperature, O2, and the ratio of NO3- to organic C available for denitrification (Burgin & 

Groffman, 2012; Senbayram et al., 2012; van Cleemput, 1998; Weier et al., 1993), and a wide range 

of emission rates have been reported (Addy et al., 1999; Groffman et al., 2000; Jacinthe et al., 

1998; Weller et al., 1994). These reported N2O emission rates range from 0.02% to 3.7% of NO3- 

inputs to the riparian zone. Using the average of these reported values (1%) and assuming that the 

entire depletion of NO3- in the investigated transects was due to denitrification at shallow depth, a 

rough estimate of the average loss of N2O to the atmosphere may be in the range of 0.05, 0.26, 

0.37, and 0.26 g N/m²/yr for T31-T34, respectively. However, results from the isotope-pairing 

experiment conducted in this study using soil slurry incubations at 20°C suggest that these 

emissions may potentially be even higher, especially if Fe2+ is present in combination with NO3- 

(Paper III). Thus, while studies on emission of greenhouse gasses are numerous, further studies on 

N2O emission in riparian lowlands may be highly relevant, especially if these riparian lowlands 

receive or are projected to receive agricultural tile drainage  

One of the major controls of overland flow in riparian lowlands is the hydraulic loading rate (HLR). 

HLR was very high in one of the subareas investigated in this study as a result of drain discharge 

from a large upland drainage network into a small area of the riparian lowland, thus resulting in 

direct overland flow and transport of NO3- to the stream. For management purposes it may 

therefore be beneficial to divide drainage discharge into several drain outlets or using distribution 

ditches to reduce HLR and overland flow and thereby optimize removal of NO3- . 
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Key points: 

• Overland flow, bypassing the riparian lowland, is produced when the hydraulic loading 
exceeds riparian lowland infiltration. 

• Magnitudes of overland flow are correlated with the ratio of catchment area to riparian 
lowland area. 

• Riparian lowland drains reduce overland flow and increase water residence times. 
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Abstract 

Riparian lowlands act as interfaces between the streams and upland areas. This study identified and 
quantified local flow paths in four transects of a 26 ha Danish riparian lowland in a glacial till 
landscape. The riparian lowland was fed by drain water from the upland agricultural drainage 
catchments. Precipitation, stream stage, and drainage discharge into the riparian lowland were 
measured continuously, while groundwater hydraulic heads were measured in piezometer pipes 
twice per month. A water balance model was developed to quantify water fluxes leaving the 
riparian lowland area via evapotranspiration, leakage to a deeper aquifer, and via groundwater flow, 
drain flow, and overland flow to the adjacent stream. Overland flow originating from the tile drains 
was the main flow path in all four transects but also fluxes to the stream via groundwater or lowland 
tile drains were significant in parts of the riparian lowland. The presence of a secondary tile 
drainage network within parts of the riparian lowland reduced overland flow and increased 
interaction with the riparian lowland soils. Area-normalized fluxes varied greatly between transects, 
largely reflecting variations in hydraulic loading rates (HLRs, ratios of water input to the area of the 
receiving riparian lowland). This, combined with the significance of groundwater flow and riparian 
lowland tile drain flow in some of the investigated transects, revealed a heterogeneous distribution 
of flow paths within the small headwater lowland. The dynamics of overland flow were highly 
correlated with the dynamics of HLR, which was dominated by drainage discharge at the hillslope 
boundary. 

Introduction 

Despite the fact that riparian lowlands may constitute only a small fraction of a catchment area, 
these areas can significantly affect catchment nutrient balances (Hansen et al., 2018). Surface 
runoff, tile drainage, and groundwater from the upland areas must pass the riparian zone to reach 
the streams. Large variations in the effect of the riparian zone on nutrient removal have been 
reported (Hill, 1996; Hoffmann et al., 2009; Mayer et al., 2007). This is partly related to variations 
in the biogeochemical properties of the riparian zone and partly to variations in the flow paths 
through the riparian zone (Vidon et al., 2010). Several studies have documented a markedly higher 
nitrate removal efficiency via subsurface flow compared to overland flow due to overland flow 
bypassing zones of denitrification (Mayer et al., 2007). Although a conceptual understanding of the 
different flow paths through riparian lowlands exists (Dahl et al., 2007), there is still a lack of 
knowledge of the quantitative importance of these flow paths (Burt et al., 1999; Carlyle & Hill, 
2001; Devito et al., 2000; Karan et al., 2013; Kidmose et al., 2010; Puckett et al., 2002). 

Most studies on riparian lowlands concern natural or semi-natural riparian lowlands and most 
commonly the main flow path into the investigated riparian zones is groundwater (e.g. Brüsch & 
Nilsson, 1993; Devito et al., 2000; Puckett et al., 2002). The majority of these studies focus on 
sandy riparian lowlands, while studies in glacial till landscapes are scarcer (Hill, 2018).  

Partitioning of flow components into overland flow, tile drain flow, and groundwater flow has 
previously been done on catchment and subcatchment scales using hydrograph separation (Buttle, 
1994), end-member mixing models (Petry et al., 2002), cell-by-cell water balance models (Soulsby 
& Dunn, 2003), or conceptual water balance models (van der Velde et al., 2011). Only a few studies 
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have attempted to partition flow components in riparian lowlands at field scale (Clausen et al., 
1993; Langhoff et al., 2006; Peterjohn & Correll, 1984; Shabaga & Hill, 2010). Several studies 
have highlighted the importance of overland flow generated by groundwater seepage (Dahl et al., 
2007; Faulkner et al., 2016; Gold et al., 2001; Hill, 1990; Vought et al., 1994; Warwick & Hill, 
1988), but few studies have quantified the overland flow component (Clausen et al., 1993; Langhoff 
et al., 2006; Peterjohn & Correll, 1984; Shabaga & Hill, 2010). Furthermore, only a few studies 
have investigated overland flow generated by irrigation by drain pipes disconnected at the riparian 
lowland hillslopes (Hoffmann et al. 2018; 2012; 2011). These studies were typically conducted in 
settings where overland flow was assumed to be the only pathway for water to reach the stream.  

It is generally accepted that the distribution of overland and subsurface flow is mainly controlled by 
geology and topography (Dahl et al., 2007; Fox et al., 1997; Lloyd et al., 1993; Vidon & Hill, 
2004). Overland flow is generally generated by three principal mechanisms: i) infiltration-excess 
overland flow, which occurs when rainfall intensity (or other surface water inputs such as drain 
discharge or irrigation) exceeds the soil infiltration capacity (Horton, 1933), or saturation-excess 
overland flow, which may occur as either ii) direct runoff from precipitation (or other surface water 
inputs), which falls onto an already saturated soil on which no further infiltration can take place 
(Acreman & Holden, 2013; Burt & Butcher, 1985; Haycock, 1997), or iii) return flow, when 
subsurface water inputs exceed the combined drainage and storage capacity of the soil, resulting in 
saturation and exfiltration (Dunne & Black, 1970; Kirkby & Chorley, 1967). In sandy catchments, 
springs will occur in terms of return flow within the riparian lowland if the flux of groundwater 
exceeds the transmissivity of the riparian lowland sediments (Lloyd et al., 1993; Vidon & Hill, 
2004). Subsurface sand layers may also directly connect to the stream resulting in direct flow to the 
stream bypassing the organic riparian lowland soils, which typically have lower hydraulic 
conductivities (Ksat) (Dahl et al., 2007). In comparison, in clayey catchments, a higher proportion of 
water is likely to enter the riparian lowland via overland flow (Lloyd et al., 1993) or drain flow 
(Møller et al., 2018) from the upland. The relative importance of flow components within the 
riparian lowland depends on hydraulic loading rate (HLR) and on the infiltration occurring in the 
riparian lowland. The infiltration is controlled by several factors including slope (Fox et al., 1997), 
lithology (Ekwue & Harrilal, 2010), roughness (Govers et al., 2000), soil moisture (Gray & Norum, 
1967), soil temperature (Moore, 1941), and vegetation cover (Thompson et al., 2010). In fen peat 
soils with a shallow water table, the capillary fringe is likely to reach or nearly reach the surface 
(Bloemen, 1983). This greatly reduces the effective specific yield of the soil (Gillham, 1984), 
meaning that only a small input of water is required to saturate the soil and induce exfiltration 
(Buttle, 1994). Overland flow in terms of direct runoff may also be generated during the onset of a 
precipitation event following a dry period due to development of hydrophobic properties of peat 
during dry periods that inhibit infiltration (Doerr et al., 2000). Overbank flooding from the stream 
resulting in a reverse flow direction (i.e., from the stream into the riparian lowland) is mainly 
associated with low-order streams and is usually of little importance in headwater riparian lowlands 
(Brinson, 1993; Haycock, 1997; Noble & Berkowitz, 2016). 

The distribution of flow paths determines the residence time and thereby the time for interaction of 
solutes in water with the riparian lowland sediments. This has implications for water quality (Hill, 
1996; Mayer et al., 2007; Mitsch & Gosselink, 2015). Considering the high priority of mitigating 
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agricultural nutrient losses in tile drained catchments by disconnecting tile drains and allowing 
drainage water to flow through riparian lowlands, knowledge on local riparian flow paths, 
especially the distribution of overland versus subsurface flow, is highly requested. The present 
study aimed to elucidate the variations in local flow paths in riparian lowlands situated in a tile 
drained Weichselian glacial till subcatchment (Fensholt, Denmark). The specific objectives were: i) 
to identify and quantify water fluxes along different flow paths in four subareas of the riparian 
lowland receiving agricultural drainage water from neighbouring uplands. Special focus was here 
on the differentiation and dynamics of overland and subsurface flow; ii) to elucidate the influence 
of subsurface drains on the relative distribution of overland and subsurface flow; and iii) to 
document the heterogeneity of flow paths and water balances within a small headwater lowland and 
reveal the major factors controlling the distribution of overland versus subsurface flow. The 
influence of these flow paths on the transport and transformation of N within the riparian lowland 
was investigated in a companion paper (Petersen et al., 2019). 

Materials and methods 

Site description 
The study was conducted in a riparian lowland (55°58’50”N, 10°04’50”E) that stretches 1.5 km 
along an agricultural headwater stream in an undulating clay till landscape in eastern Jutland, 
Denmark (Fig. 1). The riparian lowland sediments are dominated by organic sediments overlying a 
clay till base. The 26 ha riparian lowland area is located in the centre of the Fensholt catchment 
with a total upland area of 194 ha. This catchment forms part of a larger catchment draining 
eastwards to Norsminde Fjord. The land use is dominated by agriculture (77%) and the agricultural 
fields in the catchment are drained by dense tile drain networks. Tile drains generally terminate 
where the hillslope meets the riparian lowland and discharge onto the riparian lowland surface as 
overland flow. However, for some locations tile drains discharge directly into the stream thus 
bypassing the riparian zone. Parts of the riparian lowland has a secondary drainage network, which 
is disconnected from the upland drainage networks and drain the riparian lowland area into the 
stream (Fig. 1a and b). The main riparian lowland drain outlet was submerged in the stream during 
the entire study period. Available drain maps for the upland fields are incomplete for some fields as 
indicated by a large number of (disconnected) drain pipe outlets observed along the hillslope that 
are not shown on the available drain maps (Fig. 1a).  
Based on an initial survey, four subareas were instrumented (transects 31, 32, 33, and 34, 
henceforth referred to as T31-T34) (Fig. 1). The subareas were selected to represent different 
topographical characteristics and a range of expected HLRs as indicated by the ratios (R) of upland 
drainage catchment areas (AC) to the area of the riparian lowland (AT) (Table 1). T31-T34 all 
receive drainage water from upland fields but differ with respect to dicharge from upland drains, 
AC, AT, R, slope, and presence of tile drains within the riparian lowland (Table 1, Fig. 1b to e). 
T31 was characterized by a relatively shallow terrain slope, the presence of tile drains within the 
transect area, a topographical depression in the center of the transect (Fig. 1b), and a relatively low 
value of R implying a low HLR. Overland flow in this transect was generally dispersed over an 
indistinct area but converged to a well-defined outlet overflowing to the stream. T32 was 
characterized by a steep slope, a short distance from the hillslope drain outlet to the stream, and by a 
large value of R implying a higher HLR. Overland flow in this transect was constricted to a 
relatively narrow channel throughout the entire transect. T33 was characterized by a shallow terrain 



129 

 

 

slope, a large AC providing large water inputs, and the presence of overland flow dispersed over a 
large area. T34 showed characteristics similar to T33 in the lower half of the transect. Also here, 
overland flow dispersed over a wide gently sloping area. 
 

Table 1: Key characteristics of the four selected transects, T31-T34. 

Characteristic  T31  T32  T33  T34 

Riparian lowland slope (%)  3.0  9.0  2.5  6.5 

Distance from hillslope drain outlet to stream (m)  90-140  35  150  80 

Upland drain catchment area (AC) (ha)  3.9  7.6  13.7  6.9 

Area of riparian lowland transect (AT) (ha)  1.15  0.113  1.17  0.477 

Ratio of upland drain catchment area to riparian lowland 
transect area (R = AC/AT) 

 3.4  67  12  14 

Ratio of the width of the wet zone of the riparian area to the 
effective width of the stream (W) (Langhoff et al., 2006) 

 100  4  13  10 

Tile drains present within riparian lowland  +  -  -  - 

 
Soil characteristics 
Within the four transects, 281 soil samples were collected from 25 boreholes during May 2016 to 
July 2017. The volume samples were collected using both Russian corers (Competition Cars) and 
Eijkelkamp liner samplers (04.15.SA). These samples were weighed and dried at 105 °C for 24 h to 
determine bulk density (ρb). Subsamples were heated at 550 °C for four hours to determine loss on 
ignition (LOI, %). Porosities (ϕ) of soil samples below the water table were determined as the water 
contents after drying at 105 °C while ϕ in peat samples above the water table were calculated as: 

𝜙𝜙 = 1 −
𝜌𝜌𝑏𝑏
𝜌𝜌𝑝𝑝

 (1) 

where ρp is particle density in g/cm³, calculated according to Okruszko (1971) as: 

𝜌𝜌𝑝𝑝 = 0.011 ⋅  𝐿𝐿𝑂𝑂𝐿𝐿 + 1.451. (2) 
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Figure 1. a) The Fensholt catchment with delineation of riparian lowland area, stream, and subcatchments 
draining to the four transects T31-T34, b-e) The four transect areas with positions of drain in/outlets, 
flowmeters, piezometer nests, sample points for overland flow (OLout), stream extent at average stream stage 
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(where flooding of low-lying areas can be seen), average areas of exfiltration, and the surface area considered 
during mass balance calculations for the transect areas.  

Hydrology  
Drainage discharge 
Upland drainage discharge entering the riparian lowland subareas was measured at T31, T33, and 
T34 between September 2016 and October 2017 using electromagnetic flowmeters (Krohne 
Optiflux 3070) installed at the main hillslope drain outlets at 31in1, 31in5, 33in, and 34in (Fig. 1). 
Flow was recorded using pulse data loggers (MadgeTech Pulse101A) recording the number of 100 
L pulses every 10 minutes. At T31, three additional, smaller drain outlets were present (31in2, 31in3, 
and 31in4). The measurement error given by the manufacturer was less than ±0.5%. Discharge from 
these drains was estimated by normalizing flow rates from the main drain outlet (31in1) to the 
respective catchment areas of the smaller drains. The catchment areas for all drain outlets were 
determined by breach-burning the existing drain maps into the digital elevation model of the area 
(DADSE, 2016, 0.4 m×0.4 m resolution, 0.15 m horizontal accuracy, 0.05 m vertical accuracy) as 
described in Lindsay (2015). The topographical drainage catchment, also taking into account the 
drainage networks, could thus be delineated using the software Whitebox GAT (Lindsay, 2016).  
Drainage water entering the riparian lowland at T32 (32in) was measured between April and 
October 2017 using an RBC steel flume (Clemmens et al., 1984) designed using the software 
WinFlume (Wahl et al., 2000). Water levels in the flume were measured every 10 minutes using a 
MadgeTech Level 2000 data logger. The combined error of the data logger and manual calibration 
was less than ±2 mm corresponding to flow errors of less than ±4%. The 32in hydrograph for the 
missing part of the study period (September 2016 to March 2017) was estimated using the direct 
sampling (DS) algorithms developed by Mariethoz et al. (2010) implemented in the software 
DeeSse (Oriani et al., 2014). The DS algorithm allowed filling of data gaps by using the existing 
data for 32in as a training image and by using precipitation (see Section 2.3.5) and drainage 
hydrographs at other locations as conditioning data (these data were available for the whole study 
period). The conditioning data used were hydrographs and rising/recession indicators for 31in5, 33in, 
and 34in together with precipitation and two triangular auxiliary functions to guide seasonal 
variation. The average of 100 simulations was used for the final hydrograph for 32in. Minor gaps in 
the hydrographs of 33in and 34in were filled using the same approach. The simulation ensembles 
were used to calculate 95% confidence intervals around averages. 
Groundwater flow 
A total of 180 polyethylene (PE) piezometer pipes (50 mm diameter) were installed in nests along 
the transects following the topographical gradient from the main hillslope drain outlet towards the 
stream (Fig. 1b to e). These profiles were named 31NS, 32NS, 33NS, and 34SN according to their 
location and orientation (Fig. 1b to e). Additional nests were installed along transverse profiles 
named 31WE, 32WE, 33WE1, 33WE2, and 34WE. Piezometers were installed at depths ranging 
from 0.10 to 14.05 m below terrain (m.b.t.) with screen lengths ranging from 0.11 m to 1.02 m. 
Piezometers were named according to transect, nest number (Fig. 1b to e) and depth (Fig. 3) (i.e., 
piezometer 32-04-2 is located in T32 in nest number four and is the second-deepest intake). The 
piezometers were installed by predrilling holes with a hand auger (5 cm diameter Edelman auger, 
Eijkelkamp) pushing the piezometers down the borehole by hand or with a gas-powered fence post 
driver. At T32 and at the uplsope half of T34, gullies were created by drainage water from the 
disconnected tile drains. The piezometers were installed on the flanks of these gullies and not along 
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the center. After installation of piezometers, their positions were measured using an RTK GPS 
(Topcon HiPer SR) to a horizontal accuracy of ±10 mm and a vertical accuracy of ±15 mm. The top 
of the piezometers were used as reference points for water level measurements. 
Water levels were measured manually every three weeks on average from July 2016 to October 
2017. The water levels were measured relative to the reference points with an accuracy of ±5 mm. 
Slug tests were performed using either falling head or rising head depending on the initial water 
level in the piezometer pipes. Saturated hydraulic conductivities (Ksat) were calculated using the 
method described by Bouwer and Rice (1976). Water levels of selected piezometers were used to 
calculate Darcy flow in and out of the areas belonging to each transect (Supporting Information, 
Table S1). Mini-Divers (van Essen Instruments) were installed in selected piezometers to measure 
water levels every five minutes for selected periods (nine divers rotated between piezometers from 
April 2017 to June 2018, 3000 measurement days). 
Plots depicting equipotential lines of hydraulic head and concentrations were generated by 
contouring linearly interpolated grids. An anisotropy of 10 was applied to the grid, stretching 
contour lines in the horizontal direction (Cui et al., 2017).  
Bromide tracer experiment 
As part of a companion study of the fields surrounding the riparian lowland (Varvaris, 2019), a 
bromide (Br) tracer was applied to upland agricultural areas. The Br tracer was applied evenly to 
the entire area of the fields comprising the catchment area of T31 on 23 August 2017 and of T34 on 
1 September 2017 using a tractor-mounted sprayer. Amounts of 30 kg Br/ha and 28 kg/ha dissolved 
in 300 L/ha corresponding to solution concentrations of 100 and 93 g/L were applied to the drain 
catchment areas of T31 and T34, respectively. The resulting pulses in drain outlets 31in1 and 34in 
were used, together with results from the water balance approach, to evaluate the dominant flow 
paths (see Section 3.3.3). Br concentrations were measured in accumulated daily samples from 31in1 
from 19 August 2017 to 1 January 2018, in 34in from 31 August to 1 January 2018, and in samples 
from selected piezometer screens and surface waters in T31 and T34 collected on 26 September and 
10 October 2017 as an aid to determine the main flow paths.  

Catchment stream station 
At the Fensholt catchment stream outlet (Fig 1), a gauging station was installed in summer 2013 by 
the iDRAIN project (Kjaergaard, 2019). The stream stage was logged every 10 minutes using an 
OTT Orpheus Mini Water Level Logger and a stable Q-h relation was established from two years of 
semi-monthly discharge measurements using an OTT C2 current meter (Ovesen & Poulsen, 2016). 

Precipitation and evapotranspiration 
Precipitation was measured using a tipping bucket rain gauge (Pronamic Rain-O-Matic-
Professional, accuracy ±2%) located at the hillslope at T31 at an elevation of 62 m a.s.l. (Fig. 1a 
and b). Measured precipitation was corrected for systematic measurement errors caused by wind 
and wetting losses according to Allerup et al. (1998). Gaps in the precipitation time series were 
filled using data from nearby precipitation stations in Ulvsborg (55°58’29”N, 10°6’25”, 2.5 km 
from the study site) and Fillerup (55°57’35”N, 10°5’33”E, 2.9 km from the study site). The 
measurement error for precipitation is relatively small compared to the error arising from the 
monthly correction factors described by Allerup et al. (1998). While this correction error is difficult 
to quantify, some indication of this error can be obtained by comparison of the correction factors 
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used in Denmark for the period 1931-1960 with 1961-1990. The difference in correction factors 
used in these two periods is 14% for monthly precipitation, while the difference is 4% for annual 
precipitation. For this study, a total error for annual precipitation was assumed to be ±10%. 
Data for daily reference evapotranspiration (ET0) were obtained from a meteorological station in 
Foulum, Denmark (56°29’42”N, 9°34’22”E, 54 m a.s.l., 65 km NW of the study site) and was 
calculated from the modified Makkink method (Aslyng & Hansen, 1982; Plauborg et al., 2002). ET0 
was converted to potential evapotranspiration (ETpot) by mulitiplication by a factor of 1.2 to account 
for high water tables (Allen et al., 1998; Refsgaard et al., 2003) and the daily dynamics were 
applied to hourly values by imposing a sine function with evapotranspiration initiating at 06:00, 
peaking at 12:30 and ceasing at 19:00 (Wang et al., 2012): 

𝐸𝐸𝑇𝑇𝑝𝑝𝑜𝑜𝑡𝑡 = �  1.2 ⋅ 𝐸𝐸𝑇𝑇0 ⋅ sin �
𝑡𝑡ℎ𝑜𝑜𝑜𝑜𝑟𝑟 − 6 ℎ

26 ℎ
⋅ 2𝜋𝜋� ⋅

𝜋𝜋
26 ℎ

𝑓𝑓𝑓𝑓𝑓𝑓 6 ℎ < 𝑡𝑡ℎ𝑜𝑜𝑜𝑜𝑟𝑟 < 19 ℎ

0 𝑓𝑓𝑡𝑡ℎ𝑒𝑒𝑓𝑓𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒
 (3) 

The distribution of ET across Denmark is relatively uniform (Scharling, 2000). Comparing daily 
ET0 values for the study period from seven climate stations spread over Denmark (Foulum, Askov, 
Aarslev, Jyndevad, Flakkebjerg, Silstrup and Tylstrup) reveals a 95% confidence around the mean 
of ±17% for daily ET0 and ±11% for annual ET0. Thus, despite the distance of 65 km from the 
study site, annual ET0 measured at the Foulum climate station is expected to be representative for 
ET0 at the study site within an error of ±11%. 

Water balance and conceptual flow model 
The water balance (mm/h) for each of the transect areas can be written as: 

                 Σ𝑖𝑖𝑖𝑖                             Σ𝑜𝑜𝑜𝑜𝑡𝑡,𝑐𝑐𝑑𝑑𝑐𝑐𝑐𝑐𝑜𝑜𝑐𝑐𝑑𝑑𝑡𝑡𝑒𝑒𝑑𝑑          Σ𝑜𝑜𝑜𝑜𝑡𝑡,𝑚𝑚𝑜𝑜𝑑𝑑𝑒𝑒𝑐𝑐𝑐𝑐𝑒𝑒𝑑𝑑            
𝑃𝑃 + 𝐷𝐷𝑖𝑖𝑖𝑖 + 𝐺𝐺𝑖𝑖𝑖𝑖 + 𝑂𝑂𝑖𝑖𝑖𝑖������������� = 𝐸𝐸𝑇𝑇𝑝𝑝𝑜𝑜𝑡𝑡 + 𝐺𝐺𝑜𝑜𝑜𝑜𝑡𝑡 + 𝐿𝐿𝑜𝑜𝑜𝑜𝑡𝑡������������� + 𝐷𝐷𝑜𝑜𝑜𝑜𝑡𝑡 + 𝑂𝑂𝑜𝑜𝑜𝑜𝑡𝑡��������� + Δ𝑆𝑆 

(4) 

where P is precipitation directly on the transect area, Din is inflow of drain water to the riparian 
lowland at the hillslope, Gin is inflow of groundwater to the riparian lowland along the hillslope 
boundary of the transect area, Oin is inflow of surface water, either as overland flow from the 
upland, or as overbank flow from the stream, ETpot is potential evapotranspiration from the transect 
area (assumed to be representative of actual ET due to high water tables), Dout is output of water to 
the stream via drain pipes, Gout is groundwater output to the stream through the riparian lowland 
sediments along the stream boundary of the transect area, Lout is leakage of groundwater through the 
clay till base layer to a deeper Miocene aquifer, Oout is the flow of water to the stream via overland 
flow across the stream banks, and ΔS is the change in storage of water in the soil and surface water 
basins. Overland flow from the upland surroundings was assumed to be negligible due to efficient 
draining of the fields. Since overbank flow is usually not significant in headwater riparian lowlands, 
the flow path Oin was considered negligible. Therefore, flow was considered to be unidirectional 
from the lowland to the stream. 
Gin and Gout were calculated for individual geological layers as Darcy flow based on measured 
hydraulic heads (H) and hydraulic conductivities (Ksat) from slug tests (Supporting Information, 
Table S1). Piezometer hydraulic heads between subsequent measurements were interpolated 
linearly. Lout was calculated as Darcy flow assuming a vertical Ksat (Kleak) of the underlying clay till 
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of 0.009 cm/day (10-9 m/s) (De Schepper et al., 2017), a constant hydraulic head in the Miocene 
aquifer of 50 m (GEUS, 2018), and thicknesses of the clay till barrier of 30, 30, 25, and 10 m in T31 
to T34, respectively (Prinds, 2019). 
A simple water balance model was set up to partition the remaining water into the remaining 
unknowns Dout, Oout, and ΔS in one-hour time steps (Fig. 2). The model is based on the assumption 
that the known (monitored) components are determined with enough certainty to estimate the 
unknown components from the water balance. Neglecting Oin, Dout is the only unknown that can 
affect S, and hence Dout can be calibrated by fitting the dynamics of S to the shallow water table 
dynamics observed in the riparian lowland. In a situation where drain pipes are not present within 
the riparian lowland, Oout is the only unknown component. 

 
Figure 2. Concept of the riparian lowland water balance model for flow partitioning. Inputs are 
precipitation (P), drainage water from agricultural fields (Din), and groundwater (Gin). Outputs are 
groundwater (Gout), leakage (Lout), riparian lowland tile drainage water (Dout), evapotranspiration 
(ETpot), and overland flow (Oout). Outputs are prioritized as indicated from bottom left to right (Gout, 
Lout, Dout, ETpot). Oout is only activated when the storage capacity (Smax) is exceeded. 

For each transect a maximum storage capacity (Smax) of the topsoil was calculated from the average 
amplitude of the hydraulic head in the shallow piezometers and the specific yield of the peat soil: 
 

𝑆𝑆𝑚𝑚𝑑𝑑𝑒𝑒 = Δ𝐻𝐻 ⋅ 𝑆𝑆𝑑𝑑 (5) 
 
where ΔH is the difference between the maximum and minimum measured hydraulic heads in 
piezometers installed in the topsoils and Sy is specific yield for peat, which is assumed to be 0.30 for 
this study (Bourgault et al., 2016; Price, 1996; Päivänen, 1973; Rezanezhad et al., 2016). In the 
central part of T31, a topographical depression covering an area of 1440 m² allowed storage for 
surface water, which was added to Smax. Based on analysis of the digital elevation model (DEM), 
the surface water storage capacity of the depression was estimated to be 145 m³. 
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Drains were only present within the riparian lowland area in T31. Thus, Dout was zero for T32-T34. 
For T31, Dout was limited to the sum of net infiltration (I) and groundwater inflow (Gin) minus the 
water leaving as groundwater to the stream (Gout) or via leakage (Lout): 
 

𝐷𝐷𝑜𝑜𝑜𝑜𝑡𝑡 ≤ 𝐺𝐺𝑖𝑖𝑖𝑖 + 𝐿𝐿 − 𝐺𝐺𝑜𝑜𝑜𝑜𝑡𝑡 − 𝐿𝐿𝑜𝑜𝑜𝑜𝑡𝑡 (6) 
 
and 𝐿𝐿 = 𝑒𝑒 ⋅ 𝐴𝐴                (7) 

 
where i is the infiltration rate and A is the active infiltration area. A was defined as the entire 
transect area, except for areas of exfiltration, and exfiltration areas were delineated as the average 
areas having a hydraulic head above terrain in the shallowest piezometers. By fitting the dynamics 
of S to the dynamics of hydraulic heads measured in shallow piezometers, i was calibrated 
manually. At each time step, if Σ𝑖𝑖𝑖𝑖 > Σ𝑜𝑜𝑜𝑜𝑡𝑡,𝑚𝑚𝑒𝑒𝑑𝑑𝑒𝑒𝑜𝑜𝑟𝑟𝑒𝑒𝑑𝑑 + 𝐷𝐷𝑜𝑜𝑜𝑜𝑡𝑡, the surplus water was added to S. If S 
exceeded Smax, the remaining water was assigned to Oout. If Σ𝑖𝑖𝑖𝑖 + 𝑆𝑆 < 𝐸𝐸𝑇𝑇𝑝𝑝𝑜𝑜𝑡𝑡 + 𝐺𝐺𝑜𝑜𝑜𝑜𝑡𝑡 + 𝐿𝐿𝑜𝑜𝑜𝑜𝑡𝑡 +
𝐷𝐷𝑜𝑜𝑜𝑜𝑡𝑡 + 𝑂𝑂𝑜𝑜𝑜𝑜𝑡𝑡, water would be distributed to different output sources in the following order: Gout, 
Lout, Dout, ET, and Oout. This order was chosen since Gout and Lout were measured, and to ensure a 
relatively stable flow from the drains, which were always below the water table. ETpot was given a 
low priority since actual ET may not be equal to ETpot if water supply was low. Oout was the last 
priority since no other data were available to quantify this flow path. 

Results 

Lithology 
The lower boundary of the riparian lowland valley is a blue-gray clay till, which represents the 
immediate postglacial surface and constituted a relatively impermeable baselayer beneath the valley 
fill sediments. This lower boundary layer had an uneven surface with a number of basins (i.e., dead-
ice holes). On top of the clay till most of the boreholes contained sand lenses, which diminished in 
thickness towards the center of the valley (Fig. 3). On top of this layer, in the center of the basins, 
up to 10 m of gyttja was found. The top layer consisted of 0.5-2 m of peat or clay. Generally, clay 
content in this top layer was higher towards the edge of the riparian lowland (0-3% TOC) and peat 
content was higher towards the center of the valley (13-41% TOC) as seen in Petersen et al. (2019).  
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Figure 3: Hydraulic head (contour lines) in meters above sea level (m a.s.l.) and flow direction 
(arrows), as indicated by hydraulic gradients, for the four transects on 6-7 March 2017. The profiles 
for T32-T34 are straight lines from the hillslope towards the stream, while the profile for T31 is 
composed of two segments: one north-south and one east-west, following the main flow paths (Fig. 
1). 

Soil hydrophysical characteristics 
While the hydrostratigraphic structure differed between transects (Fig. 3), the hydrophysical 
characteristics were similar for all four transects (Table 2). 

Table 2: Bulk density (ρb), porosity (ϕ), saturated hydraulic conductivity (Ksat), and loss on 
ignition (LOI) for all four transects combined according to texture classes showing means 
(µ), standard deviations (σ), and number of samples (n). The order of the lithologies 
represents the general stratigraphy from the surface downwards (Fig. 3). 
  ρb  ϕ  Ksat  LOI  
  g/cm³  %  cm/day  %  
  µ σ n  µ σ n  µ σ n  µ σ n  
 Peat 0.21 0.10 57  87 20 57  95.9 162 27  70.1 17.3 61  
 Gyttja 0.68 0.38 95  72 18 95  21.4 48.5 18  16.8 16.2 102  
 Sand 1.31 0.39 32  39 16 33  87.0 129 10  3.0 3.72 45  
 Gravel 1.67 0.11 6  27 8.8 6  27.6 34.2 3  1.2 0.42 8  
 Clay 0.94 0.33 40  52 16 40  54.4 94.0 8  11.6 8.03 49  
 Clay till 1.35 0.32 3  39 31 3  22.5 32.6 3  3.5 2.49 7  

 
Some parameters were inter-correlated; e.g., log(ρb) was correlated with LOI (r²=0.70), and ρb for 
peat and gyttja were weakly correlated with depth (r²=0.26). Thus, a relatively high standard 



137 

 

 

deviation was seen for, e.g., ρb in gyttja due to gyttja being found across a large range of depths (0-
12 m). Porosities were in the range of 60-97% in peat layers, 30-70% in clay layers, and more 
variable (from 20 to 95%) for the remaining lithologies. Porosities were negatively and linearly 
correlated with ρb (r² = 0.50) and positively and linearly correlated with LOI (r² = 0.44).  
Ksat was highly variable and not correlated with any of the other measured parameters except for 
depth in peat and gyttja layers and to a more ambiguous extent in the clay layers (Supporting 
Information, Fig. S1). The highest Ksat values were found in the uppermost parts of the soil profiles. 
For peat and gyttja, Ksat generally decreased with depth, with the most marked exception being the 
high Ksat of peat at ~4 m depth in 32-04. This trend of decreasing Ksat with depth has also been 
found in other peat studies (e.g. Clymo, 2004). This correlation may be due to systematic variation 
of the degree of decomposition with depth, which may be further correlated with, e.g., fiber content 
or ρb (Bloemen, 1983; Boelter, 1969; Hoag & Price, 1995; Päivänen, 1973). However, no 
correlation between ρb and Ksat was found in this study (r=0.02). The Ksat of gyttja in T31 was 
found to be markedly lower than for gyttja layers in the remaining transects (Supporting 
Information, Fig. S1). Time-displacement curves from slug tests from several piezometers in peat 
layers in the four transects exhibited S-shapes typically related to non-Darcian properties (Brown & 
Ingram, 1988; Rycroft et al., 1975).  
Hydrology 
Fensholt catchment 
Annual precipitation from 1 September to 31 August was 574 mm, 901 mm, and 865 mm in 
2014/15, 2015/16, and 2016/17, respectively. Seasonal fluctuations in precipitation for 2016/17 are 
shown in Fig. 4r. Stream flow at the catchment outlet varied seasonally and in response to 
precipitation events. A baseflow of zero was observed during summer while the largest flow events 
occurred in late fall followed by smaller events in March and August (Fig. 4t). This dynamic 
characteristic was even more pronounced for the upland drain outlets (Fig. 4a to d). The drainage 
season 2016/17 was characterized by higher drainage peaks than the previous years, particularly in 
fall, and generally lower drainage during winter with few intermittent peaks (Kjaergaard, 2019, data 
not published). 
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Figure 4: Flow components in the transect hillslopes of T31-T34. a-d: measured (blue) and 
simulated (gray) drain discharge (Din); e-h: calculated groundwater inflow to each transect area 
(Gin); i-l: calculated groundwater outflow to from each transect area (Gout); m-p: modeled overland 
outflow from each transect area (Oout); q: estimated drain outflow from T31 (Dout); r: measured 
precipitation (P); s: evapotranspiration (ETpot); t: measured stream discharge at the catchment outlet. 
All fluxes were area-normalized to their respective transect areas while stream discharge (t) was 
normalized to the Fensholt catchment area (194 ha). 

Transect hydrology 
Average yearly drainage discharge (Din,yearly) into the riparian lowland transects was 5420, 13700, 
43900, and 19100 m³ at T31-T34, respectively (area-normalized values are given in Table 3). The 
amount of water entering each transect via drains (Din,yearly) was highly correlated with the 
contributing drainage catchment area (AC, Fig. 1b-d) (r²=0.97). 

Hydraulic gradients along the main piezometer transects and the piezometer transects perpendicular 
to the main transects (Fig. 3) showed that groundwater flow generally was perpendicular to the 
stream and parallel to the main piezometer transects. An exception was T31 where a clay till barrier 
was present between the transect area and the stream along 80 m of the western stretch of the 
stream. The peat layers were in direct contact with the stream along the remaining 34 m of the 
eastern transect area bordering the stream. Hence, groundwater flow followed the main north-south 
transect to the centre of T31 and then changed to the west-east transect towards the stream (Fig. 1b).  
A steep rise in the hydraulic head was seen in all piezometers between 12 September and 3 October 
2016 (Supporting Information, Fig. S2) corresponding to the first major rain events in early fall 
(Fig. 4r). The hydraulic heads were somewhat stable at this high level during the winter until they 
dropped from April through July 2017. The amplitude of this seasonal fluctuation of hydraulic head 
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varied from 0.2 m to 2.0 m. Largest amplitudes were seen near the hillslope and near the surface 
(Supporting Information, Fig. S2). Groundwater fluxes in and out of the transect areas followed this 
trend. However, since upslope and downslope hydraulic heads were correlated, seasonal variation 
of groundwater flow was generally limited to the variation in saturated thickness and was therefore 
relatively stable (Fig. 4e to h and m to p). 
The average amplitudes of hydraulic head in T31-T34 were 0.7 m, 0.5 m, 0.3 m, and 0.4 m, 
respectively, reflecting the seasonal change in water storage. The average amplitudes were 
negatively correlated with drain catchment area (r²=0.77). This corresponded to principles described 
by Hill (1996) of how riparian zones stating that small catchments are more likely to become 
hydraulically disconnected during dry periods resulting in larger water table fluctuations. Hydraulic 
gradients indicated exfiltration in the central parts of T31 (Fig. 1b) and in the downslope parts of 
T33 (Fig. 1d) and T34 (Fig. 1e) during most of the year (Supporting Information, Fig. S2). Thermal 
images of T31 captured at night on 8 March 2017 (Prinds et al., 2019) showed that surface water 
from a neighbouring part of the riparian lowland converged with overland flow from within T31 in 
the vicinity of 31OLout (surface water entering from drains was warm compared to the surrounding 
surface). Water sampled at 31OLout may thus be a mixture of overland flow from T31 and water 
from the neighbouring area. Br concentrations from the outlet of this location must therefore be 
interpreted with caution. Assuming a Sy of 0.3, the storage capacities (Smax) of T31-T34 were 210, 
150, 90, and 120 mm, respectively (Eq. 5). 
Groundwater flow in and out of the transect areas was stable throughout the measurement period for 
all hydrostratigraphic layers with only slightly higher flows during winter compared to summer 
(Fig. 4e to l and Supporting Information, Table S1). Groundwater flow in and out of the transect 
areas was low contributing less than 8% of water inflow and 3-25% of outflow (Table 3). The 
hydraulic head (50 m a.m.s.l.) of the regional Miocene sand aquifer, located on average 18 m below 
the clay till layer, was much lower than at the surface. Assuming Ksat values of the clay till of 0.009 
cm/day, the calculated leakages (Lout) through the clay till base in T31-T34 were of minor 
importance (0-1%, Table 3). 

Bromide tracer experiment 
Elevated Br concentrations from samples collected in T31 and T34 revealed active flow paths (Fig. 
5) around the time of tracer application as baseline Br concentrations were below 1.5 mg/L. Br 
mainly entered T31 via drain outlet 31in1. The first appearance of the Br pulse was observed at 31in1 
on 7 September 2017, i.e., 15 days after Br application to the upland agricultural fields (Varvaris, 
2019). Concentrations increased to a maximum of 40 mg/L on 14 September 2017 and decreased to 
~21 mg/L on 24 September 2017, where after it remained stable until 1 January 2018 (Fig. 5a and b 
shows the Br concentrations on 26 September and 10 October 2017). A hotspot of infiltration was 
observed around piezometer nest 31-02 while some Br was also measured in the surface water at 
31-05. Due to exfiltration around the topographical depression at piezometer nest 31-05 (Fig. 5a and 
b), Br could have travelled to this location via direct runoff, infiltration-excess overland flow, 
and/or return flow. A plume of Br propagated in the peat layer along the north-south transect as far 
as piezometer nest 31-05 from where the flow diverted along the west-east transect to the stream. A 
large fraction of Br was caught by the riparian lowland drains where high concentrations were 
measured. In contrast, Br concentrations close to the baseline were observed in the overland flow 
entering the stream at piezometer nest 31-11 (Fig. 5a and b). 
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The first appearance of the Br pulse in 34in was observed on 5 September 2017 four days after 
application. The maximum concentration in 34in of 84 mg/L was observed the following day. On 8 
September the concentration in 34in had decreased to 33 mg/L dropping to ~10 mg/L on 19 
September 2017. Hereafter it remained stable until 1 January 2018. The narrow Br pulse in 34in 
resulted in low Br concentrations in 34in (8-9 mg/L, Fig. 5c and d) at the time of sampling from the 
piezometer pipes as the main pulse had already passed. However, concentrations in the groundwater 
at 34-00-1 were still high (18 mg/L). In the remaining part of T34 south-north, Br was observed in 
shallow piezometers (02-6, 02-7, 02-8, 03-06, 03-08, and 03-9) to depths of up to 1.6 m. Br was not 
detected downstream of piezometer nest 03. Br was also recovered in the topmost screens in 
piezometer nests on the flanks of the main transect (for location see Fig. 1e) indicating that water 
from 34in spread over the entire transect width and infiltrated to a depth of ~1.6 m near the center of 
the transect. 

 
Figure 5: Concentrations of bromide (Br) measured in piezometers (colored squares), drains, and 
surface waters (colored circles) on 26 September 2017 and 10 October 2017 for (a-b) T31, and (d-c) 
T34. The profile for T34 is a straight line from the hillslope towards the stream, while the profile for 
T31 is composed of two segments − one north-south and one east-west, following the main flow 
paths (Fig. 1b). 

Water balance and hydraulic loading rates (HLRs) 
Water balances and error ranges estimated for the four transects are shown in Table 3 and the 
hourly fluxes of the resulting overland (Oout) and drain flow (Dout) are seen in Fig. 4m to q. An 
overview of hydrostratigraphic layers and parameters (layer thicknesses, hydraulic gradients, and 
Ksat) used for calculation of groundwater fluxes is presented in Supporting Information, Table S1, 
and an analysis of the sensitivity of the distribution of outflow components to key input parameters 
is presented in Supporting Information, Table S2. 
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Error ranges for groundwater fluxes were estimated from the accuracy of hydraulic head 
measurements and were ±4%, ±5%, ±12%, and ±8% for Gin in T31-T34, respectively, and 9%, 8%, 
11%, and 97% for Gout in T31-T34, respectively. The large error for Gout in T34 mainly originated 
from uncertainties in measuring the vertical component of groundwater fluxes; the hydraulic head 
in particular resulted in flux measurement uncertainties of ±400%. To this should be added the error 
of measuring Ksat, which Päivänen (1973) estimated to be ±40% whereas the estimate by Winter 
(1981) was ±100%. Due to the large uncertainties associated with groundwater flow in general, a 
combined error in the estimate of groundwater fluxes of ±100% was chosen. 

The sum of inputs normalized to transect areas yielded the hydraulic loading rates (HLRs, mm/yr), 
which varied greatly between transects (Table 3). In the Fensholt subcatchment, large drain 
catchments drained into a few main drain outlets in the riparian lowland hillslope resulting in large 
HLRs on these riparian lowland areas. The remaining parts of the riparian lowland were subject to 
small HLRs.  

Also highly variable in terms of absolute values were the measured drain water inflows (Din) and 
groundwater inflows (Gin) to the four transects. Din constituted the major inflow in T32, T33, and 
T34 (76-86%) while the relative contribution of Gin generally was minor (<8%). Due to the smaller 
drainage inflow in T31, precipitation was the major water source in this part of the riparian lowland 
(Table 3). Dout in T31 was at maximum capacity (eq. 6) during most of the year except for 
September 2016 where water inflow to the transect was low (Fig. 4q). 
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Hourly values of Oout (Fig. 4m to p) were highly correlated with Din in T32 (r²=0.94), T33 
(r²=0.82), and T34 (r²=0.69) while this was not the case in T31 (r²=0.10). Neither did Oout correlate 
well with precipitation (P) in T31 (r2=0.13) while the correlation of Oout with P increased when 
only considering the period from October to March (r²=0.32), and increased further when only 
considering the period from November to January (r²=0.97). The correlation of Oout with Din in T31 
did not change markedly when only considering winter periods (r²=0.07-0.09). Model results 
suggested that 75% of total overland flow occurred over 36, 64, 66, and 102 days mainly in fall and 
winter in T31-T34, respectively (Fig. 4 m to p). 

Table 3: Annual water balances of transects 31-34 normalized to transect areas (all in mm/yr). ± 
indicates error ranges and percentages indicate proportion compared to Sumin and Sumout, 
respectively.  
 Flow component T31 T32 T33 T34 

  mm/yr 

In
pu

ts
 

P (precipitation) 
865 ± 87 

(63%) 

865 ±87 

(6%) 

865 ± 87 

(18%) 

865 ± 87 

(16%) 

Din (drain in) 
471 ± 2 

(35%) 

12,114 ± 1,700 

(86%) 

3,757 ± 56 

(79%) 

4,003 ± 26  

(76%) 

Gin (groundwater in) 
29 ± 29 

(2%) 

1,096 ± 1,096 

(8%) 

116 ± 116 

(2%) 

393 ± 393 

(7%) 

Sumin (hydraulic loading rate, HLR) 1,365 ± 118* 14,075 ± 2,883* 4,738 ± 259* 5,261 ± 506* 

      

O
ut

pu
ts

 

ET (evapotranspiration) 
612 ± 73 

(45%) 

662 ± 73 

(5%) 

662 ± 73 

(14%) 

662 ± 73 

(12%) 

Dout (drain out) 230 (17%) - - - 

Gout (groundwater out) 
37 ± 37 

(3%) 

3,587 ± 3,587 

(25%) 

419 ± 419 

(9%) 

979 ± 979 

(18%) 

Oout (overland flow out) 432 (31%) 9,873 (70%) 3,655 (77%) 3,580 (67%) 

Lout (leakage to deep groundwater) 
13 ± 13 

(1%) 

13 ± 13 

(0%) 

15 ± 15 

(0%) 

35 ± 35 

(1%) 

ΔS (change in storage) 51 (4%) 12 (0%) 22 (0%) 57 (1%) 

Sumout 1,375 ± 123* 14,146 ± 3,673* 4,773 ± 507* 5,313 ± 1,087* 

* marks the sum of available error estimates and the total error may therefore be higher. 
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The annual flux of Oout for all the transects was highly correlated with both annual Din, annual HLR, 
and R (Table 1):  

 𝑂𝑂𝑜𝑜𝑜𝑜𝑡𝑡[𝑚𝑚𝑚𝑚/𝑦𝑦𝑓𝑓] = 0.80 ⋅  𝐷𝐷𝑖𝑖𝑖𝑖 [𝑚𝑚𝑚𝑚/𝑦𝑦𝑓𝑓] + 333  (𝑓𝑓2 = 1.00) (8) 
 

 𝑂𝑂𝑜𝑜𝑜𝑜𝑡𝑡[𝑚𝑚𝑚𝑚/𝑦𝑦𝑓𝑓] = 0.73 ⋅  HLR [𝑚𝑚𝑚𝑚/𝑦𝑦𝑓𝑓] − 235  (𝑓𝑓2 = 0.99) (9) 
 

 𝑂𝑂𝑜𝑜𝑜𝑜𝑡𝑡[𝑚𝑚𝑚𝑚/𝑦𝑦𝑓𝑓] = 132 ⋅  R + 1185 [𝑚𝑚𝑚𝑚/𝑦𝑦𝑓𝑓]                                     (𝑓𝑓2 = 0.95) (10) 
  
Also total annual flux of groundwater Gout was correlated with R: 

 𝐺𝐺𝑜𝑜𝑜𝑜𝑡𝑡[𝑚𝑚𝑚𝑚/𝑦𝑦𝑓𝑓] = 55 ⋅  R − 69 [𝑚𝑚𝑚𝑚/𝑦𝑦𝑓𝑓] (𝑓𝑓2 = 0.99) (11) 
 

Since R is static eq. 10 and 11 are only valid for the investigated study period. They do however, 
provide an estimate for overland flow, which can be performed from a simple GIS analysis. 

Discussion  

Flow paths in a riparian lowland in a clay till catchment 
The water balance revealed that tile drainage and direct precipitation constituted the major water 
sources to the riparian lowland transects. As might be expected, the contribution of groundwater in 
the clay-dominated catchment was minor (<10%). Outflow from the riparian lowland areas was 
dominated by overland flow. 

The multiple flow paths across the riparian lowland, identified within the four transects, are 
summarized in Fig. 6. Accordingly, water entering the riparian lowland’s surface via drains or as 
precipitation may either (a) run off as direct overland flow (direct runoff or infiltration-excess 
overland flow), (b) infiltrate into the soil and travel some distance as groundwater flow before 
exfiltrating and discharging as overland flow (“short” return flow), (c) infiltrate into the soil and 
discharge by the subsurface drains, or (d) infiltrate into the soil and travel the remaining distance to 
the stream as groundwater. Water entering the transect areas via groundwater may either (e) 
discharge by subsurface drains, (f) exfiltrate to the surface (return flow), or (g) continue as 
groundwater, and thus be in contact with the riparian lowland sediments along its entire flow path. 
Thus, water discharge into the stream via submerged drains (Dout), overland flow (Oout), or 
groundwater (Gout) may be composed of a mix of all water sources (drain water (Din), groundwater 
(Gin) and precipitation (P)). Also leakage (Lout) may be a mix of all water sources though this flow 
path was found to be minor. We here distinguish between return flow of water, which entered the 
lowland via groundwater (Fig. 6, flow path ‘f’) and “short” return flow of surface water, which 
infiltrated into the soil and travelled for a short distance as groundwater before exfiltrating (Fig. 6, 
flow path ‘b’). The internal flow paths in the riparian lowland are difficult to quantify; this study 
focused on quantifying the fluxes at the boundaries of the riparian lowland.  
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Figure 6: Conceptual flow model for the lowland transects (T31-T34).  

Subsurface flow 
Generally groundwater outflow remained modest relative to the total outflow to the stream (Table 
3). Nevertheless, the peat layers conducted more groundwater than the sand, gyttja, and till units 
(Supporting Information, Table S1). Groundwater contribution to the stream was minor in T31 due 
to the low Ksat of the peat as well as the presence of a very low-permeable clay barrier at the 
lowland stream boundary (Supporting Information, Table S1). The small to moderate groundwater 
contribution to the stream in T33 and T34 was largely due to low hydraulic gradients and/or low 
peat hydraulic conductivity (Supporting Information, Table S1). The hydraulic conductivities 
measured in the peat soils (0.2-650 cm/day, Supporting Information, Fig. S1) were in 
correspondence with, and not smaller than, those of other fen peat soils (0.01-1000 cm/day, 
Bloemen, 1983). In general, peat hydraulic conductivities may vary by more than nine orders of 
magnitude for different peat types (Rycroft et al., 1975). Combined with the elastic properties of 
peat potentially giving rise to non-Darcian flow (Hemond & Goldman, 1985), which may lead to an 
overestimation of Ksat, flow in peat sediments is known to be difficult to determine. Highly 
conductive preferential flow paths may be present in peat as well (Hill, 2012). Despite the large 
uncertainty associated with determination of groundwater fluxes, the relatively small groundwater 
fluxes limited the influence of these errors on the total water balances (Table 3). A sensitivity 
analysis showed that while Gout was very sensitive to changes in Ksat, the relative sensitivity of Oout 
to changes in Ksat was in the range of 0.12-0.32 (Supporting Information Table S2).  

For T32 and T34, the Darcy calculations estimated groundwater fluxes directly to the stream of 
25% and 18%, respectively (Fig. 6, flow path ‘g’). At these two transects, the ratio W (Table 1) was 
particularly small relative to the area of the stream bed. Langhoff et al. (2006) suggested that this 
ratio is an indication of the relative importance of groundwater flowing to the stream since a small 
value of W indicates there is less riparian lowland area available for groundwater exfiltration and 
hence more water must pass through the stream bed or stream banks. This provides some 
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confirmation of the model’s ability to quantify these groundwater fluxes. However, the comparison 
of W requires a somewhat similar input of groundwater to the riparian lowland. Thus, despite W for 
T33 is similar to W for T34, groundwater inputs in T33 is low compared to at T34. 

Hydraulic gradients indicated exfiltration of groundwater in the central part of T31 and in the lower 
parts of T33 and T34 while infiltration of drain water could occur in the remaining areas of the 
transects. Thus, short return flow (Fig. 6, flow path ‘b’) most likely occur in these transects, 
increasing the contact of incoming drain water with the peat layers compared to direct overland 
flow (Fig. 6, flow path ‘a’). 

Groundwater leakage to the deep Miocene aquifer only constituted a minor component of the water 
balance. The potential presence of one or more hydrogeological windows, although not indicated by 
geophysical measurements (Prinds, 2019), may result in larger leakages than expected. However, 
water fluxes via this flow path were far below the sum of errors in all transects. Thus, small errors 
in Ksat or clay till thicknesses would not change the overall water balance as was also seen from the 
sensitivity analysis (Supporting Information, Table S2). Leakage may therefore be disregarded in 
this riparian lowland. 

Overland flow 
The water balance of the variable flow components demonstrated that overland flow was the main 
flow path (31-77%) along which water entered the stream in all transects (Table 3). This differs 
from results in loamy riparian areas solely recharged by groundwater and precipitation in which 
overland flow constituted only a minor proportion (Clausen et al., 1993; Peterjohn & Correll, 1984). 
However, it supports assumptions by Hoffmann et al. (2018; 2012; 2011) who assessed overland 
flow to be the only relevant flow path to the stream in five Danish peat and sandy riparian lowlands 
fed by disconnected drain pipes in the riparian lowland hillslopes. The fact that drain water enters 
the riparian lowland at only a few points increases the risk of HLR exceeding the local infiltration 
capacity resulting in infiltration-excess overland flow. Quantification of overland flow relied on 
model estimates. However, field observations from all transects visualized by thermal images 
March 2017 demonstrate the presence of overland flow (Prinds et al., 2019) thus supporting the 
water balance results. The magnitude of overland flow in all transects was well above the sum of 
estimated errors of the remaining flow paths (Table 3) implying that the modelled overland flow 
was not simply a result of residual errors. 

While overland flow was identified as the major out-flow component and hydraulic gradients 
indicated exfiltration, evidence supported the occurrence of short return flow. The water balance 
model however did not allow quantitative differentiation between direct overland flow (Fig. 6, flow 
path ‘a’), short return flow (Fig. 6, flow path ‘b’), or return flow (Fig. 6, flow path ‘f’). Such 
differentiation could in theory be accomplished by the Br tracer experiments. However, for the 
tracer experiment in T31, the results reflected a flow situation where the major part of the drainage 
water with Br was allowed to infiltrate into the soil and discharge to the stream mainly through the 
subsurface drain (Fig. 6, flow path ‘c’) or was still trapped in the topographical depression at 31-05. 
Thus, the contribution of overland flow to Br transport to the stream was apparently minor at this 
specific time. However, the low concentrations of Br in 31OLout may have been due to dilution by 
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overland flow from the neighbouring area. In support, limited overland flow was estimated by the 
water balance model in T31 at the time of the tracer experiment. Thus, the highly dynamic nature of 
overland flow highlights the limitations in interpreting flow paths based on a single Br tracer 
experiment. 

For the tracer experiment in T34, concentrations of Br >10 mg/L in the upper soil profile extended 
only to the middle of T34 (Fig. 3d), which indicated Br infiltration in the upper half and around the 
center of the transect. Br concentrations in piezometers closest to the stream were low, indicating 
that most infiltrated water had either not reached this piezometer nest yet or had exfiltrated as short 
return flow before reaching the lower part of the transect (Fig. 6, flow path b). That the latter either 
had occurred, or would eventually occur, was supported by the upward hydraulic gradient between 
piezometer nests 34-03 and 34-04. Gout in T34 was relatively stable throughout the year (Fig. 4l). 
Using a porosity of 0.7, the average horizontal flux in the peat layer presented in Supporting 
Information, Table S1, corresponds to a fluid velocity of 28 m/yr. Since the distance between 34-03 
and 34-04 was >30 m, this therefore indicates that Br may simply not have reached 34-04 yet, at the 
time of sampling.  

Impact of subsurface tile drains on overland flow 
Subsurface tile drains contributed significantly to outflow in T31 and the drainage system markedly 
reduced overland flow in this transect (Table 3) in agreement with previous findings (Holden et al., 
2006). The main drain outlet of the riparian lowland drains in T31 was submerged in the stream 
during the entire study period. The hydraulic head in the stream adds resistance to drain flow by 
reducing the hydraulic gradient from the riparian lowland towards the drain outlet. Thus, the stream 
stage is expected to limit drain fluxes and supports a stable drain discharge as estimated by the 
model (Fig. 4q). Furthermore, the hydraulic head into the lowland was higher than the stream water 
table during all measurements indicating that “back-flow” into the drains did not occur. The Br 
tracer experiment showed that Br entered the stream almost entirely via the subsurface tile drains 
during low HLR (Fig. 6, flow path ‘c’). Due to the clay barrier, which prevented groundwater flow 
to the stream along the western stream border, and the relative thickness of the peat layers in contact 
with the stream along the eastern stream border, water would most likely have exfiltrated as 
overland flow if the riparian lowland tile drains had not been present. 

Modeled drainage outflow in T31 is likely to be the component most prone to error and its 
uncertainty propagates to the estimation of overland flow in this transect. In eq. 7, the value of the 
net infiltration I is dependent on the active infiltration area A and the fitting parameter i. The 
average value for i calibrated for T31 was 0.08 cm/day. This value is low compared to other 
reported values (Holden & Burt, 2002) likely reflecting an overestimation of A. The entire transect 
area, except for areas of exfiltration, was included in A. While it is unlikely that drain water will 
disperse across the entire transect area, this is most likely true for precipitation, which was the main 
water input in T31 (Table 3).  

Water balance model and flow path distribution 
The water balance model applied to divide flow into the different flow components assumed that 
incoming water was distributed to other outputs (Fig. 2) before being apportioned to overland flow. 
Only water that was not able to infiltrate into the soil and discharge via drains, leakage, or 
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subsurface flow was able to run off as infiltration excess or saturation excess overland flow. Thus, 
overland flow may be underestimated if generated by other mechanisms such as during high 
precipitation events when soil conditions are dry and the peat exhibits water-repellent behaviour. 
The value of Sy was not measured in the transect areas but obtained from the literature. An 
overestimation of Sy (e.g., due to a significant capillary fringe) would lead to an underestimation of 
overland flow and vice versa. The sensitivity analysis showed that overland flow in T31 was 
sensitive to changes in Sy (relative sensitivity of -0.57) while in the remaining transects it was not 
sensitive to this parameter. While hydraulic gradients at all measurement times were inclined 
towards the stream, periodic flooding may have occurred between measurements at variance with 
the assumption of no overbank flow. Overbank flow is generally not associated with headwater 
streams (Brinson, 1993). However, since the stream was piped along some stretches (Fig. 1), the 
pipe may be a bottleneck during high flow conditions resulting in high stream stages. 

The results of the flow partitioning conducted in this study are difficult to compare to other studies 
since the active flow path through the riparian zone in many studies is either only groundwater 
(Anderson et al., 2014; Devito et al., 2000), only overland flow (Hoffmann et al., 2018; 2012; 
2011), or only tile drain flow (Hansen et al., 1990). Several studies have investigated overland flow 
co-occurring with groundwater flow (e.g., Hill et al., 2014, Ala-aho et al., 2017). However, 
overland flow in most of these studies was generated by groundwater seepage (return flow) and thus 
passed through the riparian sediments in the seepage areas. Clausen et al. (1993) measured overland 
flow through an agricultural riparian zone in a clay till landscape using a runoff plot draining to a 
jerrican and calculated groundwater flow using data from piezometers. They found that ~3% of 
water entered the stream via overland flow and ~77% was transported via groundwater. Similarly, 
Peterjohn and Correll (1984) found that water entering the stream through a riparian forest consisted 
of 86% groundwater and 16% overland flow. However, neither of these study areas received drain 
water from large drainage catchments. 

Our results showed that groundwater outputs from the riparian lowland sediments may be low in a 
clay till landscape (3% of output in T31). This justified the disregarding of this flow path as was 
also done by, e.g., Hoffmann et al. (2012). However, groundwater fluxes may also be significant, 
even within a short distance in the same riparian lowland (25% of output in T32). A complex setting 
where a riparian lowland is recharged by both disconnected drain pipes in the hillslope, 
groundwater, and precipitation, while all flow paths leaving the riparian lowland (drain discharge, 
groundwater, and overland flow) coexist in equally substantial proportions, has, to our knowledge, 
not yet been described. Our results showed that while overland flow was the dominant flow path in 
all parts of the riparian lowland, groundwater and riparian lowland drains were also significant flow 
paths in some parts of the riparian lowland. Combined with the large variation in area-normalized 
fluxes along each flow path between the transects, this shows that the flow path distribution may be 
highly variable within a small headwater lowland in a glacial till landscape. 

Implications for modeling of riparian lowland nutrient retention 
The amount of water travelling through riparian lowlands as overland flow, as opposed to 
groundwater flow, is critical for the influence of the riparian lowland on water quality. For example, 
a review by Mayer et al. (2007) reported a markedly higher nitrate removal efficiency via 
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groundwater flow (77% removed) compared to overland flow (42% removed). Thus, information 
about the parameters controlling the amount of overland flow in riparian lowlands is useful for the 
purpose of implementing the riparian lowland flow paths in larger-scale models. 

While this study was based on detailed field studies and instrumentation that would not be possible 
at larger scales, some results may be condensed to a few controlling parameters. Hourly rates of 
overland flow were highly correlated with HLR in the four transects (Fig. 4m to p). While the main 
contribution to HLR was drain water in T32-T34 and precipitation in T31, the combined annual 
HLR was highly correlated with R. Thus, annual amounts of overland flow could be roughly 
estimated from R, which is a simple parameter to assess. 

More generally, in (low-permeable) clayey sediments, overland flow is likely to dominate. For 
example, Hoffmann et al. (2012) assumed that overland flow was the only active flow path across 
their studied riparian lowlands in Funen, Denmark due to high clay contents within the top 1 m of 
the sediments. In riparian lowlands with sandy sediments or peat both with much larger hydraulic 
conductivities and infiltration capacities resulting in high groundwater flows it follows directly from 
eq. 4 that overland flow (Oout) would decrease. Thus, it also appears that high HLR or Din alone 
does not necessarily result in overland flow. If the storage (Smax + topographical depressions) is 
sufficient to accommodate incoming water, if infiltration rates and hydraulic conductivities of the 
riparian lowland sediments are adequately high, or if efficient tile drains are present in the riparian 
lowland, overland flow will be reduced or cease. While the presence of riparian lowland tile drains 
may increase infiltration and residence times in the riparian lowland sediments compared to 
overland flow, residence times, which may be important for nutrient cycling, are still expected to be 
low compared to those of groundwater flow (Schilling et al., 2015). 

Parts of the lowland area were subject to a high HLR as a result of drain water from large drain 
catchments recharging into a small lowland area. Large HLRs increase soil saturation and therefore 
increases the likelihood of saturation-excess overland flow. The high HLR values HLR were almost 
entirely due to large amounts of surface water input, also increasing the likelihood of infiltration-
excess overland flow. HLR dynamics, the infiltration capacity, and the ability of the subsurface to 
conduct infiltrated water to the stream were therefore controlling factors governing the distribution 
of flow paths through the riparian lowland to the stream. The ability of the subsurface to conduct 
water was determined Ksat of the riparian lowland sediments, the presence of riparian lowland 
drains, and the hydraulic gradients. In turn, the hydraulic gradients were controlled by the 
topography of both the riparian lowland and the upland catchment (Condon & Maxwell, 2015), and 
by stream stage. Also the topographical slope of the riparian lowland influences infiltration of 
incoming drain water (Fox et al., 1997) as was seen at T32. Compared to natural (undrained) 
systems, HLR dynamics in riparian lowland areas recharged by drain water are likely more 
pronounced resulting in higher proportions of overland flow (Clausen et al., 1993; Peterjohn & 
Correll, 1984). Mitigation measures to reduce overland flow could therefore include dispersing 
incoming drain water over larger areas of the riparian lowland and reducing HLR on steep and 
narrow parts of the riparian lowland.  

While the flow path interaction within the riparian lowland area was mainly described in a 
qualitative way, the water balance model was able to quantify the inputs and outputs at the riparian 
lowland boundaries thus estimating the distribution of water leaving the riparian lowland as 
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overland flow, groundwater flow, and via subsurface tile drains. Since the water balance model 
does not resolve the internal flow path interaction of the riparian lowland, further studies should 
focus on the complex exchange between multiple flow paths; i.e., quantifying the internal flow 
paths (a-g) depicted in Fig. 6. For riparian lowlands recharged by hillslope drain outlets, a specific 
focus should be on the distribution between direct overland flow and short return flow, which is 
expected to impact N transformation (Mayer et al., 2007). 

Conclusions 

Variable local flow pathways were identified for a headwater riparian peat lowland in a glacial till 
landscape that receives agricultural drainage water. A conceptual water balance model allowed the 
quantification of the variable out-flow paths. Overland flow (Oout) was the major out-flow path to 
the stream (67-77%) in subareas without subsurface tile-drainage although normalized flow rates 
varied greatly. Local subsurface tile drainage contributed to stream out-flow by 17% from the 
riparian lowland and subsequently reduced overland flow to 31% for the tile-drained transect. 
Generally, the significance of groundwater out-flow was minor to moderate and differed widely 
among the subareas (3-25%) due to local limitations in either Ksat, hydraulic gradients and/or 
lowland transmissivity. The largest contribution of groundwater outflow seemed to be connected to 
very high local Ksat values for the peat soil in one subarea. 

The main predictor of overland flow was the hydraulic loading rate (HLR) from inlet drain water in 
the hillslope (Din) while the contribution of precipitation (P) was significant only when Din was low. 
Overland flow seemed to be generated either because of limited infiltration when HLR exceeded the 
infiltration and/or drainage capacity of the riparian lowland resulting in direct overland flow. 
Overland flow could also be generated by exfiltration within the lowland transect as indicated by 
the upwards hydraulic gradients. The heterogeneous distribution of local flow paths within a small 
headwater riparian lowland was clearly demonstrated from this study. While focus was to identify 
and quantify the pathways of outflowing water, subsequent studies are needed to further quantify 
and determine parameters controlling the internal flow dynamics and the quantitative significance 
of direct overland flow versus short return flow or return flow. Nitrogen dynamics along the 
variable flow paths is described in a companion paper (Petersen et al., 2019). 
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Figure S1. Ksat vs. depth in clay, peat and gyttja. 
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Table S1: Details of calculated groundwater flow in hydrostratigraphic layers of T31-T34 normalized 
to transect areas. The order of the layers represents the order from the surface downwards. 
z denotes vertical flow, and * marks that the given number is the layer extent in the horizontal 
direction for vertical flow instead of length. 

 
 

 

Transect  Layer Piezometers Thickness 
(*length) [m] 

Width 
[m] 

Ksat 

[cm/day] 
𝑑𝑑ℎ𝑎𝑎𝑎𝑎𝑎𝑎
𝑑𝑑𝑥𝑥

 
Qavg 

[mm/yr] 

31 

In Shallow 31-00-1 – 31-01-3 1.05 114 6 0.098 22.4 
Deep 31-00-1 – 31-01-1 0.33 114 5 0.11 6.36 

        
Out 

Clay barrier 31-06-4 – 31stream 1.00 80 0.08 0.036 0.074 
Peat 31-10-6 – 31-11-6 3.52 34 78 0.011 8.90 
Stream bedz 31-07-2 – 31stream 114* 1 0.5 0.14 3.79 

         

32 
In 

Shallow clay 32-01-3 – 32-02-5 0 - 0.99 31 34 0.065 61.5 
Sand 32-01-2 – 32-02-4 0.23 31 63 0.12 178 
Mid clay 32-00-1 – 32-02-3 1.1 31 0.80 0.060 5.23 
Peat 32-01-1 – 32-02-1 1.04 31 58 0.14 851 

        Out Peat 32-03-3 – 32-04-3 3.65 26.5 324 0.035 3587 
         

33 
In 

Shallow 33-00-1 – 33-01-7/8 0.60 106 6.4 0.025 3.16 
Peat 33-02-3 – 33-04-2 2.51 106 56 0.022 104 
Deep 33-03-1 – 33-04-1 0.87 106 52.4 0.0060 9.10 

        
Out Peat 33-06-3 – 33-07-3 1.42 – 2.79 78 600 0.0069 221 

Peatz 33-07-1 – 33-07-2 48* 78 2 0.085 198 
         

34 

In 
Top sand 34-01-3 – 34-02-5 1.64 50 46 -0.0030 31.3 
Peat 34-01-2 – 34-02-4 1.9 50 103 0.0079 76.4 
Deep sand 34-01-2 – 34-02-1 2.09 50 117 0.030 285 

        
Out 

Peat 34-03-6 – 34-04-4 2.65 - 2.89 62 152 0.034 679 
Peatz 34-04-4 – 34-04-6 24.2* 62 15.2 0.013 149 
Sand 34-04-2 – 34-07-1 1.69 62 82 0.010 68.0 
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Table S2: Sensitivity analysis of outflow components (ET, Gout, Dout, Oout) relative to water balance 
model parameters analysed by local sensitivity analysis (LSA) only calculating the first-order partial 
derivatives of the model responses. Percentages in parenthesis indicate the intervals within which the 
sensitives were calculated. Kin and Kout were varied by changing Ksat for all the layers relevant for 
groundwater flow by the same percentage (see details of values for Ksat for all layers in Supporting 
Information Table S1). 

 
 

 T31 T32 T33 T34 
  ET Gout Dout Oout ET Gout Oout ET Gout Oout ET Gout Oout 
Kout (±50%) 0.00 0.99 -0.14 0.00 -0.07 0.95 -0.32 -0.01 1.00 -0.12 -0.05 0.99 -0.27 
ETpot (±10%) 0.80 0.00 -0.04 -0.28 0.99 0.00 -0.06 1.00 0.00 -0.18 1.00 0.00 -0.18 

i (±50%) -0.06 0.00 1.03 -0.31 - - - - - - - - - 

Din (±10%) 0.03 0.00 0.02 0.96 0.01 0.00 1.23 0.00 0.00 1.03 0.00 0.00 1.12 
P (±10%) 0.04 0.00 0.01 1.32 0.00 0.00 0.08 0.00 0.00 0.26 0.00 0.00 0.25 
Sy (±10%) 0.02 0.00 0.00 -0.57 0.02 0.01 -0.02 0.00 0.00 -0.03 0.00 0.00 -0.02 

Kin (±50%) 0.00 0.01 0.12 0.00 0.02 0.02 0.01 0.00 0.00 0.03 -0.08 0.00 0.12 
Kleak (±50%) 0.00 0.00 -0.06 0.00 0.00 0.00 0.00 0.00 0.00 0.00 -0.08 0.00 0.01 
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Key points: 

• Nitrate removal in riparian lowlands depends on the infiltration into organic riparian 
lowland sediments. 

• Direct overland flow, bypassing the riparian lowland soil and sediment, decreases nitrate 
removal. 

• Riparian lowlands may be sinks or sources of nitrogen (N) depending on the balance of 
removal of nitrate and release of ammonium and organic N.  
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Abstract 

Riparian lowlands are key landscape components controlling catchment nitrogen (N) balances. 
Limited knowledge however exist on the role of riparian lowlands receiving agricultural tile 
drainage water in clay till landscapes. This study examined the transport, transformation and mass 
balance of N species as a function of variable flow pathways in four riparian peat lowland transects 
receiving agricultural tile drainage water. A full monitoring setup including drain stations, 
piezometer transects, and a stream station, and combined N specie analysis with a previously 
established water balance enabled the determination of transect N mass balances via different 
pathways including groundwater, subsurface drains, and overland flow. The type of overland flow 
largely affected nitrate-N (NO3-N) removal. Infiltration and subsurface flow followed by 
exfiltration (short return flow) allowed a very efficient removal of NO3-N (71-94%), while direct 
overland flow strongly limited NO3-N removal (25%) in one transect. Hydraulic loading rate versus 
lowland infiltration capacity controlled the transport pathways and thus the resulting NO3-N 
reduction efficiency. Exports of organic N (Norg) and/or ammonium (NH4-N) through groundwater 
discharge and mainly overland transport, was demonstrated in all transects and significantly limited 
the overall TN removal efficiency (1-56%) of these riparian lowlands. The effect of riparian 
lowlands on the catchment N balance is strongly controlled by the balance between NO3-N removal 
and in situ release of Norg and NH4-N, and the significant critical role of overland flow calls for 
attention. 

 

1 Introduction 

Leaching of excess N from agricultural areas to receiving water bodies has been a major concern 
during the past 50 years due to its effects on water quality and eutrophication of lakes and fjords 
(Kronvang et al., 2009; Ryther & Dunstan, 1971; Sharpley et al., 1987). Although N losses in 
Denmark have decreased during the last 20-25 years (Windolf et al., 2012) further reduction in total 
N (TN) is still needed to comply with regulations of the EU Water Framework Directive 
(HELCOM, 2016). A new strategy in Danish legislation is to implement a targeted regulation of N 
beginning in 2019. This means that N-mitigation measures will be prioritized in areas most 
susceptible of nutrient loads to coastal waters(Ministry of Environment and Food of Denmark, 
2016). The principle of a targeted regulation and mitigation thus relies on knowledge of the spatial 
variations of N transport and transformation from agricultural field to coastal waters. 

Riparian lowlands act as interfaces between streams and the surrounding catchments and are 
therefore key landscape components that regulate the catchment N balance (Hill, 1996; Ranalli & 
Macalady, 2010). Removal of NO3-N by denitrification in riparian lowlands has been intensively 
studied (e.g. Devito et al., 2000; Hill, 1990; Hill et al., 2014; Jacobs & Gilliam, 1985; Peterjohn & 
Correll, 1984; Vidon & Smith, 2008). The overall N removal efficiency of riparian lowlands is 
controlled by the distribution of biogeochemical reactive zones in combination with the 
hydrogeophysical characteristics that determine the flow paths and residence times (Dahl et al., 
2007; Hill, 1996; Hiscock et al., 1991; Knowles, 1982). Studies have reported a wide range of N 
removal efficiencies (Ambus & Hoffman, 1990; Andersen, 2004; Cooper, 1990; Fisher & Acreman, 
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2004; Gilliam, 1994; Haycock & Pinay, 1993) varying from −13%, caused by a net N release of 
ammonium (NH4) and Norg (Stepanauskas et al., 1996), to 100% (Vidon & Hill, 2004a). The wide 
range of N removal efficiencies reflects variations in the denitrification capacity of riparian 
lowlands and variations of the dominant flow paths. 

Most studies on N dynamics have been conducted in riparian lowlands with surficial sand aquifers. 
Clay till agricultural landscapes in which tile drainage networks connect to streams are extensive in 
Northern Europe, the US Midwest, and adjacent areas of Canada (Chandrasoma et al., 2019; 
Ernstsen et al., 2015; Ikenberry et al., 2014; Williams et al., 2015) having a negative impact on 
water quality of the receiving waters (David et al., 2010; Højberg et al., 2017; McIsaac et al., 2016; 
Pastuszak et al., 2018). Despite this fact, only a few studies have been conducted in glacial till 
landscapes (Hill, 2018) or have assessed the role of drain pipes within the lowland. In recent years 
there has been an increasing interest in studying the effects of disconnecting drain pipes from the 
stream and rerouting upland drainage water into riparian lowlands (e.g. Jordan et al., 2003), 
however studies of such semi-natural systems are generally scarce (Hoffmann & Baattrup-Pedersen, 
2007; Hoffmann et al., 2012). Most wetland restoration studies with disconnecting tile-drains 
considers the combined effect of both wetland and stream restoration, which does not allow and 
evaluation of the direct N effect from disconnecting tile-drains (Hoffmann & Baatrup-Pedersen, 
2007; Hoffmann et al., 2011). According to Hoffmann & Baatrup-Pedersen (2007) nitrate-N 
reduction efficiencies of 50% was expected in restored wetlands, when tile drains were 
disconnected at the wetland boundary, while reduction efficiencies during groundwater flow was set 
to 90%. Similar Mayer et al. (2007) concluded that removal of NO3-N is more efficient for 
subsurface flow than during overland flow. 

Accordingly Danish national guidelines (Ministry of Environment and Food of Denmark, 2014) 
based on data from seven wetlands presented by (Hoffmann & Baattrup-Pedersen, 2007) and 
Hoffmann et al. (2014) differentiates TN removal according to catchment to lowland ratio (R) in 
lowlands irrigated by drainage discharge. The catchment to lowland ratio is considered a proxy for 
the hydraulic loading rate (HLR) of the area, and the resulting TN removal efficiency. The 
guidelines roughly predict a 50% removal of TN in lowlands irrigated by drainage discharge. If the 
catchment to lowland area ratio (R) exceeds 30, the removal efficiency is expected to be lower than 
50%, while TN removal efficiencies of 75-95% is expected if all drainage water infiltrates into the 
lowland sediments. While such an operational approach is based on rough assumptions of 
correlations between R~HLR and the resulting flow-path controlling the TN removal efficiency, 
this is supported by a modelling study showing a clear relation between NO3-N removal efficiencies 
and HLR in lowlands receiving tile drainage from the upland (Crumpton et al., 2006). 

A recent study demonstrated large variations in local flow paths along four riparian lowland 
transects receiving agricultural drainage water as the major water source from the surrounding clay 
till landscape (Petersen et al., 2019). While overland flow generally was the major outflow pathway 
to the stream for all transects, the source of overland flow differed from direct overland flow to 
short return flow, in which drainage water was allowed to infiltrate followed by later exfiltration or 
return flow of groundwater from the upland catchment. Although overland flow may be considered 
critical for the NO3-N-removal efficiency of riparian lowlands (Mayer et al., 2007; Hoffmann & 
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Baatrup-Pedersen, 2007), only very little information exists considering the influence of overland 
flow type on the overall N-removal efficiency and the resulting N-mass balance. In addition, the 
variable flow paths, and especially the type of overland flow, may not only affect the NO3-N 
transformation, but also the fate of N-transformation species (Stepanauskas et al., 1996). 

To our knowledge no studies have investigated N removal efficiencies in settings where inflow to 
riparian lowlands is a combination of groundwater, precipitation, and upland water from 
disconnected tile drains, and outflow being a combination of lowland tile drainage, groundwater 
discharge and overland flow. The overall objective of this study was to quantify the influence of 
variable flow paths on the N removal efficiency and the resulting N balance of the four transects 
within a riparian peat lowland positioned in a heavily drained glacial till landscape for which water 
fluxes were presented by Petersen et al. (2019). Specifically, we aimed to: i) quantify N species 
entering and leaving the lowland transects via different flow paths, ii) quantify NO3-N removal and 
concurrent in situ release of NH4-N and Norg from the lowland sediments to the stream, and iii) 
investigate the influence of the relative importance of different flow paths on the overall lowland 
and subcatchment N losses to the aquatic environment. 

 

2 Materials and methods 

2.1 Site description 
The study was conducted within a 26 ha riparian lowland (55°58’54’’N, 10°4’5’’E) stretching 1.5 
km along an agricultural headwater stream in an undulating clay till landscape, 5 km west of the 
city of Odder, Denmark (Fig. 1a). The catchment area of 194 ha was dominated by agriculture and 
intensely drained, with drain pipes most often cut off at the hillslope-lowland boundary, thus 
allowing drainage water to discharge onto the lowland surface.  
Within this lowland four transects (T31-T34, Fig. 1) each located at a major drain outlet (31in1, 32in, 
33in and 34in, respectively) were selected for detailed investigation in a previous study (Petersen et 
al., 2019). The areas of the investigated transects T31-T34 were 1.15, 0.113, 1.17 and 0.477 ha, 
with drainage catchment areas constituting 3.9, 7.6, 13.7 and 6.9 ha, yeilding catchment to lowland 
ratios (R) of 3.4, 67, 12 and 14 (Petersen et al., 2019). Upland fields were all fertilized by mineral 
fertilizers, while the drainage catchments of T31-T33 also received animal manure or digestate from 
biogas production. Subsurface tile drains at ~1 m depth was present within the lowland in T31 (Fig. 
1a), while the other lowland areas were undrained. Besides the major drain outlet T31, received 
drain water from three additional minor drain outlets (31in2, 31in3, and 31in4). All drain outlets were 
disconnected in the hill slope, and not connected to the subsurface lowland drain system. Drainage 
water from the lowland drains discharged into the stream at one major drain outlet (31out1) and three 
minor drain outlets.  
The lower boundary of the lithological series in the lowland consisted of a heavy clay till with a 
very uneven surface. The clay till was overlain by gyttja of varying thickness (0-10 m), which was 
overlain by 1-2 m peat. Between the clay till and the gyttja a sand layer of 0-4 m thickness was 
found, and also within the gyttja several small sand lenses (1-20 cm thick) were present (Prinds, 
2019). In each transect 7-11 piezometer nests were installed along a profile following the 
topographical gradient from the drain outlet to the stream, and along one or two profiles 
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perpendicular to the main profile. In each nest were 1-8 piezometers screened at different depths 
between 0.10 m and 14 m. The piezometers were named by transect number (31-34), nest number, 
and screen number (Fig. 1b-e and Fig. 4). As an example, 34-01-2 is in T34, in nest one from the 
hillsope, and is the second deepest screen in the nest. For a full description of the lowland and the 
geology and hydrology including flow directions of four transects see Petersen et al. (2019).. 
Hydraulic head in the uppermost piezometer screens were above terrain in the central part of T31 
and in the downslope parts of T33 and T34 indicating exfiltration. In the remaining areas of the 
transects hydraulic heads in the uppermost screens were below terrain indiciting sites of infiltration 
.  
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Figure 1: (a) Fensholt riparian lowland with location of the four transects T31-T34 (R=upland drain 
catchment area/transect area), piezometer nests and drain networks, and (b-e, left) water sources and 
export flow-pathways based on annual water balances from Petersen et al. (2019). Numbers in red 
indicate the relative contributions of different water sources precipitation (P), drain water from 
upland areas (Din), and groundwater (Din), while blue numbers indicate the relative contributions of 
export paths atmospheric losses (ET = evapotranspiration), overland flow (Oout), drain discharge 
from lowland drains (Dout), and groundwater (Gout)). Areal views of the transects areas (b-e, right) 
with piezometers positions, surface/drain water sampling points and the overland flow paths as 
shown from thermal images captured on March 8th 2017 by Prinds et al. (2019). 

 

2.2 Soil characteristics 
Within the four transects coincident with piezometer nests, 281 soil samples were collected from 25 
boreholes during May to July 2016 and 2017 (Fig. 1 and 2).Volume samples were collected using 
both Russian corers (Competition Cars), and Eijkelkamp liner samplers (04.15.SA). The retrieved 
soil cores were divided into samples of thicknesses ranging from 0.02 m to 3 m (average 0.5 m) 
according to changes of lithology. Soil physical parameters and hydrological characteristics are 
described in Petersen et al. (2019). 
Moist bulk soil samples were used for analysis of citrate-bicarbonate-dithionite extractable iron 
(FeCBD) (Mehra & Jackson, 1960). Dry samples were used for analysis of oxalate-extractable iron 
(Feox) (Schoumans et al., 1987), total organic carbon (TOC) (DIN EN 15963), TN (DIN EN 16168), 
and calcium carbonate (CaCO3) (VDLUFA I, A5.3.1) using standard procedures. Only samples that 
tested positive in an acid test were analysed for CaCO3.  

Analysis of statistical similarities of soil lithologies between the four transects was performed using 
one-way ANOVA to determine whether data from the four transects had common means. The 
significance threshold for statistical similarity was set to p<0.01. 

In situ redox potentials were measured by installing platinum (Pt) probes at piezometer nests at 
several depths down to three meters. Redox potentials were measured monthly using an Ag/AgCl 
reference electrode (Hach-Lange REF321) and a portable pH-meter (Hach HQ11d). The Pt probes 
were tested prior to installation using a hexacyanoferrate II/III pH 7 redox buffer (Radiometer 
BS870). The measured potentials were converted to standard hydrogen electrode potentials (Eh) by 
addition of 245 mV. 

 

2.3 Atmospheric deposition 
Monthly values of dry and wet deposition of NO3-N and NH4-N calculated by the Danish Eulerian 
Hemispheric Model (Ellermann et al., 2016) were extracted for the 5.6 km grid cell containing the 
study site for the period 1 September 2006 to 31 December 2016. The average values for each 
respective month in this ten-year period were used as deposition estimates for the period 1 January 
2017 to 31 August 2017. The average deposition rates during the study period was 4.78 kg NO3-
N/ha/yr and 8.63 kg NH4-N/ha/yr. 
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2.4 Water sampling 
Drain outlets at 31in, 33in, and 34in, and the stream station at the subcatchment outlet were equipped 
with flowmeters (Petersen et al., 2019) and ISCO 3700 Portable Samplers. Water samples were 
automatically collected every hour and time proportionally mixed into daily samples. ISCO samples 
for analysis of TN were collected every three weeks. 
Additionally, water samples were collected manually from several locations in the stream, all drain 
inlets and outlets, and 180 piezometers during 15 sampling campaigns between 12 September 2016 
and 10 October 2017. Piezometers located in the hillslope at the riparian lowland-upland boundary 
were not installed until January 2017. Due to lack of data from September to December 2016, data 
from September to December 2017) was assumed representative for the corresponding dates in 
2016.  
The drainage outlets at T31 were submerged in the stream and PE sampling tubes were permanently 
inserted 2-3 m into each drain outlet to minimise the risk of sampling intruding stream water. The 
outlets were sampled by attaching a vacuum pump to the PE tubes. Approximately 24 h before 
sampling, water levels were measured in all piezometers, which were then emptied to allow 
extraction of fresh pore water. Piezometer samples were extracted with a vacuum pump and filtered 
through a SEFAR NITEX 31 µm monofilament into 250 mL acid washed PE bottles.  
Unfiltered water samples from overland flow were collected manually on 12 manual sampling days 
in T32 and 7 sampling days in T31 and T33 by inserting acid washed PE bottles directly into the 
flow channel. At T31, overland flow was only observed at a few occasions at 31OLout (Fig. 3i) in a 
small channel approximately 20 cm wide with a water depth of 1-2 cm. As the overland out flow to 
the stream from T31 coincided with the overland flow from the neighbouring field, as evidenced by 
thermal images (Prinds et al., 2019), surface water samples from T31 were collected at the position 
of exfiltration at 31-05surface (Fig. 1b). 
At T32, a distinct channel continued directly to the stream and overland flow discharging into the 
stream was observed at all sampling times, except for July 2016. At T33 and T34 overland flow was 
more dispersed along the lower stretch from the middle of the transects towards the stream. Samples 
collected at the T33 outlet were assumed to be representative for the overland flow of the area (Fig. 
1c). At T34, the surface was generally wet and covered by a thin film of water; overland flow was 
identified both visually during field inspections and by drone surveys with a thermal camera (Prinds 
et al., 2019), but the shallow depth did not allow for a proper high-quality water sampling at T34. 
During some periods in winter standing water was observed at the lower sections of T31, T33 and 
T34 and directly connected to the stream. However during these periods, hydraulic gradient were 
always towards the stream and overbank flow was considered to be negligible (Petersen et al., 
2019). No samples were collected from overland flow at T31 and T33 during autumn/winter 2016 
and concentrations from samples collected in autumn and winter 2017 were used as representative 
values for mass balance calculations. Water samples were kept in cool boxes with ice packs during 
sampling and stored at 2 °C for up to 24 hours prior to analysis of N-species. 
 
2.5 Water analysis 
pH was measured in water samples from piezometers and drain outlets in the field immediately 
after sampling using a Hach Lange HQ11d portable pH meter and a Radiometer Analytical 
pHC2051-8 electrode. Dissolved oxygen (DO) was measured in drain and surface water samples 
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using an OxyGuard Handy Polaris 2. Piezometer samples filtered through 31 µm monofilament as 
well as unfiltered manual samples from drain outlets and surface waters were analysed for NH4-N, 
NO3-N, TN, Fetotal, TOC, and pH without further filtration. Thus, the analysed concentrations in 
these samples represent the combined concentrations of dissolved and particulate contents to 
account for the total transport. NH4-N and NO3-N were analysed using a Technicon AutoAnalyzer 3 
(Detection limit (DL) = 0.14 µg N/L) within 24 hours of the sampling. For total nitrogen (TN) 
analysis, the water samples were initially autoclaved in an alkaline peroxydisulphate solution. Norg 
was calculated as the difference between TN and the sum of NO3-N and NH4-N. Fetotal was 
measured on a Thermo Spectronic Helios spectrophotometer. TOC was measured on a Shimadzu 
TOCV-CPH (DL = 0.5 µg/L). SO4 (DL= 0.04 mg SO4-S/L) was analysed on a Dionex ICS-1000 
Ion Chromatograph after filtration of water samples through a 0.22 µm polyethersulphone filter 
(Frisenette Q-Max PES Syringe Filters). Daily ISCO samples were analysed for pH and TN as 
described for the manually collected water samples. All analyses were conducted using standard 
laboratory procedures. 
2.6 Solute mass balances 
Mass balances for input and output of N species along flow-pathways were calculated for 1 hr time 
steps by multiplying measured concentrations by the water fluxes from Petersen et al. (2019) (see 
flow paths in Fig. 1b-e): 
 

                                         𝐿𝐿𝐼𝐼𝐼𝐼𝐼𝐼𝑡𝑡                                                                        𝑂𝑂𝐼𝐼𝑡𝑡𝐼𝐼𝐼𝐼𝑡𝑡                                    𝑆𝑆𝑒𝑒𝐼𝐼𝑆𝑆  
𝑃𝑃 ⋅ 𝐶𝐶𝑤𝑤𝑒𝑒𝑡𝑡 + 𝑀𝑀𝑑𝑑𝑟𝑟𝑑𝑑 + 𝐷𝐷𝑖𝑖𝑖𝑖 ⋅ 𝐶𝐶𝐷𝐷𝑖𝑖𝑖𝑖  + 𝐺𝐺𝑖𝑖𝑖𝑖 ⋅ 𝐶𝐶𝐺𝐺,𝑖𝑖𝑖𝑖���������������������������− 𝐺𝐺𝑜𝑜𝑜𝑜𝑡𝑡 ⋅ 𝐶𝐶𝐺𝐺𝑜𝑜𝑜𝑜𝑡𝑡 − 𝐷𝐷𝑜𝑜𝑜𝑜𝑡𝑡 ⋅ 𝐶𝐶𝐷𝐷𝑜𝑜𝑜𝑜𝑡𝑡 − 𝑂𝑂𝑜𝑜𝑜𝑜𝑡𝑡 ⋅ 𝐶𝐶𝑂𝑂𝑜𝑜𝑜𝑜𝑡𝑡��������������������������� =  ΔM (1) 

 
where P is precipitation, Din is drain water entering the lowland transects, Gin is groundwater 
entering the lowland transects, Gout is groundwater leaving the lowland transects, Dout is water 
leaving the lowland transects via lowland drains, Oout is water leaving the lowland transects via 
overland flow, and the C terms are the solute concentrations of the corresponding flow components. 
Mdry is the dry deposition, and ΔM is the removal (positive) or addition (negative) of solute.  

The mass balance calculations were based on temporal linear interpolations between the measured 
data. For the automated samplings, only TN was analysed; the distribution of N species between 
manual samplings were calculated by linear interpolation of the ratios of NO3-N and NH4-N to TN 
from the manual samplings. For the mass balance it was assumed that solute concentrations 
measured in the hillslope piezometers (31-00-1, 32-00-1, 32-01-2, 32-01-3, 33-00-1, 33-02-3, 33-
03-1, and 34-00-1) were representative of the solute concentrations of the groundwater entering the 
lowland from the upland catchment.  

 

2.7 Diffusive transport 
Diffusive exchange of NO3-N between surface water and soil water was calculated using the 
relationship between porosity (ϕ) and tortuosity (θ) given by Boudreau (1997) (Eq. 2), the effective 
diffusion coefficient in the porous media (DS) as a function of θ given by Berner and Berner (1980) 
(Eq. 3), and Fick’s first law of diffusion (Eq. 4). 

𝜃𝜃2 = 1 − ln (𝜙𝜙2) (2) 
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𝐷𝐷𝑆𝑆 =
𝜙𝜙𝐷𝐷0
𝜃𝜃2

 (3) 

 

𝐽𝐽 = −𝐷𝐷𝑆𝑆
𝑑𝑑𝐶𝐶
𝑑𝑑𝑑𝑑

 (4) 

where J is diffusive flux and dC/dz is the concentration gradient. NO3-N deficits (NO3-Ndeficit) were 
calculated as the difference between NO3-N mass flux in overland flow if it consisted of unaltered 
water from drain discharge (Din) and precipitation (P), and the actual NO3-N mass flux calculated 
from actual concentrations in overland flow (Oout). Assuming that the NO3-N deficits from the 
overland flow N balance was attributed to diffusive transport into the underlying sediment, J could 
also be estimated as 

𝐽𝐽 =
NO3-Ndeficit

𝐴𝐴𝑜𝑜𝑜𝑜𝑒𝑒𝑟𝑟𝑐𝑐𝑑𝑑𝑖𝑖𝑑𝑑 × 𝑓𝑓𝑓𝑓𝑐𝑐𝑜𝑜𝑜𝑜𝑑𝑑
 

 

(5) 

where Aoverland is the area covered by surface water, and fflood is the time during which the surface 
was flooded. Areas covered by surface water on 8 March 2017 (2790, 124, 3620, and 2420 m² for 
T31-T34, respectively) (Prinds, 2019) were assumed to be representative for Aoverland, while fflood 
was based on model results suggesting that overland flow to the stream occurred during 101, 258, 
230, and 240 days in a year in T31-T34, respectively (Petersen et al., 2019). For this calculation it 
was assumed that NH4-N in precipitation was transformed to NO3-N in the surface water, as NH4-N 
concentrations in overland flow was neglible. Thus, the NO3-N fraction from precipitation was 
assumed to consist of both NO3-N and NH4-N. 

Linear interpolation between temperatures of the diffusion coefficients given by Li and Gregory 
(1974) yields a diffusion coefficient (D0) of 397 cm²/yr for NO3-N in water at 8 °C. Replacing -
dC/dz in Eq. 4 by the concentration of NO3-N in surface water (Csurface) divided by depth from the 
surface to the depth of zero-concentration (z0) and combining Eq. 2, 3, 4, and 5, the values of z0 
required to attain a diffusive flux explaining the mass balance NO3-N deficit is given by 

𝑑𝑑0 =
𝜙𝜙 × 𝐷𝐷0 × 𝐶𝐶𝑒𝑒𝑜𝑜𝑟𝑟𝑓𝑓𝑑𝑑𝑐𝑐𝑒𝑒 × 𝐴𝐴𝑜𝑜𝑜𝑜𝑒𝑒𝑟𝑟𝑐𝑐𝑑𝑑𝑖𝑖𝑑𝑑 × 𝑓𝑓𝑓𝑓𝑐𝑐𝑜𝑜𝑜𝑜𝑑𝑑

�1 − ln(𝜙𝜙2)� × 𝑁𝑁𝑂𝑂3,𝑟𝑟𝑒𝑒𝑚𝑚𝑜𝑜𝑜𝑜𝑒𝑒𝑑𝑑
−  (6) 

 

3 Results 

3.1 Soil geochemical characteristics 
Overall, the geochemical characteristics within soil layers were similar (p>0.01) between all four 
transects and are hence summarized collectively in Table 1. Exceptions to similarities between 
transects were LOI in peat, which was lower in T33 than in T34, volumetric content of TOC in 
gyttja, which was higher in T32 than in all other transects, C:N ratios in gyttja, which were lower in 
T32 than in T31 and T33, Feox in gyttja, which was higher in T31 than in T33, both gravimetrically 
and volumetrically, and pH, which was higher in T31 than in T34. 
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TOC generally increased vertically from the surface towards the middle of the peat layers and 
decreased again with further depth (Fig. 2). The highest TOC was found in the middle of the peat 
layers and near the center of the valley (20-50%). TOC in the top 0.3 m was lower (5-20%). C:N-
ratios generally ranged from 15 to 25 (Table 1), although slightly lower values were observed in the 
surface layers (10 to 20; distribution not shown). 
Table 1: Soil characteristics for all four transects combined according to soil lithologies showing means (µ), standard 
deviations (σ), and number of samples (n). Percentages indicate weight-percent, while numbers in parentheses for 
TOC and Feox show volumetric concentrations in mg/cm³. The order of the lithologies represents the general 
stratigraphy from top to bottom. x, and * marks when a statistical significant difference was found for each respective 
soil layer between the four transects, T31-T34. 
x p<0.01, * p<0.001. 
 LOI  TOC  C:N ratio  Feox  CaCO3  pH 
 %  % (mg/cm³)    g/kg (mg/cm³)  %   
 µ σ n  µ σ n  µ σ n  µ σ n  µ σ n  µ σ n 
Peat 70.1x 17.3 61  35.0 (67.5) 9.2 (20.8) 61 (57)  23.7 11.0 61  8.1 (1.8) 4.0 (1.2) 55 (51)  1.0 4.3 62  6.7x 0.2 17 
Gyttja 16.8 16.2 102  7.2x (28.1*) 7.5 (16.2) 102 (95)  14.7x 3.55 102  6.0* (3.7*) 5.6 (3.7) 100 (93)  30.6 21.4 102  6.7 0.2 21 
Sand 2.98 3.72 45  1.1 (10.7) 2.0 (10.5) 46 (32)  14.3 5.50 35  2.6 (3.1) 2.1 (2.8) 42 (28)  7.0 5.7 47  7.1 0.4 22 
Gravel 1.15 0.424 8  0.2 (2.9) 0.1 (2.1) 8 (6)  9.35 5.52 3  1.0 (1.5) 0.5 (0.9) 8 (6)  2.6 3.0 8  6.6 0.1 4 
Clay 11.6 8.03 49  4.7 (35.4) 4.0 (21.5) 49 (40)  13.8 3.09 48  5.3 (4.7) 2.9 (2.8) 47 (39)  1.7 4.2 49  6.7 0.2 19 
Clay 
till 

3.45 2.49 7  1.0 (23.0) 1.9 (32.6) 7 (3)  12.5 10.8 4  3.5 (3.1) 2.0 (0.5) 7 (3)  16.7 4.1 7  7.4 0.08 2 
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Amorphous Fe (Feox) generally was the main fraction (>90%) of total Fe (FeCBD) in the soil 
samples. Feox decreased with depth in peat and clay and increased with depth in the underlying 
gyttja. In the peat layers in T31 and T33, Feox tended to be highest near the hillslopes (Fig. 2a and 
c).  
 

 
Figure 2. Plots of Feox (contours) and TOC (line plots) contents along the four transect T31-T34 
(a-d). a) Subsection of T31NS showing the high Feox concentrations at boreholes 31-02 to 31-05 
at ~1 m depth. Black circles indicate the average depth of soil samples. 

Soil pH ranged from 6.4-7.1 near the surface to 6.4-6.6 at ~4 m depth. Below this depth, pH 
values were highly variable with values of ~6.6 in gyttja layers and slightly higher values in sand 
layers (~7.3). TOC and LOI, log(LOI) and ρbulk (Petersen et al., 2019), and log(TOC) and ρb, 
where all highly correlated: 

𝑇𝑇𝑂𝑂𝐶𝐶 = 0.50 ⋅ 𝐿𝐿𝑂𝑂𝐿𝐿 − 0.85 (𝑓𝑓2 = 0.99) (7) 

where TOC and LOI are both in percent weight. 

log(𝐿𝐿𝑂𝑂𝐿𝐿) =  −2.5 ⋅ 𝜌𝜌𝑏𝑏 + 4.3 (𝑓𝑓2 = 0.81) (8) 

where LOI is in percent weight and ρb is in g/cm³.  

log(𝑇𝑇𝑂𝑂𝐶𝐶) = −3.1 ⋅ 𝜌𝜌𝑏𝑏 + 3.8 (𝑓𝑓2 = 0.81) (9) 

where TOC is in percent weight and ρb is in g/cm³.  
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TN and TOC were highly correlated in the mineral soils: 

𝑇𝑇𝑂𝑂𝐶𝐶 = 16 ⋅ 𝑇𝑇𝑁𝑁 − 0.030 (𝑓𝑓2 = 0.96) (10) 

where TN and TOC are both in mol/kg revealing a somewhat constant C:N-ratio of 16. C:N-
ratios in peat and gyttja were more variable ranging from 9 to 70 but were generally higher than 
in mineral soils (Table 1). 

 

3.2 Water chemistry 
3.2.1 Precipitation 
Atmospheric deposition of NO3-N and NH4-N peaked in October (1.45 kg N/ha/month) when 
precipitation was highest (Petersen et al., 2019), and again in April (1.75 kg N/ha/month) when 
precipitation amounts were smaller but dry deposition and precipitation N concentrations were 
higher (Fig. 3q). N deposition was lowest during the winter months (0.49 kg N/ha/month in 
December 2016). 

 

3.2.2 Drainage water  
Fig. 3 shows the distribution of N-species in the inputs to the lowland and in the outputs from the 
lowland to the stream. TN concentrations in the drainage discharge for 31in, 33in, and 34in varied 
seasonally (Fig. 3a, c, and d). The apparent more stable TN concentration for 32in (Fig. 3b) may 
be caused by the lower manual sampling frequency at 32in, not capturing all drainage peaks. 

NO3-N was the dominant N species in all drainage discharge entering the transects, while NH4-N 
was below the detection limit (Table 2, Fig. 3). Norg was mainly present from late summer to 
spring and was only a minor fraction of TN in 31in and 32in (Fig. 3a and b) but constituted a 
larger fraction of TN in 33in and 34in (Fig. 3c and d). 
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Figure 3. Seasonal variations in N speciation, dissolved oxygen (DO), and SO4 in inlets and 
outlets of transects 31-34 (a-p), in precipitation (q), and in the catchment stream outlet (r) 
between 1 September 2016 and 31 August 2017. Circles mark the dates for manual water 
sampling with available samples (open) or when no water was available at the sampling 
location(closed). Grey gaps in the concentration time series represent periods with no water flow. 

Concentrations of SO4 in drainage entering the transects were generally stable throughout the 
measurement period (Fig. 3a-d). DO concentrations were close to saturation (12-13 mg/L) in 
February and typically corresponded to subsaturation during summer. When drainage discharge 
ceased in late May, very low DO concentrations of 0.11 mg/L were measured in 33in. 
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Table 2: Means (µ) and standard deviations (σ) of flow weighted yearly concentrations of N 
species SO4, pH and dissolved oxygen (DO), all except pH in mg/L. The number of samples ranged 
from 4≤n≤350. 

[mg/L] 
TN  NO3-N  NH4-N  Norg  SO4  pH  DO 

µ σ  µ σ  µ σ  µ σ  µ σ  µ σ  µ σ 

D
ra

in
 

in
 

T31 10.9 4.8  10.4 4.5  <DL <DL  0.4 0.5  31 0.5  7.3 0.2  9.9 3.4 

T32 8.8 1.0  8.2 0.8  <DL <DL  0.6 0.5  28 1.1  7.3 0.2  8.9 2.4 

T33 12.9 3.2  11.5 4.1  <DL <DL  1.3 1.6  31 1.9  7.7 0.2  8.9 3.6 

T34 9.0 2.8  6.3 3.1  <DL <DL  2.6 1.8  40 3.5  7.2 0.2  9.7 1.9 
                      

G
ro

un
d-

w
at

er
 

in
 

T31 8.5 1.7  7.8 1.4  <DL <DL  0.6 0.5  32 2.9  7.0 0.1  - - 

T32 1.7 0.6  1.0 0.5  <DL <DL  0.6 0.2  37 1.4  7.0 0.2  - - 

T33 8.0 0.6  <DL <DL  6.2 0.4  1.8 0.5  1.0 0.3  6.7 0.1  - - 

T34 10.7 3.0  9.3 2.9  0.2 0.1  1.3 0.7  32 6.9  7.2 0.1  - - 
                      

O
ve

rla
nd

 
ou

t 

T31 4.5-10.7 4.0  0-8.7 4.4  <DL <DL  2.0-4.5 1.3  13 8.6  7.2 0.2  4.5 3.4 

T32 8.9 2.5  6.5 2.5  <DL <DL  2.3 1.3  28 0.8  7.7 0.3  8.8 3.8 

T33 3.7-8.4 2.9  0-1.2 0.6  0.1-0.3 0.1  3.3-7.0 2.3  13 6.5  7.4 0.1  2.9 1.4 

                      

G
ro

un
d-

w
at

er
 

ou
t 

T31 2.7 0.4  <DL <DL  <DL <DL  2.5 0.4  9.0 3.4  6.8 0.1  - - 

T32 4.9 0.3  <DL <DL  4.0 0.6  0.9 0.5  1.7 4.0  6.7 0.1  - - 

T33 1.5 0.2  <DL <DL  <DL <DL  1.4 0.2  2.6 3.7  6.8 0.1  - - 

T34 2.3 0.1  <DL <DL  1.0 0.3  1.3 0.3  0.7 0.4  6.8 0.1  - - 
                      Subsurface 

drain out T31 6.7 1.9  0.6 0.7  1.7 1.0  4.4 2.1  10.8 5.6  6.9 0.2  3.2 2.0 

<DL = below detection limit 

Subsurface drainage discharge of N from T31 mainly consisted as NO3-N in low concentrations 
during winter, while Norg and NH4-N was observed in higher concentrations throughout the year. 
Drain outlet concentrations of SO4 and DO entering the stream were markedly lower than 
concentrations in drain water inlet to the transect at all sampling times. Concentrations of DO 
were generally low (1-4 mg/L); the average drainage discharge-weighted outflow DO 
concentration was 3.2 mg/L (Table 2). pH in the lowland tile drain was highest in winter (7.2) 
decreasing to 6.4 during summer. 

 

3.2.3 Groundwater in lowland transects 
The compositions of N species in groundwater inflow for T31 and T34 were similar with NO3-N 
constituting the main fraction (Table 2). Norg constituted minor amounts and NH4-N was below 
the detection limit (Fig. 3e and h). Inflow concentrations of NO3-N in T32 were constantly low 
although with slightly elevated concentrations during winter (Fig. 3f). Inflow N compositions in 
T33 differed markedly from the remaining transects with NO3-N only being present in negligible 
amounts and NH4-N and Norg constituting the major N fractions (Fig. 3g). In addition, low SO4 
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concentrations were observed for T33 at all seasons while markedly higher concentrations were 
found for T31, T32, and T34 (Fig. 3e-h). SO4 concentrations were steady throughout the 
measurement period except for slightly higher concentrations of SO4 in T34 during summer, 
coinciding with lower concentrations of NO3-N (Fig. 3h). 

Generally, groundwater outflow (Gout, Fig. 1) concentrations of TN were markedly reduced 
compared to concentrations in groundwater inflow (Gin, Fig. 1), except at T32 where 
concentrations of inflow and outflow were similar (Fig. 3l-o). Groundwater outflow in all 
transect areas was completely depleted of NO3-N (<0.14 µg N/L). In T31 and T33 also NH4-N 
was only present in negligible amounts (Fig. 3l and n) while measurable amounts of NH4-N were 
observed in T34 (Fig. 3o), and NH4-N dominated groundwater outflow in T32 (Fig. 3m). Norg 
was the main N component in groundwater outflow in T31, T33, and T34. In general, 
groundwater outflow concentrations of all N species were constant throughout the measurement 
period. The complete reduction of NO3-N in groundwater outflow was also reflected in outflow 
SO4 concentrations, which were either below the detection limit or significantly reduced 
compared to inflow concentrations (Fig. 3l-o).  

 

3.2.4 Overland flow from lowland 
Due to the episodic nature of overland flow, only few water samples were taken at T31 and T33, 
while more samples could be taken from T32 (Fig. 3i-k). Generally, TN concentrations in 
overland flow from T32 were constantly high during winter and dominated by NO3-N, while 
ceasing during spring and summer with an increasing fraction of Norg (Fig. 3j; Table 2). Due to 
lack of overland flow samples during the winter month from T31 and T33 a rough assumption 
was made assuming overland N-concentrations from September until April ranging within the 
min-max values recovered from the two autumn samples (26 September and 10 October). 
Uncertainties additionally includes the large variation among the two autumn samples. While 
surface water samples from September contained zero NO3-N (<DL), nitrate-N concentrations 
increased to 8.7 mg/L (T31) and 1.3 mg/L (T33) in October. Concentrations of Norg varied from 
4.5 mg/L (T31) and 3.4 mg/L (T33) in September to 2.0 mg/L (T31) and 7.3 mg/L (T33) in 
October. The average of NO3-N and Norg for these dates are depicted for the unsampled period in 
Fig. 3i,k, while the mass balance is calculated based on the measured min-max values. 
Ammonium-N in overland flow from all transects were generally insignificant (Table 2). The 
rough assumption of the representativeness of the min-max values, thus affect the overland N 
transport component with a high uncertainty from transect T31 and T33.   

High stable SO4 concentrations (26-29 mg/L) were observed in overland flow from T32, while 
markedly lower and more variable concentrations were found in T31 (5-25 mg/L) and T33 (4-19 
mg/L). DO concentrations were variable in T31 between the few measurements at this location 
ranging from 1.7 mg/L to 8.7 mg/L. Concentrations of DO in T32 varied systematically with high 
concentrations (>10 mg/L) in autumn slowly increasing throughout winter until dropping 
abruptly in April to 2.7 mg/L and increasing again towards autumn. In T33, DO concentrations 
were generally lower peaking at 4.1 mg/L in May and decreasing to <1 mg/L in autumn. 
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3.2.5 N transformation within the riparian lowland transects  
NO3-N concentrations were low in the riparian lowland sediments in summer 2016 and 2017 with 
NO3-N only being present in significant amounts in the hillslope profile (Fig. 4e-h). At the first 
sampling day after large rain events in early autumn 2016 (Petersen et al., 2019), elevated 
subsurface concentrations of NO3-N were observed in the hydraulic conductive layers of T31-
T34. In T31, T33, and T34, these subsurface NO3-N plumes were mainly found around the main 
points of infiltration (Fig. 4). Thus maximum NO3-N concentrations were observed at 31-02 for 
T31 (Fig. 4a), between 33-01 and 33-06 for T33 (Fig. 4c), and at 34-03 in T34 (Fig. 4h). In T32 
and T34, subsurface plumes intruded via groundwater in the hillslopes (Fig. 4b and d). These 
plumes extended towards the stream but did not reach the stream at any of the sampling times. 
For all transects, the propagation of the subsurface NO3-N plumes remained stable throughout 
winter until they retracted in April (data not shown). Afterwards, NO3-N concentrations remained 
low until the following autumn (Fig. 4e-h). In T33, NO3-N concentrations above 0.6 mg NO3-
N/L were only found in the upper soil profile between nests 33-01 and 33-06 and the 
concentrations fluctuated between <DL and 7.5 mg/L between sampling periods. Maximum 
groundwater concentrations in T31-T33 were 13.5, 7.8, and 7.5 mg NO3-N/L, respectively. In 
T34 the maximum NO3-N concentrations measured in the groundwater plume at the hillslope and 
in the infiltration plume from the surface were 13.6 and 37.8 mg/L, respectively. The infiltration 
plume concentrations in T34 were much higher than concentrations in incoming drain and 
groundwater (Fig. 4h). These high concentrations were only found in 34-03-8 between April and 
October suggesting that hotspots of peat mineralization and/or deposition of animal excreta from 
grazing cattle could be the cause, rather than infiltration of incoming drain water, which had 
lower concentrations of NO3-N.  
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Figure 4. NO3-N (contours) and SO4 concentrations (red circles) in groundwater of transects T31 
to T34 on 29-30 November (a-d), representative for a typical winter situation, and on 8-9 August 
(e-h) representing a typical summer situation. Arrows indicate flow directions at the time of 
sampling (Petersen et al., 2019). NO3-N concentrations in the beginning of the runoff season were 
low. After the first rain events in early autumn, a NO3-N plume developed with a relatively stable 
extent through the winter period until it retracted in April and remained low during summer. 
Squares show positions of piezometer screens and colours represent NO3-N concentrations. Filled 
circles represent NO3-N concentrations in drain outlets and overland flow. Numbers next to drain 
outlets are concentrations of NO3-N in mg N/L, while numbers in parentheses are concentrations 
of SO4 in mg/L. Overland flow was present at T31 and T33 on 29-30 November 2016 but was not 
sampled. Therefore * in (a) and (c) marks extrapolated ranges. 

Concentrations of NH4-N within the sediment were stable throughout the measurement period 
with very low concentrations (at the detection limit) near the surface increasing linearly with 
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depth in the organic sediments (r² = 0.47) to maximum concentrations of 68 mg NH4-N/L in the 
gyttja layers (data not shown). 

While pore water concentrations of Norg generally were low in groundwater flow entering and 
leaving the transects (<2.5 mg N/L, Table 2), occasional high concentrations were found in the 
upper profile (0-0.5 m depth) during summer (up to 26, 59, 94, and 39 mg N/L in T31 to T34, 
respectively). Norg was correlated to TOC in all water samples (r² = 0.59). 

The dynamics of SO4 closely resembled the dynamics of NO3-N (Fig. 4). However, the SO4 
plumes extended deeper and further towards the stream than the plumes of NO3-N. Maximum 
concentrations of SO4 in the plumes coincided with NO3-N plumes with concentrations of 38, 41, 
29, and 38 mg/L. In T33 and T34, plumes of SO4 were also seen in the deep sand layers with 
maximum concentrations of 29 and 64 mg/L, respectively. In T33, the deep SO4 plume extended 
from 33-01-1 and disappeared downstream towards 33-07-1. In T34, SO4 concentrations in the 
deep sand layer beneath the stream (34-04-1, 34-04-2 and 34-07-1) were up to 64 mg/L, which 
was higher than the maximum concentrations found in the same layer further upstream (45 mg/L 
in 34-02-1 and 38 mg/L in 34-01-1). During May-August, peak SO4 concentrations were seen in 
some of the shallow piezometers in T34, reaching concentrations up to 200 mg/L. 

pH was in the range of 6.4 to 7.9 in all water samples in all four transects (data not shown). At 
shallow depths (<1 m), though consistently below the water table, in situ redox potentials were 
generally in the range of -200 to 600 mV during summer and lower in the range of -400 to 400 
mV during the winter months. At shallow depths, which became unsaturated during summer, 
values increased to the range of 300 to 750 mV. High Eh values in the range of 300 to 700 mV 
were found throughout the year at screens near the hillslope where groundwater entered the 
transects and at hotspots of infiltration by drain water. Redox values were generally higher 
immediately after high flow events. 

 

3.2.6 Stream water at subcatchment outlet 
The main fraction of N in stream water at the subcatchment stream outlet was Norg, while NO3-N 
was present in only small amounts and NH4-N was below detection limit (Fig. 3q). TN 
concentrations fluctuated throughout the measurement period (Fig. 3q) and were positively 
correlated with streamflow (r² = 0.38). Concentrations of SO4 varied little; pH fluctuated between 
7.5 and 8.5. The total annual TN discharging from the subcatchment at the stream outlet during 
the measurement period (calculated from water fluxes presented in Petersen et al. (2019) and 
stream N concentrations) was 15.9 kg N/ha/yr (normalized to total subcatchment area). This is 
comparable to N losses measured the two previous years of 14.6 and 16.4 kg N/ha for the runoff 
seasons 2014/2015 and 2015/2016, respectively (Kjaergaard, 2019). 
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3.3 N mass balance 
Mass fluxes of N species were calculated from measured concentrations and the measured and 
estimated water fluxes of Petersen et al. (2019). Drainage transport of NO3-N was the main N 
input to all lowland transects (Table 3). Norg accounted for 5-38% of drainage N inputs in T31-
T34. The lower area-normalized-N input from drain water in T31 resulted in atmospheric 
deposition having a larger relative influence and thus relative input of NH4-N being higher 
compared to T32-T34. Differences in hydraulic loading rates (HLR) for the four transects are 
reflected in the large differences in the N loadings, with N loading in T32 being approximately 2, 
3, and 14 times higher compared to T33, T34 and T31, respectively. All transects functioned as 
net sinks for NO3-N but with variations from 25-100% (Table 3).  

Overland flow was the dominant export pathway of N for all transects. Although the N 
compositions of the combined inputs where similar for all four transects, the composition of the 
outputs varied greatly between transects. Overland flow was dominated by NO3-N (68%) in T32, 
while Norg constituted the main N-component in T33 (84-91%). In T31, the uncertainty attached 
to concentrations in overland flow resulted in ranges where either NO3-N or Norg may be the 
dominant N species in overland flow, thus the contribution of these species may vary from 4-62% 
(NO3-N) and 32-83% (Norg). Removal of NO3-N was more efficient in T33 compared to T31 and 
T32. The lowland areas were net sources of either Norg (T31 and T33) or both Norg and NH4-N 
(T32).  

Due to the lack of samples in overland flow from T34, an estimate of the overland N transport 
was based on assumptions of min-max concentration ranges and modelled fluxes (Petersen et al., 
2019). As T34 resembled T33 in terms of short return flow and exfiltration as the major 
mechanism generating overland flow, the minimum N concentrations in overland flow would be 
expected to resemble groundwater at the site of exfiltration. Like T33 groundwater NO3-N 
concentrations in T34 were below DL, thus representing the min concentration, while NO3-N 
max was assumed to resemble T33. Overland flow concentrations of NH4-N were considered 
similar to groundwater (1.0 mg/L). As measured overland flow concentrations of Norg in all 
transects were higher than groundwater concentrations, min-max ranges in Norg from T33 was 
also used for the mass balance estimates of T34 (Table 3). Results revealed an efficient NO3-N 
removal (85-100%), while T34 was a net source of both NH4-N and Norg (Table 3).  

Table 3: N mass balances of T31-T34 normalized by transect areas. 

[kg N/ha/yr] 
Transect 31  Transect 32  Transect 33  Transect 34 

NO3
- NH4

+ Norg TN  NO3
- NH4

+ Norg TN  NO3
- NH4

+ Norg TN  NO3
- NH4

+ Norg TN 

In
pu

ts
 

Drain 61 0.4 3.1 65  1,029 2.5 105 1,137  393 2.7 97 493  237 2.5 145 385 

Groundwater 2.2 0.0 0.15 2.4  11 1.2 6.2 19  0.0 7.2 2.1 9.4  40 0.9 5.1 46 

Atmosphere 4.8 8.6 0.0 13  4.8 8.6 0.0 13  4.8 8.6 0.0 1  4.8 8.6 0.0 13 

Sum 68 9 3 81  1,045 12 111 1,169  397 18.6 99 515  282 12 150 445 
                     

32
6O

ut
pu

ts
 

Drain 1.31 3.9 10.1 15.3  - - - -  - - - -  - - - - 

Groundwater 0.0 0.0 0.9 1.0  0.7 144 32 176  0.1 0.3 5.9 6.3  0.1 9.9 13 23 

Overland 0-38 0.0 8.7-19 19-46  786 1.9 193 981  0.1-45 5.2-12 121-257 134-307  0.3-43* 40* 116-243* 156-326* 
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Sum 1.3-39 4.0 20-30 36-63  786 146 225 1,157  0.2-46 5.6-12 127-263 140-314  0.5-43 50 129-256 179-349 
                     

R
em

ov
al

 Removal 30-67 5.0 -27 – -16 18-45  259 -134 -113 12  352-397 6.2-13 -163 – -28  202-376  239-282 -38  -106-22 96-266 

Removal [%] 43-98 56 -839 – -507 23-56  25 -1084 -102 1  89-100 33-70 -164 – -28  39-70  85-100 -316 -70-14 22-60 

Avg. rem. [%] 71 56 -674 39  25 -1084 -102 1  94 69 -99 56  92 -316 -30 40 

*Values of overland flow concentrations are estimated from assumed min-max concentration ranges (section 3.3) 

 

 

Figure 5: Mass fluxes in kg N/ha wetland/year of NO3-N, NH4-N and Norg along inlet flow paths 
to the riparian lowland (red numbers) and outlet flow paths from the riparian lowland to the 
stream (blue numbers). precipitation (P), drain water from upland areas (Din), groundwater (Gin), 
overland flow (Oout), drain discharge from lowland drains (Dout), and groundwater (Gout). 
*T34_Oout: Based on assumed min-max concentration ranges (section 3.3). 

3.4 Diffusive exchange of NO3-N from direct overland flow 
An estimate of the potential diffusive NO3-N removal during direct overland flow was obtained 
by comparing the calculated transport of NO3-N by overland flow (Table 3 to the flux of NO3-N 
in overland flow if this flux was unaltered along its entire flow path across the lowland transects.  
Thus, assuming direct overland flow consisted of a mix of precipitation (P) and drainage input 
(Din) (Petersen et al., 2019), the potential overland mass fluxes amounted to 52, 838, 380, and 
213 kg NO3-N/ha/yr (normalized to transect areas) for T31-T34, respectively, with flow averaged 
NO3-N concentrations (Csurface) of 12, 8.5, 10, and 5.9 mg NO3-N/L, respectively. Calculations of 
actual mass transport from measured NO3-N concentrations in overland flow yielded values of 0-
43, 89, 0.1-53, and 0.2-20 kg NO3-N/yr for T31-T34 respectively (area-normalized values shown 
in Table 3), with flow averaged concentrations of 0-8.7, 8.0, 0-1.2, and 0-1.2 mg NO3-N/L, 
respectively. Thus, this rough estimation yielded NO3-N deficits indicating potential NO3-N 
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removal rates of 15-52, 53, 334-380, and 170-212 kg NO3-N/ha/yr in overland flow in T31-T34, 
respectively.  
If this NO3-N removal was reflecting diffusive NO3-N exchange between surface-water and the 
underlying sediment, the required depth to the redox boundary (z0) was calculated from Eq. 6 
using porosities measured near the surface in the four transects (0.68, 0.66, 0.88, and 0.78 for 
T31-T34, respectively). Values obtained for the zero concentration depth (zo) were 0.2-0.8, 0.2, 
and 0.1 cm for T31-T33, respectively. For total NO3-N removal from overland flow via diffusive 
flux in T34, a z0 value of 0.2 cm was required.  

 

3.5 Stream N flux at the catchment outlet 
The dynamics of TN fluxes from the four investigated transects highly resembled TN fluxes 
measured in the stream at the catchment outlet (Fig. 6). The transect areas including their upland 
catchment areas constituted 1/5 of the total catchment area, and the water fluxes to the stream 
from these areas also corresponded to 1/5 of stream flow (Petersen et al., 2019). A simple 
upscaling of area normalized N fluxes from the transect areas by a factor of 5 was able to predict 
dynamic N mass fluxes at the catchment outlet rather well (Nash-Sutcliffe coefficient = 0.77). 
The total annual N flux at the stream catchment outlet was underestimated by 6% by using the 
calculated N-exports based on average N-export values for T31, T33 and T34 (Table 3). Using 
the minimum N-export values in the upscaling resulted in a Nash-Sutcliffe coefficient of 0.62 and 
an underestimation of the stream TN transport at the catchment outlet of 32%, while the 
maximum N-export values resulted in a Nash-Sutcliffe coefficient of 0.75 and an overestimation 
of the stream TN transport by 19%. 

 

Figure 6: Daily total N (TN) flux (grey) in the stream at the catchment outlet (Fig. 1a), daily TN 
flux (red) from the transect areas T31-T34, and daily stream TN flux (blue) estimated by 
upscaling transect fluxes to total catchment area. 
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4 Discussion 

4.1 Dynamics of electron acceptors  
Results from Petersen et al. (2019) revealed that overland flow was the major flow pathway in all 
transects, although the source of overland flow differed among the transects. Distinct flow 
pathways were identified for T32 and T33, while the water balance approach could not 
distinguish between the source of overland flow in T31 and T34.  

Direct overland flow was demonstrated for T32. This is supported by the similarity in 
concentrations of DO, NO3-N and SO4 in drainage inlet as well as the overland flow outlet (Table 
2) indicating only minor interaction of these electron acceptors with the underlying sediments 

Exfiltration however was identified as the major source of overland flow in T33 (Petersen et al., 
2019). This is additionally supported by the concentrations of electron acceptors (DO, NO3-N, 
and SO4) being significantly lower in overland flow compared to drainage inlet (Table 2), thus 
indicating interaction with the anaerobic sediments. The reduction of electron acceptors may 
occur along the flow path of short return flow (Petersen et al., 2019) where drainage water is 
allowed to infiltrate into the subsoil, followed by exfiltration when subsurface flow becomes 
limited thus generating overland flow. In addition, reduction of electron acceptors could also take 
place through a high diffusive flux from overland flow as a result of a steep concentration 
gradients between surface water and sediment porewater. Concentrations in overland flow were 
not measured in T34. However, hydraulic gradients indicated that drainage water in T34 
infiltrated and exfiltrated before entering the stream as overland flow (Petersen et al., 2019). 
Thus, the flow-pathways of T34 resembled flow paths of T33. 

While the transects T32, T33 and T34 were characterized by drainage water from the upland 
agricultural areas as the major water source, transect T31 having a minor drainage catchment was 
dominated by precipitation. The source of overland flow in T31 was considered a mix of direct 
overland flow, exfiltration and precipitation (Petersen et al., 2019), thus the chemical 
composition of overland should resemble such a mixture. Average concentrations of SO4, NO3-
N, and NH4-N in precipitation were ~1, ~0.6, and 1 mg/L, respectively (Ellermann et al., 2016). 
Mean flow weighted concentrations of SO4 (13 mg/L) in overland flow were slightly higher than 
groundwater (9 mg/L) and much higher than precipitation, while markedly lower than drainage 
inlet (31 mg/L). Thus, based on a simple dilution estimate direct overland flow would constitute 
<50% of the overland outflow, however such assumption does not account for diffusive exchange 
of SO4 during direct overland flow. Assuming a fast nitrification of NH4-N to NO3-N in 
atmospheric deposition NO3-N concentrations from precipitation amounts to ~2 mg NO3-N/L. 
Considering the assumed variations in NO3-N concentrations in overland flow ranging from ~0 to 
8.7 mg/L, with drainage inlet (10.4 mg/L), precipitation (2 mg/L) and ground water (<DL), the 
composition of overland flow in T31 suggest a highly stochastic nature of overland flow 
dominated partly by direct overland flow (drainage water and precipitation) and partly by 
exfiltration. The Br tracer experiment by Petersen et al. (2019) demonstrated exfiltration at 31-05. 
However, at the time of sampling, Br concentrations in overland flow were low and subsurface 
tile drainage was the main transport pathway in late summer/early autumn. The water partitioning 
model presented by Petersen et al. (2019) demonstrated the episodic nature of overland flow in 
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response to HLR. Subsurface drainage in T31 generally reduced overland flow compared to the 
transects without a secondary drainage system.  

 

4.2 Lowland N transformation processes during subsurface flow 
It was evident that N-compositions changed from inlet to outlet within each transect both from N-
concentrations (Fig. 3) and N mass balances (Table 3). When NO3-N from drainage inlet was 
allowed to infiltrate into the subsurface NO3-N was completely removed within relatively short 
distances (0-50 m) from drain inlets. The strongly reducing hydraulic active sediment was also 
reflected in groundwater outflow SO4 concentrations, which were either below the detection limit 
or significantly reduced compared to inflow.  

Removal of NO3-N in the organic sediments is likely to occur by microbial denitrification using 
organic C as electron donor (Balestrini et al., 2016; Grebliunas & Perry, 2016; Hill & Cardaci, 
2004). In addition, the elevated concentrations of Feox at the center of the NO3-N plume in T31 
suggest, that reduction of NO3-N could also be coupled to the oxidation of ferrous iron and 
precipitation of Fe(III) oxides (Oshiki et al., 2013; Robertson et al., 2016; Schaedler et al., 2018). 
Denitrification mediated by sulfide oxidation was not supported, as the decrease in SO4 
concentrations from inlets to outlets generally indicated a sulfate reducing environment (Table 2). 
An exception to this generalization was the deep sand layer in T34 in which concentrations of 
SO4 increased towards the stream and oxidation of S may contribute to reduction of NO3-N 
(Burgin & Hamilton, 2008). No direct evidence of other NO3-N removal mechanisms was 
apparent. Concentrations of NH4-N surrounding the NO3-N plumes were not enhanced. Thus, 
there was no direct indication of NO3-N reduction to NH4-N. However, fast transformation of 
NH4-N to N2 via the anammox process would keep NH4-N concentrations low (Kartal et al., 
2007). In addition, NH4-N may be supplied to the hydraulic active peat layers by diffusive 
exchange from the deeper stagnant layers in T31-T33 where concentrations of NH4-N were high. 
These elevated NH4-N concentrations most likely arose from in situ anaerobic degradation of 
organic matter in the peat layers (Cabezas et al., 2012). Reddy et al. (1984) found diffusion 
coefficients for NH4-N in the range of 0.06-0.85 cm²/day being 2-4 times slower than for NO3-N. 
The presence of a steep NH4-N concentration gradient from the deeper stagnant layers to the 
surface in T31-T33 indicated that NH4-N was efficiently being removed in the shallow 
sediments, either via advective flow or via transformation processes, such as nitrification, 
ammonia volatilization, or anammox.  

Relatively high concentrations of NH4 and Norg in groundwater entering T33 (Fig. 3) may 
indicate that organic sediments are present across the saddle point between the two adjacent 
valleys and thus influence groundwater before entering into T33. Concentrations of Norg in 
groundwater leaving the transect areas (<2.5 mg N/L) were similar to other reported values in 
peat soils (up to 2.6 mg N/L, Fölster, 2000; Stepanauskas et al., 1996).  

 

4.3 Significance of overland flow on lowland N removal 
Considering the mass balance estimates overland flow was the major N export pathway in all 
transects contributing to 67-97% of the TN export. When infiltration was efficient the NO3-N 
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fraction of TN export decreased while the Norg fraction increased. Although overland flow was 
the main N export pathway in all transects, the mechanism of generating overland flow and the 
resulting effect on N fluxes differed among the transects. In transects with overland flow 
generated primarily by exfiltration (T33) efficient subsurface NO3-N reduction resulted in very 
low NO3-N concentration in the overland flow (Table 2). In contrast, direct overland flow with no 
or limited sediment interaction (T32) explained the relatively high NO3-N concentrations in 
overland flow, which were only slightly reduced compared to inlet drainage water. The highly 
variable NO3-N concentrations in overland flow from T31 did reflect the stochastic flow 
dynamics with both exfiltration and direct overland flow as suggested by Petersen et al. (2019). 
The variation in type of overland flow, thus support the high relative contribution of both NO3-N 
(4-62%) and Norg (32-83%) in overland flow from T31.  

Estimating the transport of N by overland flow is critical for the lowland N balance, as overland 
flow turned out to be the major flow pathway in these riparian lowlands (Petersen et al., 2019). 
Robust estimates of N transport in overland flow, thus requires valid flux estimates (Petersen et 
al., 2019), as well as sampling of overland flow with a frequency that reflects the dynamic nature 
of overland flow. While the monthly sampling frequency in T32, which was dominated by a 
rather stable overland flow, seemed appropriate for estimation of overland N transport in T32, the 
low sampling frequency and lack of winter samples in T31 and T33 is critical for the N transport 
estimates. In T33 however exfiltration was the major source of overland flow (Petersen et al., 
2019), thus the concentration of soluble species in overland flow may resemble the shallow 
groundwater concentrations. This was supported by the very low or insignificant concentrations 
of both NO3-N and NH4-N in overland flow from T33, while concentrations of Norg was 
markedly higher in the overland flow compared to shallow groundwater (Table 2). Thus, 
overland flow transport estimates of especially Norg in T33 is associated with uncertainty and Norg 
mass balance estimates of both T33 and T34 should therefore be considered with caution. Similar 
relates to the overland flow transport estimates of both NO3-N and Norg in T31, where especially 
the large variation in NO3-N concentrations reflects a very high uncertainty of the overland flow 
estimates. Although the representativeness of overland flow N concentrations add an uncertainty 
to the mass balance estimates, this does not affect the overall conclusions, that overland flow 
represents the major transport pathway in these riparian soils, as demonstrated by (Petersen et al., 
2019).  

Export of Norg has also been demonstrated in other studies (Stepanauskas et al., 1996) e.g. Norg 
was the main N fraction in overland flow in an agricultural riparian zone in Connecticut (Clausen 
et al., 1993). In the present study mean flow-weighted yearly Norg concentrations in overland flow 
varied from 2.3-5.0 mg/L, while mean flow weighted yearly Norg concentrations in groundwater 
flow generally ranked between 0.9-2.5 mg N/L. Very high Norg concentrations were occasionally 
found in shallow piezometers within the peat, and may contribute stochastically to the overland 
flow losses. Although exfiltrating groundwater may contribute to Norg, the higher concentrations 
in overland flow most likely resulted from surface processes, such as more efficient 
mineralization of organic matter in the redox transition zone caused by fluctuating water tables 
(Rezanezhad et al., 2014) and/or by soil erosion during overland flow (Li et al., 2017).  
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4.4 Diffusive NO3-N exchange during overland flow 
The decrease in NO3-N concentrations during direct overland flow, suggested that nitrate 
reduction also took place during this transport pathway (T32 and T31). Estimating the potential 
N-removal by diffusion if direct overland flow was prevailing in all transects, demonstrated that 
the required depths to the redox boundary (z0) if the depletion in NO3-N in overland flow was to 
be explained by diffusion alone were all very small. Conservative solute spreading by diffusion 
would amount to several mm even within just one hour (Appelo & Postma, 2005), which is much 
shorter than the expected residence time of water in overland flow paths and in surface pools. 
Therefore, the small values of z0 strongly suggest that the downwards diffusive flux of NO3-N to 
denitrifying conditions was adequate to completely remove all NO3-N during direct overland 
flow. In support, field observations in all transects showed a distinct color change from brown to 
black at very shallow depths (mm) below terrain in the sediments where overland flow occurred 
indicating a very shallow depth to the aerobic-anaerobic interface (Cogger & Kennedy, 1992; 
Inglett et al., 2005). The relatively low apparent removal rate in T32 was most likely due to the 
small area covered by overland flow in this transect (Aoverland). The depth z0 was based on the 
assumption that the area covered by overland flow was static, however, it is far more likely that 
the area of overland flow is dynamically related to HLR and increases or decreases during high or 
low flow events. This would dynamically change the required depth z0 for complete diffusive 
NO3-N removal. 

 

4.5 Influence of subsurface drainage on N removal 
Although subsurface drains were expected to decrease the hydraulic residence time and hence 
decrease NO3-N reduction, the subsurface drainage in T31 seemed to facilitate transformation of 
NO3-N as concentrations in the lowland drainage discharge were low (Fig. 3p). Transformation 
of NO3-N in drained soils, however, depends on the redox environment surrounding the drain 
pathway. In a study by Hansen et al. (1990) nitrate-N constituted the major N-fraction in the 
drain water (67 %) in three intensively well drained and pumped peat soils, while Norg (24%) and 
NH4-N (9%) constituted minor fractions. The existence of subsurface drain structures in T31 did 
not lower the water table in the discharge period, compared to the undrained lowlands, as the 
drainage discharge was largely limited by the stream stage. However, the presence of this 
secondary drain system within the lowland facilitated some water infiltration through the 
denitrifying shallow subsurface, which allowed denitrification to take place prior to stream 
discharge. Thus, subsurface drainage discharge decreased the N export by overland flow, 
however still caused a release of NH4-N and Norg by drainage, thus counteracting the overall N 
reduction efficiency.  

 

4.6 Riparian lowland N efficiency 
 The current study demonstrated that NO3-N from upland agricultural areas and atmospheric 
deposition was generally efficiently removed 71-94% (Table 3), in riparian lowlands 
characterized by drainage water infiltration and short return flow (T31, T33, and T34). Direct 
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overland flow limited NO3-N reduction to 25% (T32), and reduction was assumed to be 
controlled by diffusive exchange of NO3-N between surface water and sediment pore water 
(O'Brien et al., 2012). The present study thus highlights the importance of distinguishing between 
direct overland flow and short return flow in terms of the NO3-N mitigation efficiency of riparian 
lowlands. This agrees with previous studies differentiating the N removal efficiency according to 
surface and subsurface flow (Hoffmann & Baattrup-Pedersen, 2007; Mayer et al., 2007). The 
distribution between infiltration/short return flow and direct overland flow in riparian lowlands 
recharged by tile drains was shown by Petersen et al. (2019) to be highly heterogeneous in the 
Fensholt riparian lowland and was largely controlled by HLR, which was further correlated to the 
ratio R. Previously, Hoffmann and Baattrup-Pedersen (2007) suggested an operational approach 
defining a threshold R ratio of 30 as a proxy for HLR and the subsequent differentiation in N 
removal efficiency. According to these recommendations TN removal efficiencies would 
decrease below 50% if R ratios exceeded 30, while high removal (75-95%) was expected at sites 
with full infiltration of drainage water. These recommendations seem to be supported by the 
present study in terms of NO3-N reduction efficiency. The threshold R ratio could however not be 
clearly identified between lowland areas (R ~14) with full infiltration and short return flow and 
resulting NO3-N removal of 89-100% and areas (R~67) dominated by direct overland flow and 
only 25% NO3-N removal.   

The infiltration capacity (I) of water into the riparian lowland soils depends however of several 
site specific parameters including the vertical unsaturated/saturated hydraulic conductivity, the 
area of infiltration, the hydraulic gradient and distance from the drain inlet to the stream, the 
water storage capacities of the lowland soils including microtopography (Fox et al., 1997; Hill, 
2018; Lloyd et al., 1993; Petersen et al., 2019; Vidon & Hill, 2004b). While the R ratio may be a 
proxy for HLR, the differentiation of infiltration versus direct overland flow depends on the ratio 
between R/HLR and I, and may differ widely within small riparian areas, as demonstrated by 
Petersen et al. (2019). 

Although riparian lowlands characterized by short return flow efficiently removed NO3-N, the 
total N effect of riparian lowlands on the overall N mass balance eventually depends on the 
balance between NO3-N removal by denitrification, and the in situ release of Norg and NH4-N 
during discharge of water from the upland catchment. Thus, while the mitigation efficiency of 
riparian lowlands in reducing N-loads from upland agricultural areas was generally high, the 
resulting effect on the recipient loads was counteracted by the in situ release of Norg and NH4-N 
limiting the overall TN reduction efficiency to 39-56% for riparian lowlands characterized by the 
presence of short-return flow, while the concurrent release of NH4-N and Norg from T32 
completely counteracted the already limited removal of NO3-N resulting in only a net TN 
removal efficiency of 1% for this wetland area. These results are comparable to findings by Liu et 
al. (2014) who investigated groundwater N removal in a tile drained riparian zone on glacial till 
in the upper US Midwest. They found NO3-N removal efficiencies of 50-93% (1.59-3.81 mg 
N/L), which was somewhat counteracted by a release of NH4-N (0.14-1.36 mg/L), while release 
of Norg and the overall TN effect was not addressed by this study. 
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The area normalized upscaling of the transect N fluxes matched the continuously measured 
stream N fluxes at the catchment outlet with an underestimation of only 6% The four transect 
areas represent at least three different flow typologies from short-return flow (T33-T34), to direct 
overland flow (T32) and a mixture of short-return flow and direct overland flow with 
precipitation as the major water source (T31). Thus, the transect area may not necessarily 
represent all existing flow typologies in the 26 ha lowland area, and the distribution of flow 
typologies in the riparian lowland is not known. However, from the subcatchment mass balance 
perspective, the transect areas appear highly representative for the catchment in general. In 
addition, the N composition of the stream water at the catchment outlet further revealed that the 
majority of the stream N transport constituted of Norg, with only minor NO3-N concentrations 
(Fig. 3r) supporting the interpretation that Norg from the lowland transects constitutes the major N 
exports to the stream in this subcatchment.   

 

4.7 Perspectives 
Riparian lowlands are the key to understand catchment N balances and may effectively remove 
NO3-N in tile drainage from upland agricultural land. Efficient NO3-N removal requires however, 
efficient drainage water infiltration or sufficiently large areas supporting diffusive exchange. The 
results emphasize the importance of thoroughly assessing HLR compared to infiltration capacity 
when utilizing riparian lowlands as a filter to remove NO3-N. Especially lowlands recharged 
from drain pipe point sources may experience disproportionally large HLR on the affected parts 
of the lowland. The challenges in predicting the effect of riparian lowlands on the subcatchment 
N balance is however, the high spatial and temporal variability in both HLR and the hydro-
physical parameters controlling water infiltration and subsurface discharge. Thus, correct 
predictions would require a hydro-geological/geophysical mapping of the lowland setting 
including hydrological modelling. In addition, the biogeochemistry of non-peat sediments may 
add to this complexity. An operational approach using R as a proxy for the resulting riparian 
lowland N-effect, seems as a reasonable recommendation (Hoffmann & Baattrup-Pedersen, 
2007), although associated with large uncertainty in the resulting N effect. Direct overland flow 
may indeed be critical for the mitigation efficiency of riparian lowlands. An efficient mitigation 
strategy when disconnecting drain pipes in the hillslope, would require efficient water infiltration 
into the riparian lowland soil matrix and/or a distribution of influent water over a sufficiently 
large area where diffusive exchange can occur. 

Generally, in situ release of Norg and NH4-N from riparian peat soil by overland flow seems to be 
a highly unexplored and underestimated export pathway based on the lack of published work. 
The present work highlighted that riparian lowlands may both be sinks of NO3-N and sources of 
Norg and NH4-N. The TN transport at the subcatchment stream station resembled directly the in 
situ N export (NH4-N, Norg) from the lowland area, and supported the estimated TN mass 
balances for the riparian lowland. Generally, the overall TN balance for riparian lowlands 
critically reflect the quantitative difference between NO3-N removal and release of NH4-N and 
Norg. The release of Norg and NH4-N critically affects the mitigation power of riparian lowlands, 



190 

 

 

and may eventually turn wetlands into net N-sources if the input of NO3-N is reduced e.g. by land 
use changes on the upland areas. Thus, the contribution and release of Norg and NH4-N from 
riparian lowlands and restored wetland needs more attention. 

Considering the N balances of riparian lowlands should also include the emission of nitrous oxide 
(N2O) during denitrification (Maag & Vinther, 1996). N2O production or emission was not part 
of the N mass balance calculation in this study. Generally ratios of N2O/N2 during denitrification 
is affected by several parameters such as pH, temperature, O2, and the ratio of NO3 to organic C 
available for denitrification (Burgin & Groffman, 2012; Senbayram et al., 2012; van Cleemput, 
1998; Weier et al., 1993). Ranges of 0.65-0.87% (Weller et al., 1994), 0.02-3.7% (Jacinthe et al., 
1998), and 0.085-0.45% (Addy et al., 1999) of NO3-N depleted in the riparian zones were 
converted to N2O, respectively. Assuming that all N removed for the Fensholt transects was due 
to denitrification at shallow depth, and assuming that 0.02-3.7% of converted NO3-N was 
released as N2O to the atmosphere during denitrification, a rough estimate of the theoretical 
average losses of N2O would be in the range of 0.9, 4.8, 7.0, and 5.2 kg N/ha/yr for T31-T34, 
respectively. This wide range of reported N2O-N/NO3-N ratios emphasizes the importance of 
specific sites.  

 

5 Conclusions 

The heterogeneity of flow paths and especially the type of overland flow critically affected the 
NO3-N removal efficiency of four riparian lowland transects receiving drain water from 
disconnected tile drains in a clay till agricultural landscape. Infiltration of drainage water and 
subsurface flow completely reduced NO3-N concentrations within a distance of 0-50 m from the 
drain inlet in these peat soils. Nitrate-N removal during direct overland flow was attributed to 
diffusive exchange with potential high removal rates at shallow depths to the redox boundary. 
Overland flow was the major outflow pathway for all lowland transect, however, the type of 
overland flow greatly affected the NO3-N mass balance. Riparian lowlands characterized by short 
return flow with overland flow generated from exfiltration demonstrated high NO3-N removal 
efficiencies (85-100%), while a mixture of exfiltration and direct overland flow revealed 
moderate to high NO3-N removal efficiency (43-98%). The limited NO3-N removal efficiency 
(25%) during direct overland flow in one transect was most likely limited by the hydraulic 
efficiency of the overland flow area, caused by a HLR largely exceeding the infiltration capacity 
of this lowland transect. Thus, the dynamic ratio of HLR to the lowland infiltration capacity is 
critical in terms of defining the type of overland flow, and thus the resulting NO3-N removal 
efficiency. 

While the riparian lowlands demonstrated a high N reduction efficiency in terms of mitigating the 
upland agricultural NO3-N losses, the mitigation potential towards reducing recipient TN loads 
was overall limited to 39-56% during short-return flow and 1% during direct overland flow by 
the simultaneous in situ export of mainly organic N as well as NH4-N. Export of NH4-N was 
mainly attributed to groundwater discharge through subsurface layers with high NH4-N 
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concentrations in two transects (1.0-4.0 mg/L). Groundwater concentrations of Norg (1-2.5 mg/L) 
were within ranges typically found in peat soils, however high Norg in overland flow (2.0-7.0 
mg/L), combined with the high overland flow discharge, resulted in overland flow being the 
major export pathway of Norg and TN. The subcatchment mass balance based on the investigated 
subareas demonstrated that the TN export from the 26 ha riparian lowland amounted to 40% of 
the stream TN transport in the 194 ha subcatchment. These results highlighted the critical 
influence of overland flow on exports of especially Norg on the catchment N balance. Although 
these riparian lowlands receiving agricultural drain water were net sinks for NO3-N, a reduction 
in the anthropogenic N inputs would change the status of the riparian lowland to become net 
sources of N. Thus the quantitative importance of in situ N release during overland flow from 
riparian lowlands should be emphasized in future studies.       
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Abstract 

Transformation of nitrogen (N) in riparian wetlands mitigate eutrophication of natural water 

bodies, since these lowlands function as biological filters for nitrate (NO3-) in drainage water 

from upland agricultural areas. Efficient transformations of N in riparian lowlands are mediated 

by dissimilatory microbial processes, catalyzing NO3- reduction to gaseous dinitrogen (N2) or 

nitrous oxide (N2O) as part of energy metabolism with organic carbon (C) or reduced inorganic 

compound das electron donors. Notably, reduced iron (Fe) species may serve a prominent role 

such processes. However, NO3- reduction may also be facilitated by microorganisms with 

dissimilatory nitrate reduction to ammonium (DNRA) or by interactions between microbial and 

chemical processes, thereby affecting the allocation of end products of NO3- reduction. The 

present study was performed to identify the processes responsible for NO3- transformation in a 

riparian lowland, which received drainage water from upland agricultural fields. The study 

comprised field observations and controlled laboratory experiments to describe the occurrence 

of NO3- removing pathways and interactions with the cycling of Fe in the wetland soil profile 

down to 1 m depth. Water samples from piezometers showed a distinct NO3- plume in the 

subsurface peat layers where incoming drain water from the disconnected drain pipes was 

infiltrating. However, within a short distance of few meters in the water flow direction, NO3- was 

almost completely depleted from the percolating water. Sampling and analyses of the soil from 

the active zone of the biogeochemical NO3- removal showed that denitrifying enzyme activity 

(DEA) was high in the upper 0-25 cm of the soil, whereas the DEA was low at 25-100 cm. Yet, 

net transformation of NO3- also at 25-100 cm was substantial when assayed by net 

transformation of NO3- in relatively undisturbed soil samples and by 15N tracer techniques in soil 

slurries. Pathways of DNRA and anaerobic ammonium oxidation were identified, but seemed 

quantitatively minor as compared to denitrification. Nitrate reduction mediated by oxidation of 

ferrous iron (Fe(II)) was identified as an important process in the subsurface wetland soil. This 

was substantiated by geochemical observations, measured rates of NO3- depletion in slurry 

incubations with added Fe(II), and by the presence of microorganisms with known capacity of 

NO3- reduction coupled to Fe(II) oxidation (Acidovorax sp.). The pathway of iron-mediated NO3- 

reduction was not elucidated, but it was clearly demonstrated that N2O (which is a potent 

greenhouse gas) was a major product of the process. It should thus be tested under field 

conditions whether N2O emission hotspots could be related to specific sites of dynamic NO3- 

reduction coupled to Fe(II) oxidation. 
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Introduction 

Nitrogen (N) leaching and runoff from agricultural areas contribute to eutrophication of natural 

water bodies (Kronvang et al., 2009). Therefore, in countries with intensive agriculture, 

protection of vulnerable aquatic ecosystems is a growing concern. In Denmark, several initiatives 

to reduce N export to coastal waters have been taken during the last decades (Kronvang et al., 

2008), but further initiatives are needed to comply with the EU Water Framework Directive 

(HELCOM, 2016). Novel initiatives include introduction of a spatially differentiated N regulation 

based on locally targeted measures, which can be focused where these are most efficient (Hansen 

et al., 2017). A prerequisite for such differentiated regulation is knowledge of N retention in 

different landscapes at scales similar to the scales of regulation (Refsgaard et al., 2014; 2019). 

Danish national N retention maps currently include wetlands restored between 1998 and 2010 

(Højberg et al., 2015) but ignore natural or semi-natural wetlands, such as riparian lowlands. 

Yet, riparian lowlands are dynamic interfaces between upland agricultural areas and streams, 

and even small lowland areas may have large influence on the quality of water reaching the 

streams (Gregory et al., 1991). Notably, riparian lowland areas with high availability of electron 

donors for microbial energy metabolism, combined with anoxic soil conditions, may have a great 

potential for biological removal of nitrate (NO3-) in incoming waters from surrounding areas 

(Hill, 2019). 

 

Removal of NO3- in the riparian zone has most commonly been ascribed to heterotrophic 

denitrification (Burgin & Hamilton, 2007; Kartal et al., 2007), in which organic carbon (C) acts 

as electron donor for facultatively anaerobic microorganisms reducing NO3- to nitrite (NO2-) and 

further to gaseous nitrous oxide (N2O) and dinitrogen (N2). Such denitrification to N2O and N2 

may also be mediated by chemolithoautotrophic microbes that couple NO3- reduction to 

oxidation of reduced iron (Fe) or sulfur (S) species (Robertson et al., 2016; Yan et al., 2018). In 

addition to denitrification, NO3- (and NO2-) may be reduced to ammonium (NH4+) by 

dissimilatory nitrate reduction to ammonium (DNRA), i.e., with mineral nitrogen (N) recycling 

rather than gaseous N removal from the ecosystem (Putz et al., 2018). However, even under 

anoxic conditions, NH4+ can be oxidized to N2 by anaerobic ammonia oxidation (Anammox) with 

NO2- as electron acceptor (Gao et al., 2018), or potentially through anaerobic ammonia oxidation 

coupled to ferric iron (Fe(III)) reduction (Feammox) or manganese (Mn(IV)) reduction 

(Mnammox) in processes that may also lead to production of NO2- (Chen et al., 2020; Ding et al., 

2017). Thus, in their entirety, microbial pathways of NO3- removal are complex and may show 
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spatiotemporal variation linked to biogeochemical conditions. Therefore, the ability of riparian 

lowlands to mitigate N leaching from agricultural fields, by transformation of NO3- to gaseous 

N2, depends on microbial and environmental controls, such as available electron donors, along 

the local flow pathway. Untransformed NO3- and products like organic N and NH4+, that may 

leach from the riparian lowland, may bias the N mass balance and limit the overall effect on 

water and environmental quality (Petersen et al., 2019b; Stepanauskas et al., 1996). 

Furthermore, potential emissions of gaseous N2O may be in conflict with climate goals, since 

N2O is a strong greenhouse gas and ozone depleting agent (Myhre et al., 2015). 

 

In a hydrochemical study by Petersen et al. (2019b), the mass balance of N was estimated for 

subareas of a Danish riparian lowland, which received drainage water from upland agricultural 

fields. Nitrate was the major N form in the drainage inlet, whereas the export of N from the 

lowland to stream areas was dominated by organic N as well as NO3- and minor amounts of NH4+ 

(Petersen et al., 2019b). A distinct subsurface plume of NO3- was indicated in the area of 

drainage water infiltration, but this plume terminated within 10-20 m in the flow direction from 

the infiltration area, suggesting that NO3- was transformed in the soil, since monitoring of the 

lowland drains showed only minor NO3-N export through subsurface flow and drainage 

(Petersen et al., 2019b). The objective of the present study was to identify the processes 

responsible for such local NO3- transformation in the riparian lowland and notably to 

substantiate whether pathways in addition to heterotrophic denitrification were substantial. The 

study comprised field observations and controlled laboratory experiments to elucidate the 

occurrence of NO3- removing pathways and potential interactions with the cycling of Fe in the 

wetland soil profile. 

 

 

Materials and methods 

Study site and hydrology 

The study site was a riparian lowland (55°58’54’’N, 10°04’05’’E) located 5 km west of the city of 

Odder, Denmark (Fig. 1a). The landscape was formed during the last glaciations that created an 

undulating topography intersected by partially filled valleys (Høyer et al., 2015). The riparian 

lowland was located in one of these valleys surrounding a small headwater stream conducting 
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water from west to east (Fig. 1b). The riparian lowland had 1-2 m deep peat deposits underlain 

by gyttja and constituted 26 ha of the Fensholt subcatchment (194 ha), where the land use was 

dominated by agriculture (77%) on tile-drained sandy clay till soils (Fig. 1c). A majority of the tile 

drains were disconnected in the hillslope on the boundary between the agricultural fields and the 

riparian lowland. Further details of the riparian lowland have been described by Petersen et al. 

(2019a).  

 

 

 
 

Figure 1. a) Location of the study site in Eastern Jutland, Denmark. b) The Fensholt subcatchment 

showing the delineation of the riparian wetland, farmland, drain pipe networks, and the study area, T31 

(blue square). c) Details of the study area T31 with locations of boreholes and corresponding piezometer 

nests, designated by numbers 31-00 to 31-11. The two locations (31-02 and 31-03) included in this study 

are highlighted. d) Conceptual flow model of the riparian lowland at T31 (cross section). Red arrows 

indicate flow paths into the lowland, while blue arrows indicate flow paths leaving the lowland area into 

the stream. Figure adapted from Petersen et al. (2019a). 
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The study focused on the transect area T31 (Fig. 1), which had drainage inflow from an upland 

agricultural tile drain (disconnected at the hill slope) and was characterized by the presence of a 

subsurface subsidiary drainage network, discharging into the neighboring stream (Fig. 1b,c,d). 

Twelve piezometer nests (31-00 to 31-11; Fig. 1c), with screens at depths between 0.15 and 9.5 m, 

were installed in the transect area T31 for monitoring of hydrology and collection of water 

samples (Petersen et al., 2019a). Drain water infiltrated in the upslope part of the transect (31-

00 to 31-04, Fig. 1c), while exfiltration occurred during most of the year at a distance of ~50 m in 

a central depression of the transect (close to 31-05, Fig. 1c).  

 

Water samples for NO3- measurements 

Water samples for delineation of NO3- plumes were collected from piezometers in autumn 2017 

(October), basically as described by Petersen et al. (2019b). In brief, the piezometers were 

emptied using a vacuum pump, and fresh water accumulating in the piezometers was sampled 

within 24 h. The collected water samples were immediately filtered (in the field) using a 31-µm 

monofilament cloth. Filtrates were stored in cooling boxes and NO3- concentrations were 

analyzed within 24 h using a Technicon AutoAnalyzer 3 (Bran+Luebbe GmbH, Norderstedt, 

Germany).  

 

Denitrification enzyme activity in soil profiles 

Soil samples for measurement of denitrification enzyme activity (DEA) were collected in autumn 

2017 at two locations along the path of a NO3- plume identified at piezometer nests 31-02 and 31-

03, i.e., one location near the center of the plume (31-02) and one location where the plume 

terminated (31-03). Soil sampling was done at 5 cm depth increments to a depth of 115-120 cm. 

Samples from 0-20 cm were collected with steel cylinders (10 cm diameter), cut into 5-cm 

segments and quantitatively transferred to zip-lock plastic bags in the field. Soil from deeper 

layers (20-120 cm) was sampled using a 1-m long Russian corer with a diameter of 5 cm 

(Competition Cars, Sweden). The 1-m long half-cylindrical soil cores were cut in 5-cm segments 

and quantitatively transferred to zip-lock plastic bags. The sampling procedure resulted in 23 

soil samples from 31-02 and 24 soil samples from 31-03. 
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Soil pH was measured directly after sampling using a Hach Lange HQ11d portable pH meter and 

a Radiometer Analytical pHC2051-8 electrode. Measurements were done by inserting the pH 

electrode directly into the soil samples conditioned in the plastic bags.  

 

In the laboratory, the soil samples were sieved (4 mm), homogenized, and stored at 2°C prior to 

DEA assays. Defined portions of sieved soil were used for calculation of dry weight (wt), bulk 

density and water content after oven drying at 105°C (24 h). Loss on ignition (LOI) was 

determined after combustion of oven-dry soil at 550°C (4 h). Total organic carbon (TOC) was 

estimated from an empirical relationship derived for organic soils in the area (Petersen et al. 

(2019b), whereby TOC = 0.50 × LOI - 0.85, where TOC and LOI are expressed in percent of the 

soil dry wt. 

 

Measurement of short-term DEA was based on the acetylene (C2H2) blockage technique (Smith 

et al., 1978). In brief, for each of the 47 soil samples, six 10-20 g portions were weighed into 120 

mL serum bottles for treatments with and without glucose added as electron donor and C 

substrate (three analytical replicates per treatment). Soil portions of 20 g were used for topsoil 

samples (0-20 cm), whereas 10 g soil was used for the smaller samples from deeper soil layers. 

The soil samples were amended with 25 mL freshly prepared solutions with either KNO3 or 

KNO3 + glucose (20 mg L-1 NO3-N and 300 mg L-1 glucose). Blanks (n = 3) without soil were 

included for each treatment. All serum bottles were closed with butyl rubber stoppers and crimp 

seals, and the headspace was evacuated to <1.5 kPa and filled with N2 gas (purity, 99.999%) to 

150 kPa in four cycles. After the final N2 filling, the headspace was vented to atmospheric 

pressure, and 10 mL C2H2 was injected into each serum bottle (using a syringe with a 

hypodermic needle), leaving 10 mL overpressure. The serum bottles were placed on a rotary 

shaker (200 rev min-1) at constant room temperature (20°C). After 30, 90, 150 and 210 min, 

syringe samples of 2 mL headspace gas were collected from each serum bottle and injected into 

N2-filled 6 mL Exetainers (Labco, UK). Concentrations of N2O in the Exetainers were analysed 

using an Agilent 7890A gas chromatograph (GC) configured and calibrated as previously 

described (Petersen et al., 2012). Assays were run in batches of 24 bottles and all soil samples 

were analyzed within one week after soil sampling.  

 

Volumetric headspace concentrations of N2O (ppm, parts per million) were adjusted to account 

for the N2O dissolved in water using a Henry’s law constant of 2.4 × 10-4 mole m-3 Pa-1 (Sander, 
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2015). Rates of DEA (nmol N2O-N cm-3 soil h-1) were calculated from the slope of the linear 

increase of total N2O in the serum bottles using the specific volume of N2O (0.547 L g-1 at 101.3 

kPa and 20°C) and the volume of soil (cm-3) used in the assay. 

 

Net transformations of NO3- and NH4+ in intact soil incubations 

Concurrent net transformations of NO3- and NH4+ in relatively undisturbed soil was studied with 

samples collected from the area at 31-02 at depths of 5, 15, 25, 35, 55, and 75 cm. From a freshly 

exposed soil profile, six samples were collected at each depth using 5 mL plastic syringes where 

the tip was cut off and the edge was sharpened to ease cutting through the soil. The syringes 

were pushed horizontally into the soil while simultaneously retracting the syringe plunger, 

avoiding entry of air in the syringes. After retracting the soil-filled syringes, the cutting end was 

immediately closed using a 1-cm thick butyl stopper. Due to infiltrating water, the syringe 

sampling procedure was hampered for soil depth below 75 cm. Weight and volume of soil in all 

syringes were recorded.  

 

For each depth, soil from two syringe samples were immediately transferred to 50 mL test tubes 

with 10 mL of 1 M KCl for determination of initial concentrations of mineral N (i.e., NO3-N and 

NH4-N). The four remaining syringes for each depth were incubated in the dark at 20°C and 

destructively sampled for mineral N analyses after 3, 6, 9 and 13 days. Concentrations of mineral 

N were measured in the KCl extracts after shaking end-over-end (32 rev min-1, 30 min) and 

filtration (1.6 µm glass microfiber filter). The filtrates were stored at -18 °C until analyses by 

autoanalyzer. Net transformation rates of NO3-N and NH4-N were calculated by difference 

between the concentrations at each destructive sampling and the mean of the two initial 

samples. 

 

Availability of reduced Fe in the soil profile 

The concentration of dissolved (filterable) and particle-associated ferrous iron (Fe(II)) was 

analyzed in the soil profile of two soil cores (1 m deep), sampled at site 31-02 using the Russian 

corer. The soil cores were cut into segments of 5 cm that were split vertically in two equal soil 

portions (ca. 25 cm³ each). One soil portion (i) was immediately transferred to 100 mL of 40 

mM sulfamic acid for determination of dissolved and particle associated Fe(II) (Robertson et al., 

2016). The samples were briefly mixed and allowed equilibrate for 1 h before syringe filtration of 

a 5-mL portion of the supernatant into a 10 mL test tube (0.45 µm cellulose acetate filter with 
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glass fiber pre-filter; Q-Max GPF). The other soil portion (ii) was wrapped in a 31-µm 

monofilament cloth for manual porewater extraction. The porewater was squeezed (by hand) 

directly into a funnel with a 10-cm long outlet tubing (inner diameter, 0.5 cm). The first drops of 

porewater were discarded before the rest was collected in the bottom of an un-plunged 10-mL 

luer-lock syringe, mounted with a 0.45 µm syringe filter. The plunger was inserted and the 

porewater was filtered into 2.5 mL of 80 mM sulfamic acid. The aim was to achieve 2.5 mL 

porewater, but less was obtained for several depths in the 0-50 cm soil layer (the amounts of 

porewater obtained were determined by weight). The concentration of Fe2+ in the resulting acidic 

samples from (i) and (ii) was measured by the Ferrozine method (Stookey, 1970). To this end, 

0.2 mL sample was mixed with 1.8 mL Ferrozine for colorimetric analysis at 562 nm (Spectronic 

Helios α, Thermo Scientific). The analyses were repeated for 0.2 mL sample aliquots after 

treatment with 0.02 mL 10% hydroxylamine for 5 min, i.e., to test for presence of reducible 

Fe(III) in the filtered samples.  

 

Anoxic slurry incubations 

Slurry incubations were prepared for tracing 15N transformations and gas production of N2O, 

methane (CH4) and carbon dioxide (CO2). Soil to 1 m depth was collected at site 31-02 using the 

Russian corer (5 cm diameter) and cut into six 10-cm soil segments (0-10, 10-20, 30-40, 50-60, 

70-80, and 90-100 cm). The samples were transferred to zip-lock plastic bags and briefly 

homogenized. The soil from each depth interval was split into four equal portions (~15 g wet 

soil) and immediately transferred to 0.6 L Duran bottles prefilled with anoxic water (Butler et 

al., 1994), which was allowed to overflow. The bottles were tightly closed with screw caps 

(avoiding entrapment of air) and pre-incubated 48 h in the dark (20°C) to consume inadvertent 

oxygen. A magnet was present in the prefilled bottles and the screw caps were equipped with a 1-

cm thick butyl rubber stopper for experimental additions. To stimulate redox reactions involving 

Fe2+, one of the four 0.6 L bottles in each series (of slurries from the same 10-cm segment) was 

amended with 2 mL of 1.5 M FeCl2 prepared in anoxic water (resulting concentration, ~280 mg 

L-1 Fe2+). The FeCl2 solution was injected through the butyl stopper while excess liquid was 

allowed to escape through a second needle inserted through the butyl stopper. To neutralize the 

acidity of FeCl2 (Gayer & Wootner, 1957) the slurry was amended with 1.5 mL of 2 M NaOH and 

all bottles were further pre-incubated in the dark for 24 h. 
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Transformations of 15N labelled mineral N 

After pre-incubation, the Fe2+ amended slurries were injected with 1 mL solutions of 15NO3-, 

whereas the three other slurries in each series were injected with either 15NO3-, 15NH4+, or 14NO3- 

+ 15NH4+. Anoxic 15N stock solutions were prepared with 0.12 M Na15NO3 (≥98% 15N; Aldrich) 

and 15NH4Cl (≥98% 15N; Isotec) and the resulting concentrations in soil slurries were 3 mg N L-1 

of each of 15NO3- and 15NH4+. After mixing, using a magnetic stirrer, subsamples from each slurry 

were anoxically transferred to 6 mL Exetainer vials pre-flushed with N2 for 1 min, using Hungate 

techniques (Hungate, 1969; Wolfe, 1971). A weak N2 overpressure was applied to 0.6 L bottles 

and forced the stirred suspension through an outlet tubing (4 mm, inner diameter) directly into 

the Exetainers, which were completely filled from the bottom (still flushing with N2), eventually 

leaving a small convex meniscus. The Exetainers were tightly closed by screw caps with butyl 

septa without entrapment of air. For each of the slurries, 24 Exetainers were prepared for 

duplicate destructive sampling and analyses during an incubation period of 15 days (darkness at 

20°C).  

 

Destructive sampling of Exetainers for mineral N and 15N analyses was performed by replacing 

0.5 mL of the liquid phase with 0.5 mL of 20% ZnCl2 to stop microbial activity (Roland et al., 

2018). The removed liquid was transferred to 1.5 mL of 2.7 M KCl and frozen for subsequent 

determination of mineral N concentrations. Analysis of excess 29N2 (14N15N), 30N2 (15N15N), 29N2O 

(14N15N16O), and 30N2O (15N15N16O) in the Exetainers was performed as described by Dalsgaard et 

al. (2012). Samples from incubation times of 0 and 11 days were analysed for all depths and 

treatments, whereas full time courses from day 0 to 11 were analysed for the 0-10 cm soil layer in 

treatments with 15NO3- and 15NO3- + Fe2+. In brief, a 1-mL He headspace was introduced in the 

Exetainers and, after gas equilibration (3 days), 20 µL headspace samples were analysed using a 

continuous flow GC-Isotope Ratio Mass Spectrometer system (GC-IRMS) with post-GC 

quantitative conversion of N2O to N2 on a 600 °C copper column as described in (Dalsgaard et 

al., 2003). After N2 isotope analysis a 2-mL subsample remaining sample in the Exetainers from 
15NO3-N treatments was transferred to new 6-mL Exetainers, flushed with He (to remove N2) 

and then treated with alkaline hypobromite iodine solution to convert NH4-N to 29N2 and 30N2  

(Robertson & Thamdrup, 2017; Warembourg, 1993), which was measured by GC-IRMS.  
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Fe2+ concentrations and pH 

In addition to filling of Exetainers, slurry from the 0.6 L bottles were anoxically filled into two 50 

mL serum bottles that were closed by butyl rubber stoppers. These samples were used for 

measurement of pH and dissolved Fe2+ at the beginning and the end of the incubation period 

(i.e., at day 0 and 15). Subsamples of ~0.5 mL for Fe2+ analysis were filtered (0.45 µm) directly 

into 1 mL of 0.5 M HCl; the amount of filtrate was determined by weight and Fe2+ was quantified 

by the Ferrozine method (Stookey, 1970). Slurry pH was measured by electrode (PHM210, 

Radiometer Analytical, France) directly in the 50 mL serum bottles subjected to magnetic 

stirring. 

 

Patterns of N2O, CH4 and CO2 production 

The slurry eventually remaining in the 0.6 L bottles (~0.3 L) was incubated under slight N2 

overpressure and headspace gas from the bottles was sampled at intervals of 1-3 days for 

measurement of N2O, CH4 and CO2. Gas samples of 10 mL were transferred to evacuated 6 mL 

Exetainers and analysed using an Agilent 7890A GC configured and operated with detectors for 

each gas (Petersen et al., 2012). Gas concentrations in the headspace were adjusted for N2 

overpressure, headspace:liquid ratios, and Henry’s law constants for N2O, CH4 and CO2 (Sander, 

2015). Typically, the net rate of gas accumulation decreased during the incubation period 

resulting in log-logistic or second-order time courses. To provide a single value that could be 

compared among depths and treatments, we used a trapezoidal integration of gas concentrations 

from the entire incubation period (cf. Guckert et al., 1996) after subtraction of the initial gas 

concentrations.  

 

Calculation of denitrification, anammox and DNRA from 15N isotopes 

In slurries treated with 15NO3-, the production of N2 from denitrification (D), the production of 

N2 from anammox (A), and the production of NH4+ from DNRA were calculated as described by 

Thamdrup and Dalsgaard (2002) and Roland et al. (2018): 

 

𝐷𝐷 = 𝑁𝑁2,𝑒𝑒𝑒𝑒𝑐𝑐𝑒𝑒𝑒𝑒𝑒𝑒 
30 × 𝐹𝐹𝑁𝑁−2 (1) 

 

𝐴𝐴 = 𝐹𝐹𝑁𝑁−1 × � 𝑁𝑁2,𝑒𝑒𝑒𝑒𝑐𝑐𝑒𝑒𝑒𝑒𝑒𝑒 
29 + 2 × (1 − 𝐹𝐹𝑁𝑁−1) × 𝑁𝑁2,𝑒𝑒𝑒𝑒𝑐𝑐𝑒𝑒𝑒𝑒𝑒𝑒 

30 � (2) 
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𝐷𝐷𝑁𝑁𝐷𝐷𝐴𝐴 = 𝑁𝑁𝐻𝐻4,𝑒𝑒𝑒𝑒𝑐𝑐𝑒𝑒𝑒𝑒𝑒𝑒
+

 
15 × 𝐹𝐹𝑁𝑁−1 (3) 

 

where 30N2,excess, 29N2,excess, and 15NH4+excess is the excess of 30N2, 29N2, and 15NH4+ relatively to time 

zero gas samples, respectively, and FN is the mole fraction of 15NO3- in the total pool of NO3- 

(~0.98). 

In slurries treated with 15NH4+, the production of N2 from anammox (ANH4) was calculated as: 

 

𝐴𝐴𝑁𝑁𝑁𝑁4 = 𝑁𝑁2,𝑒𝑒𝑒𝑒𝑐𝑐𝑒𝑒𝑒𝑒𝑒𝑒 
29 × 𝐹𝐹𝐴𝐴−1 (4) 

 

 

where 29N2excess is the excess of 29N2 relatively to time zero gas samples, and FA is the mole 

fraction of 15NH4+ in the total pool of NH4+ (~0.98). 

 

Taxonomic characterization of NO3- enrichment cultures 

Soil samples for microbiome analyses were collected from two depths at site 31-02, representing 

the upper soil layer (0-0.4 m) and the deeper soil layer (1.2-1.6 m). Enrichment cultures of NO3- 

reducing bacteria were prepared by incubating soil samples in minimal M9 salts medium 

(Merck) supplemented with 70 mg L-1 NO3-N, 600 mg L-1 acetate, and traces of yeast extract. The 

complete media was autoclaved (121°C, 20 min) prior to inoculation and the cultures were 

incubated anoxically in the dark at 20°C. Cultures were transferred six times and eventually 

harvested by centrifugation (10,000 g, 10 min).  

 

Metagenomic DNA analyses were performed by MiSEQ illumina sequencing after DNA 

extraction from the pellets of harvested enrichments. DNA was extracted using the QIAGEN 

blood kit (QIAGEN, Germany) and a DNA library was prepared with a Hamilton NGS STAR 

system and KapaHyper Plus kit (ROCHE Diagnostics) using 100 ng DNA diluted in 12.5 µL of 10 

mM Tris (pH, 7.5-8.5). Fragmentation time was 5 min and ligation was followed by 0.8× double 

size selection with NucleoMag beads (Macherey Nagel). Seven PCR cycles were performed and 

1× bead cleanup was used post amplification. The library was quantified on a plate reader using 

Quantit dsDNA reagent (Thermo Fisher Scientific). The metagenome was sequenced using an 

Illumina MiSeq system with 600-cycles cartridge (v3), and 2 x 300 bp paired end reads with 

dual TruSeq 8 bp indexes. The sequencing depth was between 36 and 114 Mbp. Reads were 

demultiplexed with BCL2fastq using MiSeq Reporter software, filtered and trimmed with 
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Trimmomatic v0.33 (Bolger et al., 2014) and merged with FastQC v0.11.8 (Andrews, 2010). 

Contigs were generated with SPAdes v3.13.0 (Bankevich et al., 2012). Genes were called using 

Bowtie v2.2.6 (Langmead & Salzberg, 2012) and the taxonomy identification was conducted 

using Kraken v0.10.5 beta (Wood & Salzberg, 2014). 

 

Results 

Nitrate concentrations in groundwater 

Water samples from piezometers showed a distinct NO3- plume in the peat layers where 

incoming drain water from the disconnected drain pipes was infiltrating (Fig. 2). High NO3- 

concentrations (up to 14 mg L-1 NO3-N) were measured in piezometer nest 31-02 (decreasing 

with depth), whereas concentrations were mostly <1 mg L-1 NO3-N in the piezometer nest at 31-

03. This was similar to previous autumn/winter situations showing concentrations of up to 13 

mg L-1 NO3-N in 31-02 and <2 mg L-1 NO3-N in 31-03 (Petersen et al., 2019b). Thus, along the 

short distance of 8 m between 31-02 and 31-03, the NO3- in the groundwater flow was almost 

exhausted, i.e., indicating the zone between 31-02 and 31-03 as an established active zone of 

NO3- transformation processes. 
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Figure 2. Cross section of the study area at T31 from north (left) to south (right) showing the lithology of 

the upper soil layers and NO3-N concentrations in infiltrating water and piezometer screens sampled on 

10th October 2017 at 31-02 and 31-03. Decimal numbers and contour lines represent NO3-N 

concentrations in mg N L-1. The vertical axis is elevation in m above sea mean level (m a.m.s.l.). 

 

Physicochemical soil profiles and DEA 

The soil profiles at 31-02 and 31-03 were typical for wetland soils (Fig. 3), notably with 31-03 

having low bulk densities (<0.5 g cm-3), high water contents (>50% by volume), and TOC 

concentrations of 14-41% (on soil dry wt basis). Site 31-02, situated closer to the hillslope, had 

bulk densities of <0.7 g cm-3, water contents of >35%, and TOC concentrations of 5-39%. In both 

profiles, there was an increase in bulk density and decrease in water content in the depth interval 

between 10 and 40-45 cm. Soil pH decreased from about 6.9 at the surface layer to 6.1 in the 

deeper layers at 31-02 and 31-03.  
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Figure 3. Soil profile characteristics for a) site 31-02 and b) site 31-03. Lit, lithology; BD, dry bulk 

density; WC, volumetric water content; TOC, total organic carbon; DEA, denitrification enzyme activity 

in the presence of added potassium nitrate (KNO3) and with (blue lines) or without glucose (red lines) 

added as electron donor and carbon source. Error bars are standard errors for three laboratory assay 

replicates (one outlier omitted for 31-02 at 30-35 cm with DEA of 584 nmol N cm-3 h-1). 

The DEA was highest near the soil surface in the profiles at both 31-02 and 31-03. DEA 

decreased rapidly with depth and reached activities close to zero below 25 cm (Fig. 3). Maximum 

rates were 280 and 316 nmol N cm-3 h-1 at 31-02 and 31-03, respectively. DEA in the topsoil was 

stimulated by added glucose, especially at 31-02 where the rates at 0-10 cm increased by an 
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order of magnitude. Below the depth of 25 cm, DEA (with or without added glucose) was low in 

the entire soil profile at both sites with only few observations of rates exceeding 5 nmol N cm-3 h-1 

(Fig. 3) 

 

Profiles of Fe(II) in the soil at 31-02 indicated low availability of soluble Fe2+ in the porewater 

(typically <1 mg L-1) in the entire soil profile down to 1 m depth (Fig. 4a). However, particle 

associated Fe(II), extracted with sulfamic acid, increased from low concentrations in the upper 

70 cm to 180-260 mg L-1 at 80-100 depth (Fig. 4a). Concentrations of Fe2+ measured before and 

after reduction of filtrates with hydroxylamine were similar; this demonstrated negligible 

presence of filterable reducible Fe(III) in the porewater samples even at 80-100 cm depth (Fig. 

4b) and also showed that oxidation of Fe2+ during sample handling was minimal. 

 

 
 

Figure 4. Vertical profiles of a) filterable and b) particle associated (sulfamic acid extractable) 

porewater Fe(II) concentrations in duplicate soil profiles from site 31-02 (data shown as mean ± 

standard error). Fetotal includes Fe2+ and hydroxylamine reducible Fe(III) in filtered samples. 

Net dynamics of NO3- and NH4+ in intact soil incubations 
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Indigenous NO3- concentrations in intact soil incubations ranged between 3.2 and 10.7 µg N cm-

3, whereas coexisting NH4-N concentrations typically were an order of magnitude lower (Fig. 5). 

After anoxic incubation for 3 days, NO3- concentrations consistently decreased to levels of 0.4-1.1 

µg NO3-N cm-3 in the topsoil (0-25 cm) and at 75 cm depth; weaker decreases to 3-6 µg N cm-3 

were measured at 35 and 55 cm depth. Concurrent net increase in NH4-N concentrations 

generally accompanied NO3-N depletion. The increases in NH4-N corresponded to 17-34% of the 

NO3-N depletion at 35 and 55 depth, but even to 72-100% in the topsoil and at 75 cm depth. 

Prolonged anoxic incubation for 6-13 days resulted in virtually complete NO3-N depletion at all 

soil depth, but also showed that NH4+ was eventually depleted, except in the uppermost soil layer 

(Fig. 5).  

 

 

 
 

Figure 5. Mineral nitrate (NO3-N, red) and ammonium (NH4-N, blue) in undisturbed soil samples at 

sampling time (0 days) and after anoxic incubation for 3-13 days. Soil was sampled from depths of 5-75 
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cm. The dashed line indicate the total loss of mineral N. Concentrations are in µmol N cm-³ soil, and 

error bars on initial mean concentrations are standard errors (n = 2). 

 

 

Transformations of mineral N in slurry incubations 

Soil from the 1 m depth profile of wetland soil consistently consumed added NO3- in anoxic 

slurry incubations (see supplementary Fig. S1 for time course and rate calculations). The NO3- 

depletion was always weak at 90-100 cm depth, but otherwise no clear depth dependence was 

identified across the treatments (Fig. 6). Thus, rates measured with 0-20 cm topsoil in 

treatments with NO3- and NO3- + NH4+ (0.22-0.24 µmol cm-3 d-1) were matched or exceeded by 

rates at deeper soil layers, notably the 50-60 cm soil layer (0.28-0.43 µmol cm-3 d-1). 

Remarkably, the rates of NO3- depletion were substantially higher at all depth for treatments 

with added Fe2+ and NO3- as compared with NO3- alone or NO3- + NH4+ (Fig. 6). Resulting mean 

rates of NO3- depletion at 0-100 cm with and without added Fe2+ were 0.49 and 0.21 µmol cm-3 

d-1, respectively. Trends of net NH4+ production were recorded in most slurry incubations with 

added NO3-, but the NH4+ production was weak and mostly matched by NH4+ production in 

counterparts without added NO3- (Supplementary Fig. S1). 
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Figure 6. Depth profile of depletion rates of nitrate in slurry incubations amended with Fe2+ + 15NO3- 

(black bars), 15NO3- (grey bars), and 14NO3- + 15NH4+ (white bars). Rates were calculated from linear 

regression of time courses of NO3- concentrations (Supplementary Fig. S1). 

Transformation of 15NO3- in slurries with and without added Fe2+ showed a linear time course of 
30N2 production and only slight (20-40 fold lower) production of 29N2 (Supplementary Fig. S2). 

Overall, 30N2 was produced at all depths in treatments with 15NO3-. Incubations with added 
15NH4+ showed detectable 15N-N2 production (except at 90-100 cm depth), but this was 2-3 

orders of magnitude lower than with added 15NO3- (Supplementary Fig. S3 and S4). Calculations 

of rates of denitrification, anammox and DNRA in treatments with only 15NO3-, indicated that 

denitrification was the main process for transformation of NO3- (>78%) at all depths, while the 

contributions of anammox (<8%) and DNRA (<5%) were minor (Fig. 7a). This pattern was 

similar in treatments with 15NO3- + Fe2+, although anammox seemed lower and DNRA slightly 

higher (Fig. 7b). However, a major difference in treatments with and without Fe2+ was the extent 

of overall 15NO3- transformation to 15N labelled N2O (Fig. 7a,b). Whereas N2O was a minor 15N 
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product (2-11%) in treatments without Fe2+, it was as a major product (45-75%) in the presence 

of Fe2+. 

 

 

 
 

Figure 7. Rates and source processes of recovered 15N labelled N2 in soil slurries amended with a) 15NO3-, 

b) Fe2+ + 15NO3-, c) 15NH4+, and d) 14NO3- + 15NH4+. Sources were identified as denitrification, anammox 

or DNRA based on 15N signatures. Rates of 15N-N2O production are shown as red bars. 

Initial pH in the 15N slurry incubations was 6.6-7.3 in treatments with Fe2+ and 6.9-7.5 in 

treatments without Fe2+. Thus, the acidity of FeCl2 was reasonably neutralized by the concurrent 

addition of NaOH, since control experiments showed a pH decrease from 7.3 to 4.8 in sediment 

slurries amended only with FeCl2 (data not shown). At the end of the incubation period (15 

days), most pH values remained in the initial range except for notably the two deepest soil layers 

with NO3- and Fe2+ where pH decreased to 4.0-4.3 (data not shown).   

 

Patterns of N2O, CH4 and CO2 production 
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The pattern of N2O production in the 15N analyses was corroborated by N2O production in 

slurries incubated under anoxic headspace (liquid to headspace ratio, ca. 1:1, v/v), which showed 

low net N2O production at all depths in samples amended with NO3- and/or NH4+ (Fig. 8a). 

However, slurries amended with Fe2+ + NO3- showed a distinct high rate of N2O production in 

the topsoil, i.e., exceeding the rate in slurries without Fe2+ by two orders of magnitude (Fig. 8a). 

Minor CH4 production was observed in soils from 50-60 depth, and sporadically below (Fig. 8b), 

whereas CO2 was produced across all soil depth and treatments, but without a clear pattern (Fig. 

8c). 

 

 

.  

 

Figure 8. Integrated production of a) N2O, b) CH4, and c) CO2 in anoxic soil slurries during 15 days 

(20°C). 

Nitrate reducing enrichment cultures 

Metagenomic studies of enrichment cultures with NO3- and acetate showed that the 10 most 

abundant species represented 75% of the DNA sequences identified with 66% belonging to seven 

species of the genus Pseudomonas (Table 1). The most dominating species was P. fluorescens. 
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The three species not belonging to Pseudomonas were Aeromonas hydrophila, Pusillimonas sp., 

and Acidovorax sp. A similar pattern was found for enrichments based on soil samples from 

upper and deeper soil layers except that Clostridium saccharolyticum rather than Pusillimonas 

sp. was among the 10 most abundant species in enrichments from deeper soil layers (Table 1). 

 

Table 1. Top 10 most abundant species found in metagenomic analyses of nitrate reducing enrichment 

cultures. Percentages of base pairs (BP) and contigs account for the fraction associated with the species 

during the identification with Kraken ((Wood & Salzberg, 2014). 

Enrichments from upper 

soil layer 

% 

BP 

% 

Contigs 

 Enrichments from deeper 

soil layer 

% 

BP 

% 

Contigs 

Pseudomonas fluorescens 23.1 13.7  Pseudomonas fluorescens 27.6 15.0 

Pseudomonas frederiksbergensis 8.9 6.3  Acidovorax sp. KKS102 8.4 1.1 

Aeromonas hydrophila 4.3 0.6  Pseudomonas frederiksbergensis 7.6 4.3 

Pseudomonas alkylphenolica 3.8 4.6  Pseudomonas veronii 7.0 0.9 

Pseudomonas sp. CC6-YY-74 3.7 0.8  Aeromonas hydrophila 4.6 1.5 

Pusillimonas sp. T7-7 3.2 0  Pseudomonas sp. URMO17WK12:I11 4.1 2.6 

Pseudomonas sp. A3(2016) 2.3 3.6  Pseudomonas sp. GR 6-02 3.6 3.5 

Acidovorax sp. KKS102 2.2 0.6  Pseudomonas brassicacearum 2.7 5.2 

Pseudomonas sp. URMO17WK12:I11 2.2 3.0  Clostridium saccharolyticum 1.4 3.1 

Pseudomonas veronii 2.1 3.8  Pseudomonas mandelii 1.1 1.6 

Unclassified species 19.8 35.7  Unclassified species 17.4 40.0 

 

 

 

Discussion 

 

The present study explored the NO3- removal and related microbial processes in a riparian 

lowland, which received drainage water from upland agricultural fields. Geochemical 

observations identified a strong gradient of decreasing NO3- concentrations over few meters 

distance in the flow direction of the infiltrating agricultural drainage water (Fig. 2). The apparent 

NO3- transformation occurred throughout the upper 1 m of the wetland soil, but with a 

subsurface maximum. These observations confirmed a previous N mass balance study in the 

wetland area (Petersen et al. (2019b), where it was found that NO3- was efficiently removed upon 
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infiltration. Infiltrated water travelling as groundwater to the adjacent stream was completely 

depleted of NO3- and NH4+, while organic N constituted 2-3 mg N L-1 (Petersen et al., 2019b). 

Further, a distinct local subsurface maximum of oxalate extractable Fe was previously identified 

at the study site were upland drainage discharge infiltrated into the riparian lowland soil 

(Petersen et al. (2019b). This indicated an active cycling of amorphous or poorly crystalline Fe 

oxides (Rennert, 2019; Stoppe et al., 2015) in relation to NO3- removal in the wetland soil. In the 

present study sampling and microbial assays of the soil profile to 1 m depth was targeted at the 

established zone of the biogeochemical NO3- removal to explore the prevailing processes and 

microbial potentials.  

 

 Denitrification, anammox and DNRA 

Isotope pairing techniques with 15NO3- and 15NH4+ were used to discriminate between the relative 

importance of respiratory denitrification, anammox, and DNRA (Thamdrup & Dalsgaard, 2002). 

The results indicated that anammox and DNRA was relatively minor pathways as compared to 

denitrification in the soil profile from 31-02. In other studies, DNRA has generally been found to 

be favored over denitrification under conditions of low NO3- and high organic C availability 

(Hardison et al., 2015; van den Berg et al., 2016). The present wetland soil profile, with 

infiltrating NO3- from upland arable sites, was characterized by high concentrations of both NO3- 

and TOC. Although the bioavailability of the organic C was unknown, the weak stimulation of 

DEA by added glucose in the soil profile from 31-03 indicated that labile organic C was not 

restricting denitrification in the topsoil at this site, where the highest activity occurred. At site 

31-02, closer to the upland agricultural border, DEA was lower than at 31-03 and was markedly 

stimulated by glucose, thus indicating lower C availability for heterotrophic denitrification. This 

pattern coincided with the soil properties, which generally were more organic-rich and 

waterlogged at 31-03. 

 

Profiles of DEA showed a clear depth dependence with distinctly lower rates in the soil below 25 

cm. Yet, incubation studies with undisturbed soil and soil slurries indicated a strong capacity for 

NO3- depletion also in soils below 25 cm depth. Net transformations of NO3- to NH4+ in the 

undisturbed soil samples indicated that DNRA could be important, but also that it could be 

coupled to oxidative processes transforming NH4+ to gaseous products (i.e., various forms of 

anaerobic ammonium oxidation). When tested in slurry incubations with added 15NH4+, the 

production of 29N2 and 30N2 was confirmed (Fig. 7c,d), but seemed relatively minor and thus not 
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immediately supporting a strong ecological role anaerobic ammonia oxidation. However, actual 

N-transformation rates may not be deduced from slurry incubations (Hansen et al., 2000), and a 

better representation of in situ rates would require intact core experiments of short duration 

using the isotope pairing technique.   

In marine ecosystems, chemolithoautotrophic (or mixotrophic) annamox bacteria have been 

found contribute to up to half of the N2 production in low-oxygen zones (Devol, 2003). Less 

research has focused on the role of anammox in riparian wetlands, although a relative high 

biodiversity of anammox bacteria in various freshwater wetlands have been reported (Zhu et al., 

2010) with significant and stable populations in deeper soil layers (Humbert et al., 2012). 

 

Iron-mediated denitrification 

Nitrate reduction coupled to Fe(II) oxidation has been described from geochemical studies and 

microorganisms mediating the process have been identified (Bryce et al., 2018). However, the 

mechanisms involved are debated, as it is uncertain to what extent the entire process is under 

enzymatic control (allowing utmost exploitation of the thermodynamic energy) or whether it is 

facilitated by chemical Fe(II) reactions with reactive N intermediates, such as NO2- (Klueglein & 

Kappler, 2013). Recently, the activity of autotrophic NO3--reducing Fe(II) oxidizers was 

demonstrated in coastal marine sediments (Laufer et al., 2016) and Fe(II) oxidation coupled to 

NO3- reduction was suggested mainly to be microbially mediated in littoral freshwater sediment 

(Schaedler et al., 2018). The geochemical signature at our wetland study site, with concurrent 

depletion of NO3- and accumulation of poorly crystalline Fe oxides (oxalate extractable Fe) was 

in accordance with a potential ecological role of NO3- reduction coupled to Fe(II) oxidation. 

Measured rates of NO3- reduction in slurry incubations indeed showed that added Fe2+ 

stimulated NO3- depletion across the depth of the wetland soil.  

 

During the incubation experiments, we observed a discrepancy between low DEA in acetylene 

blockage assays and high NO3- depletion rates in intact soil samples and soil slurries with soil 

from 25-100 m depth. This discrepancy was not fully understood, but potential methodological 

issues were considered, which could be related to NO3- reduction coupled to Fe(II) oxidation. 

Intact soil samples (for syringe incubations) and soil samples for 15N slurries were kept anoxic at 

all times, while soil samples for classical DEA analysis were kept in zip-locked plastic bags for 

several days and sieved at 4 mm. This most likely resulted in oxidation of amorphous indigenous 

Fe(II). Thus, to the extent that dissimilatory NO3- reduction to N2O and N2 was coupled to Fe(II) 
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oxidation, this process may have been disfavored in the classical DEA assays due to lack of 

Fe(II). Likewise, NO3- reduction coupled to Fe(II) oxidation, with enzymatic conversion only to 

NO2- and with subsequent Fe(II)-mediated chemodenitrification, may not have been detected in 

the classical DEA assays. However, further studies are needed to test the apparent lack of DEA at 

depth in the wetland soil. Indeed, substantial DEA was expected, since the sediment was rich in 

TOC and the pathway of heterotrophic denitrification should be thermodynamically favored over 

Fe-mediated denitrification (thermodynamic data from Stumm & Morgan, 1981): 

10Fe2+ + 2NO3- + 24H2O   10Fe(OH)3 + N2 + 18H+ ∆G°’ = -503 kJ mol-1 NO3- (5) 
 

5CH2O + 4NO3- + 4H+      5CO2 + 2N2 + 7H2O ∆G°’ = -583 kJ mol-1 NO3- (6) 
 

 

Nevertheless, reaction kinetics and the actual free energy change (∆G) of the processes, which 

depends on the environmental concentrations of the reacting species, may influence the balance 

between such competing microbial processes in the wetland ecosystem and their partitioning 

may not be directly deduced from ∆G°’ values. 

 

Nitrous oxide production 

The present data consistently showed that the production of N2O was stimulated in treatments 

with concurrent availability of NO3- and Fe2+. This may reflect an increased risk of atmospheric 

emission of N2O from Fe-rich wetland soils receiving NO3--contaminated drainage water from 

agricultural fields. As such, the contribution of wetland processes to remove NO3- and benefit the 

aquatic environment could be compromised by emission of N2O, which is a potent greenhouse 

gas with a global warming potential that is 265-296 times higher than CO2 on a 100-yr time scale 

(Myhre et al., 2013).  

 

Production of N2O under anoxic conditions occur as an intermediate in dissimilatory 

heterotrophic NO3- reduction, but is known also to result from abiotic reduction of NO2- by 

Fe(II): 

 

4Fe2+ + 2NO2- + 9H2O    4Fe(OH)3 + N2O + 6H+ ∆G°’ = -246 kJ mol-1 NO2- (7) 
 

Such chemodenitrification may be an important source of N2O in Fe and C-rich habitats (Zhu-

Barker et al., 2015). However, production of N2O within the soil does not necessarily imply 
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atmospheric emission, since N2O may be reduced to N2 by denitrifiers possessing nitrous oxide 

reductases during upward transport through the wetland soil. Targeted measurements of N2O 

distributions and atmospheric N2O emissions (e.g. Kandel et al., 2018) in settings like the 

present study site should be encouraged to assess the potential risk of N2O emission hotspots 

related to specific sites of dynamic NO3- reduction coupled to Fe(II) oxidation. 

 

Nitrate reducing enrichment cultures 

Different species of the genus Pseudomonas were the most prevailing NO3- reducers in 

enrichment cultures from the wetland soil. These are facultative anaerobes, representing a 

dominant group of heterotrophic soil bacteria with a large catabolic versatility (Sørensen & 

Nybroe, 2004). Indeed, pseudomonads are among the most common and active soil denitrifiers 

(Chan et al., 1994) and their presence in the wetland soil was expected. However, since the 

metagenomics studies were based on enrichment cultures, selection may have favored 

pseudomonads and thereby biased their relative importance. Yet, the diversity of species 

obtained in culture indicated their potential importance for organic matter mineralization and 

heterotrophic denitrification in the wetland ecosystem. In addition to pseudomonads, cultures of 

Pusillimonas sp. and Aeromonas hydrophila were obtained, which are heterotrophs reported to 

reduce NO3- (Cao et al., 2011; Knight & Blakemore, 1998). Certain strains of A. hydrophila have 

been described as incomplete denitrifiers that reduce NO3- only to NO2-, e.g., when grown with 

NO3- and acetate (Paulo et al., 2017), but their ecological role in wetland soils is not clear. 

 

Interestingly, bacteria with differing dissimilatory NO3- metabolism were also obtained in 

enrichment cultures, including species of the genus Acidovorax, which are proficient Fe(II) 

oxidizing anaerobes previously studied in pure cultures (Carlson et al., 2013; Chakraborty et al., 

2011; Liu et al., 2019). Thus, responsible organisms were identified that may couple NO3- 

reduction to oxidation of reduced Fe in the wetland ecosystem. As previously discussed, the 

occurrence of this process in situ was indicated from geochemical observations (Petersen et al., 

2019b) and substantiated during slurry incubation where both NO3- and Fe2+ was present (Fig. 

6). Further organisms obtained in enrichment culture included Clostridium saccharolyticum, 

which is an endospore forming anaerobe with fermentative metabolism (Murray et al., 1982). 

Clostridium saccharolyticum belongs to a taxonomic complex clade of closely related species, 

most with poorly known ecology (Collins et al., 1994). However, clostridia are generally 

identified as important fermentative DNRA organisms in soils and sediments (Caskey & Tiedje, 
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1979; Keith et al., 1982; Rütting et al., 2011) and could play a role in mediating this process in the 

wetland ecosystem.  
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Figure S40: Timeseries of a) 30N2excess and b) 29N2excess for samples from the depth 0-10 cm in amendments with 
15NO3- (blue) and 15NO3-+Fe2+ (red). 
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Figure S41: Production of 29N2excess in soil slurries after 10.9 days of incubation. Note the different scales on the x-
axes. 
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Figure S42: Production of 29N2excess in soil slurries after 10.9 days of incubation. Note the different scales on the x-
axes. 
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Abstract 

The distribution and volume of organic sediments as well as the flow pathways in riparian 

lowlands are important parameters when determining the potential denitrification capacities of 

a catchment. A headwater catchment in Denmark was investigated with a range of geoelectrical 

and electromagnetic geophysics as well as shallow boreholes to create a geological model of a 

riparian lowland. The organic sediments showed a high resistivity variation when measured 

resistivities were compared with borehole lithology. Chemical analyses of soil and groundwater 

samples were used to explain the resistivity variation. Resistivity was observed to correlate well 

with pore water salinity entailing that ionic input into the riparian aquifer was of considerable 

importance to the resistivity of peat sediments as well as the interpretation of geological 

boundaries. Based on the analyses of resistivity variations a set of geological surfaces were 

interpreted on 86 sections. The surfaces were interpolated using ordinary kriging and compiled 

into a structured three-dimensional grid with uniformly sized voxels measuring 10 x 6 x 0.5 m (x, 

y, z directions). The resulting model may be used for evaluating the volume and distribution of 

peat and as a geological basis for hydrobiogeochemical modelling  
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Introduction 

In recent strategies of eutrophication mitigation measures in Denmark, a focus is directed 

towards the denitrification possibilities of peat aquifers in riparian lowlands in agricultural 

catchments (DCNA, 2013; Højberg et al., 2017). The leaching of nitrate has long been recognized 

as an eutrophication cause in marine waters (Ryther and Dunstan, 1971). In order to lower 

leaching from agricultural sources mitigation efforts are performed such as constructed wetlands 

and nutrient filter systems (e.g. Kleimeier et al., 2018). Also, natural wetlands may prove a 

substantial buffer system for nitrate as discussed in a range of studies during the last 30 years 

(Brüsch and Nilsson, 1993; Devito et al., 2000; Hansen et al., 2018; Hill, 1996; Jacobs and 

Gilliam, 1985). In wetlands or riparian lowlands, anoxic soils with high amounts of carbon may 

host bacteria that respire on nitrate and thereby convert the nitrate to nitrogen gases (Tiedje, 

1994) which is considered the most important removal process for nitrate (Hill, 1996). Often, the 

distribution and layering of organic soils in lowland and wetland studies are presented in 

representative 2D sections (e.g. Vidon and Hill, 2004). Yet a full three-dimensional distribution 

of e.g. peat soils would be of great interest when evaluating the total denitrification capacity of a 

wetland or riparian lowland. This could be accomplished by constructing a geological model 

representing both regional as well as local groundwater flow paths (Tóth, 1963). 

Geological models are a prerequisite for most studies involving groundwater whether it is 

nationwide hydrological models or site-scale models for mechanistic studies. Large 

comprehensive datasets of geological and geophysical character have been celebrated as the 

foundation of the geological models that drive the groundwater mapping in Denmark where data 

as well as geological and hydrological models are stored in public databases for open use 

(Søndergaard, 2013).  

Three-dimensional geological models have increasingly been the goal of modelers since the late 

1980's with the introduction of GSIS (GeoScientific Information System) (Turner, 2005). Since 

then a range of software packages has been developed to aid the process of three-dimensional  

modelling and visualization (Berg et al., 2008). The range of methods will not be reviewed here. 

However, two distinctly different approaches are described: the subjective cognitive approach 

versus the objective geostatistical approach (Berg et al., 2008; Jørgensen et al., 2013; Royse, 

2010). The cognitive approach is the classic approach of delineating geological units, layers, or 

surfaces on a grid of sections and combining it into a map. The geostatistical approach is the use 

of geostatistical techniques that only relies on the input data ('knowledge data') and less on the 
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level of geological expertise. Hence, the quantity and quality of validation data has be to be 

sufficiently high for a reliable model (Jørgensen et al., 2013).  

The incorporation of peat and gyttja is not at present a common practice when constructing 

geological or hydrostratigraphic models. A number of comprehensive geophysical surveys have 

been completed in Denmark over the last 20 years (Sandersen and Jørgensen, 2017), leading to 

the construction of a substantial amount of geological and groundwater models throughout the 

country (Søndergaard, 2013). However, the models are in a grid resolution making it inadequate 

for most lowland studies that focus on riparian aquifers. Another issue is the mapping of organic 

sediments with traditional geoelectrical and electromagnetic methods. Peat varieties have shown 

a broad range of resistivities due to a strong dependence on degradation, pore water resistivity, 

water saturation, and cation exchange capacity (Walter et al., 2015). Also peat physical and 

chemical parameters may vary considerably in local-scale natural systems (Hobbs, 1986). This 

results in complex resistivity variations that require complex interpretations (Comas and Slater, 

2004; Slater and Reeve, 2002; Walter et al., 2015). Anthropogenic influenced catchments may 

present an even greater degree of unpredictability as a result of drainage, nutrient leaching, 

wastewater deposition, peat mining, and groundwater extraction that may disturb the natural 

hydrological, chemical, and soil physics conditions in the lowland. 

In this study, we present an easy applicable three-dimensional modelling and visualization using 

R (https://www.r-project.org/) by the cognitive and subjective interpretation of several data 

types in a headwater catchment in Denmark containing a lowland with peat and gyttja deposits. 

An approach is presented that combines three types of geophysics in order to resolve deep (10-

100 m), intermediate (1-20 m) and shallow (1-5 m) geology in a grid scale that is suitable for 

hydrological and biogeochemical studies of riparian lowlands. A large set of boreholes is used to 

constrain the geophysics as well as important spatial information where the coverage of the 

geophysics falls short. Also, this study analyzes the resistivity variations of post-glacial 

freshwater deposits of peat and gyttja, which are lithologies that have been reported to show a 

large spectrum of resistivities, thus representing a challenge for straightforward mapping. 

The objective is to build a three-dimensional model which architecture not only affects regional 

groundwater flow but also has an expected influence on local flow systems. Furthermore, the 

model will incorporate peat and gyttja expected to have a significant effect on local flow and 

denitrification potential in riparian zones. 
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Materials and methods 

Study site 

The study site is a headwater catchment (194 ha) located near the village Fensholt in a western 

branch of the Norsminde Fjord Catchment, East Jutland, Denmark (Fig. 1A). The valley and 

catchment is designated the Fensholt valley and Fensholt subcatchment, respectively. The 

catchment outline is calculated as the topographical catchment of the valley. A lowland (26 ha) is 

found in the central, flat part of the valley with a perimeter that approximately follows the 65 

m.a.s.l. contour which in the following will be visualized as the lowland boundary. A small 

stream in the midst of the valley works as the main water conduit in the valley with an average 

gradient of 0.2 % in an eastward direction. Drainage maps have been acquired from the local 

farmers showing intensive tile draining where most tile drains discharge into the lowland at the 

lowland boundary. Some parts of the lowland are likewise tile drained, although most of these 

show lack of maintenance due to the general abandonment of the lowland for production and 

peat extraction purposes. In the lowland, four measurement areas denominated T31, T32, T33, 

and T34 with detailed soil and water sampling have been established representing a variation of 

slope, distance to stream, and presence of tile drainage (Fig. 1B) (Petersen et al., submitted-a). 

The geology of the Norsminde Fjord Catchment has been outlined by Høyer et al. (2015) based 

on regional studies by Heilmann-Clausen et al. (1984) and Rasmussen et al. (2010). The upper 

100 m of the subsurface in the Fensholt subcatchment consists of fine-grained Paleogene marine 

clay deposits in the bottom. This is followed by 20-60 m of Miocene marine mica clay and 

marine sand (Rasmussen et al., 2010). A heterogeneous, yet predominantly clayey till of 10-50 m 

thickness is generally the uppermost layer of the sedimentary succession (Høyer et al., 2015) 

apart from valleys and depressions where postglacial layers of limnic and fluvial origin are 

expected. These may be relatively thin in the range of a couple of meters. However, locally bigger 

quantities are expected as in-fill in deep post-glacial depression features. The till is highly 

heterogeneous containing bodies of sandy clay till, sandy till, and meltwater sand bodies (Høyer 

et al., 2015). As for most of the Danish Quaternary landscapes, the surface and subsurface 

architecture is dominated by glacial erosional valley features with complex sediment stratigraphy 

(Jørgensen and Sandersen, 2006).  
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Figure 1. A) Terrain and outline of the Fensholt subcatchment. B) Detailed map of land use, water bodies, and 

presence of tile drainage. The lowland boundary is set to an elevation of 65 m.a.s.l., which roughly correlates to the 

actual boundary between lowland meadow/wetland and agricultural fields. The red boxes show the four measurement 

areas, where soil samples and groundwater samples for laboratory analyses have been collected. 

The study uses geological, geochemical, and water chemistry information from boreholes and 

geoelectrical resistivity information from electromagnetic and direct-current geophysics. The 

geographical distribution of the data for constructing the geological model is presented in Figure 

2 and the resolution of each dataset is summarized in Table 1. Fig. 2F summarizes the 

geographical coverage of point information in a 50x50 m resolution indicating the number of 

data types available in each grid cell. Where several data types are available the geological model 

is expected to be relatively well-defined.  

Geophysical dataset 

SkyTEM (SkyTEM Aps, Aarhus, Denmark) is an airborne transient-domain electromagnetic 

(TEM) geophysics system developed for groundwater investigations in Danish Tertiary and 
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Quaternary sedimentary deposits (Sørensen and Auken, 2004). The standard frame is 300-500 

m2 delivering a corresponding footprint in the immediate subsurface increasing with depth. In 

order to lower the footprint, a smaller frame was developed in the NiCA project (GEUS, 2015); 

the SkyTEM101 system. The SkyTEM101 has a depth of investigation in the range of 80-130 m 

and a footprint size of 130 m2 (Schamper et al., 2014). The SkyTEM101 survey (Fig. 2A) was 

conducted in June 2011. We would expect the thickness of the unsaturated zone to be in the 

range of 0-5 m in the upland area at this time. The lack of saturation will most likely lead to an 

increase in resistivities entailing that clay till resistivities approach the resistivities of saturated 

sandier sediments  (Rhoades et al., 1989). The inverted data was downloaded from the national 

geophysics database GERDA (GEUS, 2018a). 

The DualEM421S (Dualem Inc., Ontario, Canada) is a frequency-domain electromagnetic 

induction geophysics system in the family of ground conductivity meters (GCM). This system is 

commonly used in shallow geological surveys such as agricultural sciences, archeology, soil 

sciences, and environmental sciences (e.g. Doolittle and Brevik, 2014; Frederiksen et al., 2017). 

The system operates at a frequency of 9 kHz and has six transmitter-receiver coil configurations 

in total resulting in six unique measurements at each point. DualEM421S data was collected in 

September 2015 with a measurement frequency of 8 Hz (Fig. 2B). The DualEM421S was 

mounted on a sled and pulled by an ATV (all-terrain vehicle). Measurement density was then a 

question of driving speed. The collection of data was reliant on accessibility e.g. wetted areas, 

exceedingly soft soils, dense vegetation, and dense forests would prevent data collection. The 

penetration depth is traditionally approximated to be a simple function of coil separation and 

coil orientation (McNeill, 1980). However, studies have shown that certain settings cause the 

approximations to fail and a numerical approaches have to be implemented resulting in a 

considerable lowering of the penetration depth (Callegary et al., 2007; Christiansen et al., 2016). 

Collected data was processed and inverted with Aarhus Workbench (Aarhus Geosoftware, 

Aarhus, Denmark) as described in Christiansen et al. (2016) and Frederiksen et al. (2017). 

Electrical resistivity imaging (ERI) is a direct-current geoelectrical measurement conducted 

using the Syscal Pro system (IRIS Instruments, Orleans, France). The profiles (Fig. 2C) were 

designed as transects with 96 electrodes with an inter-electrode spacing of two meters. In total, 

seven profiles were measured, however the survey time varies in each transect; the T31 west-east 

oriented profile was measured in November 2015, the T31 north-south oriented profile and the 

T33 profiles were measured in April 2016, the T32-profile was measured in March 2017, and 
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T34-profiles were measured in February 2017. The Syscal Pro measures a set of different Wenner 

configurations of the 96 electrodes allowing for the calculation of 998 blocks in a 2D section with 

a maximum depth of 33 m. The collected data was processed and inverted with Res2DInv from 

Geotomo, Malaysia using a smoothness-constrained least-squares method (Loke and Barker, 

1995).  
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Figure 2. 1D models for interpretation of geology in the Fensholt subcatchment. A) TEM = 

SkyTEM101, B) GCM = DualEM421S, C) ERI, = Syscal Pro, D) Boreholes (Jupiter database, 
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gouge auger, Eijkelkamp-Edelmann auger, and Russian peat corer), E) Eijkelkamp utility probe, 

F) Number of unique data types (A-E + water chemistry) in 50x50 m grid cells. 

Borehole data 

The Danish national database of borehole information, Jupiter, comprises more than 280.000 

boreholes (GEUS, 2018b). Nine boreholes with a depth of more than five meters are found in the 

Fensholt subcatchment (depth range: 5-78 m). Six of these boreholes are shallow and/or poorly 

described, while the remaining three are more than 40 m deep and more or less well described. 

None of the Jupiter boreholes are found in the riparian lowland. To improve geological 

information here, a borehole survey was conducted using a gouge auger mounted on a light-

weight drilling rig suited for lowland driving. The drilling rig had a maximum borehole depth of 

1.65 m. An extendable fiberglass rod with a steel point (Eijkelkamp utility probe) was used in the 

lowland to estimate the thickness of peat and gyttja sediments by pressing the rod through the 

soft sediments with a firm pressure. Additional deeper hand-augered boreholes were conducted 

in the T31-34 areas. This was done using an Eijkelkamp-Edelman auger set with a head diameter 

of seven cm. Also, a Russian peat corer (Jowsey, 1966) constructed at Competition Cars, Sweden 

were used for extracting samples for soil physical and chemical analysis. The number of 

boreholes conducted in the survey (Fig. 2D) was: 115 shallow boreholes in the lowland with the 

gouge auger, 62 boreholes (1-15 m depth) in the lowland with the Eijkelkamp-Edelman auger or 

the Russian peat corer, and 211 organic sediment thickness measurements in the lowland using 

the utility probe (Fig. 2E).  

The Eijkelkamp-Edelman boreholes were drilled to largest depth possible or until it reached 

consolidated clay till, which was considered the base of peri- and postglacial deposits. In soft, 

decomposed peat as well as soft gyttja it was difficult to retrieve reliable soil samples with the 

auger resulting in somewhat inaccurate depth determinations of the boundary between peat and 

gyttja. With the use of the Russian peat corer, intact samples were retrieved and precise 

boundaries could be measured. Borehole layers were classified into the categories clay till, clay, 

sand, peat, and gyttja although several layers were mixtures, e.g. sandy peat, sandy clay, etc. In 

that situation, the most dominant lithology was applied in the following. The Jupiter boreholes 

contain categories not found in the borehole campaign; quartz sand, mica sand, and mica clay 

(all Miocene lithologies). 

Soil physical and chemical analysis 
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Soil samples extracted with the Russian peat corer in the four measurement transects (Fig. 3) 

were analyzed for gravimetric water content (w), dry bulk density (ρb), loss on ignition (LOI), 

otal organic carbon (TOC), and CaCO3 as described in Petersen et al. (submitted-a) and Petersen 

et al. (submitted-b). For saturated samples, the total porosity was calculated as 𝜃𝜃 = 𝜌𝜌𝑏𝑏
𝜌𝜌𝑤𝑤
∙ 𝑒𝑒, where 

ρw is the pore water density. Unsaturated sample porosity was calculated as 𝜃𝜃 = 1 − 𝜌𝜌𝑏𝑏
𝜌𝜌𝑝𝑝

, where 

the particle density in peat 𝜌𝜌𝑝𝑝 = 0.011 ∙ 𝐿𝐿𝑂𝑂𝐿𝐿 + 1.451 (Okruszko, 1971). 

Water sampling and analysis 

Piezometers installed in the shallow subsurface (0-10 m) in the lowland covered groundwater 

flow paths in peat, gyttja, post-glacial sand and clay, and clay till (Fig. 3) (Petersen et al., 

submitted-a). The piezometers were sampled regularly in the period September 2016 - October 

2017 in a total of 15 sampling surveys. Water sampling was not conducted at the same time as 

the geophysical surveys. However, the water sampling frequency offered an indication of the 

yearly variation of solute concentrations. The piezometers were sampled and analyzed for NO3-, 

NH4+, total nitrogen, SO42-, and TOC  as described in Petersen et al. (submitted-b). Water 

samples were additionally analyzed for electrical conductivity (EC) at room temperature 

(MeterLab CDM210 Conductivity Meter), Cl- (Dionex ICS-1000 Ion Chromatograph), K, Na, Ca, 

Fe, Mg, and Mn (iCAP 6000 ICP Emission Spectrometer). Prior to analysis of K, Na, Ca, Fe, Mg, 

and Mn water samples were digested in an Anton Paar Multiwave 3000 Rotor 48 MF 50 

microwave oven. Analysis of Cl- was performed on 0.45 µm filtered samples. The Na equivalent 

cation concentration with regard to ionic contribution to electrical conductivity was calculated 

on the background of ion concentrations and multiplier values from Schlumberger (2009).  
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Figure 3. Location of soil and water samples in the four measurement transects. The boxes are similar to the red boxes 

in Fig. 1B. 

The modelling methodology 

The methodology follows a sequence of analyses/steps to allow for interpretation of resistivity 

data and construction of the geological model (assuming all data is collected, analyzed/inverted 

and ready for interpretation): 1) Evaluation of available data, 2) Comparison of resistivity values 

and borehole data, soil chemistry data, and water chemistry data, 3) Delineation of geological 

layers by interpreting a selection of sections on the background of results from step 1-2, 4) 

Interpolation of geological layers by ordinary kriging, 5) Incorporation of interpolated layers into 

a three-dimensional grid of voxels (a 'structured mesh' (Turner, 2005)) using a set of rules, and 

6) evaluating the model performance. The model was built using the free programming 

environment R (www.R-project.org), which enables a combination of geospatial and 

geostatistical analyses combined with a relatively easy setup of three-dimensional grids. 

Borehole lithology and soil and water chemistry data was compared to resistivity values from the 

geophysical surveys by selecting the closest geophysical models within a buffer distance (GCM: 5 

m, ERI: 10 m, and TEM: 50 m). For ERI and GCM data, the closest model was chosen, while a 

mean of the models within the buffer distance was chosen for the TEM data. TEM models having 
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a relatively poor depth resolution (Table 1, Schamper et al. (2014)) had limited chances of 

resolving good resistivity information for the fine borehole layering. However, resistivity 

distributions for the major units (Miocene sand, Miocene mica clay, Quaternary clay till) found 

in the deep Jupiter boreholes were expected to be distinguishable. 

 Depth range Depth resolution Lateral resolution Information 

Jupiter boreholes 5 - 80 m Usually 0.5-1 m Point Sediment description 

Gouge auger 0.1 - 1.65 m 1 mm Point Sediment description 

Eijkelkamp auger 0.1 - 15 m 1-5 cm Point Sediment description 

Russian corer 0.1 - 10 m 1 mm Point Sediment description 

and soil chemistry 

Piezometers 0.1 - 10 m 20-100 cm Point Groundwater 

chemistry 

Utility probe 0.1 - 15 m 1 cm Point Depth to penetration 

resistive stratigraphy 

TEM 1 - 130 m 1 - 20 m† 15 m* Horizontal electrical 

resistivity 

GCM 0.1 - 6 m 0.1 - 1 m† 1 m* Horizontal electrical 

resistivity 

ERI 0.3 - 30 m 0.3 - 5 m† 2 m* Bulk electrical 

resistivity 

Table 1. Applied methods and database with description of depth range, resolution in depth and on the surface, and 

information type. † Increasing with depth. * Estimated as closest distance between models 

The geological units that was mapped for the geological model is the Pre-Quaternary units 

Paleogene clay and Miocene sand as well as the Quaternary units clay till, sand lens (bodies of 

sand or sandy lithology inside the clay till), the unsaturated zone, post-glacial gyttja, and post-

glacial peat (Fig. 4). In that geological framework, the following surfaces of layers were 

delineated: Top Paleogene Clay (TPC), Top Miocene Sand (TMS), Top Clay Till (TCT), Top Sand 

Lens (TSL), Bottom Sand Lens (BSL), Top Saturated Zone (TSZ), Top Gyttja (TG), and Top Peat 

(TP). A digital terrain model with a lateral resolution of 0.4 m (GST, 2015) constituted the upper 

boundary of the geological model.  
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The construction of the geological model is based on the careful incorporation of the interpolated 

surfaces into the same three-dimensional framework. Since the surfaces do not accurately 

converge and, on the contrary, will inevitably cross each other, the geological surfaces are 

classified in a hierarchy of global and local surfaces associated with a certain position in the 

hierarchy. Global surfaces are interpolated surfaces that are expected to be distributed in the 

whole model area. These are (hierarchal position in parentheses): Top Paleogene Clay/TPC (5), 

Top Miocene Sand/TMS (4), Top Clay Till/TCT (3), Top Saturated Zone/TSZ (2) and the terrain 

(1). When global surfaces meet, the surface with highest hierarchal position (1 is highest) will 

prevail while the lower-hierarchal surface joins the higher-ranking surface thus becoming 

coincident surfaces. The surfaces may freely split if the elevation of the lower ranking surface 

decreases to a lower elevation than the higher ranking surface. Local surfaces are interpolated 

surfaces that are expected only to have local occurrence in the model area. These surfaces are 

expected to be truncated by a global surface at a certain spatial boundary where the surfaces 

meet. This is then assumed to be the spatial extent of the local surface. If the local surfaces are 

not truncated by a global surface, the kriging prediction variance is used as measure to cut off the 

surfaces as the kriging variance quickly increases outside the area containing sampling points. In 

this study site, this is only relevant to the BSL and TSL surfaces. Finally, the global surfaces may 

have a set of rules that applies at certain places in the model area. For this particular study the 

following rules apply; 1) the TCT and TSZ surfaces are coinciding surfaces except in lowlands 

where peat and gyttja surfaces occur. Here, the TSZ follows the terrain (assuming saturation at 

terrain in the lowland) while TCT acts as an independent global surface creating the base layer 

for gyttja and peat. Outside the areas with organic deposits, the TCT coalesce with the TSZ 

although the unsaturated zone may consist of clay till. 2) The local surfaces BSL and TSL are 

only cut by the terrain as it may be part of any geological unit. An example section of the 

principle is presented in Figure 4. Global surfaces are forced to converge on the basis of their 

hierarchical order and local surfaces are truncated by global surfaces (red markings, Figure 4). 

The principle is explained from right to left in Figure 4: The global surface TCT truncates the two 

local surfaces TG and TP that terminate at the truncation point. TSZ is coincident with Terrain in 

areas with the existence of TP or TG surfaces. To the left of the TCT/TP truncation point, the 

higher ranking Terrain surface causes the surfaces TCT and TSZ to join the Terrain surface. At 

the TCT/Terrain junction the TCT and TSZ surfaces separate from the Terrain surface to create a 

coincident TCT/TSZ surface. Below the TCT/TSZ surface, a local occurrence of TSL and BSL is 

found. The two surfaces do not encounter a global surface and thus terminates abruptly. The 
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global surfaces TMS and TPC do not encounter other surfaces and are thus not subject to any 

manipulations. In the close-up of the lowland soils, the TP surface do not coalesce entirely with 

the terrain leading to areas of 'Unclassified' lithology 

 

Figure 4. Example of the modelling principle: A) Delineation of global and local surfaces based on interpolation of 

interpretation points. TP = Top Peat, TG = Top Gyttja, TSL = Top Sand Lens, BSL = Bottom Sand Lens, TSZ = Top 

Saturated Zone, TCT = Top Clay Till, TMS = Top Miocene Sand, TPC = Top Paleogene Clay. B) Incorporation of 

surfaces into three-dimensional grid of voxels. 

 

All data inputs was gathered in Aarhus Workbench as one-dimensional models of either 

resistivity (geophysics), geology (boreholes) or depth to consolidated clay till or sand (utility 

probe). Delineation was performed on at total of 86 sections that were constructed in the 

software. Though the sectioning and interpretation of surfaces was performed in Aarhus 

Workbench, this step could be done in any program or strip of programming code able to display 

models along a section and registering interpretation points (e.g. R base graphics). 

Finally, a three-dimensional grid of uniformly sized voxels ('volumetric pixel' (Jørgensen et al., 

2013)) was created with pre-defined x, y, and z dimensions. In this grid, a voxel model of the 

subcatchment was created on the background of the interpolated surfaces i.e. each voxel in the 

grid was assigned to a unique geological unit. In the visualizations presented, the voxels measure 

approx. 10 x 6 x 0.5 m (x, y, z-dimensions). The model performance was evaluated by the 

boreholes in the study. Each borehole layer was located in the model and the model category was 

extracted. If a layer spanned over several voxels, all voxel values were extracted. A matrix 

comparing the borehole layers and extracted voxel categories is presented for evaluation. 
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Results 

Step 1 - evaluation of soil data 

The sand, clay, and till sediments are denominated 'inorganic' samples. They are classified as 

post- and periglacial alluvial deposits and glacial till.  The alluvial deposits are relatively thin (1-

20 cm) and are mixtures of clay, sand, and gravel. These aree often poorly sorted with the 

exception of coarse sand samples that are well-sorted. Topsoil inorganic samples have a darker 

color due to organic content, often in proportions bordering those of peat.  

The peat samples throughout the lowland are partly to highly degraded with only few visible 

plant remains although some fiber content and bigger organic debris such as wood stems are 

frequently found. The peat samples are characterized by a low dry bulk density, high porosity, 

low CaCO3 content, and relatively high TOC and LOI values (Fig. 5) resembling typical fen peat 

(Hobbs, 1986). Several samples are evaluated as mixes of peat and other sediments i.e. clayey or 

sandy peat or alternatively intermediate forms of peat and gyttja. However in the following only 

samples strictly characterized as peat is used. 

Although the size of the lowland is relatively small, the gyttja samples show a considerable 

variation in sediment characteristics (Fig. 5). In some borehole localities, the gyttja has the 

resemblance of a highly decomposed peat, whereas other locations show gyttja formations with 

sediment input, varvous character, and high CaCO3 content. 
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Figure 5. Measured soil parameters for the categories Peat, Gyttja, and Inorganic = clay, sand, 

and till. The division of samples into the three categories are based on field description of soil 

cores.  

Step 2 - comparison of resistivity data with soil and water chemistry 

From the literature, the expected resistivity ranges for the sedimentary units included in the 

model are summarized in Table 2. When comparing TEM models with borehole lithology, clay 

till is found in expected resistivity range of 25-45 Ωm and also the Miocene sand has expected 

resistivities of 45-60 Ωm (Fig. 6A, Table 2). Contrary, the Miocene mica clay shows a poor 

resemblance to expected values with a resistivity range similar to Miocene sand although with an 

emphasis on resistivities around 45 Ωm.  
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Lithology Expected resistivity 

range [Ωm] 

Reference Measured resistivity 

ranges (this study) [Ωm] 

Paleogene clay 1-12 Jørgensen et al. (2003) - 

Miocene mica clay 10-40 Jørgensen et al. (2003) ~ 45 

Miocene sand > 40 Jørgensen et al. (2003) > 45 

Clay till 25-40 Barfod et al. (2016); Jørgensen 

et al. (2003) 

25-50 

Sand till > 50 Schamper et al. (2014) - 

Meltwater sand > 60 Jørgensen et al. (2003) - 

Organic silt / gyttja 10-25 Sten et al. (1996) 15-70 

Bog peat > 500 Kettridge et al. (2008); Slater 

and Reeve (2002) 

- 

Fen peat 5-70 Klitten (1972); Sten et al. 

(1996); Walter et al. (2015); 

Willumsen and Lykke-

Andersen (1976) 

15-50 

Sand > 40 Schamper et al. (2014) 30-70 

Clay 1-60 Schamper et al. (2014) 25-50 

Table 2. Expected resistivity ranges of lithologies/geological units expected to be found in the upper 100 m of 

sediments in the study area. 

  



254 

 

 

 

Figure 6. Relative distributions of resistivities at boreholes. A) For TEM data, the mica clay resistivity is showing fairly 

higher resistivities than expected (Table 2). Else, Clay till and Miocene sand are showing resistivities in the expected 

ranges. B) . Resistivity distributions for ERI and GCM of the four categories: Peat, Gyttja, Sand and gravel, and Clay 

and clay till. 

GCM models show somewhat similar distributions of resistivities of peat, gyttja, and clay and 

clay till with values ranging 20-40 Ωm (Fig. 6B). Sand and gravel lithologies show generally 

higher resistivities with a higher median value of approximately 70 Ωm. ERI resistivities are 

somewhat different than GCM resistivities (Fig. 6B); peat resistivities are slightly higher, gyttja 

resistivities are broadly distributed with regard to ERI resistivity showing a broad range (15-70 

Ωm) and no focused values. Sand and gravel resistivities, on the contrary, show well-defined 

resistivities at around a median value of 60 Ωm. Clay and clay till lithologies show approximately 

normally distributed values around a mean of 40 Ωm. 

The  dependency of peat and gyttja resistivities measured by ERI on soil parameters bulk 

density, total organic carbon, CaCO3 content, and porosity is presented in Figure 7. LOI and TOC 

were closely correlated hence only TOC is included in the Figure. The resistivity correlations with 

peat soil parameters are weak and there is considerable scatter along the regression lines 

resulting in low R-squared values. The gyttja figures (Fig. 7, row 2) indicate a spatial resistivity 

dependence i.e. a clustering of resistivity specific for one of the measurement transects (T31). 

Here, the resistivities are generally low in gyttja lithologies and show no correlation with any of 
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the soil parameters, whereas the remaining data show some correlation with bulk density (R2 = 

0.25) and CaCO3 (R2 = 0.45). 

 

Figure 7. GCM and ERI modeled resistivities related to soil parameters dry bulk density, total organic carbon, CaCO3 

content, and porosity. The symbol type show the geographical distribution of the points in the four measurement areas 

(Fig. 1). The upper row shows ERI resistivities at peat layers and the lower row shows ERI resistivities at gyttja layers. 

The gyttja layers in measurement area T31 is separated from the data set and linear regression is performed separately 

(red line and R squared) 

The dependency of peat resistivity on selected ion species in water samples from peat aquifers is 

presented in Figure 8. The water samples have been retrieved on seven different dates 

approximately covering a yearly variation. Although there is considerable scatter from the 

transient variation of groundwater ion content, linear regressions are stronger compared to soil 

chemistry data (Fig. 7). Cation species, K, Na, Mg, Mn are well correlated with ERI resistivity as 

well as total carbon content and the electrical conductivity of the water samples (EC). The 

correlation with nitrogen species are less significant and Ca and Fe likewise show considerable 

scatter and consequently low R-squared values. The correlation with the calculated Na 

equivalent cation content has a relatively high R-squared value indicating a relatively strong 

relation between soil resistivity and ionic content of the pore water. Correlations with water 
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samples from gyttja aquifers (not presented here) show somewhat similar patterns although with 

generally lower R-squared values (e.g. 0.28 for the cation Na equivalent).  

 
Figure 8. ERI modeled resistivity in peat layers related to water chemistry. Groundwater samples have not been 

extracted at the same time as the geophysical surveys, yet the sampling frequency accounts for a yearly variation in 

pore water chemistry. The sum of cations has been converted to Na equivalents using the factors derived from 

Schlumberger (2009). 

In Figure 9, the spatial variability in resistivity based on GCM measurements are presented in 

the depth intervals 0-0.5 m, 0.5-1.0 m and 1.5-2.0 m as well as a W-E cross section. Also, the 

borders of geological units from the geological model are shown. At low depth, both peat and till 
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resistivities varies considerably from 20 Ωm to more than 200 Ωm. At increasing depth, the peat 

becomes more well-defined with regard to resistivity as values converge around 20 Ωm. Around 

1.5-2 m depth, gyttja layers with slightly increased resistivity around 30 Ωm are found. Till layers 

are found to still have a considerable resistivity range although soil conditions are expected to be 

close to saturation. The range of 20-50 Ωm coalesces with measured resistivities of both peat 

and gyttja. 

  

Figure 9. Maps of spatial variations of inverted resistivities in the eastern part of the lowland at transect T31. Maps are 

showing depth intervals (A) 0-0.5 m, (B) 0.5-1.0 m, (C) 1.5-2.0 m, and (D) a W-E cross section. The dashed lines in the 

figures indicate the layer boundaries acquired from the final geological model. The section shows peat with fairly 

uniform resistivity around 20 Ωm contrary to gyttja and till showing resistivity ranges of 20-40 Ωm and 20-200 Ωm, 

respectively. 

Step 3 - Delineation of geological layers by interpretation points  

The delineation was performed on the 86 sections in Aarhus Workbench using the resistivity 

ranges measured in the study (Table 2) as well as borehole information. Figure 10A shows the 86 

sections that are distributed throughout the study area. Two example sections using TEM or ERI 

models are shown in Figure 10B. The ex2 section (Fig. 10B) shows a gradual resistivity transition 
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from gyttja to till, and peat is observed to have high resistivities of around 40 Ωm which lowers 

in a patchy manner to values of around 25 Ωm at section distance 110-140 m. Soil and water 

chemistry was not directly used in the delineation but rather as a mean of explaining resistivity 

variations within the lithologies. Thus, only relying on resistivity may have led to further 

delineation between e.g. high and low resistivity peat mainly caused by differences in water 

composition, which would not necessarily reflect hydrostratigraphical differences. 

 

Figure 10. A) Location of sections used for delineation of global and local surfaces. Global surfaces TMS and TPC are 

only delineated using the coarse grid (orthogonal grid with approx. 200 m separation), whereas TCT, TSZ, BSL, and 

TSL surfaces utilize both coarse and fine grids. TP and TG are only delineated using the fine grid focused in the 

lowland. The red lines show the position of the example sections ex1 and ex2. B) Delineation of global and local 

surfaces on the background of TEM (ex1) and ERI (ex2) geophysics and boreholes. Peat and gyttja layers show great 

spatial variation with respect to resistivity and are reliant on borehole information. Grey arrows indicate shallow areas 

of the clay till with anomalously high resistivities that is either a result of an unsaturated zone or a decrease in clay 

content. 

Step 4 -Interpolation of geological layers by ordinary kriging 

Semivariograms of the interpretation points of each delineated surface (Fig. 11) are fitted to a 

spherical model except the TMS surface that is fitted to an exponential model for a tighter fit. All 

surfaces are spatially correlated and the models are well fitted. The sill variance of TSL and BSL 
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surfaces are used to delimit the extent of TSL and BSL as the area where the kriging variance 

exceeds half the sill variance.  
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Figure 11. Delineated surfaces, their hierarcihal ranking in the construction of the voxel model, interpretations points, 

semivariogram of the interpretaion points, and the model fit. (*) BSL and TSL are only bounded by the terrain surface, 

and therefore the spatial limit of their distribution is defined as the extent where the kriging variance exceeds half of 

the sill value in their respective semivariograms.  

Step 5 - Incorporation of interpolated layers into a structured grid 

Following the interpolation of global and local surfaces and adjustment of these by the hierarchal 

positions, the three-dimensional voxel model is created by associating the position of each voxel 

with the elevation value of the interpolated surfaces. The voxel should only attain one value 

corresponding to a geological unit. Sections of the geological model are shown in Figures 12A to 

B1. Some noticeable features are: 1) A valley structure with till as fill material is found in the 

Miocene sand roughly corresponding to the location and direction of the present Fensholt valley 

(Fig. 12C). 2) A sand lens in the clay till has been delineated by a combination of TEM models, 

ERI models, and boreholes. It is found in the mid and western part of the valley where it extends 

across the valley and approx. 200 m to the south (Fig. 12D). 3) In the shallow zone of the model, 

large unsaturated zones are found in the upland areas and in the lowland peat and gyttja units 

are widely distributed. Furthermore, the upper part of the sand lens extents to the shallow layers 

at the southern edge of the lowland. (Fig. 12E). Figures 12D to F show isopach maps of the sand 

lens, gyttja, and peat units. The sand lens reaches a maximum thickness of 35 m yet is mostly 

attributed with a thickness around 10 m. The gyttja map shows well defined basins reaching 10 

m thick deposits of gyttja. The peat map shows a distribution of peat thicknesses with only minor 

variations throughout the lowland. The largest peat thicknesses are found at the edges of the 

lowland. 

                                                        
1 The reader is encouraged to study the animation of the geological model in Supplementary 

material. 
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Figure 12. Visualizations of the geological model showing sections in the (A) x-z plane and (B) y-z plane. Each voxel is 

assigned with a unique value corresponding to a geological unit (example Fig. 4). C) The partly buried valley structure 

is visible in the x-y section at elevation 31 m.a.s.l. of the model where a valley incised in the Miocene sand unit is filled 

with clay till. D) The distribution of the sand lens located in the clay till unit at elevation 50 m.a.s.l. E) The distribution 

of geological units at shallow depth. There is a widespread unsaturated zone in the top of the clay till and peat and 

gyttja is found in the lowland as well as the uppermost parts of the sand lens unit. F) Isopach map of the sand lens 

unit. G) Isopach map of the gyttja unit. H) Isopach map of the peat unit. 

Step 6 - Model performance 

The modelling performance matrix is presented in Table 4. Each row in the matrix is the 

borehole layer lithologies/categories in the model area. The columns represent voxel 

lithologies/categories from the geological model except for the first and last column. The first 

column represents the total number of voxels that the layers of the corresponding borehole 

lithology spans. The category 'Not covered by the model' (last column) is generated by layers that 

have coordinates not found in the model i.e. layers that have slightly higher elevation 
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coordinates than the terrain in the model and thus are found in an 'empty' voxel. For the 

remaining columns applies, that in each cell the value represents the number of voxels that is 

found at the location of the corresponding borehole layer lithology compared to the total number 

of voxels. Values are given in percentages. Some borehole layers fit well into the expected voxels 

e.g. Miocene sand layers from boreholes are all found in Miocene sand voxels in the model. 

Sandy till layers are found to be a part of the clay till unit in the model. Clay till layers are often 

found in voxels assigned to other categories such as peat. The same is found for other units from 

the shallow geology. Peat and gyttja have 40-50 % of layers assigned to other geological units in 

the model, and sand, clay, and gravel layers have been assigned to a range of different geological 

units. 
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Peat 512 63 9 0 0 5 0 0 0 9 15 

Gyttja 394 23 54 1 0 15 4 0 0 0 2 

Clay 433 16 4 3 0 26 0 1 0 23 26 

Sand 406 8 5 2 0 27 6 25 0 15 11 

Gravel 42 10 7 7 0 36 19 0 0 19 2 

Clay till 279 10 9 7 0 55 1 3 0 5 10 

Sandy till 15 0 0 0 0 100 0 0 0 0 0 

Mica clay 27 0 0 0 0 0 0 100 0 0 0 

Miocene sand 84 0 0 0 0 0 0 100 0 0 0 

Table 4. The model performance based on borehole data. Each layer in the borehole with a certain geological category 

(rows) is located in the geological model and the voxel category (columns) at that position is extracted. The model 

categories correspond to the geological layers associated with the delineated surfaces. The model category 

'Unclassified' covers near-surface voxels which are only overlain by the Terrain surface and thus not assigned to a 

geological layer. Grey markings indicate borehole categories that have an identical category in the model and thus 

ideally should be 100 %. 
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Discussion 

The resistivities of the lithologies of interest are somewhat interfering and should be a cause of 

awareness when interpreting lithology from resistivity data. With regard to the deep stratigraphy 

resolved by TEM models, we find rather distinct classes of resistivities with the exception of mica 

clay units. It is therefore rather straightforwardly interpreted into the TPC and TMS surfaces. 

The resistivity heterogeneity of the glacial sediments has been attempted to be resolved into clay 

and sand units in the Norsminde Fjord catchment in the study by Høyer et al. (2015). Here they 

used an integrated inversion of TEM models and borehole data as well as a stochastic approach 

using transition probability indicator statistics (Koch et al., 2014). This resulted in detailed 

models of relatively homogeneous units of sand and clay till replacing the heterogeneous clay till 

unit. These results match the findings of a sand lens in the clay till unit in this study (Fig. 12). 

The stochastic approach would have more difficulties in resolving the peat and gyttja layers due 

to the resistivity overlap of peat, gyttja and clay till as well as the low volume of the units may 

pose a problem when using TEM (Schamper et al., 2014). Therefore, boreholes and intermediate 

and shallow geophysics are the main contributors to the detail of the geological model in the 

upper 20 meters of the lowland. The surficial layer of the clay till causes local high resistivity 

variation which is apparent in both TEM data (Fig. 10) and GCM data (Fig. 9). The surficial high 

resistive anomaly is designated to an unsaturated zone. The thickness of the unsaturated zone 

may, though, become unrealistically large, inferring that lower clay contents in the till due to soil 

erosion or they may be shallow sand bodies in the till. Although Schamper et al. (2014) found a 

good correlation between borehole data and expected resistivities using SkyTEM101 in a 

complex till environment, sensitivity analyses of shallow layering of low and high resistivity 

lithologies (e.g. clay and sand) showed that layer thicknesses smaller than 10 m were tricky to 

resolve. This entails that unsaturated zone lithologies in the geological model may be rather 

uncertain. 

Also, the GCM method may have difficulties with resolving layers of interest. GCM is subject to 

attenuation of the electromagnetic signal in low-resistive layers as described in Christiansen et 

al. (2016) which has to be taken into account when working with this method. The attenuation 

may be an issue when high-resistive layers are underlying low-resistive layers e.g. a thin gravel 

layer below saturated peat. The inversion may have difficulties in resolving the high-resistive 

layer which is seen in Figure 6 where the 'Sand and gravel' category shows relatively high 

numbers of layers with low resistivities around 25-30 Ωm for GCM. 
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The spatial variation in resistivities in peat and gyttja poses a great issue when using resistivity 

techniques for mapping. Figure 7 shows that for both peat and gyttja the measured soil 

parameters cannot account for the variation in layer resistivity. However, water chemistry 

measurements show stronger relationships (Fig. 8) indicating that resistivity is highly dependent 

on pore water resistivity as previously argued by e.g. Walter et al. (2015). Cations Na, K, Mg, and 

Mn have negative correlations with resistivity. N species show diverse patterns; nitrate and 

organic nitrogen show no correlation, and high values of nitrate and organic N are not 

systematically distributed. Ammonium shows a complex pattern and some correlation with 

resistivity is possible. The cation patterns indicate that low ion concentrations do not contribute 

to bulk resistivity, whereas higher concentrations entails a significant contribution. It is likely 

that generally low resistivity lithologies with a highly conductive matrix would require a certain 

salinity level to affect the bulk resistivity (Rhoades et al., 1989). Surprisingly, Ca do not influence 

the resistivity, although concentrations are generally high. This may be a result of Ca being a 

widely distributed cation due to a high Ca content in the lime containing clay till, which has 

leached Ca ions to the limnic system. Overall, the ions that explain the resistivity variance best, 

are ions that are most likely originating from anthropogenic sources such as fertilizers, manure 

and road salting. Ammonium may also derive from the decomposition of organic matter in peat 

and gyttja as well as dissimilatory reduction of nitrate to ammonia (Tiedje, 1994). Low 

permeable sediments may experience an accumulation of e.g. ammonium due to a diminished 

solute transport. Also, the total carbon content correlates well with resistivity. Although organic 

molecules do not directly contribute to the resistivity of pore water, higher ionic content of pore 

water has been documented to affect organic structure of peat and possibly cause the release of 

organic molecules (Comas and Slater, 2004; Ours et al., 1997). The peat has a low resistivity 

around 10-20 Ωm with patches of higher resistivities around 25-30 Ωm (e.g. Fig. 9). On the 

other hand the unsaturated till material at the boundary of the wetland has high resistivities of 

>60 Ωm lowering to 25-50 Ωm in the increasingly saturated conditions at greater depth. This 

leads to the conclusion that mapping of peat and gyttja is possible to a certain degree. However, 

resistivity anomalies due to point or diffuse sources of ions e.g. tile drains and groundwater 

seeps represent anomalies that greatly complicates the simple approach of interpreting peat and 

gyttja lithologies on the basis of resistivities. The mapping must be constrained by other 

approaches as boreholes, peat thickness estimations with penetration rods or other geophysical 

approaches such as ground penetrating radar (GPR) or chargeability estimations by induced 

polarization (IP) measurements (e.g. Slater and Reeve, 2002; Walter et al., 2016). However, GPR 
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is inhibited in low resistivity environments and IP is traditionally measured in conjunction with 

ERI profiling. This gives excellent information in two-dimensional profiles but lacks the 

excellent spatial information compared with modern GCM and TEM methods inclined towards 

spatial coverage presented in the study. An equivalent spatial coverage with ERI methods would 

require an extensive amount of fieldwork, which would be unrealistic in most research and 

commercial projects. 

The geological model is successful in e.g. outlining an ENE-WSW aligned valley structure eroded 

into the Miocene sand unit that breaks into a northerly direction in the western part of the 

subcatchment (Fig. 12). In the subcatchment, the valley measures a maximum width of 0.4 km 

and a depth of 50 m beneath the present valley bottom. The position of the valley is close to the 

position of the present valley associated with the Fensholt lowland. This leads to the conclusion 

that the present valley is either a partly buried valley or the latest generation of a series of valley 

formations. The valley fill may show slightly elevated resistivity values in the TEM models 

indicating a higher sand content than the surrounding clay till (Fig. 10B). There is, though, no 

deep boreholes in the valley confirming this hypothesis. Jørgensen et al. (2003) describe the 

challenges with accurately mapping valley systems that are cut into high resistivity sediments 

containing complex in-fill sediments entailing that the exact nature of the in-fill sediments is 

questionable. The well documented Boulstrup-Hundslund buried valley 30 km south of the 

Fensholt valley is cut into the Paleogene low-resistivity sediments and hence is more well-

defined. It measures 120 m in depth and 2 km in width (Jørgensen and Sandersen, 2006) and a 

mixture of clay till and meltwater sand is found as in-fill sediments in a system of cut and fill 

structures. This indicates that the valley is developed as a succession of tunnel valley formations 

where each cut-and-fill structure measures about the same size as the Fensholt buried valley. In 

this context, the Fensholt valley can be evaluated as a less developed tunnel valley due to its 

discontinuous nature, narrower and more superficial spatial extent. Also, a sand lens has been 

delineated from TEM data, ERI and shallow boreholes as part of the in-fill sediments with a 

thickness up to 35 m though normally around 10 m. It is a rather elongated and locally thin sand 

body positioned in the mid- and western part of the valley and at this point, the exact 

architecture of the sand body is difficult to determinate. From boreholes, the upper part of the 

sand body has been sampled at several locations and the samples show grey, poorly sorted sand 

and gravel with a variable silt and clay content indicating an alluvial origin. This, however, only 

accounts for the upper part of the sand body, which could be more well-sorted meltwater sand in 
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the lower part. The presence of the sand body in this positions agrees with the findings of a sand 

body in the southern slope of the Fensholt valley by Høyer et al. (2015). 

The model performance as evaluated by borehole data and the performance matrix shows that 

the large units of Miocene sand is incorporated into the model without problems. Miocene mica 

clay is not delineated in the preparation of the model and therefore incorporated into Miocene 

sand voxels. Unfortunately, no boreholes reach the Paleogene clay, which could confirm the 

modelled boundary between Paleogene and Miocene deposits. At shallower depths, model 

heterogeneity increases dramatically, and the performance matrix indicates some issues with 

model detail. Clay till lithologies are often assigned to neighboring units e.g. gyttja or peat, which 

is found to also be the case for peat and gyttja layers. Clay, sand, and gravel lithologies are 

incorporated into many model categories. When incorporated into clay till or peat voxels it may 

again be a result of model detail issue. The model layering concept does not accept many small 

local layers inside the geological units of the model unless the layers have a spatial distribution 

that enables interpretation of a coherent structure like the sand lens in the clay till unit (Fig. 

11D). Therefore, small borehole layers are often found in dissimilar voxel categories in the 

model. Also, the voxel height of 0.5 m entails difficulties with getting exact matches of lithologies 

between boreholes and voxels. Voxels are assigned to a single lithology and thus may easily cover 

several small layers that are easily incorporated in a borehole log. This is not possible in this type 

of geological model. As shown in the modelling example section (Fig. 4), a part of the voxels in 

model will be assigned with an 'Unclassified' value, when the uppermost delineated surface do 

not coalesce with the terrain. In these voxels we may find e.g. results of soils erosion where 

terrigeneous materials have been deposited on top of the peat soils, and lithologies that are 

found in this category are therefore mostly clay, sand, and gravel. 

The character and detail of the geological model resembles the geographical coverage of data for 

the model (Fig. 3F). In poorly covered areas such as the upland moraine, geological layers are 

reduced to a detail level corresponding to the TEM models. This means that the occurrences of 

peaty soils in the upland will not appear in the model. In areas of the study area, where 

information density is high, the geological model may have difficulties with resembling every 

detail as the interpretation points are interpolated using a fitted variogram model. Abrupt 

changes in geology will be difficult to incorporate into the model. An example is the cross-section 

in Fig. 9D. A moraine ridge is observed at distance 160 m as an increased resistivity structure, 

yet the model shows a continuous peat layer. A higher level of detail and improved performance 



268 

 

 

matrix of the shallow geology could likely be attained by creating models e.g. for each 

measurement transect at a finer scale. However, the association with the remaining catchment 

would be lost which could easily be of hydrological importance. 

Conclusion 

A geological model of a catchment with a riparian lowland was created using a multi-geophysical 

approach combined with a large set of shallow boreholes. Analyses of peat and gyttja samples 

showed a variation of resistivities that mainly was due to variations in pore water salinity. The 

variation of resistivities complicated the straightforward interpretation of the distribution of 

postglacial layers, which had to be constrained by borehole information. The variation of 

resistivities, though, may prove useful for interpreting anthropogenic influences e.g. tile 

drainage. Apart from showing interesting glacial and post-glacial sedimentary environments, the 

model may be used for e.g. determination of volume and distribution of peat as well as 

hydrological and hydrobiogeochemical modelling.  
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